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Foundation species are dominant, structure-forming organisms that modify 

physical and biotic conditions to facilitate associated communities. 

Although foundation species nearly always co-occur, our understanding of how they 

interact with each other and collectively influence how ecosystems are structured, 

function, and respond to disturbance remains limited. Here, I synthesize research on 

foundation species interactions and quantify the effect that facilitation cascades, 

interaction chains in which primary foundation species facilitate secondary foundation 

species, have on ecosystem structure, functioning, and resilience. Many studies have 

either examined how competition and facilitative interactions drive spatial segregation 

and overlap, respectively, of foundation species, or what effects a single foundation 

species or functional group have on associated community characteristics. Integrating 

these complementary fields of research, I propose that the nature of interactions among 

foundation species controls landscape patterns in community structure. I then present 

results from experiments and surveys that assess mechanisms of facilitation that 

structure a tree (Quercus virginiana)- epiphyte (Tillandsia usneoides) cascade and 
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examine its effect on invertebrate species, functional group, and life stage diversity. I 

discovered that Tillandsia relies on physical stress reduction provided by Quercus, and 

secondarily reduces multiple stressors to enhance all aspects of arboreal invertebrate 

diversity. To assess whether the presence of multiple foundation species may also 

regulate ecosystem functioning, I tested how the density of ribbed mussels (Geukensia 

demissa) that occur in aggregations within salt marsh habitat formed by cordgrass 

(Spartina alterniflora) influences salt marsh invertebrate diversity, 7 ecosystem 

functions, and multifunctionality, the simultaneous performance of these functions. 

Using surveys of mussel distribution, I then extrapolated my experimental results to 

estimate the net effect of mussels, and the diverse invertebrate communities they 

facilitate, on multifunctionality at the landscape scale. In my final study, I used 

monitoring, model simulations, and experiments to demonstrate that the resilience of 

southeastern US salt marshes to drought hinges on the presence and spatial 

distribution of remnant cordgrass patches and that mussels, in facilitating cordgrass 

survival during drought, are likely playing a keystone role in regulating the resilience of 

this ecosystem.  Combined, my research advances our understanding of how the 

interactions among foundation species regulates biodiversity, multifunctionality, and 

resilience within natural ecosystems. 
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CHAPTER 1 
INTRODUCTION 

Theoretical Context 

Positive interactions, including facultative and obligatory facilitation and 

mutualisms, are non-consumer interactions among two or more species that positively 

affect at least one of the species involved (Bertness and Callaway 1994).  Amelioration 

of physical and consumer stress, pollination, and nutritional resource exchanges, such 

as those between plants and mycorrhizal fungi, are common types of positive 

interactions, all of which act powerful forces driving patterns in species’ recruitment, 

succession, and distributions (Ellison et al. 2005, Brooker et al. 2008, He et al. 2013). 

Due to the prevalence of positive interactions and their important role in controlling the 

structure and organization of many natural communities, there have been concerted 

efforts to incorporate them into ecological theory (Bruno et al. 2003) and, more recently, 

restoration and conservation (Halpern et al. 2007).  

One prominent manifestation of positive interactions is that of foundation species 

(Dayton 1972), habitat-forming organisms that alleviate physical stress and consumer 

pressure to facilitate associated communities. Most research conducted to date on this 

topic has investigated the effects of a single foundation species or functional group on 

community structure. A wide variety of ecosystems are characterized by multiple 

foundation species but have not traditionally been described or managed as such 

because of the scale at which ecologists typically conduct experiments, inconsistent use 

of terms associated with foundation species, and infrequent application of this concept 

in studies outside of marine ecology (Ellison et al. 2005). The spatial scale of 

experiments often leads to the oversight of multiple foundation-species effects, because 
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foundation species are distributed widely across ecosystems, as in mangrove forests 

and salt marshes, in which multiple species are arranged in broad zones of dominance 

and experiments are done on smaller spatial scales within zones, or because 

experiments are conducted entirely within a community defined by a foundation-species 

assemblage and the interactive effects of habitat-modifying foundation species are not 

considered (Altieri et al. 2007). 

Terminology problems have also diluted the focus on foundation-species effects. 

Dayton (1972) coined the term foundation species nearly four decades ago, but 

widespread use of similar terms, such as dominant species (Grime 1987) and 

ecosystem engineer (Jones et al. 1997) has blurred the concept. In addition to being 

both dominant species (productive organisms that garner a disproportionate share of 

resources and competitively exclude subordinate species) and autogenic ecosystem 

engineers (organisms that change abiotic and biotic conditions through their own 

physical structure), foundation species have strong, positive effects on many other 

organisms in the community. I use the term foundation species because it has historical 

precedence and identifies a class of organism without which the associated biological 

community would not persist. In addition, many ecologically important, structure-

generating organisms are often not recognized as foundation species. Because I have 

defined foundation species as organisms that provide structure; moderate local biotic 

and abiotic conditions; and have a large, positive effect on other species in a community 

(Dayton 1972), clams that provide a hard substrate for the attachment of sessile 

invertebrates within soft sediment habitats (Gribben et al. 2009) and arboreal epiphytes, 

such as Bird’s Nest ferns (Asplenium nidus), which harbor diverse invertebrates from 
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predation and physical stress (Ellwood and Foster 2004), are considered foundation 

species. As a result of these types of oversight, the prevalence and importance of 

assemblages of multiple foundation species has been vastly underestimated. 

Purpose 

Using field and mesocosm experiments, surveys, and models, I examine the 

effects of foundation species and their interactions on ecosystem structure, functioning, 

and resilience in two model communities: southern live oaks (Quercus virginiana) laden 

with Spanish moss (Tillandsia usneiodes) in coastal savannas and salt marshes in the 

southeastern United States dominated by smooth cordgrass (Spartina alterniflora). 

Outline 

In Chapter 1, I provide a review of the literature on what is known about 

interactions among foundation species and explore how the nature of interactions 

among foundation species that co-occur in an ecosystem may control spatial patterns in 

the distribution of biodiversity. In particular, I hypothesize that competition among 

foundation species leads to segregation in their distribution as well as the communities 

of organisms each foundation species supports, while facilitation leads to nested 

assemblages of foundation species that support communities that are far more diverse 

than those supported by a single, dominant foundation species alone. To conclude, I 

explore how conservation and management strategies may be improved by taking a 

multiple foundation species’ approach. 

In Chapter 2, I use experiments and a survey of six sites distributed from Florida 

to North Carolina to examine the effects of facilitation among foundation species on 

species and trophic diversity. Specifically, I test if and how southern live oaks facilitate 

Spanish moss and Spanish moss, in turn, facilitates invertebrate communities. I 
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discovered that live oaks facilitate Spanish moss by alleviating otherwise lethal 

temperature and light stress, and Spanish moss facilitates invertebrates by alleviating 

consumer pressure and humidity stress. Invertebrate species abundance and trophic 

diversity within oaks was strongly enhanced by the presence of Spanish moss in both 

experiments and surveys, suggesting that this tree-epiphyte ‘facilitation cascade’ (Altieri 

et al. 2007) has powerful effects on controlling biodiversity in coastal savannas. 

In Chapter 3, I explore context dependence in the effects of foundation species 

on both biodiversity and multiple ecosystem functions. Specifically, I manipulated the 

number of ribbed mussels that form aggregations in a cordgrass monoculture and to 

measure the density-dependent effects of this secondary foundation species (i.e. one 

that is obligately dependent on a primary foundation species) on biodiversity, seven salt 

marsh ecosystem functions and the simultaneous performance of all of these functions- 

multifunctionality. Using surveys of mussel distribution, I then extrapolate my 

experimental results to explore how mussels, at their natural distribution, may control 

salt marsh biodiversity and ecosystem functioning at the landscape scale.  

Inspired by my observation that cordgrass survived in remnant patches within 

mudflats generated by a severe drought, and did so with particularly high frequency 

when it was associated with mussels, I then used surveys, correlational and 

experimental approaches, and simulation models to test if remnant patches are 

accelerating salt marsh recovery and if mussels are functioning as key mutualists that 

permit cordgrass to survive drought. Using field collected data to parameterize a Salt 

Marsh Recovery model, I found that the size of mudflats as well as the spatial 

distribution of cordgrass patches surviving within those mudflats interact to control how 
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long it will take for mudflats to recover to cordgrass dominance. In addition, monitoring 

and experiments revealed that mussels are likely enhancing cordgrass resistance to 

drought by simultaneous enhancing the availability of their growth limiting nutrient  

(Nitrogen) and alleviation of a major abiotic stress for cordgrass (i.e. dry soils). Although 

mussel mutualists do not stimulate cordgrass recolonization at scale of individual 

remnant patches, through their support of many, spatially dispersed patches, they are 

likely substantially augmenting to the ability of salt marshes to recover from massive, 

drought-induced disturbance. 

Collectively, this body of work provides general insight to the importance of 

positive interactions, particularly those that involve foundation species, in mediating 

patterns in biodiversity, ecosystem functioning, and ecosystem resilience to intensive 

climate stress. 
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CHAPTER 2 
INTERACTIONS AMONG FOUNDATION SPECIES AND THEIR CONSEQUENCES 

FOR COMMUNITY ORGANIZATION, BIODIVERSITY AND CONSERVATION 

Introduction to Foundation Species 

 Ecologists have long recognized the role of foundation species in facilitating 

whole communities of organisms through habitat creation (Dayton 1972, Bertness and 

Callaway 1994, Stachowicz 2001, Ellison et al. 2005). Kelps, conifers, and corals, for 

instance, are spatially dominant organisms whose biogenic structure promotes species 

coexistence through the amelioration of physical stress and the creation of fine-scale, 

complex matrices where smaller organisms find refuge from predators and competitors 

(Dayton 1972, Stachowicz 2001). Foundation species are often primary producers or 

bed-forming filter-feeders and play central roles in sustaining ecosystem services, such 

as nursery habitat for fish (Boesch and Turner 1984, Carr 1989, Beck et al. 2001), 

shoreline stabilization (Orth et al. 2006, Koch et al. 2009), water filtration (Altieri and 

Witman 2006), timber production and carbon sequestration (Ellison et al. 2005). Due to 

the economic value of these services and the link between foundation species and 

biodiversity, recent conservation strategies have prioritized protecting and restoring 

foundation species in degraded ecosystems (Crain and Bertness 2006, Byers et al. 

2006, Halpern et al. 2007, Gómez-Aparicio 2009).  

 To date, most of our understanding of how foundation species affect community 

organization and biodiversity has emerged from studies of marine ecosystems that 

investigate facultative effects of a single dominant space holder. In coastal soft 

sediment habitats, for instance, extensive beds of the seagrass, Thalassia testudinum, 

can cover otherwise low productivity, sand flats occupied by algae. By reducing flow, 

modifying substrate and impeding the foraging efficiency of mobile predators, seagrass 
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beds facilitate the settlement of benthic invertebrates and enhance the survivorship and 

density of prey species (Orth et al. 1984, Heck et al. 2003, Canion and Heck 2009). 

Similarly, along 1000s of kilometers of Caribbean coastline, networks of red mangrove 

(Rhizophora mangle) roots provide essential nursery habitat for juvenile snappers, 

grunts, barracuda and other fishes, physically guarding these populations from larger 

predators (Beck et al. 2001, Faunce and Serafy 2008). Consequently, the trophic 

dynamics associated with seagrass and mangrove communities largely arise from the 

biogenic framework provided by foundation species, suggesting hierarchical community 

organization in which species and their interspecific interactions occur within a 

community that is itself established by the facilitation of a foundation species (Bruno and 

Bertness 2001). Field experiments that manipulate the presence or mimic the physical 

attributes of foundation species have elucidated the mechanisms by which foundation 

species influence the distribution of associated organisms, e.g. shading by nurse plants 

(Franco and Nobel 1989), substrate stabilization by cordgrass (Altieri et al. 2007) and 

nursery effects of mangroves (Laegdsgaard and Johnson 2001). These studies have 

motivated the revision of general models of community organization that previously 

emphasized predation, disturbance and competition (Levin and Paine 1974, Menge and 

Sutherland 1987) to include positive (i.e., facilitative) interactions. In particular, 

recognition of the pervasive role of facilitation in communities has given rise to the 

stress gradient hypothesis  (Bertness and Callaway 1994), modified predictions made 

by the fundamental niche, intermediate disturbance and diversity-invasion hypotheses 

(Bruno et al. 2003) and inspired comprehensive reviews of facilitative interactions in a 

wide range of ecosystems (Callaway 1995, Stachowicz 2001, Maestre et al. 2009). 
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While field studies, models and syntheses have improved our understanding of 

the central role that foundation species play in structuring communities, our current 

approach of examining a given foundation species in isolation or by lumping multiple 

foundation species into a single functional entity overlooks a key characteristic of 

community organization. Specifically, most ecosystems are structured by multiple 

foundation species whose differences in structural and functional morphology influence 

their community impact (Bruno and Bertness 2001). Seagrass meadows are frequently 

mixed stands of Thalassia, Zostera and/or Enhalus species which vary in structural 

characteristics and functional traits (Duarte 2000); coral reefs are composed of multiple 

encrusting and branching clonal organisms whose growth forms operate in concert to 

form complex biogenic reef structures and promote species diversity (Knowlton and 

Jackson 2001); Costa Rican cloud forests intermix palm- to bamboo-dominated 

communities with increasing altitude with cascading effects on associated flora and 

fauna (Kappelle et al. 1995); and mixed stands of Australian kelp are more common and 

harbor more diverse benthic assemblages than monospecific patches (Irving et al. 

2004, Goodsell et al. 2004). Despite the prevalence of multiple foundation species and 

importance of species-specific traits in modifying habitats, few studies have evaluated 

the effects of foundation species assemblages on habitat complexity or the spatial 

distribution, composition, and persistence of higher trophic levels. 

In one of the few studies to explicitly evaluate the coexistence of foundation 

species, Altieri et al. (2007) examined the interactions between foundation species and 

tested whether they had additive or redundant roles in facilitating New England cobble 

beach communities. They found that the foundation species, cordgrass (Spartina 
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alterniflora), could independently colonize the shore and facilitate the establishment of 

ribbed mussel beds (Geukensia demissa) within its biogenic matrix by stabilizing and 

shading the substrate. Established mussels further buffered evaporative stress and 

generated hard substrate, resulting in higher abundance of species that depend on 

rigid, stable surfaces (e.g. algae, barnacles, blue mussels) relative to cobble areas 

without cordgrass and mussels (Altieri et al. 2007).  In addition to the abundance of 

associated organisms, the diversity and overall stability of the cobble beach community 

is maintained via facilitation cascades in which an independent, stress-tolerant 

foundation species (cordgrass) facilitates a second, dependent foundation species 

(ribbed mussels) to provide complementary levels of complexity (i.e. small and large 

crevices, hard and soft substrate) and enhance stress amelioration (Altieri and 

Wesenbeeck 2010). The regularity with which foundation species distributions overlap 

suggests that emergent effects, like facilitation cascades, may play a critical role in the 

organization and stabilization of many communities (Yakovis et al. 2008a).  

Coexisting foundation species also compete for space and limiting resources. 

Although many studies have demonstrated competition between dominant, habitat-

forming space holders (e.g. tropical forests, coral reefs, salt marshes), few have 

quantified or inferred how competitive interactions among foundation species influence 

habitat complexity, diversity and community organization. In this paper we examine: 

Under what conditions do foundation species coexist? What mediates the strength and 

direction of foundation species interactions? And, does variation in the nature and 

strength of foundation species interactions generate predictable landscape-scale 

patterns in habitat complexity and the distribution of associated species? We use the 
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stress gradient hypothesis (Bertness and Callaway 1994) as a conceptual framework to 

explore these questions because it has been well supported by studies conducted in 

wide range of ecosystems (Bruno et al. 2003, He et al. 2013). We conclude by 

discussing how a multiple foundation species perspective could enhance the success of 

future conservation efforts. 

Coexistence of Foundation Species 

As space-holders that generate and modify habitats, foundation species 

dominate available substrate in most environments and can coexist at stable population 

densities in either nested or adjacent assemblages (Fig. 1). Nested foundation species 

assemblages occur when: the first foundation species to colonize a habitat does not 

monopolize the substrate, enabling colonization of a second foundation species in 

interstitial space [i.e., saguaro cacti within a nurse shrub matrix (Turner et al. 1966), 

mussels within seagrass (Valentine and Heck 1993), clams within macroalgal beds 

(Gribben et al. 2009)] or the first foundation species to colonize a habitat provides novel 

substrate for colonization and survival of other foundation species [i.e., tree limbs that 

host arboreal bromeliads and ferns in neotropical forests (Matelson et al. 1993), 

sponges that bind and stabilize rubble to mediate coral attachment and reef growth 

(Wulff 1984), and large, foliose brown seaweeds that host a diversity of epiphytic algae 

(Hay 1986)]. In both types of nested assemblages, initial modification provided by the 

first foundation species to colonize a habitat allows for the settlement and success of 

foundation species that would not otherwise occur under ambient environmental 

conditions. Once established, the magnitude and form of habitat modification (e.g., 

predator refuge, moisture retention, light regulation) provided by coexisting foundation 

species is typically complementary and differs as a function of species-specific traits 



 

25 

(Irving and Bertness 2009). For instance, paloverde trees buffer evaporative stress on 

the obligate foundation species, saguaro cacti, in the Sonoran Desert (Turner et al. 

1966), but contribute far less than cacti as a water and nutrient resource or predation 

refuge for associated birds and invertebrates (Wolf and Martinez del Rio 2003). In 

contrast to classical facilitative interactions where one organism directly enhances the 

success of another, facilitation among foundation species drives whole community 

development by generating habitats with multiple levels of structure and a diversity of 

resources. 

In other cases, foundation species assemblages coexist at large scales across 

adjacent habitats. Adjacent foundation species occur when a foundation species 

monopolizes areas of primary substrate, and inhibits colonization by other foundation 

species that are unable to utilize the interstitial space or novel substrate created by the 

dominant foundation species. These adjacent assemblages are most apparent in 

patterns of foundation species zonation that occur when ecosystems are viewed at the 

landscape-scale, such as hardwood and conifer zones on mountainsides (Kappelle et 

al. 1995, Hsieh et al. 2009), and red, black, and white mangroves that border one 

another on tropical coasts (Sousa and Kennedy 2007). Within each zone, the 

competitively dominant foundation species locally mediates the complexity of the habitat 

and drives variation in structural attributes, such canopy height, crevice size or 

substrate conditions, and community composition across space. As in nested 

assemblages, the diversity and abundance of associated organisms are also promoted 

at the landscape level where multiple, adjacent foundation species persist. 
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Strength and Direction of Foundation Species Interactions  

Although foundation species are distinguished as special class of organism 

(Dayton 1972), they are ultimately limited by physical and/or biological (i.e., competition 

and predation) stresses or disturbance like any other species (Levin and Paine 1974, 

Menge and Sutherland 1987). Consequently, we anticipate that patterns in the strength 

and direction of foundation species interactions mirror classic ecological interactions 

among species that are not foundation species. The SGH (Bertness and Callaway 

1994) predicts that species interactions are negative (competitive) at intermediate levels 

of physical stress where many basal species are able to tolerate environmental 

conditions and limit the availability of resources, and that positive (facilitative) 

interactions are more prevalent in either more physically harsh environments where 

neighborhood buffering maintains community structure, or less physically stressful 

areas where associational defenses play a significant role due to strong consumer 

pressure (Hay 1986, Bertness and Callaway 1994). Accordingly, we predict that 

facilitation is the dominant interaction in multiple foundation species assemblages where 

the structure of a primary, stress-tolerant foundation species creates a new, buffered 

habitat where other, obligate foundation species can proliferate and competition among 

foundation species is most important where a number of species can act as primary 

space holders.  

Facilitation 

Where might facilitation be the dominant interaction among foundation species if 

they are, by definition, dominant, habitat-forming organisms vying for space? The SGH 

predicts that facilitation should be prevalent in environments with strongly limiting 

physical factors, such as high evaporative or wave stress and low nutrient or water 
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availability (Bertness and Callaway 1994), where the first foundation species to colonize 

a habitat experiences limited productivity and thus cannot completely dominate space. 

In stress-maintained interstitial space, less tolerant foundation species may 

opportunistically proliferate due to the initial habitat modification by the first foundation 

species. For example, Acacia depanolobium trees can persist independently in dry 

Kenyan savannas although their productivity is restricted by a combination of stress 

factors, including low precipitation, fires and heavy browsing by grazers (Riginos 2009). 

Once established, Acacias facilitate prairie grass survival and productivity by locally 

reducing evapotranspiration, increasing water availability due to hydraulic lift, and 

enriching soil nutrients through litter fall (Belsky 1994). Thus, by suppressing the 

dominance of the first foundation species to colonize a habitat and opening up space, 

elevated physical stress can organize communities into nested hierarchical 

assemblages where additional foundation species and their facilitative effects are 

obligately dependent on the first foundation species to colonize a habitat. Furthermore, 

the spatial arrangement of foundation species in nested assemblages will likely 

attenuate through communities and drive predictable patterns in the distribution of 

associated organisms that tend to congregate where structural complexity and resource 

availability (i.e., crevice size, light, nutritional resources) are highest (Figure 2-1).   

The SGH also proposes that facilitation plays a critical role in structuring 

communities at the opposite end of the environmental stress gradient where biological 

stress is high (Bertness and Callaway 1994). According to the Menge-Sutherland 

community regulation model (Menge and Sutherland 1987), the productivity and food 

web complexity of a community increase with decreasing physical stress, resulting in 
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elevated consumer pressure and stronger suppression of the abundance and 

distribution of primary producers where physical stress is low. Facilitation emerges in 

foundation species that are functionally resistant to consumers because of their 

structural (e.g., calcium carbonate skeletons, thorns, fibrous/woody tissues) and/or 

chemical defenses (e.g., alkaloids, terpenoids, phenolics). Although facilitative 

interactions among refuge-providing and refuge-dependent species have been widely 

recognized [i.e., mangrove roots buffer predation on juvenile fishes (Beck et al. 2001), 

unpalatable herbs protect palatable neighboring plants from livestock grazers (Anthelme 

and Michalet 2009)], how associational defenses might influence coexisting foundation 

species has received little attention. In environments of low physical stress where 

consumer pressure and competition among dominant space holders are predicted to be 

intense (Menge and Sutherland 1976), foundation species that are able colonize the 

habitat and exclude other space holders can support other foundation species that are 

more susceptible to consumption or inferior competitors by providing novel substrate for 

colonization. For example, in neotropical forests, tree limbs commonly provide substrate 

for structurally complex and productive epiphytic ferns and tank bromeliads that are 

poor competitors for space and vulnerable to grazing and litter suppression on the 

ground (Matelson et al. 1993) but are key facilitators of arthropod communities in forest 

canopies (Ellwood and Foster 2004). Similarly, in temperate macroalgae ecosystems, 

chemically-defended, brown seaweeds, Sargassum filipendula and Padina vickersiae, 

provide essential substrate for the attachment of more palatable, epiphytic algae (i.e., 

Hypnea, Ulva, and Chondria spp.(Hay 1986)) that secondarily host a range of 

invertebrates including sponges, tunicates, crabs and isopods. Within these structurally 
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dynamic tree-epiphyte and seaweed-algae communities, a rich fauna thrives (Hay 1986, 

Kitching 2001) despite high ambient consumer pressure in the ecosystem, illustrating 

how nested hierarchical foundation species assemblages may generate and maintain 

biodiversity hotspots within an ecosystem (Figure 2-1). 

Competition 

  In habitats experiencing intermediate levels of physical stress, competition, 

rather than facilitation, among foundation species tends to dominate because: the 

productivity of foundation species is higher, which limits the availability of unoccupied, 

interstitial space for secondary organisms and therefore escalates competition among 

primary space holders, and consumer pressure, still limited by physical stress, is too 

weak to mediate foundation species interactions. Where physical stress is strong 

enough to exclude some potential foundation species but varies across the community, 

foundation species often are distributed in adjacent, monospecific zones where each is 

a primary space holder and maintains local dominance due to species-specific trade-

offs in competitive ability and stress tolerance. Such gradients in environmental stress, 

such as wave energy along coastlines or moisture and temperature variation across 

altitudes, are ubiquitous in natural environments and create an underlying basis for 

foundation species segregation (Crain and Bertness 2006). In New England salt 

marshes, for example, inverse gradients in inundation stress and nutrient availability 

segregate multiple foundation species (Spartina alterniflora, Juncus gerardi, and 

Spartina patens) in distinct zones parallel to shore that are determined by species-

specific trade-offs in inundation tolerance and competitive ability (Levine et al. 1998). 

Likewise, Patagonian rocky intertidal communities are organized by a competitive 

hierarchy where extensive beds of the desiccation-tolerant and competitively-inferior 



 

30 

mussel, Perumytilus purpuratus, are displaced to physically stressful mid- and high- 

intertidal zones, while stress-intolerant but competitively-dominant coralline algae 

monopolize the low intertidal zone (Bertness et al. 2006). These two foundation species 

differ in structural complexity (i.e., dimensions of interstitial space, thermal buffering), 

which cascades up to other organisms, influencing the distribution and abundance of 

sea stars, limpets and crustaceans (Silliman et al. 2011). In general, we predict that, as 

seen on Patagonian rocky shores, spatial segregation of foundation species along 

stress gradients gives rise to variation in the composition of associated organisms that 

selectively congregate within particular foundation species and their functional traits 

(Figure 2-1). Thus, persistence of multiple foundation species that facilitate different 

suites of organisms is likely critical to maintaining overall species diversity and 

community stability.  

Effects of Foundation Species Diversity and Habitat Complexity on Biodiversity   

 The interactions among foundation species have cascading effects on the 

diversity and abundance of associated organisms. By providing a variety of refuge 

sizes, substrates and microclimates, multiple foundation species add multiple levels of 

habitat complexity (Altieri et al. 2007) which in turn mediates niche availability and 

predator-prey and competitive dynamics. Whether foundation species exist in nested or 

adjacent assemblages, however, will determine whether their combined affect enhances 

diversity locally by overlapping foundation species or cumulatively over larger scales 

when species distributions are segregated across space by adjacent foundation 

species, respectively (Figure 2-1). In addition, foundation species productivity will have 

important implications for the strength of habitat modification (species with larger 
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biomass should be stronger modifiers) and thus potential to facilitate other foundation 

species or associated organisms.  

The Ecological Theater and Evolutionary Play: the Context Dependence of 
Foundation Species Interactions 

We propose nested and adjacent assemblages as distinct types of hierarchical 

organization that structure communities by facilitative or competitive interactions, 

respectively. In practice, however, interactions among foundation species are context 

dependent, varying spatially across landscapes (Wesenbeeck et al. 2007, Riginos 

2009) and temporally over foundation-species ontogenies or fluctuations in their 

productivity (McAuliffe 1984, Hay 1986) and, therefore, do not necessarily fall neatly into 

these categories. In any ecosystem (e.g., savannas, cloud forests, coral reefs), a pool of 

potential space holders exists, and local biotic and physical conditions determine 

whether dominant species exclude the rest of the pool or whether stress-tolerant 

species take hold and facilitate the growth of others. Consequently, the same 

foundation species that interact to form nested assemblages under some conditions 

may be organized through competitive hierarchies under different conditions. 

Case example 1 

Hydrodynamic forces (wave exposure and wind stress) vary along the New 

England coastlines, and it has been shown in field experiments that they drive 

predictable patterns in the strength and direction of the interactions among primary 

space holders (Wesenbeeck et al. 2007). Under high hydrodynamic stress, vegetated 

cobble-beach communities prevail in which stress-tolerant cordgrass positively interacts 

with secondary space holders (e.g., forbs, grasses, sedges) to sustain diverse plant 

communities. Along wave-protected coasts, however, competitive interactions 
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predominate, and inferior sedges and forbs become excluded by stress- intolerant but 

competitively superior grasses. As a result, distinct community types with unique spatial 

structures (e.g., vegetated cobble beach, fringing marsh, salt marsh) arise across 

hydrodynamic gradients because of variation in the strength and nature of the 

interactions among foundation species, despite a common species pool across all 

habitats (Figure 2-2). 

Case example 2 

In the heavily-grazed, arid Nigerian Sahara, interactions between Acacia tortilis 

var. raddiana, a leguminous tree that improves soil nitrogen availability and provides 

protection against soil erosion, and the dense nurse tussock Panicum turgidum, which 

facilitates a diverse assemblage of desert forbs and herbs (Anthelme and Michalet 

2009), shift from a facilitative to a competitive interaction as Acacia trees progress from 

early life stages to mature adult trees. As seedlings, Acacia growing alone are browsed 

intensively by livestock, but those that germinate within the complex matrix of grazer-

resistant Panicum often persist and continue to grow, which suggests that the 

associational defenses provided by the tussocks are critical to the establishment of this 

economically important foundation species (Anthelme and Michalet 2009). As Acacia 

mature and become less vulnerable to grazers, they compete with Panicum for water, 

however, and can limit grass biomass (Ludwig et al. 2004). In this example and 

potentially many other ecosystems in which consumers selectively browse young and 

vulnerable species, the associational defenses provided by grazer-resistant foundation 

species may be essential to the long-term stability of the community and a provision of 

key ecosystem services. 
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Since the physical and biotic environment can moderate the strength and even 

reverse the direction of foundation-species interactions, identifying the environmental 

context in which foundation species coexist is of central importance to predicting the 

nature of the community’s hierarchical organization. Furthermore, this perspective 

emphasizes that climate change, which may alter environmental gradients or the 

anthropogenic modification of natural grazer regimes through activities such as 

overfishing or intensive livestock grazing, can fundamentally alter the dynamics among 

habitat-forming dominant species, with cascading effects on dependent organisms. 

Conclusions 

 Decades of research have emphasized biogenic habitat creation by single 

foundation species (Dayton 1972). Here we revise this approach to understanding 

community organization by developing the idea that multiple foundation species interact 

in most ecosystems to synergistically structure communities, enhance species diversity 

and stabilize ecosystem function. We suggest that future investigations of community 

assembly need to consider the hierarchical organization of foundation species, the 

strength and direction of their interactions and the structural complexity of habitats that 

arise from their presence, persistence and interactions. Additionally, acknowledging that 

adjacent assemblages, that historically have been studied in isolation, may be a 

predictable outcome of interactions among foundation species exposes the need to 

adopt landscape-scale perspectives of communities and underlying stress gradients. 

Loss and degradation of foundation species due to deforestation, pathogens, 

depletion of top predators, urban development, climate change, and eutrophication is a 

widely recognized global problem (Coleman and Williams 2002, Ellison et al. 2005, 

Altieri and Witman 2006, Bracken et al. 2007). In addition to strategies to prevent further 
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loss of foundation species, we suggest a more proactive approach to restoration that 

prioritizes re-establishing foundation species assemblages to degraded ecosystems as 

a means to restore stable, diverse communities. In Nigerian Sahara, for example, 

intensive livestock browsing is linked to low regeneration of the key leguminous tree, 

Acacia tortilis (Anthelme and Michalet 2009). A recent study has demonstrated that 

transplanting Acacia seedlings within the protective matrix of the naturally abundant 

nurse tussock, Panicum turgidum, increases tree survivorship and growth at vulnerable, 

early life history stages. As a result, Anthelme and Michalet (2009) recommend that 

future conservation efforts utilize natural grazing refuges (i.e., the foundation species, 

Panicum) as a cost-effective solution for enhancing the density of Acacia in an effort to 

restore biogenic structure and ecosystem functioning in these landscapes. Likewise, the 

success of seagrass restoration projects in fostering the return of plants and fauna to 

soft-sediment habitats in Chesapeake Bay, USA might be improved if multiple seagrass 

species, rather than only Zostera marina, are seeded because it would result in the re-

establishment of complex community structure over relatively short time scales (Marion 

and Orth 2008). In general, harnessing facilitation (Byers et al. 2006, Halpern et al. 

2007) among naturally synergistic foundation species, not just the presumed 

competitive dominant, by planting or seeding should be evaluated as a tool to restore 

biological communities and ecosystem services in severely degraded habitats.  
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Figure 2-1.  Types of foundation species assemblages. Foundation species may form A) 

nested or B) adjacent assemblages. In nested assemblages, positive 
interactions hierarchically structure communities in facilitation cascades 
where the first foundation species to colonize a habitat facilitates other 
foundation species and through complementary structural complexity they 
support diverse species assemblages. In adjacent assemblages, foundation 
species compete for space to form discrete competitively determined zones, 
where structural complexity is mediated locally by the dominant foundation 
species and drives variation in community composition across zones. In both 
nested and adjacent assemblages, multiple foundations species are needed 
to support diverse communities and maintain higher order interactions at 
landscape scales. Nested assemblages are apparent in the Sonoran Desert 
where shading and nutrient deposition by nurse shrubs facilitate the growth of 
saguaro C), and the adjacent assemblages of salt marsh grasses are a 
striking feature along wave-protected New England shorelines D). Photo 
credits: Joe Shaw and Andrew Altieri.  
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Figure 2-2.  Context dependence of interactions among foundation species. A) Despite 

a common pool of species, shoreline community composition varies widely 
across hydrodynamic stress gradients in New England as a consequence of 
foundation species interactions shifting from competitive along wave-
protected coasts, to facilitative along wave-battered cobble beaches. B) 
Likewise, the nurse tussock, Panicum provides a critical refuge for Acacia 
seedlings from grazers in intensively browsed, arid Nigerian landscapes, but 
competes with Acacia for water as trees mature and become less vulnerable 
to predation. Photo credits: Andrew Altieri and Fabien Anthelme. 
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CHAPTER 3 
SECONDARY FOUNDATION SPECIES AS DRIVERS OF TROPHIC AND 

FUNCTIONAL DIVERSITY: EVIDENCE FROM A TREE- EPIPHYTE SYSTEM 

Introduction 

 Experimental and comparative studies of habitat-forming foundation species 

(sensu Dayton 1972, see Bruno and Bertness 2001 for refined definition) have revealed 

time and again that these organisms can have positive effects on biodiversity by 

generating the structure and conditions within which other species and their 

interactions, such as competition or predation, occur (Bruno & Bertness 2001; 

Stachowicz 2001; Bruno et al. 2003). The overwhelming focus of this research has been 

on single foundation species [e.g., Douglas fir (Pseudotsuga menziesii), Poplar 

(Populus angustifolia and P. fremontii), smooth cordgrass (Spartina alterniflora)] or 

functional groups (e.g., nurse shrubs, corals, kelp) because these spatially dominant 

organisms are thought to be the primary drivers of community composition (Whitham et 

al. 2006, Irving and Bertness 2009). Secondary, or dependent, foundation species can 

be among those organisms facilitated by a primary foundation species [e.g., ribbed 

mussels (Guekensia demissa) within cordgrass] and, by creating significantly more 

structure or unique refuges from physical or biotic stress, may modify the number and 

identity of individuals in the local community (Altieri et al. 2007, Yakovis et al. 2008b, 

Bishop et al. 2012, Dijkstra et al. 2012). Given that multiple habitat-forming species are 

present in many systems, secondary foundation species may be common, but currently 

underappreciated, drivers of biodiversity and ecosystem functioning (Angelini et al. 

2011, Thomsen et al. 2013).  

 Ecologists interested in whole-community facilitation by foundation species 

(Bruno and Bertness 2001, Whitham et al. 2006, Rowntree et al. 2011) have 
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documented higher abundance and richness of associated species where primary 

foundation species facilitate secondary foundation species (Altieri et al. 2007, Yakovis 

et al. 2008, Bishop et al. 2012, Dijkstra et al. 2012). This positive direct interaction 

among foundation species that gives rise to indirect facilitation of biodiversity has been 

coined a facilitation cascade (sensu Altieri et al. 2007). To date, no study has 

experimentally tested for the presence of facilitation cascades in terrestrial or aquatic 

systems and few have extended their analyses of secondary foundation species’ 

impacts beyond abundance and richness measures to include more functionally- 

informative metrics of community structure (see Altieri et al. 2007, Dijkstra et al. 2012). 

To gauge whether the facilitation cascade concept holds broad utility, more research on 

foundation species’ interactions in novel biomes is needed. Likewise, analyses that 

distinguish whether secondary foundation species simply enhance the size (i.e. support 

more individuals of the same species, feeding guilds or life stages), and/or influence 

trophic structure (i.e. support new species and feeding guilds) and life stage diversity 

(i.e. support juveniles) of local communities are critical to evaluate whether facilitation 

cascades also drive spatial patterns in food web complexity, species interactions, and 

nursery habitat - community characteristics that influence ecosystem functioning (e.g. 

Hooper et al. 2005). Beyond understanding the generality of facilitation cascades and 

their impact on community structure, we must also begin to construct conceptual 

models that formalize predictions for when and where these hierarchical chains of 

positive interactions will generate hot spots of biodiversity and the more numerous and 

complex species interactions and ecosystem processes that can follow. 
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The association between trees and vascular epiphytes is a useful system in 

which to explore generality of facilitation cascades and the contribution of primary and 

secondary foundation species in regulating trophic structure and ecosystem function. 

Epiphytes, including thousands of charismatic species from Bromeliaceae, 

Orchidaceae, and Araceae families, are distributed throughout tropical and sub-tropical 

latitudes (Benzing 1990) and generate intricate structures within the broader 

architecture of host trees (Freiberg 2001, Stuntz et al. 2002). Although it is commonly 

assumed that epiphytes are intolerant of abiotic (e.g., high moisture, low light) and biotic 

(e.g. high consumer pressure) conditions on the ground (Nadkarni 1992, Matelson et al. 

1993, Mondragn et al. 2004), ecologists have yet to use manipulative experiments to 

test if and how epiphytes depend on host trees (Zotz and Hietz 2001). In addition, while 

epiphytes are commonly recognized as facilitators in metacommunity, tropical 

biodiversity, and community genetic studies [e.g., they often form complex structures 

that support other organisms such as ants, frogs, protists, snails, spiders, and birds 

(Nadkarni 1989, 1994, Ellwood and Foster 2004, Dial et al. 2006, Cruz-Angón et al. 

2009, Zytynska et al. 2011, Yanoviak et al. 2011)], they are not typically identified as 

foundation species (but see Thomsen et al. 2010 for discussion) and never been 

studied as critical, intermediate links in facilitation cascades.   

Here I explore the mechanisms that generate and community-level 

consequences of a facilitation cascade that likely organizes the most conspicuous tree-

epiphyte assemblage in the southeastern US: Southern live oaks (Quercus virginiana, 

hereafter, oaks) laden with the atmospheric bromeliad, Tillandsia usneoides (commonly 

Spanish moss, hereafter Tillandsia, Figure 3-1). Specifically, I test: whether oaks and 



 

40 

Tillandsia can act as primary and secondary foundation species, respectively, and 

collectively generate a facilitation cascade, and if Tillandsia enhances the density and 

diversity of species, feeding guilds, and life stages and thus supports communities that 

are larger than and functionally distinct from those associated with oaks alone. I then 

compare invertebrate communities associated with oaks and both oaks and Tillandsia at 

sites distributed across the southeastern US to test whether this epiphyte supports more 

complex food webs and generates nursery habitat wherever it overlaps with oaks.  

Methods 

 Field experiments were conducted in the National Estuarine Research Reserve 

on Sapelo Island, GA, USA (31°24'2"N, 81°17'4"W) in Bahia grass (Paspalum notatum) 

savannas interspersed with open-grown (>30m diam.) oaks. This oak species was 

selected for this study because it is a common, ‘high quality’ epiphyte host (Callaway et 

al. 2002). Tillandsia, a CAM-photosynthesizing, rootless vascular plant that forms 

densely tangled clumps referred to as ‘festoons’ was examined because of its extremely 

high abundance and widespread distribution in the southeastern US (Benzing 1990). In 

this region, many other tree species host Tillandsia (Callaway et al. 2002) and other 

epiphyte species colonize oaks (Benzing 1990).  

Oak Facilitation of Tillandsia: an Experiment 

We first assessed whether Tillandsia depends on primary facilitation of trees by 

tracking the survival of festoons left on and removed from oak hosts. In May 2010, we 

identified a large oak at two sites and, within each oak, selected 15 festoons, 

standardized for volume (40-cm3), health (90-95% live tissue, see below), and position 

(4m off ground, 5m from canopy edge) on different branches and randomly assigned 

each to one of three treatments: oak limb control, procedural control, or oak limb 
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removal [N= 5 replicates per treatment per site]. For oak limb control treatments, we 

flagged but did not alter the position of festoons. For procedural control treatments, we 

removed and immediately replaced festoons on oak limbs to account for disturbance 

effects. For oak limb removal treatments, we removed and dropped flagged festoons on 

the ground. After 60 days, we assessed survival by saturating festoons in a bucket of 

water, refreshed after each replicate, and scoring plants for % live tissue. Wetting 

distinguishes live Tillandsia tissue, which is green when wet, from dead tissue, which is 

brown (Figure 3-2). Percent survival data were arcsine (square root (X)) transformed to 

meet the assumptions of normality. We treated Site as a random factor, Oak Treatment 

as a fixed factor, and assessed their effect on festoon survival using mixed-effects 

Analysis of Variance (ANOVA).  

We then tested the hypothesis that shading and elevation off the ground are two 

mechanisms by which host trees facilitate Tillandsia. To do so, we haphazardly 

assigned a shade and elevation treatment to each of 40, 40-cm2 plots (4 treatments: 

shade/no shade  elevated/ ground, N= 10 replicates) positioned within a Bahia grass 

patch located 75m from a Tillandsia-laden oak in July 2010. We then air-dried and 

weighed 30g Tillandsia transplants, collected from a single oak and standardized for live 

tissue (90-95%). We secured 2-layers of black mesh to corner stakes 60cm above 

shade plots and left no shade plots unmanipulated. To assess if shades mimicked the 

~60% light attenuation provided by oak foliage in savannas (Figure 3-3), we monitored 

Photosynthetically Active Radiation (PAR) in shade and no shade plots on a cloudless 

day using a handheld light meter. To manipulate elevation, we positioned transplants 

25cm off the ground on grass turfs in elevated plots or directly on the ground in 
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unmanipulated ground plots. We placed an iButton (Embedded Data Systems, 

Lawrenceburg, KY), programmed to record one temperature reading per hour, in one 

transplant per treatment for the experiment’s duration. After 3, 7, 14, 28 and 56 days, 

we monitored transplant survival as above. The effect size and significance of Shade, 

Elevation, and their interaction over time on the percent Tillandsia survival, transformed 

as above, was assessed with repeated-measures ANOVA. 

Tillandsia Facilitation of Invertebrates: the Physical Environment 

To assess whether Tillandsia functions as a secondary foundation species that 

moderates physical stress within oaks, we monitored temperature and humidity, factors 

known to influence invertebrate desiccation and survival (Wigglesworth 1945, Stuntz et 

al. 2002, Ellwood et al. 2011). In one oak at two savannas, we deployed 3 pairs of 

Hygrochron iButtons (see above), programmed to record temperature and relative 

humidity hourly from April 7– May 17, 2012. In each pair, one logger was positioned on 

a Tillandsia-colonized limb surface and the other 0.5m away on a limb of a similar size 

and elevation that lacked Tillandsia. This arrangement was used to minimize variation in 

canopy microclimate and thus isolate the effect of Tillandsia. For each pair, we 

calculated the difference (i.e., Yi,= Tillandsia-colonizedi, – un-colonizedi) in mean 

daytime temperature, mean humidity, and the coefficient of variation (CV) of humidity. 

We assessed the CV in humidity because invertebrates have been shown to survive 

better in habitats characterized by stable (low CV) humidity conditions (Bertrand & 

Wilson 1996). We then calculated the mean difference for each metric for each day at 

each site [Ym= (Y1 + Y2 +Y3)/ 3] and used a t-test to assess if mean differences in each 

metric significantly differed from zero. 
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Tillandsia Facilitation of Invertebrates: Survival  

To assess if Tillandsia is an effective foundation species and improves 

invertebrate survival within oaks, we conducted two experiments. First, to assess 

whether Tillandsia increases invertebrate survival in the absence of predators and 

alleviates other potential sources of mortality within oaks, we constructed 30 × 60-cm 

mesocosms (Diam. × L, Figure 3-4) and stocked each with either a 25-cm limb draped 

with a vacuumed 25-g Tillandsia festoon or only a 25-cm limb (N=3 replicates per 

treatment). We attached an iButton, programmed as above, to each experimental limb 

and added 10 juvenile isopods (Venezillo parvus) that are common within oaks at our 

study site to each mesocosm. Mesocoms were hung 4m off the ground from limbs with 

similar light exposure within one oak. After 7 days, we collected the iButtons, counted 

live isopods, and used a generalized linear model with a quasibinomial error function to 

test the effect size and significance of Tillandsia Treatment on the number of live and 

dead isopods in R version 2.15.1 (R Core Development Team 2012).   

Next, to test if Tillandsia modifies predator foraging efficiency to enhance prey 

survival, we added either a 25-cm long oak limb and 25-g festoon, vacuumed to remove 

invertebrates, or only a 25-cm limb to 5L arenas (N=5 replicates per Tillandsia 

treatment) positioned in the shade and stocked each with 4 juvenile field crickets 

(Gryllus spp.). We allowed crickets to acclimatize for 2 hours before adding one spider 

(Gladicosa pulchra) to each arena. Crickets and spiders were used as representative 

prey and predators because they are common and abundant in our study system. After 

12 hours, we counted live crickets and inspected dead crickets for spider wounds to rule 

out other potential causes of death. The effect of Tillandsia Treatment on the number of 

live and dead crickets was analyzed with a generalized linear model as above. 
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Oak - Tillandsia Facilitation of Invertebrates: Community Responses  

To test the hypothesis that Tillandsia not only increases invertebrate abundance 

and richness but also enhances food web structure (i.e. increases the number and 

diversity of feeding guilds) and functions as a nursery (i.e. supports juveniles) within 

oaks, we identified 2, 1-m3 festoon-colonized plots standardized for limb diameter, 

height off the ground (4m), festoon volume (30  30  60cm, L  W  H), festoon health 

(90% live), and distance to adjacent festoons (2-3m to nearest neighbor), in each of 15 

oaks. In each oak, we randomly assigned a Tillandsia removal or control treatment to 

each plot: in removal plots, we extracted the festoon, leaving only the oak limb and, in 

control plots, we removed and immediately replaced the festoon. After 8 weeks, we 

used a 50-gallon plastic bag to envelop each plot, collect the festoon (if present), and 

capture all detritus and invertebrates that we brushed from each limb surface for 30 

seconds. We ran each bagged sample over a vacuum (i.e., leaf blower equipped with 

an insect screen attachment) for 1 minute to isolate invertebrates. All macro-

invertebrates were counted and sorted to morphospecies (hereafter, species), life stage 

(juvenile or adult, based on size and genitalia development), and feeding guild 

(predator, parasite, scavenger, detritivore, folivore, granivore, or nectavore assigned 

after consultation with experts at Florida Department of Agriculture and Consumer 

Services, Division of Plant Industries). 

To evaluate Tillandsia’s effect on different metrics of community structure, we 

assigned Tree as a random factor, Tillandsia Presence as a fixed factor, and used a 

mixed-effects ANOVA to assess their effect size and significant on invertebrate density 

(total # ind. per m3), juvenile density (# juv. per m3), species richness, species diversity 
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(Shannon-Wiener, H’), feeding guild richness, and feeding guild diversity (H’). To 

investigate whether the composition of functional groups differed in Tillandsia- present 

and –removal plots, we calculated the proportional contribution of each functional group 

and conducted a multivariate ANOVA using the lme4 package in R (Bates et al. 2012). 

Significance of Tillandsia treatment was assessed with Pillai’s trace test statistic (as in 

Jaschinski et al. 2009). We also rarefied our data to compare species and feeding guild 

richness metrics at a standard sample size (Gotelli and Colwell 2001) using the rich 

package in R (Rossi 2011). To evaluate the significance of Tillandsia treatment on 

rarefied richness metrics, we conducted 499 randomizations of our data, drawing 

samples with replacement, to calculate the probability, p, of observing differences 

between Tillandsia- present and -removal plots equal to or more extreme than observed 

differences in richness (Rossi 2011). 

Generality of Oak - Tillandsia Facilitation of Invertebrates: Latitudinal Survey  

In September 2010, we surveyed invertebrate communities associated with oak 

or both oak and Tillandsia foundation species at 6 sites distributed from Harker’s Island, 

NC (34°42’ N, 76°34’W) to Palm Coast, FL (29° 37’N, 81°12’W), to assess consistency 

in the strength of this potential facilitation cascade across a range in which live oaks and 

Tillandsia commonly overlap. At each site, we identified 6 oaks [only 5 in Palm Coast 

(FL1) because of time constraints] colonized by Tillandsia and, within each, selected 

one 1-m3 un-colonized (Tillandsia absent) limb plot and one 1-m3 Tillandsia-colonized 

limb plot, and bagged, brushed, and vacuum-sampled invertebrates. Sampled 

invertebrates were stored in 70% ethanol. Using a microscope at 25×, we counted 

macro- and micro-invertebrates and categorized individuals as above. Since we had no 

a priori expectation that communities would differ among trees within a site, we 
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excluded tree as a factor, nested Tillandsia Presence within Site, and assessed the 

effects of Site and Presence [Site] on the community metrics listed above using 

ANOVA. We used multivariate ANOVA to test the significance of Site and Presence 

[Site], assessed with Pillai’s trace test statistic, on functional group composition. Within 

each site, we used randomization tests to calculate the probability, p, of measuring 

species and feeding guild richness differences between Tillandsia- present and -absent 

plots equal to or more extreme than our observed differences.  

Results 

After 2 months, festoons assigned to oak control and procedural control 

treatments positioned on limbs survived (>85% live tissue), while those removed from 

trees (i.e., on the ground) died at both sites (≤ 17% live, Oak Limb Presence: F2, 26 = 

357.6, P<0.0001, Figure 3-5A). In the experiment designed to test mechanisms of tree 

facilitation, Tillandsia positioned in control light and no elevation ground plots 

experienced intensive light and persistently high temperatures (Figure 3-5B) and died 

rapidly (Figure 3-5C). In contrast, Tillandsia survived for the 56-day experiment in 

treatments where transplants were both shaded and elevated (Time * Shade * 

Elevation: F5,32 = 20.7, P = 0.0007, Figure 3-5C).  

Monitoring revealed that daytime temperatures were typically cooler on 

Tillandsia-colonized relative to paired un-colonized limbs at our two sites (Tillandsia 

Presence: t 40 >8.6, P<0.0001, Figure 3-6A]. In addition, relative humidity was higher 

(Tillandsia Presence: t40 >12.6, P<0.0001 Figure 3-6B) and more stable (i.e., lower CV, 

Tillandsia Presence: t40> 4.18, P < 0.0001, Figure 3-6C) on Tillandsia-colonized relative 

to un-colonized limbs.  
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In experimental mesocosms hung within an oak, Tillandsia increased juvenile 

isopod survival (77 ± 9 vs. 37 ± 9% alive, Tillandsia presence: T4= 2.81, P=0.0482). 

Temperature was lower and humidity higher in Tillandsia-present relative to -absent 

mesocosms (Figure 3-4B,C), as observed in canopy monitoring (Figure 3-6). Similarly, 

Tillandsia significantly reduced spider predation to increase juvenile cricket survival [95 

± 5 (mean ± SE) vs. 60 ± 6 % alive, Tillandsia presence: T8= 2.74, P= 0.0256). All dead 

crickets had spider wounds. 

In our field experiment, all community metrics were higher in Tillandsia-present 

than –removal plots (Table 3-1). Tillandsia-present plots not only contained 20 more 

invertebrates, but also functioned as a nursery and supported 60 more juveniles than 

Tillandsia–removal limbs (juveniles comprised 30 vs. 2% percent of the total community, 

on average, in each plot type). Similarly, Tillandsia increased species richness and 

species H’ 6- and 10-fold and feeding guild richness and H’ 5- and 11-fold relative to 

removal plots. The composition of functional groups was also significantly different 

among treatments, such that detritivores, omnivores, predators, and parasites were 

common in Tillandsia-present plots, while only detritivores were common in Tillandsia- 

removal plots (Pillai’s Trace=0.61, F = 7.50, P= 0.0002). Rarefaction indicated there 

were ~2 more species and feeding guilds on Tillandsia –present than -removal limbs.  

In our survey, we found a significant effect of site on invertebrate density, 

richness, and diversity; the magnitude of between-site differences was minor relative to 

that of Tillandsia presence effects within site, however (Figure 3-7, Table 3-2, 3-3). 

Specifically, invertebrate density, species richness, and species H’ were >16, 5 and 

1.7× higher in Tillandsia- present plots than –absent plots. We found no juveniles in un-
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colonized limbs at 4 sites and, at the 2 sites where they were found in both plot types, 

Tillandsia increased average juvenile density from less than 1 to more than 80 

individuals per m3. Feeding guild richness and H’ were > 2.4 and 1.5× greater on 

Tillandsia-present relative to -absent limbs. Invertebrates were largely detritivores and 

scavengers on bare limbs, while those on Tillandsia-present limbs often included 

detritivore (e.g., roaches, isopods, scale bugs), scavenger (e.g., ants, crickets), 

granivore (e.g., weevils), predator (e.g., ladybird beetles, spiders), and parasite (e.g., 

mite, parasitic wasp) guilds (Pillai’s Trace= 0.54, F=10.35, P<0.0001, Table 3-2, 3-3). 

Finally, rarefaction indicated communities were more species and feeding guild-rich on 

Tillandsia-present versus -absent limbs at 5 of our 6 sites (Figure 3-7).  

Discussion 

Our results demonstrate a facilitation cascade structures oak-Tillandsia-

invertebrate communities in southeastern US coastal savannas. In this assemblage, 

oaks function as primary foundation species that ameliorate solar and temperature 

stress with their foliage and elevated limbs to facilitate Tillandsia. Tillandsia, in turn, 

functions as a secondary foundation species within oaks and further reduces 

desiccation stress and predator foraging efficiency to facilitate invertebrates. 

Importantly, our analyses reveal that Tillandsia supports communities that are not only 

larger and more species rich but also contain far more juveniles and feeding guilds than 

those supported by oaks alone. Together with examples from marine and coastal 

systems, this study advances two ideas: hierarchical organization of communities based 

on direct and indirect facilitation of multiple foundation species occurs across biomes, 

and secondary foundation species can generate addition habitat and unique refuges 
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within primary foundation species to locally enhance species abundance, food web 

complexity, and key ecosystem functions, such as nursery provision. 

Mechanisms Maintaining Tree- Epiphyte Facilitation Cascades 

Although it is intuitive that host trees facilitate epiphytes (Zotz and Hietz 2001), 

the mechanisms underpinning this obligate association have never been tested 

experimentally as far as we are aware. Studies that monitor the fate of dislodged 

epiphytes infer from observations that physical (e.g., low light, high moisture) and biotic 

(e.g., consumption by invertebrates, bacteria, and fungi) pressures not present in tree 

canopies are the likely drivers of plant death on the ground (Nadkarni 1992, Matelson et 

al. 1993, Zotz and Hietz 2001). In our experiments, Tillandsia senesced when removed 

from host trees (Figure 3-5A) suggesting it is intolerant of temperature and light levels 

associated with the ground in the temporal and spatial context of our study, but survived 

for 2 months in the terrestrial environment if these specific physical stressors were 

relieved (Figure 3-5C). In other seasons, habitat types, or latitudes, we suspect that 

Tillandsia depends on host trees for refuge from a number of other stressors, such as 

high moisture, given that its trichomes flatten and block CO2 exchange when wet (Martin 

and Siedow 1981), nutrient limitation, since it acquires nutrients from tree leachates and 

atmospheric sources (Benzing 1990, Zotz and Hietz 2001), freezing temperatures, and 

fungal infestation (CA, personal observation). The broad conclusion here, that primary 

foundation species reduce multiple stressors to facilitate secondary foundation species, 

is consistent with other facilitation cascade studies (Altieri et al. 2007, Bishop et al. 

2012) and highlights the fundamental importance of primary foundation species: without 

their initial generation of habitat and modification of environmental conditions, most 



 

50 

other species are unable to establish and interactions among those species, including 

additional facilitation, fail to arise (Bruno and Bertness 2001, Silliman et al. 2011). 

Within oaks, we found that festoons not only increase the amount of structure 

(Figure 3-1), but also moderate two physical stressors, temperature and humidity 

(Figure 3-6). Relative to bare limbs, Tillandsia can also extend periods of significantly 

lower temperatures and higher humidity for 4-5 days longer after rainstorms, which 

occurred during a trial iButton deployment (CA, unpublished data), but not during the 

persistently dry 2012 monitoring period. Prior studies have shown that elevating 

temperatures only a few ºC can increase water loss from invertebrate larvae and pupae 

by an order of magnitude (Wigglesworth 1945); by inference, we suspect that the more 

favorable physical conditions within Tillandsia may be key to invertebrate survival. In 

fact, our results indicate isopods suffer higher mortality on drier, hotter un-colonized 

limbs compared to moister, cooler Tillandsia- colonized limbs. Although this simple 

experiment did not test specific mechanisms by which Tillandsia facilitates 

invertebrates, it did show that Tillandsia and oak limbs generate a higher quality habitat 

for isopods than oaks alone. Since many epiphytes, such as tank bromeliads or Bird’s 

Nest ferns, form large structures that modify moisture and temperature levels within 

trees (Nadkarni 1994, Ellwood and Foster 2004, Dial et al. 2006), we predict they also 

function as secondary foundation species and support novel species, life stages, and 

feeding guilds that require buffered environmental conditions. 

Our mesocosm experiment indicated Tillandsia also affects the strength of 

predator-prey interactions and thus ameliorates biotic stress. Given the relative size of 

spiders (larger) and juvenile crickets (smaller), we suspect that crickets maneuver 
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through the intricate structure of festoons more easily than spiders and therefore better 

escaped predation in Tillandsia-addition than –absent mesocosms (Persson 1995, 

Dijkstra et al. 2012). The outcome of this experiment could potentially be reversed if 

other predator or prey species were considered: Synema viridans, the green crab 

spider, for instance, is a cryptic ambush predator that is common within Tillandsia (CA, 

personal observation) and may catch prey more efficiently in festoons relative to bare 

limbs. The concentration of potential prey within Tillandsia also seemed to attract 

predators (e.g., up to 7 and 15 spider species and individuals, respectively, in a single 

festoon), which may further influence the frequency and outcome of predator-prey 

encounters (Crowder and Cooper 1982). Regardless of whether Tillandsia increases the 

relative success of a given predator or prey, our results support classic studies that 

identify habitat structure as a key factor controlling of species interaction strength (e.g., 

Crowder and Cooper 1982, Irlandi 1994, Persson 1995). Given that habitat structure is 

generated by foundation species that themselves evolve, grow, and interact with the 

environment and other species, as opposed to static non-living or generically labeled 

‘biogenic structure’, the relationship between habitat structure and species interaction 

strength is certainly more dynamic than often considered (Bruno and Bertness 2001). In 

our study system, for example, the architecture of oak limbs and morphology of 

Tillandsia festoons vary across savanna and forest ecotones and with plant age, 

features of this living habitat that likely elicit changes in both community composition 

and strength of species interactions. 
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Secondary Foundation Species as Drivers of Trophic Structure and Ecosystem 
Functioning 

Results from our removal experiment and latitudinal survey suggest that 

Tillandsia does more than simply increase the number of invertebrate individuals: 

instead, it facilitates a greater number of species, feeding guilds, and life stages across 

its range of overlap with oaks (Table 3-1, Table 3-2, Figure 3-7). Although patterns in 

community structure were similar between our experiment and all surveyed sites, 

inclusion of super-abundant, tiny organisms in our survey counts modified our initial 

perception of Tillandsia’s impact based on the experiment in two ways: since micro-

invertebrates form a large portion of Tillandsia- associated communities, we likely 

underestimated Tillandsia’s facilitative effects by only including macroscopic species, 

and since invertebrate density was ~100, rather than 20, greater on Tillandsia- limb 

plots, we likely overestimated differences in rarefied richness between plot types. In 

other words, our survey revealed that Tillandsia communities are larger, more species 

rich, and less even than measured in the experiment. In addition, Green Anole lizards 

(Anolis carolinensis, CA, personal observation), Cuban tree frogs (Osteopilus 

septentrionalis, PDR. Silliman, personal observation), and Northern Yellow bats 

(Lasiurus intermedius, C. Bland, unpublished data) are often found in festoons, hinting 

the impact of this facilitation cascade extends to larger organisms. Interestingly, 

folivores, which derive energy and nutrients from live plants, were rare in all of our 

samples, while detritivores, which assimilate resources from decomposing plants and 

transfer them to higher trophic levels, were common and abundant. Dominance of 

detritivores has been noted in many epiphyte studies (Nadkarni 1994, Ellwood and 

Foster 2004, Dial et al. 2006, Cruz-Angón et al. 2009) and may suggest that brown 
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(detritus-based), rather than green (plant-based), food webs mediate energy flow in 

systems with high epiphyte cover.  

Tillandsia also appears to function as a nursery. In the field, we often noted eggs, 

molts, and nests in festoons and, in our survey samples, 3,512 of the 3,515 juvenile 

invertebrates including spiderlings, cricket and cockroach nymphs, and larval ants, 

counted were from Tillandsia-present plots. Other facilitation cascade studies have 

documented higher densities of juveniles within secondary foundation species as well 

(Altieri et al. 2007, Bishop et al. 2012, Dijkstra et al. 2012). Intuitively, the concentration 

of early life stages within secondary species makes sense: these organisms are often 

susceptible to physical and biotic stress and therefore benefit from the large and small 

structural traits of primary and secondary foundation species that provide multiple levels 

of stress amelioration. For the past decade, whole-community facilitation by foundation 

species has been recognized (Bruno and Bertness 2001, Bruno et al. 2003, Whitham et 

al. 2006, Rowntree et al. 2011), and what our study and others on facilitation cascades 

contribute to this concept is the idea that secondary foundation species may 

complement and magnify the effects of primary species on trophic structure and key 

ecosystem functions, such as pollination, nutrient cycling, and pest control, by 

supporting particularly vulnerable species, life stages, and feeding guilds.  

Foundation Species-Biodiversity (FSB) Model 

To date, facilitation cascade studies have focused on examples where layering of 

secondary foundation species within primary foundation species powerfully enhances 

species abundance and diversity. In many systems where they occur, facilitation 

cascades may have less dramatic effects on some, or all, metrics of community 

structure, however, because the secondary foundation species negligibly, or to a lesser 
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extent, influences the amount of habitat that is available (e.g., they are uncommon or 

small) or generates habitat that is functionally redundant with that of the primary (e.g., 

they exhibit similar structural attributes). In the Foundation Species- Biodiversity (FSB) 

model (Figure 3-8), we integrate this context-dependence and hypothesize that the size 

and functional traits of secondary foundation species, as the key, intermediate links in 

facilitation cascades, control their relative impact on associated species abundance and 

diversity. 

Specifically, the FSB predicts that where secondary foundation species increase 

habitat availability, they provide the substrate and resources necessary to support the 

settlement, growth, and/or retention of more individuals of species that already occur in 

the community (“Type A”). A Type A facilitation cascade might occur, for example, 

where manatee grass (Syringodium filiforme) secondarily establishes within a meadow 

of structurally similar shoal grass (Halodule wrightii) in shallow marine environments 

and, in increasing shoot density, significantly enhances the abundance, but not 

richness, of resident invertebrates and fish. Likewise, the FSB predicts that where 

secondary foundation species exhibit functional traits (e.g., surface texture, crevice size, 

chemical composition) that are very different from those of the primary foundation 

species, their generation of novel refuges from physical (e.g., via shading, baffling wave 

or wind stress, stabilizing humidity, providing hard substrate) or biotic (e.g., via forming 

smaller or differently-shaped crevices for prey) stressors facilitates the settlement and 

retention of new species, life stages, and feeding guilds (“Type B”). An example of a 

Type B facilitation cascade might occur where pen shells (Atrina rigida) settle sparsely 

within turtle grass (Thalassia testidinum) monocultures and, in providing stable 



 

55 

substrate for sessile invertebrates and complex shelter for egg-laying fish, enhance the 

species, life stage, and functional diversity of the resident community but do not 

significantly alter the number of individuals. In following, where secondary foundation 

species increase habitat availability and exhibit functional traits different from those of 

the primary foundation species, like Tillandsia within trees (this study), mussel beds 

within cordgrass (Altieri et al. 2007), or algae and oysters layered on mangroves 

(Bishop et al. 2012), they are predicted to increase both abundance and diversity (“Type 

C”). Alternatively, where secondary foundation species do not considerably increase 

habitat availability or functional trait diversity (bottom left, Figure 3-8A), like encrusting 

lichens on trees, the FSB predicts that although they will increase species abundance 

and diversity some, their facilitative effects will be small relative to those of the primary 

foundation species. Finally, this model may also be used to predict changes in 

community size and diversity over time and across environmental stress gradients as 

secondary foundation species grow or modify their functional traits in response to local 

conditions. 

In the future, experiments that manipulate the size and trait diversity of 

foundation species and use informative metrics to assess community responses are 

necessary to test whether the FSB predictions about where foundation species have 

maximal effects on biodiversity are indeed correct. Along with empirical studies, efforts 

to incorporate the powerful effects of foundation species into food web and meta-

community models will be essential in determining the mechanisms that cause 

community structure within foundation species to change over space and time. In 

closing, advancing our understanding of interactions among foundation species and 
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context dependency in facilitation cascades is an exciting frontier for ecological 

research and theory, with important implications for conservation. 
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Table 3-1.  Invertebrate response to Tillandsia. Summary of invertebrate community 
response to Tillandsia presence or removal. Data are shown as the mean (standard 
error) for 15 replicates per treatment.  

Response  
(per m3 plot) 

Tillandsia treatment 

F1,14 P-value 
Present 

Mean (SE) 
Removed 
Mean (SE) 

# Individuals 22.5 (4.7) 1.1 (0.3) 20.7 0.0005 

# Juveniles 6.1 (1.1) 0.1 (0.1) 30.7 <0.0001 

% Juvenile 30 (4.2) 2.2 (2.2) 57.8 <0.0001 

Species richness 5.9 (0.5) 0.7 (0.2) 100.7 <0.0001 

Species H’ diversity 0.58 (0.05) 0.05 (0.03) 78.1 <0.0001 

Feeding guild richness 3.5 (0.2) 0.7 (0.2) 125.7 <0.0001 

Feeding guild H’ diversity 0.38 (0.03) 0.03 (0.02) 64.4 < 0.0001 

Rarefied species richness* 5.9 (0.5) 0.7 (0.2) NA 0.01 

Rarefied feeding guild rich.* 3.5 (0.2) 0.7 (0.2) NA 0.01 

* Mean, standard error, and p-value are based on 99 randomizations of Tillandsia-
present and –removed plot communities conducted in R. 
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Table 3-2.  Effects of Tillandsia across latitudes. Results from nested Analyses of 
Variance testing for the effect of Site and Tillandsia Presence within Site on 
six metrics of invertebrate community structure. 

 

Response  Site Tillandsia Presence [Site]  

(per m3 plot) F 5,59 P-value F6,59 P-value 

# Individuals 3.7 0.056 33.57 <0.0001 

# Juveniles 0.84 0.53 66.33 <0.0001 

Species richness 3.97 0.0036 47.54 <0.0001 

Species H’ 
diversity 0.89 0.49 6.13 <0.0001 

Feed. guild 
richness 2.99 0.02 22.03 <0.0001 

Feeding guild H’ 0.77 0.57 3.43 0.0057 

 

Table 3-3.  Results from latitudinal survey rarefaction analyses. Results from 
randomization tests performed for each site assessing the effect of Tillandsia 
Presence on rarefied species and feeding guild richness. 

Response variable 
Tillandsia Presence 

(P-value from randomization test) 

 FL1 FL2 GA SC1 SC2 NC 

Rarefied Species  Rich.. 0.01 0.02 0.01 0.01 0.01 0.01 

Rarefied Feed. Guild. Rich. 0.07 0.01 0.04 0.01 0.01 0.01 
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Figure 3-1.  Live oak draped with Spanish moss. A potential example of a facilitation 
cascade is Quercus virginiana, Southern live oak, laden with Tillandsia 
usneoides, Spanish moss, in southeastern US coastal savannas. 
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Figure 3-2.  Method for scoring Tillandsia transplant survival. A) Transplants were first 
immersed in a bucket of fresh water, B) gently shaken to remove excess 
water, and then visually scored for the percent of transplant exhibiting C) 
dead, brown tissue and D) live, green tissue. 
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Figure 3-3.  Live oak and experimental shade mimic effects on light. Light level, 
expressed as Photosynthetically Active Radiation, in Bahia savannas (grass) 
and A) beneath adjacent oaks and B) in experimental control light and shade 
plots. Data are mean ± standard error.  
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Figure 3-4.  Design and environmental effects of experimental mesocosms. Mesocosms 
were stocked with either A) oak limb sections only or B) Tillandsia festoons 
draped over oak limb sections used to test whether Tillandsia influences 
invertebrate (isopod) survivorship within oaks in the absence of spider 
predators. Mean daytime temperature C) and mean daytime humidity D) in 
oak only (black) and oak + Tillandsia (grey) treatment mesocosms over the 7-
day experiment. Data are shown as the mean +/- standard error for 3 
replicate mesocosms per treatment. 
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Figure 3-5  Mechanisms of oak facilitation of Tillandsia. Summary of two experiments 
testing the presence and mechanisms underlying oak facilitation of Tillandsia. 
Effect of oak presence (a), meaning Tillandsia festoons were positioned on 
limbs (oak limb control and procedural control), and oak limb removal, 
meaning festoons were positioned on the ground, on survival at two sites. 
Effect of shade and elevation treatments on Tillandsia transplant mean 
daytime temperature (b) and survival (c), shown on a log-scale, over the 2010 
study period. Data are shown as mean +/- SE in a and c. Arrow in c denotes 
when transplants reached 0% survival. 
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Figure 3-6.  Tillandsia effects on canopy temperature and humidity. Difference in A) 
mean temperature, B )relative humidity, and C) the coefficient of variation in 
relative humidity between Tillandsia-colonized and un-colonized limbs in two 
oaks. Points positioned below the dashed zero line denote days where mean 
temperature or humidity levels were lower and humidity more stable (i.e., less 
variable) on Tillandsia-colonized limbs relative to paired un-colonized limbs. 
Data summarized as the mean difference +/- SE in daytime mean for 3 
replicate iButton pairs per oak. 
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Figure 3-7  Oak-Tillandsia facilitation cascades across latitude. Oak-Tillandsia 
facilitation cascades across latitude. Invertebrate A) total density, B) juvenile 
density, C) species richness, D) Shannon- Wiener H’, E) number of feeding 
guilds, F) feeding guild H’, G) rarefied species richness, and H) rarefied 
feeding guild richness on Tillandsia- colonized (black) vs. un-colonized (white) 
1-m3 live oak limb plots at 6 sites listed by state on the x-axis. Data are shown 
as mean +/- SE. Note log-scale in A and B. Adjacent table reports results 
from ANOVA and randomization tests. 
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Figure 3-8.  The Foundation Species- Biodiversity model. A) The Foundation Species- 

Biodiversity model and B) visual diagram of the three types of facilitation 
cascades it predicts. Where secondary foundation species increase habitat 
availability within a primary foundation species, we predict they enhance 
abundance (Type A); where secondary foundation species exhibit functional 
traits different from those of the primary foundation species, we predict they 
enhance diversity (Type B), and where they both increase habitat availability 
and exhibit different functional traits, they enhance abundance and diversity 
(Type C). Abundance and diversity increases are relative to communities 
associated with a primary foundation species alone. Primary foundation 
species (tree) may directly facilitate communities, as shown in the left panel, 
or interact with secondary foundation species (fern) to indirectly facilitate 
communities in a Type A, B, or C facilitation cascade (middle and right 
panels). The number of fern icons represents the relative increase in habitat 
availability generated by the secondary foundation species (many ferns= 
large increase, one fern= little increase), and the color of fern icons denote 
whether they exhibit similar (black like the tree) or different (green) functional 
traits than the primary. Invertebrate icons refer to feeding guilds; node size 
represents abundance; and lines connecting nodes indicate species 
interactions.  
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CHAPTER 4 
SECONDARY FOUNDATION SPECIES GENERATE HOTSPOTS OF 

MULTIFUNCTIONALITY IN A COASTAL ECOSYSTEM 

Introduction 

Biodiversity can be a key driver of ecosystem functioning and where ecologically 

diverse organisms co-occur, multiple functions, such as net primary production, 

decomposition and water flow, may be maximized simultaneously (Hector and Bagchi 

2007, Gamfeldt et al. 2008). While decades of research has focused on how man-made 

or experimental gradients in diversity affect ecosystem functions (e.g., Zavaleta et al. 

2010, Hooper et al. 2012, Pasari et al. 2013), relatively little work has focused on the 

drivers of natural variation in diversity and how these natural gradients in diversity then 

affect ecosystem functioning. Along with physical factors, such as disturbance (Connell 

1978, Sousa 1984, Hughes et al. 2007) and resource availability (Bobbink et al. 2010), 

species interactions can also shape diversity patterns within landscapes, for instance by 

ameliorating environmental stress. Such facilitative interactions are perhaps most 

notable where foundation species (sensu Dayton 1972), such as forest-forming conifers 

and reef-building corals, provide shelter for many other organisms (Bruno and Bertness 

2001, Brooker et al. 2008, Silliman et al. 2011). Secondary (dependent) foundation 

species can be among the organisms facilitated by foundation species and can further 

enhance diversity through the creation of more, complex habitat (Yakovis et al. 2008b, 

Bishop et al. 2012). A positive direct interaction among foundation species that gives 

rise to an indirect facilitation of diversity has been coined a ‘facilitation cascade’ (Altieri 

et al. 2007) and been documented in many ecosystems (Angelini et al. 2011, Thomsen 

et al. 2013). Despite the links between facilitation cascades and diversity and, in turn, 

between diversity and ecosystem functioning, ecologists have yet to integrate these 
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complementary fields and test whether secondary foundation species, as the key 

intermediate link in facilitation cascades, augment diversity and multiple ecosystem 

functions at either the patch- or larger landscape- scale. 

Within landscapes (scale: 100s of m2) structured by primary (dominant) 

foundation species, the density of secondary foundation species within a patch (scale: ≤ 

1m2)  is predicted to be positively correlated with ecological diversity (The Foundation 

Species-Biodiversity hypothesis, Angelini and Silliman 2014). While it is intuitive that as 

a secondary foundation species provides more habitat structure it will support a higher 

number and diversity of organisms, few studies have conducted gradient experiments to 

evaluate the functional form of the relationship between secondary foundation species’ 

density and the diversity of associated species (Bishop et al. 2012, Byers et al. 2012). 

Distinguishing whether habitat generation by a secondary foundation species elicits a 

linear, saturating, or exponential increase in diversity, for example, can provide insight 

to the mechanisms that control the settlement of other organisms (e.g. habitat 

availability, intraspecific competition or facilitation) and help pinpoint which patches are 

most likely to support high diversity within and across landscapes. Through their own 

activities and those of the organisms they support, secondary foundation species are 

also almost certain to modify multiple ecosystem functions (Angelini and Silliman 2014).  

Yet, how density of secondary foundation species regulates individual ecosystem 

functions and multifunctionality - the simultaneous consideration of multiple functions 

(Gamfeldt et al. 2008, Byrnes et al. 2014) - within a patch is unknown. Finally, the 

effects of secondary foundation species at larger spatial scales larger than a patch has 

not been measured - a step that is necessary to test if variation in the distribution of 
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secondary foundation species can drive measureable differences in diversity and 

ecosystem functioning at landscape levels. Improving our understanding of how much 

secondary foundation species regulate diversity and ecosystem functioning on larger 

spatial scales will provide much-needed perspective on the ecological significance of 

facilitation cascades, a relatively new concept (Altieri et al. 2007), and insight to the 

potential efficacy of conservation strategies that integrate secondary foundation species 

into management plans (Angelini et al. 2011). 

Salt marshes are highly productive grasslands that form in temperate, wave-

protected, intertidal environments and provide a useful system for investigating the links 

between secondary foundation species, diversity, and ecosystem functioning. In the 

southeastern Atlantic coast of United States, Spartina alterniflora (smooth cordgrass, 

hereafter cordgrass) generates much of the three dimensional structure of salt marshes 

and plays a key role in sustaining a number of the services that this ecosystem is 

valued for including shoreline protection, nutrient filtration, and nursery habitat provision 

(Barbier et al. 2011). Embedded in the mud around cordgrass stems, the ribbed mussel, 

Geukensia demissa (hereafter mussels) occurs as solitary individuals and in clumped 

aggregations of up to ~80 individuals in higher elevation marsh platforms. On these 

expansive marsh platforms that comprise up to ~30% of the total area of salt marsh 

(Schalles et al. 2013), the surface is flooded only briefly by the tides and the 

temperature of exposed mud can exceed 46°C at the marsh surface (C. Angelini, 

unpublished data), levels well above the thermal limit of mussels (Jost and Helmuth 

2007, Altieri et al. 2007, Appendix A).  Experimental field studies during summer months 

have shown that long-term mussel survival on these marsh platforms is dependent on 



 

70 

shade provided by cordgrass’ canopy, as nearly all mussels die in the absence of marsh 

grass stems (Altieri et al. 2007, Appendix A)  Within cordgrass monocultures, our 

observations indicate that mussels function as secondary foundation species as they 

both are dependent on a facilitation by a primary foundation species (Altieri et al. 2007, 

Appendix A) and independently facilitate a number of resident macro-invertebrates (i.e. 

those that do not migrate with the tides), including a diversity of burrowing crabs (CA 

and JNG, personal observation).  

In this study, we experimentally created replicate mussel aggregations spanning 

the natural density range of aggregation size observed in marsh platforms and 

quantified responses of five invertebrate functional groups, seven ecosystem functions, 

and two distinct multifunctionality indices (Gamfeldt et al. 2008, Byrnes et al. 2014). We 

hypothesized that increasing mussel density would generally increase diversity, 

individual ecosystem functions, and multifunctionality. Furthermore, we hypothesized 

that diversity would be positively related to multifunctionality due to differences among 

invertebrate functional groups in activities performed. To gain insight to the mechanisms 

by which mussel density may control diversity and ecosystem functioning, we used 

model selection techniques to identify the functional form of each relationship (Cardinale 

et al. 2011). Finally, we used information from mussel aggregation surveys and our 

patch-scale experiment to begin to estimate how much mussels affect invertebrate 

diversity and salt march ecosystem functioning at larger landscape scales. 

Methods 

Study System 

We performed this research within the Sapelo Island National Estuarine 

Research Reserve on Sapelo Island, Georgia (31°24'26"N, 81°17'24"W), a barrier 
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island embedded an expansive network of salt marshes that spans the mouth of the 

Altamaha River estuary. On Sapelo Island, we conducted the field experiment and 

mussel distribution surveys in marsh platforms, relatively flat expanses of salt marsh 

that are dominated by cordgrass monocultures whose canopy reaches ~ 50cm in height 

by the end of the growing season in early fall (Pennings et al. 2005, Schalles et al. 

2013). In these marsh platforms, mussels exhibit a widespread distribution and occur in 

aggregations that vary in mussel density, from 1 to ~100 individuals. The distribution of 

cordgrass, mussels, and resident macro-invertebrates at our field sites are typical of 

marsh platforms throughout the southeastern US (CA, unpublished data). 

Density-Dependent Effects of Mussels on Biodiversity and Multiple Ecosystem 
Functions: an Experiment 

Prior to setting up our experiment to test the effects of mussel aggregate density 

on invertebrate diversity and ecosystem functioning, we first needed to characterize the 

range of densities with which mussels naturally aggregate in marsh platforms. To do so, 

we haphazardly identified 17 mussel aggregations that captured the range of sizes 

observed within 50m × 50m areas at each of two marsh platform sites (hereafter, sites 1 

and 2), extracted each aggregation, and then counted and measured every mussel 

retained in a 0.5cm sieve over which aggregations were washed. Natural aggregations 

contained between 1-34 and 1-82 individual mussels, which were 5.7 ± 2.2 and 7.2 ± 

2.9cm (mean ± standard deviation) in length at sites 1 and 2, respectively (see 

Appendix B for additional data).  

At site 1, we then marked 24 plots, positioned >1.5m apart, in a monoculture of 

cordgrass. Plots were cleared of resident mussels in April 2012 and randomly assigned 

one mussel density treatment (0, 1, 3, 5, 10, 20, 40, or 80 mussels, with density levels 
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based on our natural range of mussels per aggregation, n= 3 replicates per treatment). 

We then transplanted the appropriate number of mussels (length: 50-80mm) collected 

from a nearby marsh platform in a cluster to mimic natural aggregations in each plot. 

Three dead mussels were replaced on day seven of the experiment, after which 

aggregations were left undisturbed until the following summer. In August 2013, we used 

the following methods to quantify the effect of mussel density on five invertebrate 

functional groups, seven ecosystem functions, and two measures that integrate the 

responses of all seven functions - the average multifunctionality index and threshold 

index (Byrnes et al. 2014) - in 0.5m × 0.5m plots centered on each experimental 

treatment. The plot area encompassed all 80 mussels transplanted in our largest 

aggregations. 

Invertebrate Functional Group Diversity 

To assess the effect of mussel density on diversity, we counted every macro-

invertebrate in each plot. We classified invertebrates using five functional groups (mud 

crabs, marsh crabs, adult fiddler crabs, juvenile fiddler crabs, and snails) rather than 

taxonomic species to account both for functional redundancy between species (e.g. 

since Eurythium limosum and Panopeus obesus are generalist predators that excavate 

similarly-sized burrows, we counted both as mud crabs) and functional disparity 

between life stages of the same species (e.g. since adult fiddler crabs excavate burrows 

that are 10× wider and deeper than those excavated by juvenile fiddler crabs, we 

counted them separately). At this field site, burrow densities correspond closely to crab 

densities [0.95 mud crabs per burrow -JNG unpublished data, 1.2 marsh crabs 

(Sesarma reticulatum) per burrow- S. van Montfrans unpublished data, 0.85 adult and 

0.94 juvenile mud fiddler crabs (Uca pugnax) per burrow, CA unpublished data), so we 
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counted burrows as a non-destructive measure of each crab functional group. Snails 

were counted on the marsh surface and cordgrass canopy. From the invertebrate 

counts, we calculated functional group richness and the effective number of functional 

groups, D (MacArthur 1965), by taking the exponent of the Shannon H’ index (Jost 

2006). We report D, as opposed to H’ or another indices that measure diversity on non-

linear scales, because it provides a simple, interpretable, and general measure of 

diversity: if D=2 in plot A and D=3 in plot B, for instance, we can conclude that there are 

2 and 3 equally-common functional groups in plots A and B, respectively, and that plot B 

is 1.5-times more diverse than plot A (Jost 2006).   

Invertebrate biomass  

We assessed invertebrate biomass, a measure of secondary marsh productivity, 

in each plot by collecting a random sample of 20 mud crabs, 20 marsh crabs, 20 adult 

and 20 juvenile fiddler crabs, and 20 snails at the site of our experiment. Each 

invertebrate was dried in a 60°C oven for 48 hours and weighed. We then calculated 

invertebrate biomass by multiplying the density of each functional group by the 

respective average biomass per individual, and summing these values across all 

functional groups in each plot.  

Soil accretion 

We measured soil accretion, the vertical accumulation of settled, but not yet root-

bound, soil, by inserting a 3mm diameter rod perpendicularly into the marsh until it 

made contact with the rigid root mat (Smith and Frey 1985). We recorded the unbound 

soil depth at five haphazardly chosen locations per plot in October 2013 and averaged 

these values to generate integrative measure of the extent to which soil accreted on the 
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marsh surface over the duration of the experiment. Additional data on the short-term soil 

deposition rate is provided in Appendix C.  

Decomposition  

We quantified decomposition, a key process in nutrient cycling, using bait lamina 

tests (Terra Protecta, Berlin, Germany). In August 2013, we haphazardly inserted 3 bait 

strips to a depth of 12cm in each plot, collected them after 48 hours, and counted the 

number of baits that were decomposed out of the 16 baits per strip (Simpson et al. 

2012). Supplemental methods used to measure decomposition and results are provided 

in Appendix D. 

Infiltration rate 

We measured infiltration, the rate with which water percolates through marsh 

soils, by securing a 12cm diameter double-ring infiltrometer to the marsh surface, filling 

it with two liters of creek water four hours after high tide, and recording the time required 

for the water to drain (Hensel and Silliman 2013). Infiltration is a critical function of salt 

marshes that prevents the development of water-logged, anoxic soils which limit primary 

and secondary production (Mendelssohn and Seneca 1980) and promotes the uptake 

and filtration of nutrients from terrestrial and estuarine water sources (Hemond and 

Nuttle 1984, Harvey and Nuttle 1995).   

Benthic algae biomass 

We quantified the density of benthic algae, a major component of salt marsh 

primary production and a dominant resource consumed by fiddler crabs and snails 

(Miller et al. 1996), on the surface of the marsh using a hand-held fluorometer (Bentho-

torch, bbe Moldaenke GmbH, Germany). On each of three consecutive sunny days, we 
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recorded three readings (µg diatoms + µg cyanobacteria per cm2) per plot, which we 

then averaged to derive one integrated measure of benthic algae biomass. 

Aboveground cordgrass biomass  

We harvested, rinsed, dried in a 60°C oven for 48 hours, and weighed all live 

stems located within plot boundaries in October 2013 to quantify aboveground 

cordgrass biomass. Standing plant biomass, is commonly used as a proxy for primary 

production and is a function that mediates carbon sequestration and wave attenuation, 

two of the key ecosystem services provided by salt marshes (Barbier et al. 2011). 

Belowground cordgrass biomass  

We used a 4.5-cm diameter corer to extract 5 replicate belowground biomass 

samples from each plot. Replicate cores within plots were pooled before roots and 

rhizomes were rinsed over 0.5mm sieves, collected, dried in a 60°C oven for 48 hours, 

and weighed. We assayed belowground cordgrass biomass because this function also 

contributes to regulating carbon sequestration in salt marshes.   

Multifunctionality  

To distinguish whether mussel density broadly enhances multiple ecosystem 

functions to increase multifunctionality or possibly increases some functions at the cost 

of others, we calculated the average multifunctionality and multiple threshold indices 

described in Byrnes et al. 2014. To calculate the former, we standardized each function 

to the same scale by dividing the value of each function measured in each plot by the 

average of the four highest values measured for that function across all plots and then 

averaged together all seven standardized function values to derive an ‘average % of 

maximum functioning’ value for each plot. We assume that the high values of each of 

our functions indicate a high level of functioning; for example, high soil accretion 
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denotes a high level of performance for this function. The average multifunctionality 

index can be interpreted as the average level of all seven functions. Because one 

cannot interpret whether all functions are being performed simultaneously at a high level 

as functions that are performed at low levels can be ‘averaged out’ by those performed 

at high levels using this index, we also tallied the number of functions, at their 

standardized function value, in each plot that surpassed each of five threshold levels: 

10, 30, 50, 70, and 90% of maximum functioning. The resulting, multiple threshold index 

scores, which range from 0 to all 7 functions, can be interpreted simply as the number 

of functions performed above a given threshold level in a plot (Zavaleta et al. 2010, 

Byrnes et al. 2014).  

Analyses  

Using generalized linear models (glm) and non-linear least squares (nls) models, 

we fit null (Yi= a), linear (Yi = a + bM), log [Yi = a + b*log(M+1)],  power (Yi = a + cMz), 

and hyperbolic [Yi = aM/(b+M)] relationships between the number of mussels added (M) 

and each functional group and ecosystem function response variable (Yi) and selected 

the best-fitting model using Akaike’s Information Criterion corrected for low sample size, 

AICc (Burnham and Anderson 2002). We investigated each of these models because 

the mechanism by which mussels most strongly influence a specific response variable 

may be inferred from the functional form of that variable’s best-fit model: a linear model 

suggests a response variable is controlled by mussel density, a log model by an effect 

of mussel density that diminishes as aggregations get larger, a power model by 

processes that scale proportionally with mussel density, such as those that may be 

controlled by the area of an aggregation which scales to the z= 0.6 power with mussel 

density (see below), and a hyperbolic model by the maximum carrying capacity of a 
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plot. Model fits, AICc values, and AICc weights for invertebrate and ecosystem function 

response variables are reported in Appendices 5 and 6, respectively. For response 

variables in which the best-fit model was linear or log, we report the significance of 

Mussel Treatment as the probability (P) of obtaining the slope value, b, given that the 

null hypothesis (that b equals zero) is true. For response variables in which the best fit 

model is a power or hyperbolic, we report the significance of Mussel Treatment as the 

probability (P) of obtaining the slope (c) and exponent (z), or asymptote (d) and half-

maximum value (k), value given that the null hypothesis (that each parameter equals 

zero) is true. Analyses were conducted in R version 3.0.2 (R Core Development Team 

2012) and model comparisons were conducted using the AICcmodavg package 

(Mazerolle 2013).   

Effect of Mussels on Biodiversity, in turn, on Multifunctionality   

To summarize these results, we investigated the functional form and significance 

of the relationships between mussel density and the effective number of functional 

groups, D, and between D and average multifunctionality index using the model 

selection approach just described. The effect of D on average multifunctionality must be 

interpreted with caution however: since D is not independent of mussel density, we 

cannot discern the relative importance of D versus mussels in driving the observed 

correlation. Nevertheless, we conducted these analyses to explore whether mussels 

might indirectly regulate multifunctionality through their direct effects on invertebrate 

diversity and how closely variation in multifunctionality was related to differences in 

diversity across our experimental plots. 



 

78 

Landscape-Level Effects of Mussel Aggregations on Biodiversity and 
Multifunctionality: a Survey 

To gauge whether mussels enhance biodiversity and ecosystem functioning at 

larger spatial scales, we extrapolated our experimental, patch-scale results to the marsh 

landscape. Specifically, we used a GPS (Trimble R6 GNSS, Sunnyvale, CA) to map 

and measure the area of every mussel aggregation found within a 10m × 50m marsh 

platform plot at sites 1 and 2 (see Study System). We then estimated the number of 

mussels (M) in each aggregation using the following equations: M = 70.34 × A0.67 (site 

1) and M= 86.89 × A0.53 (site 2), where M is the number of mussels and A is the 

aggregation area in m2 (see Appendix B). Next, we divided each 500-m2 surveyed area 

into 2000, 0.5m × 0.5m cells, the area of our experimental plots, which we ‘occupied’ 

with a mussel aggregation recorded in our survey or left ‘unoccupied’ with 0 mussels. 

We then used the best-fit model equations from our experiment (Table 4-1) to estimate 

the density of each invertebrate functional group and level of each ecosystem function 

in each cell and summed each invertebrate and function metric across all mussel-

occupied cells (Xi,Mussels) and unoccupied (Xi, No Mussels) cell values. Finally, we estimated 

the contribution of mussel-occupied cells (Zi) to supporting the total number of each 

invertebrate functional group and the total production of each ecosystem function 

across the surveyed area as: Zi = 100 × [Xi,Mussels/ (Xi, No Mussels + Xi,Mussels)].  

Results 

As mussel aggregations increased in size, the diversity of resident invertebrates 

and abundance of three of the five functional groups increased at the patch scale 

(Figure 4-1 A-G). Specifically, mud crab density and functional group richness both 

increased as a log function, marsh crab density as a power (z= 0.83) function, and 
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juvenile fiddler crab density as a linear function of mussel density (Table 4-1). Mud, 

marsh, and juvenile fiddler crabs were absent or rare in 0-mussel plots and highly 

concentrated in large mussel aggregations. In contrast, adult fiddler crabs were more 

abundant in plots with 0 or few mussels than in larger aggregations and snails were 

distributed evenly across our experimental plots.  

Along with the pronounced variation among experimental treatments in 

invertebrate composition and density, five of the seven ecosystem functions also varied 

significantly as a function of mussel density. While, invertebrate biomass, 

decomposition and water infiltration increased as a linear function of mussel density, 

soil accretion and aboveground Spartina biomass increased as a log function of mussel 

density (Figure 4-1, Table 4-1). Belowground Spartina biomass and benthic algae 

biomass, in contrast, did not vary significantly across experimental plots. Average 

multifunctionality, an integrative measure of all seven ecosystem functions, nearly 

doubled from 0-mussel to 80-mussel plots (44.5 versus 81% of maximum functioning, 

respectively, Figure 4-1N) and increased as a power function (z=0.64) with increasing 

mussel density. Likewise, as mussel density increased, so did the number of functions 

being performed above 10, 30, 50, 70, and 90% of maximum functioning thresholds. 

Threshold level affected the shape of the relationship between the number of mussels 

added and the number of functions performed above or equal to the threshold: while the 

number of functions performed above most thresholds (10, 50, and 70%) increased as a 

linear function of mussel density, it increased as a log-function at the 30% threshold and 

power function (z=2.62) function at the 90% threshold (Figure 4-1O, see Appendix E for 

model comparisons and best fit model equations).  
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In addition, we found that mussel density drove a significant linear increase in the 

effective number of functional groups D, a measure of diversity (R2=0.72, P<0.0001, 

Figure 4-2, Table 4-1, Appendix E).  In turn, D was significantly, positively, and linearly 

correlated with average multifunctionality (R2=0.60, P <0.0001, Figure 4-2G).  

At sites 1 and 2, we observed 111 and 142 mussel aggregations, which 

collectively occupied 6.3 and 4.3m2, or 0.8% and 1.3%, of the 500-m2 of salt marsh 

platforms surveyed, respectively. Based on the total number and size frequency 

distribution (Appendix F) of mussel aggregations, we estimate that mussel aggregations 

at sites 1 and 2, respectively support 100% and 100% of mud crabs, 100% and 100% of 

marsh crabs, and 11% and 19% of juvenile fiddler crabs, but less than 7% of large 

fiddler crabs and snails that inhabit the marsh platform (Figure 4-3). Likewise, we 

estimate that mussel aggregations produced 23% and 30% of overall soil accretion and 

98% and 99% of the infiltration functioning at the landscape scale (Figure 4-3). In 

contrast to their disproportionately large contribution to soil accretion and infiltration 

functions, mussel aggregations had more subtle effects (≤ 11%) on the total 

decomposition, invertebrate biomass, above and belowground Spartina biomass, and 

benthic algae biomass functions on a landscape scale. 

Discussion 

Our field experiment revealed that as mussel aggregations increase in size, they 

become ‘hotspots’ for multiple, distinct ecosystem functions. Given that many of these 

ecosystem functions can be linked to the activities of the resident invertebrates that 

significantly increase in density in the presence of mussels, our data suggest that a key 

mechanism by which secondary foundation species increase multifunctionality as they 

increase in density is through their facilitation of a more abundant and diverse 
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assemblage of associated species. In addition to enhancing diversity and ecosystem 

functioning at the patch scale, we found that although mussel aggregations occupy a 

small fraction of the marsh platform landscape, they support much of the resident crab 

predator population, maintain key water drainage channels, and contribute substantially 

to the vertical accretion of salt marshes through their extraction and deposition of 

suspended sediment. Collectively, these findings indicate that the abundance and 

density distribution of secondary foundation species can be important, but currently 

underappreciated, drivers of variation in diversity and functioning within and among 

landscapes.  

Density-Dependent Effects of Mussels on Invertebrate Diversity and Ecosystem 
Functions 

 The results of our experiment are consistent with other facilitation studies that 

document pronounced changes in ecological diversity where primary foundation species 

facilitate secondary foundation species (Altieri et al. 2007, Yakovis et al. 2008b, Bishop 

et al. 2012, Angelini and Silliman 2014). In our salt marsh system, mussels are effective 

secondary foundation species that enhance cordgrass habitat complexity in three 

obvious ways: their shells which provide hard substrate, their pseudofeces which create 

a soft layer of sediment (Smith and Frey 1985), and their deposition of nutrients that 

stimulates cordgrass growth (Bertness 1984). As mussel aggregations increase in size, 

we observed concomitant increases in the number of mud crabs that use shells for 

burrow support and protection (Silliman et al. 2004), juvenile fiddler crabs that appear 

dependent on soft pseudofeces layer where strong appendages are not required to 

excavate burrows, and marsh crabs that tend to concentrate within lush patches of 

cordgrass where the mud remains cool and moist (MJS Hensel, personal 
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communication). Interestingly, mud, juvenile fiddler, and marsh crab density increased 

as log, linear, and power functions of mussel density, respectively, suggesting different 

mechanisms control the settlement and retention of these ecologically-distinct functional 

groups at this scale (Silliman et al. 2004). In contrast to these crabs that associate 

strongly with mussels, adult fiddler crabs occurred at higher densities in plots with 0- 

mussels, indicating the benefits this species gains by inhabiting mussel aggregations at 

juvenile life stages become offset by costs, such as higher mud crab predation risk, as 

they mature. Snails, a species that may balance competition with adult fiddler crabs for 

benthic algae food outside of aggregations (Currin et al. 1995) with risk of predation by 

mud and marsh crabs on aggregations (Silliman et al. 2004, Soomdat et al. 2014), were 

similarly abundant throughout the marsh platform. In the absence of experiments testing 

the relative importance of food availability, predation, and other factors, the specific 

mechanisms underpinning the diverse responses of different invertebrate functional 

groups to increasing mussel density we observed remain speculative and a topic for 

further study.  

Regardless of the precise drivers, invertebrate communities were less abundant 

and diverse in plots structured by cordgrass alone than by both cordgrass and many 

mussels (Figure 4-1A-F, Figure 4-2). Coincident with the increasing concentration of 

invertebrates, five ecosystem functions and multifunctionality also increased as the size 

of mussel aggregations increased. Invertebrate biomass, decomposition, soil accretion, 

infiltration, and aboveground cordgrass biomass functions achieved maximum levels on 

the largest, 80-mussel aggregations, responses likely to be driven at least in part by: 

improved invertebrate growth and survival due to enhanced bottom-up (e.g. food quality 
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and/or quantity) and reduced top-down control (e.g. blue crab, redfish, and raccoon 

predation) mediated by higher mussel habitat complexity (Currin et al. 1995, Silliman et 

al. 2004), enhanced oxygen penetration due to the proliferation of juvenile fiddler crab 

burrows (Bertness 1984), increased sediment accumulation due to persistent mussel 

deposition of pseudofeces (Smith and Frey 1985), expanded channels for water flow 

due to mud and marsh crab excavation of deep, wide burrows (Hensel and Silliman 

2013), and elevated nutrient availability due to invertebrate excretion of waste and 

stimulation of microbial activity (Bertness 1984, 1985), respectively. Similar to the 

response of invertebrate functional groups, some ecosystem functions increased as a 

linear function, others as a log function, and average multifunctionality as a power 

function of mussel density (Table 4-1, Figure 4-1). This result suggests mussels, within 

the range of densities we tested, stimulate different ecosystem functions by different 

mechanisms. Soil accretion, for example, may have increased as a log-function of 

mussel density because individual mussels produce relatively less pseudofeces as 

aggregations grow larger due to increased competition for filtrate, while invertebrate 

biomass increased as a linear function of mussels because individual mussels add a 

consistent amount of habitat structure, regardless of aggregation size, to support 

resident invertebrates. 

Belowground cordgrass biomass and benthic algae biomass, in contrast, did not 

vary with mussel density. From our methods for measuring these two functions, we 

cannot determine if the rate of production of roots and benthic algae varied across our 

plots, but was undetectable due to high decomposition. Our bait lamina tests indicated 

that decomposition increases with mussel density (Figure 4-2H), however, suggesting 
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that if our results misrepresent how much root material or benthic algae were produced, 

they likely underestimate these functions more in treatments with many mussels than 

those with few or none. Bearing in mind these methodological concerns, the positive 

response of five of the seven ecosystem functions and both multifunctionality indices to 

increasing mussel density reveals that the presence of this secondary foundation 

species broadly promotes multiple functions through their own activities and facilitation 

of other, ecologically diverse invertebrates.  

Collectively, our field experiment shows that mussels attract and support 

ecologically diverse communities within landscapes structured by cordgrass, and, in 

doing so, boost salt marsh multifunctionality on patch scales (Figure 4-2). This intuitive 

finding bridges two complementary and active fields in ecology: one focused on whole 

community, or food web, facilitation by foundation species (Bruno and Bertness 2001, 

Stachowicz 2001, Bruno et al. 2003, Baiser et al. 2013) and a second on biodiversity 

effects on ecosystem functioning (see Cardinale et al. 2012, Hooper et al. 2012 for 

reviews). To further integrate these fields, additional research is needed that untangles 

the independent and interactive effects of foundation species and the ecologically 

diverse communities they support on ecosystem functioning and explores the generality 

of our results in other systems.  

The Importance of Mussels as Drivers of Diversity and Multifunctionality at 
Landscape Scales 

In using mussel distribution surveys to extrapolate our experimental results, we 

estimate that mussels support the 100% of the mud and marsh crab populations at our 

survey sites despite occupying a small proportion of landscape (Figure 4-3). Based on 

our observation that mud and marsh crabs burrow outside of mussel aggregations in 
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marsh platforms but do so very rarely (i.e. no burrows generated by these functional 

groups were counted in our 0-mussel experimental plots), we are certain that this result 

overestimates the contribution of mussels to supporting these two functional groups. 

Regardless if the true percentage of mud and marsh crabs that inhabit mussel 

aggregations is closer to 90 or even 80% in marsh platforms, our results reveal that 

mussels are significantly altering the overall complexity of salt marsh food webs in 

providing key habitat for these top (mud crab) and intermediate (marsh crab) resident 

consumers. Furthermore, because mud crabs are sit-and-wait, ambush predators that 

eat fiddler crabs, marsh crabs, and other mud crabs as well as mussels and snails 

(Silliman et al. 2004), and marsh crabs forage cryptically at night on small invertebrates 

and cordgrass tissue (Soomdat et al. 2014), mussels are likely altering the spatial 

structure and temporal dynamics of predator- prey interactions in marsh platforms 

through their facilitation of these particular functional groups. Mussels also support a 

significant proportion (up to 20%) of the juvenile fiddler crab population, a species that 

in adult life stages stimulates cordgrass productivity throughout the marsh by aerating 

marsh soils and cycling nutrients (Bertness 1985) and accounts for a sizeable fraction of 

salt marsh secondary production (Montague 1980). Other studies have also found 

juvenile organisms concentrated within the complex structures of secondary foundation 

species (Altieri et al. 2007, Dijkstra et al. 2012, Angelini and Silliman 2014), hinting that 

facilitation cascades may commonly generate ‘nurseries’ for early life stages.  

In addition, our spatial analyses imply that mussels contribute substantially to the 

production of some ecosystem functions and little to others on the landscape scale 

(Figure 4-3). As a result of their active deposition of silt-packed pseudofeces, we 
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estimate that mussels account for up to 30% of total marsh soil accretion (Figure 4-3), a 

value that is within the range of estimates for the contribution of mussel pseudofeces to 

net sedimentation (7- 43%) reported at similar marsh elevations in previous studies 

(Letzch and Frey 1980, Smith and Frey 1985). Mussel aggregations also appear to be 

mediating patterns in water drainage in marsh platforms. Specifically, we estimate that 

more than 97% of infiltration occurs as a result of mussel aggregations, suggesting that 

mussels mediate how effectively southeastern US salt marsh platforms can drain and 

filter nutrients. We suspect that much of the effect of mussels on infiltration is through 

their facilitation of mud and marsh crabs that excavate channels through which water 

drains (Hensel and Silliman 2013). In contrast to the strong influence of mussels on 

these two functions, they contributed relatively little to the production of the five other 

functions when evaluated at the landscape scale (Figure 4-3). The discrepancy in the 

magnitude of mussel effects on these different functions at patch versus landscape 

scales highlights the importance of integrating multiple ecosystem functions and 

multiple spatial scales in ecological studies to create a more complete picture of 

ecosystem multifunctionality beyond the scale of typical experimental units (Cardinale et 

al. 2011). Although it is beyond the scope of this study, we anticipate that our 

assessment of the relative importance of mussels (and the diversity of organisms they 

support) will be altered and improved if we were to incorporate other spatial scales into 

our analyses: for example, mussels effects may depend on the density and spatial 

pattern of other aggregations at intermediate scales (several m2) and on marsh 

elevation or proximity to sources of mussel larvae at whole estuary scales (Kuenzler 

1961, Bertness and Grosholz 1985, Stiven and Gardner 1992, Pringle et al. 2010). 
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Finally, our field survey revealed that the density and aggregation size 

distribution of mussels differed in the two marshes (Appendix F), a finding that was not 

in itself surprising. As a result of this natural variation in mussel distribution, however, 

we estimate that these two marshes differed notably in the number of invertebrates they 

support and performance of functions they maintain (Figure 4-3). Although our approach 

to estimating landscape diversity and functioning from patch scale results may be too 

simplistic to predict the total abundance of invertebrates or level of functioning over the 

landscape precisely, our results hint that ecosystems structured by a moderate to high 

cover of secondary foundation species may be far more effective in sustaining 

biodiversity and multiple functions than those with low cover or none.  

Integrating Secondary Foundation Species into Natural Resource Management 

After several decades of theoretical and empirical advances, the field of 

biodiversity-ecosystem function theory has begun to significantly influence on 

environmental policy and conservation. In particular, natural resource management 

strategies long-focused on preserving biodiversity are increasingly considering the 

potential benefits of biodiversity for maintaining a wide range and high level of 

ecosystem services (Tscharntke and Klein 2005, Cardinale et al. 2012). Among the 

greatest challenges facing these management efforts is identifying how best to protect 

biodiversity in an economically and ecologically sustainable way. Our findings shed light 

on this issue as they reveal that facilitation by foundation species can promote 

biodiversity and its corresponding effects on ecosystem functioning at patch scales and 

drive striking spatial heterogeneity in these variables across landscapes. Consequently, 

strategies aimed at fostering the growth of primary foundation species and coverage of 
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secondary foundation species are likely to be quite effective in augmenting biodiversity 

and functioning over the long-term and at relevant (large) spatial scales.  
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Table 4-1. Summary of best fit models predicting the relationship between the number 
of mussels in an aggregation (M) and number of each invertebrate functional 
group or level of each ecosystem function (Y). 

  Mussel treatment significance 

 Best-fit model T slope Texponent Pslope P exponent 

Mussel density = M 

Invertebrate response      

Functional group richness Y = 0.69*log(M+1) + 3.35 7.99 NA <0.0001 NA 

Mud crabs  Y = 0.33*log(M+1)  7.13 NA <0.0001 NA 

Marsh crabs Y = 0.074M0.83  0.64 2.19 0.0394 0.5272 

Adult fiddler crabs >5mm Y = -0.76*log(M+1) + 8.73 -2.23 NA 0.0364 NA 

Juvenile fiddler crabs <5mm Y = 1.15M + 5.29 8.77 NA <0.0001 NA 

Periwinkle snails Y = -0.69M + 197.7 -1.84 NA 0.0791 NA 

eH’ Diversity Y= 0.011x + 1.48 3.66 NA 0.0014 NA 

Ecosystem function response 

Soil Accretion Y = 1.29*log(M+1) + 0.49 11.51 NA <0.0001 NA 

Decomposition Y = 0.29M + 55.23 2.87 NA 0.0089 NA 

Infiltration rate Y = 0.79M + 0.0067 6.87 NA <0.0001 NA 

Aboveground biomass Y = 10.7*log(M+1) + 44.81 3.21 NA 0.0042 NA 

Belowground biomass Y = 15.48 NA NA NA NA 

Benthic algae biomass Y = 16.56 NA NA NA NA 

Invertebrate biomass Y = 0.46M + 11.97 5.89 NA <0.0001 NA 

Multifunctionality indices      

Average Multifunctionality Y = 2.26M0.64 + 40.91 1.91 5.56 0.0706 <0.0001 

#  functions >10% threshold Y = 0.013M + 6.04 5.06 NA <0.0001 NA 

#  functions >30% threshold Y = 0.76*log(M+1) + 3.30  5.84 NA <0.0001 NA 

#  functions  >50% threshold Y = 0.049M + 3.08 7.52 NA <0.0001 NA 

#  functions >70% threshold Y = 0.048M + 2.00 6.42 NA <0.0001 NA 

#  functions >90% threshold Y = 0.052M2.62 + 0.00004 0.21 2.35 0.8397 0.0286 
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Figure 4-1.  Effect of mussel addition on invertebrate diversity and multifunctionality. 
The density-dependent effect of mussels on: A) mud crabs, B) marsh crabs, 
C) adult mud fiddler crabs, D) juvenile mud fiddler crabs, E) snails, F) 
functional group richness, G) invertebrate biomass, H) soil accretion, I) 
decomposition, J) infiltration rate, K) aboveground cordgrass biomass, L) 
belowground cordgrass biomass, M) benthic algae biomass, and two 
measures of salt marsh multifunctionality: N) average multifunctionality and 
O) the number of functions exceeding a range of threshold values. 
Invertebrate response variables are shown as the number per plot (A-F) and 
units of measurement for ecosystem functions (G-O) are indicated in smaller 
font below panel titles. Points and error bars denote the mean and standard 
error of 3 replicate plots per mussel addition treatment. Fitted lines in (A-O) 
reflect the linear or non-linear model that best fit each response variable (A-N) 
and each threshold level (O). Equations for best-fit lines are in Table 4-1. 
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Figure 4-2  Effect of mussels on diversity and diversity on multifunctionality. Resident 
salt marsh functional groups include: A) ribbed mussels, B) mud crabs, C) 
marsh crabs, D) fiddler crabs, and E) snails. The effect of F) mussel density in 
experimental aggregations on functional diversity, shown as the effective 
number of functional groups, D, and G) the corresponding effect of D on 
multifunctionality, shown as the average % of maximum functioning for the 
seven functions quantified in our experiment. 
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Figure 4-3.  Landscape effects of mussels on marsh diversity and multifunctionality. A) 
A cordgrass- dominated southeastern US salt marsh platform in which 
aggregations of ribbed mussels create hotspots of biodiversity and ecosystem 
functioning. B) Map of the distribution of mussel aggregations (1, 2, 3, 4- 20, 
21-40, and 40 -82 mussels per aggregate in different colors) at Site 1 and 
estimated contribution of mussel aggregations at their natural distribution to 
supporting C) the cumulative number of resident marsh invertebrates and D) 
performance of seven marsh ecosystem functions (d) in 500-m2 areas at two 
marsh platform sites surveyed on Sapelo Island, GA. 
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CHAPTER 5 
REMNANT PATCHES, A KEYSTONE MUTUALISM, AND THE RESILIENCE OF 

A COASTAL ECOSYSTEM TO DROUGHT  

Introduction 

Episodes of climate stress, such as drought and heat spells, are 

increasing in frequency and severity (IPCC 2014), eliciting alarming changes in 

ecosystem structure and function  worldwide (Folke et al. 2004, Lamb et al. 2005, 

Silliman et al. 2013). While some ecosystems exhibit remarkable resilience to 

these perturbations and return to pre-disturbed states swiftly, others recover 

slowly or even persist in disturbed states (Pascual and Guichard 2005, Lotze et 

al. 2006). One factor that contributes to this observed variation in resilience is the 

reproductive mode of the foundation species, the organism that largely defines 

an ecosystem’s structure due to its dominance and positive effects on associated 

communities (Dayton 1972, Bertness and Callaway 1994, Bruno et al. 2003, 

Ellison et al. 2005). Relative to foundation species that re-sprout from rhizomes 

(tundra tussocks: Syndonia Bret-Harte et al. 2013), germinate from seed banks 

(giant kelp; Carney et al. 2013)), or disperse via seeds or fragments (braching 

corals; Smith and Hughes 1999), those that expand incrementally via clonal or 

clone-like growth are predicted to recover sluggishly, particularly when 

disturbances are large (Bullock et al. 1995). Classic studies of plant succession 

and recent research on forest restoration have shown that patches of mature 

plants or trees can function as ‘nuclei’ that initiate whole ecosystem transitions 

from one state to another through their clone-like growth (Yarranton and Morrison 

1974, Franks 2003, Zahawi and Holl 2013). Here we explore the importance of 

foundation species’ patches in the context of massive disturbance and test how 
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the number and spatial distribution of remnant patches that survive episodes of 

climate stress mediate ecosystem recovery.  

In clonal-growth dependent ecosystems, foundation species may 

recolonize disturbed areas from two potential sources: individuals surviving along 

the perimeter of the disturbance and in remnant patches (Angelini and Silliman 

2012, Zahawi and Holl 2013). Because perimeter: area ratios increase as 

disturbed areas decrease in size, foundation species’ stands positioned along the 

perimeter should be a relatively more important source for recovery when 

disturbances are small than large and contribute progressively less to re-

colonization over time as disturbance areas close (Paine and Levin 1981, Sousa 

1984, 2001). Likewise, because patches grow radially within disturbances, they 

should be a relatively more important source of re-colonization when 

disturbances are large than small and contribute progressively more to recovery 

over time (Zahawi and Holl 2013). Based on these geometric relationships, 

patches have the potential to accelerate ecosystem transitions from damaged to 

healthy states (e.g. Figure 5-1A); whether they do so in reality is unknown. To 

examine the influence of patches in the recovery dynamics of real ecosystems, 

studies are needed that quantify the degree to which remnant patches shorten 

ecosystem recovery intervals (relative to disturbed areas with no patches) at the 

density and spatial distribution with which they naturally occur and rate at which 

they naturally expand. If these efforts reveal that remnant patches control 

ecosystem recovery, the logical, next step will be to elucidate the mechanisms 

that facilitate patch survival during climate stress (i.e. increase resistance) to 

identify how patch dynamics initially arise.  
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Along the Gulf and southeastern Atlantic coasts of the US, salt marshes 

dominate wave-protected, intertidal environments and offer a relevant ecosystem 

for testing whether patches enhance ecosystem recovery. Over the past decade, 

severe and frequent drought has been associated with mass die off of smooth 

cordgrass (Spartina alterniflora, hereafter cordgrass), the marsh-forming 

foundation species in this region that expands nearly exclusively via clonal 

growth (Travis and Hester 2005, Angelini and Silliman 2012, Appendix G for 

experimental confirmation of cordgrass' dependence on clonal growth). During 

drought, typically saturated marsh soils can dry out, causing salt, acid, and heavy 

metals to concentrate around cordgrass roots and snail grazing to increase on 

live grass leaves (McKee et al. 2004, Silliman et al. 2005, Palomo et al. 2013, 

Figure 5-1B). The denuded mudflats that result from this lethal cocktail of 

physical and biotic stress have been so expansive and widespread (McKee et al. 

2004, Alber et al. 2008) that it seems possible that they may be persistent 

features in many of these ecologically and economically valuable ecosystems 

(Barbier et al. 2011). At the end of a severe drought in late 2010, we observed 

remnant cordgrass patches (i.e. clusters of live stems between ~0.01-1.5m2) 

surviving in variable densities and spatial distributions within recently-formed 

mudflats on Sapelo Island, Georgia (Figure 5-1B,C). Upon closer inspection, we 

noted that many of the remnant cordgrass patches were associated with ribbed 

mussels (Geukensia demissa, hereafter mussels), hinting that the presence of 

this mutualist (i.e. mussels live obligately beneath cordrass’ shady canopy in 

intertidal marsh environments and reciprocally stimulate cordgrass growth 

through nutrient deposition (Bertness 1984, Altieri et al. 2007)) may enhance 
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cordgrass resistance to drought. Whether remnant cordgrass patches are often 

associated with mussels simply because mussels are common in salt marshes 

throughout this region (Kuenzler 1961) or because mussels are alleviating 

drought stress by preventing soils from drying out or some other mechanism (e.g. 

fertilizing plants to increase their tolerance to grazing) is unknown. 

Using surveys, model simulations, monitoring, and field experiments, we 

explore the role of remnant patches in mediating salt marsh transitions from 

unvegetated mudflats to cordgrass dominance and potential role of mussel 

mutualists in bolstering cordgrass resistance to drought. Specifically, we test: 

1. Across the range of mudflat sizes and patch distributions that we observe 
in southeastern US salt marshes, do remnant patches accelerate 
cordgrass recovery?  

2. Does the presence of mussels increase cordgrass survival within drought-
generated mudflats and, if so, is buffering against soil drying one 
mechanism by which mussel enhance cordgrass resistance?  

3. How much do remnant patches that are associated with mussel mutualists 
contribute to cordgrass recovery?  

In examining the importance of patches in hastening mudflat recovery and 

mussels in facilitating cordgrass during drought, this study advances our general 

understanding of patch- driven recovery dynamics and mutualisms that alleviate 

the intensity of climate stress experienced by foundation species in controlling 

ecosystem resilience. 

Methods 

Study System: Southeastern US Salt Marshes 

We conducted the majority of this research at the National Estuarine 

Research Reserve on Sapelo Island, Georgia (31°24'26"N, 81°17'24"W) within 

salt marsh platforms, spatially dominant and relatively flat expanses of marshes 

in this region (Schalles et al. 2013) that are monopolized by vast stands of 
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cordgrass and flooded by the tides between 0- 2.5 hours twice daily. Within 

marsh platforms, cordgrass expands clonally via belowground ramets and 

emergent shoots reach ~50cm by the end of the growing season in late fall 

(Pennings et al 2005). At the base of cordgrass stems, mussels settle in the mud 

in aggregations containing between 1 to ~ 80 individuals at a density of ~ 1 

aggregation every 5m2 (Angelini et al, in preparation).We focused our coastal 

survey of remnant cordgrass patches on sites located between Jekyll Island, 

Georgia (GA) and Charleston, South Carolina (SC) as mudflats formed during 

the 2010-11 drought (Figure 5-2) in salt marshes across this geographic region. 

Specific coastal survey site locations were selected because they had expansive 

marsh platforms and were accessible by foot.  

Remnant Patch Effects on Mudflat-to-Cordgrass Transitions: the Salt Marsh 
Recovery Model  

To assess the relative importance of cordgrass bordering mudflats and 

residing in patches in driving salt marsh recovery from drought, we developed a 

Salt Marsh Recovery (SMR) model  based on Guichard et al. 2003. In this 

‘cellular automanon’ model, we use a grid of cells to represent a salt marsh 

platform in which each a cell corresponds to 0.25-m2 of marsh platform and can 

be occupied by mudflat (cell value = 0), cordgrass patch (cell value = 1, each 

patch occupies one cell at the start of simulations), or cordgrass border (cell 

value = 2, border cells frame the perimeter of mudflats at the start of simulations). 

To develop parameters that would allow us to simulate the recovery of real 

mudflats, we used a GPS (Trimble R6 GNSS, Sunnyvale, CA) to circumscribe 

nine mudflats on Sapelo Island and mark the center of every cordgrass patch 

within each mudflat as drought subsided in July 2011 (Figure 5-2). To verify that 
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mudflats were generated within the timeframe of this drought, as opposed to 

being relic features from prior disturbance events, we located each mudflat in 

Google Earth in November 2011 imagery and examined whether each 

unvegetated feature was present in March 2010 imagery. All nine mudflat areas 

were vegetated prior to the onset of this severe drought, suggesting that drought 

was a contributing cause of cordgrass mortality in these mudflats. 

We also measured the area of each patch (median patch area = 0.26m2) 

in each mudflat and calculated the area of each mudflat in ArcGIS. Using 

Ripley’s K analyses (Ripley 1981, Venables and Ripley 2002), we characterized 

the spatial distribution of patches within each of the six surveyed mudflats that 

contained more than ten patches (see Appendix H and I for details). From these 

analyses, we found that the patch distribution differed from one mudflat to 

another; while patches exhibited a nearly uniform distribution in one mudflat, they 

exhibited random and clustered distributions in others. Based on our 

observations of mudflats in other salt marshes in this region (see coastal survey 

below), mudflats that contained no surviving cordgrass patches were also 

common. 

To estimate cordgrass expansion parameters and thus simulate mudflat 

recovery over realistic time intervals, we flagged 25-cm2 permanent monitoring 

cells adjacent to 80 remnant cordgrass patches and 69, 25-cm2 cells adjacent to 

cordgrass stands bordering mudflats in April 2011. Monitoring cells were 

positioned next to both patches and bordering stands to evaluate whether 

cordgrass expansion differed among the two sources of clonal growth and were 

distributed across the nine Sapelo Island mudflats where GPS data were 
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collected. After 12 months, we quantified the density of cordgrass shoots within 

each monitoring cell as well as in 10, 0.25m2 cells placed haphazardly within a 

representative ‘healthy’ cordgrass stand located ~10m from each mudflat. We 

scored each cell as being recovered or not (cells were recovered if the number of 

cordgrass shoots in the monitoring cell were ≥ 50% of the average number of 

shoots in healthy stand cells) and calculated the proportion of all patch and 

border cells that were recovered (i.e. the probability of recovering). From these 

measurements, we estimate that the probability of cells transitioning from bare 

mudflat to cordgrass is 0.7 if adjacent to a patch and 0.5 if adjacent to a border. 

Because patches expanded with similar vigor regardless of their initial size or the 

number of mussels they were associated (see Appendix J for methods, analyses, 

and results) and both cordgrass patches and borders advanced across mudflats 

with similar vigor after two and three years, we assume that: 1) all patch expand 

at the same rate, 2) patch and border expansion rate remains consistent through 

time, and 3) once a mudflat cell becomes colonized by a patch or border, it 

cannot change states.  

We then used the SMR model to simulate salt marsh recovery under 12 

scenarios that included all combinations of three mudflat sizes (the minimum, 

median, and maximum mudflat area recorded at our Sapelo field site: 23, 311, 

and 1,928 m2), and four remnant patch distributions (uniform, random, clustered, 

and no patches). Although natural mudflats vary in shape and, thus, perimeter: 

area ratio, we simulated cordgrass recolonization of mudflats that were square, 

rather than oval or some other shape, to simplify our approach. Likewise, 

although the initial cover of remnant patches in mudflats varied from 1.6 to 16.1% 
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cover, we set the initial cover of remnant patches to 7.3% at the start of each 

simulation as this was median percent cover of remnant patches recorded at in 

Sapelo Island mudflats. Each model simulation returns the number of time steps 

(years) until the mudflat is ‘recovered’ (i.e. when 95% of mudflat cells become 

either a patch or border cell) as well as the final number of cordgrass border and 

patch cells that occupy the mudflat. We simulated mudflat recovery for each 

scenario three times and analyzed the effect size and significance of mudflat 

area, patch configuration, and their interaction on the recovery interval (i.e. the 

average number of years for mudflats to recover) using analysis of variance. The 

R code for the SMR model can be found in Appendix K. 

Regional Survey of Cordgrass Mortality and Survival: are Mussels 
Enhancing Patch Resistance? 

To explore whether many remnant patches occur within mudflats due to 

the presence of mussel mutualists as our initial observations in Sapelo mudflats 

suggested, we first needed to assess whether cordgrass survival was in fact 

higher when associated with mussels than not. To do so, we visited eleven 

marshes across the Georgia and South Carolina coasts in April 2011, nine 

months into a severe drought (Figure 5-2). At the nine sites where we observed 

recent and likely drought-generated mudflats – i.e. one or several mudflats that 

contained standing dead shoots confirming recent cordgrass senescence and 

were characterized by dry, cracked, and/or salt-crusted soil- we used a transect 

tape to measure the mean length and width of all mudflats encountered. From 

these dimensions, we estimated mudflat area (A) using the equation for an oval. 

We did not include mudflats that abutted docks, causeways, or woody vegetation 

fringing the terrestrial marsh border or that were associated with wrack mats (i.e. 
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rafts of dead plant material that covered >3% of the mudflat area) in our survey 

as they were unlikely to have been generated by drought (Pennings and 

Richards 1998). We verified that each mudflat was vegetated prior to the 2010-

2011 drought using Google Earth imagery as described above. 

In the mudflats where cordgrass survived in remnant patches, we 

measured the area of all cordgrass patches associated with mussels (C Mussels) 

and cordgrass patches not associated with mussels (C No mussels), as well as the 

area of dead cordgrass associated with mussels (DC Mussels). Cordgrass patches 

were scored as being ‘associated with mussels’ if 1 or more adult (≥ 60mm shell 

length) mussel was observed embedded in the mud at the base of live stems that 

generated the patch. Based on our observation that the effect of mussels on 

cordgrass growth during non-drought conditions is localized (i.e. 5-10cm away 

from a mussel or mussel aggregation cordgrass stems become less green and 

grow to a height similar to the background grass canopy, CA, unpublished data), 

we assume the effect of mussel on cordgrass during drought is localized as well 

and thus requires that mussels occur within the remnant patch. Because we 

documented little evidence of predation (e.g. crushed shells) or heat stress (e.g. 

dead mussels with gaping shells) on mussels within mudflats, we expect that the 

distribution of mussels within mudflats did not change measurably from when 

cordgrass died off (~late Fall 2010) and when the survey data was collected 

(Spring 2011), meaning our DC Mussels measures are likely accurate. To 

summarize the relationship between remnant patches and mussels for each of 

the sites, we summed A, C Mussels, C No Mussels, and DC Mussels measures across all 

mudflats surveyed and calculated the probability of cordgrass surviving when 
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associated with mussels as: Mussel P Survival = (C Mussels)/ (C Mussels + DC Mussels), 

and when not associated with mussels as:  No Mussel P Survival = (C No Mussels)/(A – 

C Mussels – DC Mussels). To analyze whether cordgrass survival is proportionally 

higher when associated with mussels than not, we treated Site as a random 

factor, Mussel Presence as a fixed factor, and analyzed the effect size and 

significance of Mussel Presence and Site on the probability of survival using a 

mixed-effects generalized linear model using the lme4 package in R (Bates et al. 

2012, R Core Development Team 2012). 

Mechanisms by which Mussels Enhance Cordgrass Resistance to Drought 

To investigate if one mechanism by which mussels may increase 

cordgrass resistance to drought is that they prevent soils from drying, we 

monitored porewater salinity in cordgrass’ rooting zone. Because salts become 

increasingly concentrated in porewater as freshwater is lost via evaporation, 

salinity is used commonly as a proxy for soil dryness and thus drought stress 

(Silliman et al. 2005). In May 2012, we set 10 pairs of lysimeters (Angelini and 

Silliman 2012) to a depth of 25cm in order to span the rooting zone: one 

lysimeter was positioned in the middle of a mussel aggregation (8-20 mussels 

per aggregation, an average size for marsh platforms) and another 1m away in a 

control (no mussel) marsh location. Lysimeter pairs were distributed across 6 

hectares of cordgrass-dominated marsh platform. Once per week from mid- May 

through mid- August, we used a refractometer to record the salinity of porewater 

extracted from each lysimeter. To summarize the relationship between mussels 

and salinity across this monitoring period, we calculated the difference in salinity 

between each lysimeter pair for each date, averaged these values to assess the 
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mean difference in salinity across all pairs for each date, and used a t-test to 

analyze whether the mean difference in salinity across all lysimeter pairs and 

throughout this time period was significantly different from zero. Because we 

subtracted the salinity measured in the control marsh from salinity in mussel 

aggregations, mean difference values that are significantly less than zero (i.e. 

negative) indicate salt is less concentrated in mussel aggregations than the 

control areas. 

To test if mussels, as opposed to other factors that may cause 

heterogeneity in soil moisture such as local changes in marsh elevation, were 

likely driving the salinity differences observed in our porewater monitoring, we 

planted 24 cordgrass plugs, extracted from the adjacent marsh and standardized 

for soil volume (25  × 25  × 25cm), shoot density and height, at least 2m apart in 

a mudflat in April 2011 [we added mussels to plugs and transplanted plugs into 

mudflat so that we could additionally test if mussels influence patch expansion 

(see Appendix J for methods and results)]. We haphazardly assigned each plug 

one of two treatments- mussel addition or control (n=12 replicates per treatment) 

– and inserted ten mussels (length: 50-70mm) half-way into the mud in a 

clustered pattern around the base of cordgrass stems (i.e. to mimic natural 

aggregations) in each addition plot. We transplanted ten mussels as this was the 

median density of mussels associated with cordgrass patches in our survey of 

GA and SC salt marsh platforms. We also agitated the top 5cm of the control 

plots at the start of the experiment to account for disturbance effects associated 

with mussel transplantation, and then left all plots undisturbed for 16 months. In 

August 2012, we used 0.2 × 10cm (diameter × depth) micropore rhizon samplers, 
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positioned in the center of each transplant and inserted to span the top 0-10cm of 

the marsh, to extract porewater for salinity and ammonia measurements. Salinity 

was measured using a refractometer and ammonia using standard colorimetric 

methods (Solorzano 1969). We then used a t-test to assess the effect size and 

significance of Mussel Treatment on porewater salinity and ammonia. 

The Contribution of Mussel Mutualists in Driving Mudflat Recovery  

To summarize the importance of the mussel mutualism for salt marsh 

recovery from drought, we estimated the proportion of mudflat area  recovered 

from mussel-associated patches (i.e. % of recovery attributed to the presence of 

mussel mutualists) under the 12 mudflat recovery scenarios described above (i.e. 

three mudflat sizes and four patch distributions, mudflat recovery was simulated 

under each scenario three times). To do so, we multiplied the number of patch 

cells that occupied the salt marsh grid the end of each simulation by 0.75 and 

divided this value by the number of mudflat cells that occupied the salt marsh 

grid at the start of the simulation. We used 0.75 as a multiplier as this value is 

within the range of the proportion of cordgrass patches surviving within mudflats 

that were associated with mussels: 1,182 of the 1,488 (79.4%) patches observed 

in the GA and SC survey and 132 of the 430 (69%) patches in Sapelo Island 

mudflats were associated with mussels. We then analyzed the effect size and 

significance of mudflat size, patch distribution, and their interaction on the 

percent of mudflat area recovered from mussel-associated patches using 

analysis of variance. 
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Results 

Simulating cordgrass re-colonization of drought-generated mudflats with 

the SMR model revealed that mudflat size and remnant patch distribution interact 

to control recovery intervals (Mudflat size* Patch Distribution: F6,24= 359, P < 

0.0001). While mudflats are estimated to fully recover in 7 years regardless of 

their size if remnant patches are uniformly distributed, those with random and 

clustered patches take progressively longer to recover with increasing mudflat 

size. Clustered patches, which tend to coalesce with one another soon after 

cordgrass begins to recolonize mudflats, consistently recolonized mudflats 

slower than either randomly or uniformly distributed patches that exhibit radial 

growth for longer and coalesce later in the recovery process. Across all patch 

distributions, the difference between mudflat with patches and those without was 

significant and became more pronounced as mudflats increased in size: relative 

to small, medium, and large mudflats with no patches that we estimate take 14, 

41 and 105 years, those with patches recovered in ≤ 12, 16 and 25 years, 

respectively (Figure 5-3).  

At the 9 South Carolina and Georgia marshes surveyed that experienced 

cordgrass die off, drought-associated mudflats covered between 1,688 to 

11,808m2 of marsh platform area, of which 0.5 to 7.7% was covered by remnant 

cordgrass patches, when averaged across mudflats within sites (Appendix L). 

Based on calculations derived from our survey data, the probability of cordgrass 

surviving the drought varied notably across the nine sites, but was consistently at 

least two orders of magnitude higher when associated with mussels [64.3 ± 

27.4% (mean ± standard deviation), 28 - 98% (range)] than when not associated 
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with mussels (1.0 ± 0.06%; 0.04- 1.6%, Mussels [Site]: T = -6.99, P = 0.0001, 

Figure 5-4). 

Over the three months in 2012 that lysimeters were monitored to assess 

whether mussels may facilitate cordgrass by reducing drought stress, porewater 

salinity was 2 parts per thousand (ppt) lower, on average, in mussel aggregations 

and the adjacent control marsh (Mussels: P = 0.00019, Figure 5-5A, see 

Appendix M for rainfall over monitoring period). Consistent with our salinity 

monitoring results, porewater salinity was 7ppt lower, on average, in the root 

zone of mussel addition cordgrass transplants relative to control, no mussel 

transplants during a relatively dry period in 2012 when salinity readings were 

taken (Mussel Treatment: T1,22 = 6.9, P < 0.0001, Figure 5-5B).  In addition, 

mussel addition more than doubled the concentration of ammonia around the 

roots of experimental cordgrass transplants (Mussel Treatment: T1,22=-3.5, P = 

0.0023, Figure 5-5C).  

Finally, we found that the contribution of mussel-associated patches to 

cordgrass re-colonization depended both on the size of the mudflat as well as the 

configuration of patches (Mudflat Size * Configuration: F6,24 =12.45, P < 0.0001, 

Figure 5-6). In small mudflats that have a relatively high perimeter: area ratio, 

mussel-associated patches produced 48, 41 and 35% of the cordgrass that 

ultimately recolonized the mudflat if patches were distributed in uniform, random 

or clustered distributions, respectively, while in large mudflats the contribution 

mussel-associated patches increased markedly and was particularly high if 

patches were uniformly or randomly distributed (72 and 71%, respectively, 

versus 64% if patches were clustered). 
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Discussion 

Our results demonstrate that the resilience of southeastern US salt 

marshes to drought hinges on the presence and spatial distribution of remnant 

cordgrass patches. Despite the fact that they are often quite small (<0.5m2) and 

collectively occupy only a minor fraction of mudflats, remnant patches are able to 

contribute substantially to cordgrass recovery because they expand radially and 

therefore colonize more area over time. Based on our monitoring and 

experimental results, we speculate that many cordgrass patches survived the 

drought due to the benefits they gained from growing in close proximity to 

mussels. In moderating how dry soils become around plant roots and enhancing 

the availability of nitrogen, mussels are likely alleviating the primary manifestation 

of drought (i.e. dry soil) as well as boosting cordgrass’ ability to tolerate other 

drought-associated stressors, such as snail grazing. Furthermore, despite having 

little effect on cordgrass expansion at the patch scale, we predict mussel 

mutualists dramatically enhance recovery on larger, mudflat scales through their 

support of associated grasses that experience enhanced siurvivorship during 

drought that then leads to the formation of remnant patches within a large die off 

area. Collectively, these findings highlight the potent, positive effect of remnant 

patches on the recovery of clonal growth- dependent ecosystems and, more 

generally, advance the idea that mutualists can play a keystone role in controlling 

ecosystem resilience where they enhance foundation species’ resistance to 

climate stress and enhance the spatial distribution of sources from ecosystems 

can recover. 
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Projecting Salt Marsh Recovery from Drought: are Remnant Patches 
Important? 

In using the SMR model to simulate cordgrass re-colonization of mudflats 

under a range of scenarios that we observed in the field, we discovered that 

mudflat size and patch distribution interact to regulate how fast salt marshes can 

recover and how much patches contribute to this process (Figure 5-3,Figure 5-6). 

This significant interaction emerges because, as cordgrass borders and patches 

expand inward and outward, respectively, and eventually coalesce, the total 

perimeter of borders and total perimeter of patches change accordingly to control 

how much cordgrass can be produced by each source over time (Figure 5-1). In 

essence, mudflat size constrains the total perimeter of borders (and thus the 

contribution of this source to recovery) and the spatial distribution of patches 

controls how quickly patches coalesce with one another (clustered patches 

coalesce faster than random patches which coalesce faster than uniform 

patches) and thus the total perimeter of patches as re-colonization progresses 

(Sousa 2001). These rather intuitive dynamics have crucial implications for the 

resilience of ecosystems structured by foundation species that depend on clonal 

or clone-like growth: while many of the mudflats that we surveyed along the GA 

and SC coast will likely be fully recovered in the next few years as a result of 

their smaller size and/or optimal distribution of patches and therefore exhibit high 

resilience, our model and survey studies indicate that large mudflats with no 

patches will likely persist for many decades and thus exhibit low resilience. 

Because we parameterized the SMR model with field-collected data, its 

estimates for cordgrass recovery intervals and the contribution of patches to re-

colonization are likely fairly accurate for mudflats that will recover quickly, but 
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less so for those that recover slowly. Specifically, cordgrass has been shown to 

advance vigorously across mudflats during years with high precipitation and 

nearly stall during years of moderate drought (Angelini and Silliman 2012), 

suggesting that our assumption that patch and border expansion rates will 

remain consistent through time oversimplifies cordgrass re-colonization dynamics 

in this system. Likewise, significant subsidence (i.e. a drop in the elevation of the 

marsh platform and change in soil structure due to decomposition of peat) of 

mudflats generated in a 1999-2001 drought that were still unvegetated when we 

observed them in 2011, indicate that cordgrass re-colonization may be 

moderated by mudflat- reinforcing feedbacks that become stronger over time 

(Koppel et al. 2005). In addition, three distinct droughts have initiated new areas 

of cordgrass die off in the southeastern US over the past 15 years (McKee et al. 

2004, Silliman et al. 2005, Palomo et al. 2013), hinting that drought or other 

disturbance events will likely interfere with re-colonization dynamics by killing off 

some recovered salt marsh. Consequently, we expect that the accuracy of our 

predications could be improved (particularly for large disturbance areas with few 

or no patches that will experience rainy years, subsidence, and future drought) 

by incorporating precipitation- and time-dependence into cordgrass expansion 

rates as well as incorporating drought disturbance into the SMR model, 

advancements that require further field work to define realistic parameters.   

Cordgrass Resistance to Drought: Extent of Mortality and the Mechanisms 
of Survival 

In observing dry, cracked, and salt-encrusted soils in recently formed 

mudflats six months into a severe drought, we presume that drought was the 

ultimate driver of cordgrass mortality in the salt marsh platforms we surveyed 
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along the SC and GA coasts (McKee et al. 2004, Silliman et al. 2005, Hughes et 

al. 2012, Palomo et al. 2013) rather than other stressors that have been 

implicated in previous marsh die off studies (see Alber et al. 2008 for review). 

Across the nine sites where we observed cordgrass die off, there was notable 

variation in the size of drought-generated mudflats (Appendix H) and the 

distribution of remnant patches surviving within them (Figure 5-2). Based on our 

observations, we hypothesize that these differences in the extent of cordgrass 

mortality was driven, at least in part, by variation among sites in the intensity of 

drought (e.g. rain fell at some sites and not others, R. Phillips and D. Aren, 

personal communication), elevation of marsh platforms, and the density of snails, 

grazers that known to interact synergistically with drought to kill cordgrass 

(Silliman and Newell 2003, Silliman et al. 2005). Likewise, notable differences in 

the size and spatial distribution of remnant patches and proportion of those 

patches associated with mussels also suggest that variation in cordgrass survival 

was driven, at least in part, by differences among sites in the importance of 

physical (e.g. heterogeneity in elevation in marsh platforms that allow some 

areas to be flooded by tides more than others), genetic (e.g. stress-tolerant 

genotypes, Hughes and Stachowicz 2004, Pandolfi et al. 2011), and biotic (e.g. 

density of mussel mutualists) mechanisms that are all likely to contribute to 

enhancing cordgrass resistance to drought (Figure 5-2, Appendix L). 

Across these SC and GA salt marshes that varied widely in the extent of 

die off, the regularity with which remnant patches were associated with mussels 

was striking (Figure 5-4), suggesting that conditions are commonly less stressful, 

plants are generally tolerant, or both where they grow close to mussel mutualists. 
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In 11 of the 14 weeks, salinity monitoring revealed that salt was more 

concentrated in the porewater around plant roots and thus marsh soils were 

‘drier’  outside of mussel aggregations than within them (Figure 5-5). Although we 

collected only a few measurements due to time constraints, we detected a far 

greater difference in salinity between mussel aggregations (range: 35-45ppt) and 

control soils (range: 55-80ppt) during the severe drought in 2010 than we 

detected in our monitoring in non-drought conditions in 2012, implying that the 

effect of mussels can become far more pronounced drought intensifies.  

Results from our experimental addition of mussels provide further 

evidence that mussels are providing key benefits to cordgrass that are likely 

leading to increased survival of adjacent stems and thus remnant patch 

formation. Specifically, mussel addition both increased the availability of nitrogen, 

and reduced salinity below growth-stunting levels (from 45ppt to 35ppt, Figure 5-

5, Mendelssohn and Morris 2010). The simultaneous enhancement of their 

growth limiting nutrient and alleviation of a major abiotic stress for cordgrass 

likely are leading to increased productivity of cordgrass growing immediately 

within mussel aggregations (Silliman and Zieman 2001, Mendelssohn and Morris 

2010) and ultimately their increased resistance to death during severe drought.  

The mechanisms by which mussels increase nutrients likely include their 

deposition of pseudofeces and facilitation of high densities of infaunal 

invertebrate that excrete nitrogen-rich waste (Bertness 1985, Bertness and 

Grosholz 1985). Comparatively, the mechanism by which mussels maintain 

higher soil moisture that the adjacent compact, salt marsh platform is not as 

intuitive, but likely includes their paving of the marsh surface with their hard 
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shells and deposition of a thick layer of pseudofeces that may slow evaporative 

water loss and facilitation of crabs that may create water storage compartments 

belowground through their excavation of burrows. Given that drought elicits a 

cascade of other biogeochemical and ecological changes, including low pH and 

high metal concentrations in soils (McKee et al. 2004, Palomo et al. 2013) and 

enhanced impacts of snail grazing (Silliman et al. 2005) and mussels (and the 

organisms they facilitate) likely counteract these changes in multiple ways, the 

mechanisms driving the pattern of enhanced cordgrass survival on mussel 

aggregations are likely more complex than we have examined in this study. 

Additional research to expose the relative importance of different mechanisms by 

which mussels facilitate cordgrass will not only deepen our understanding of 

southeastern US salt marshes, but also likely provide insight to the resilience of 

the many other coastal ecosystems where bivalves overlap with vascular plant 

foundation species (e.g. mangroves, intertidal and subtidal seagrasses).  

Effect of Mussel Mutualists on Cordgrass Recovery at Patch and Mudflat 
Scales 

Our experimental addition of mussels and monitoring of natural patch 

expansion revealed that neither the presence nor density of mussels have a 

detectable effect on cordgrass expansion at the patch scale, despite their 

localized effects on moderating soil stress and increasing nutrient availability 

(Appendix J). Given that ample rain fell on Sapelo Island marshes as drought 

subsided (Figure 5-2) and decomposition of dead plant material likely created 

pools of nutrients in mudflat soils, it makes sense that mussels had a negligible 

effect on cordgrass re-colonization at the patch scale. When considered at a 

mudflat scale, however, the potential contribution of mussel mutualists is 
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impressive: we estimate that between 35-73% of the cordgrass that ultimately 

recolonizes mudflats is generated by mussel-associated patches (Figure 5-6). 

Given that remnant patches contribute progressively more to recovery as 

mudflats increase in size and as patches are more uniformly spread, this 

mutualism is likely enhancing salt marsh resilience the most where disturbances 

are particularly large and where physical and environmental factors, such as food 

availability and the supply of mussel larvae, cause mussel aggregations to be 

optimally distributed across salt marsh platforms. In ecosystems that may be 

vulnerable to large-scale disturbances and do not have significant cover of 

stress-alleviating mutualists due to low recruitment, our results suggest that 

resilience may be proactively enhanced by simple management strategies that 

enhance the spatial distribution of mutualists across stands of habitat-forming 

foundation species. 

Conclusions 

Collectively, our results integrate two concepts that have long been 

emphasized in studies of plant and community succession and more recently 

been gaining attention in studies on ecosystem resilience: positive interactions 

and remnant patch dynamics (Levin and Paine 1974, Yarranton and Morrison 

1974, Paine and Levin 1981, Sousa 1984, Halpern et al. 2007, Angelini and 

Silliman 2012, Zahawi and Holl 2013). Given that positive interactions occur in 

diverse ecosystems (Bertness and Callaway 1994, Bruno et al. 2003, Brooker et 

al. 2008) and foundation species are more likely to recover quickly, regardless of 

their reproductive mode, if many mature individuals survive within a disturbed 

area, we anticipate that mutualisms that sustain patches of adult individuals and 
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thus give rise to remnant patch recovery dynamics play a keystone role in 

controlling the resilience of many other ecosystems. Evidence of mutualism 

breakdown as a result of climate change and human modification of food webs 

and nutrient dynamics warn that these positive interactions have thresholds 

beyond which they fail (Kiers et al. 2010) and are therefore unlikely to provide 

blanketing security against disturbance, especially as climate continues to 

change and humans continue to overuse natural resources and degrade 

ecosystem structure. Consequently, actions to combat these ultimate drivers of 

ecosystem collapse- climate change, biodiversity loss, eutrophication, and other 

human-driven factors- are needed even more than proactive management 

actions such as enhancing mutualisms to effectively enhance ecosystem 

resilience. 
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Figure 5-1.  Remnant patch dynamics in southeastern US salt marshes. A) The 
pattern and pace with foundation species can re-colonize disturbed 
areas (in white) from bordering stands (light green) and remnant 
patches (dark green) can vary depending on the spatial distribution of 
those patches. B) In the southeastern US, drought caused mass 
mortality of cordgrass in salt marshes, creating largely bare mudflats 
that were interspersed with C) remnant cordgrass patches, many of 
which are associated with D) aggregations of the ribbed mussel, 
Geukensia demissa. 
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Figure 5-2.  Drought trends over study period. Monthly summary of drought 
intensity, measured by the Palmer Drought Severity Index (PDSI) from 
January 2007 through December 2013 for the South Carolina coastal 
region (in dark grey) and Georgia coastal region (in black). The periods 
over which field experiments and monitoring were conducted are 
indicated by brackets and abbreviated titles- see methods for further 
details. PDSI values that fall below 0 indicate relatively dry years for 
this region according to the historical climate record, and values that 
fall below -2 and -4 indicate moderate and severe drought conditions, 
respectively (source: NOAA National Climatic Data Center, 
http://www.ncdc.noaa.gov/cdo-web/). Likewise, values that fall above 0 
indicate relatively wet years. 
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Figure 5-3.  Salt Marsh Recovery model results. The effect of mudflat size (on x-
axis), and remnant patch distribution (no patches, uniform, random, 
clustered) on the number of years for cordgrass to recolonize mudflats. 
Points denote the average recovery interval and contribution of 
mussel-associated cordgrass patches to recovery of three simulation 
runs. Standard error bars are too small to be seen given the scale of 
this figure. 
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Figure 5-4.  Coastal survey of remnant patch association with mussels. Location 
of nine marshes where extensive drought-generated marsh die off was 
observed and the probability cordgrass surviving within these mudflats 
when associated with mussels (black bars) or growing alone (grey 
bars). Note the break and scale in the x-axis.   
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Figure 5-5.  Relationship between mussels and salinity. A) Summary of 
differences in porewater salinities in mussel aggregations than in the 
adjacent control (no mussel) marsh over 14 weeks of monitoring in 
2012 and effect of experimental addition of mussels on B) porewater 
salinity and C) ammonia concentration in the cordgrass root zone. 
Salinity values in corresponds to the average difference for each 
weekly monitoring date for 10 lysimeters paired on and off of mussel 
aggregations. Data are shown as the mean ± SE of 12 replicate 
transplants per treatment in B and C. 
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Figure 5-6.  Estimated contribution of mussel-associated remnant patches to 
mudflat recovery. Effect of mudflat size (on x-axis) and patch 
contribution (in different line types and symbols) on the estimated 
contribution of remnant patches associated with mussels on mudflat 
recovery. Data points indicate the mean of three model simulations 
and standard errors are too small to be visible on this figure.  

  



 

121 

APPENDIX A 
MECHANISMS OF CORDGRASS FACILITATION OF MUSSELS 

To assess whether cordgrass alleviates temperature stress to facilitate 

mussels in southeastern US salt marshes as shown in New England fringing salt 

marshes (Altieri et al. 2007) and identify whether interactions among cordgrass, 

mussels and invertebrates are an example of a facilitation cascade, we 

conducted a field experiment in a Sapelo Island marsh platform in July 2011. 

Specifically, we marked 24 plots spaced >1m apart in a recently-formed mudflat 

and planted a cordgrass transplant of a standard size (20cm3 plug of roots + 

marsh soil and 8-10 cordgrass stems) in each. The experiment was conducted in 

a mudflat, rather than in a healthy stand of cordgrass, to prevent neighboring 

vegetation from influencing the efficacy of experimental treatments. Each plot 

was then haphazardly assigned one of four treatments: Canopy + Shade, 

Canopy + No Shade, No Canopy + Shade, or No Canopy + No Shade. The live 

cordgrass stems (i.e. the canopy) was left unmanipulated in Canopy plots and 

removed with shears in No Canopy plots. Experimental shades constructed using 

PVC corner posts and a sheet of landscape fabric were placed 40cm above 

Shade plots, while No Shade plots were left unmanipulated. PAR and iButton 

temperature readings collected at the marsh surface in Shade plots and healthy 

cordgrass monocultures in the marsh platform indicate that Shades effectively 

mimicked the shading provided the cordgrass canopy at this elevation (i.e. 70% 

light reduction). We then transplanted 10 mussels (size: 50-70mm shell length) 

into each plot in a cluster to mimic natural aggregations. After 1, 3, 7 and 10 

days, we scored mussel survival. Mussel mortality occurred between days 7 and 

10 during a summer heat wave that was within typically of the southeastern US.  



 

122 

 

Figure A-1. Mechanisms of cordgrass facilitation of mussels. A) Effect of 
cordgrass canopy and shade presence on the survival of ribbed 
mussels over 10 days in July 2011. Treatments are denoted by 
different colors and symbols and data are shown as the mean ±SE of 6 
replicate plots per treatment. The ‘heat wave’ when temperature 
exceeded 43°C on the mud surface is noted by the red box. Also 
shown is B) an example of the experimental shades and D) mussels 
that have died during the heat shock. 

  



 

123 

 

APPENDIX B 
RELATIONSHIP BETWEEN MUSSEL AGGREGATION AREA AND MUSSEL 

DENSITY 

We used Analysis of Variance (ANOVA) to examine the effect size and 

significance of Site on the average aggregation area and Analysis of Covariance 

(ANCOVA) to assess whether the slope of the relationship between aggregation 

area and the number of mussel in the aggregation differed among sites (n=17 

aggregations measured per site). Although the average aggregation area (mean 

[SD]: 0.039 [0.080] and 0.038 [0.67]) is similar at the two sites (Site: P=0.38, Fig. 

2), the relationship between aggregation area and the number of mussels is best-

fit by a power law function which differs significantly between field sites 

(ANCOVA: Site: P = 0.04).  

 

Figure B-1.  Relationship between the area of a mussel aggregation area and the 
number of mussels it contains.  
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APPENDIX C 
SOIL DEPOSITION MEASUREMENT 

To verify whether our method for quantifying soil accretion (i.e. inserting a 

small PVC rod into the marsh until it contacted the root mat) reflects differences 

in soil deposition, we secured a 7-cm diameter filter paper to the marsh with PVC 

anchor pins in a position that would not obstruct the filter-feeding activity of 

mussels or damage cordgrass stems within each plot (Smith and Frey 1985, 

Hensel et al. 1998). After 48 hours, we collected, oven-dried, and weighed the 

papers. We found that our short-term soil deposition measures was positively 

and significantly correlated with soil accretion depth (R2=0.46, P=0.0002), 

indicating our measures provide consistent evidence that mussels cause more 

sediment to accumulate on the marsh as aggregations become more dense.  

 

Figure C-1. Summary of the effect of mussel density on soil deposition rate. 
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APPENDIX D 
SOIL AMMONIA AND ORGANIC CARBON MEASUREMENTS 

To evaluate whether the short- term bait lamina test provided a reliable 

measure of decomposition, we collected four replicate (4.5 × 10cm, diam. × 

depth) soil cores and extracted porewater using rhizons from the top 10cm of the 

marsh to measure organic Carbon and ammonia concentrations, respectively. 

Due to time constraints, only 17 of our 24 plots were measured for porewater 

ammonia. A standard loss on ignition method was used to measure the percent 

organic Carbon in the soil (Craft et al. 1991) and the phenolhypochlorite method 

was used to measure ammonia in the porewater (Solorzano 1969). Because 

organic Carbon is consumed and ammonia produced during decomposition, their 

relative concentrations in the soil should decrease and increase, respectively, 

with increasing levels of decomposition. The decomposition of bait holes 

negatively correlated with percent soil organic Carbon (R2= 0.20, P= 0.02) and 

positively correlated with porewater ammonia (R2= 0.21, P=0.05, Fig A3), 

providing consistent lines of evidence that decomposition increases with 

increasing mussel density. 
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Figure D-1.  Relationship between mussel density and two measures related to 
decomposition. A) Effect of mussel density on soil organic C and B) 
porewater NH4

+. 
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APPENDIX E 
SUMMARY OF NULL, LINEAR, LOG, HYPERBOLIC, AND POWER MODEL 

COMPARISONS 

Table E-1.  Summary of five models describing the relationship between M, the 
number of mussels added, and Y, each response variable. The best-fit 
models for each relationship are those with the lowest AICc value. 

Response Parameters estimates 

 

 Model Types A B Z AICc ∆AIC AICc wt 

Functional group richness 

 Null, y= a 4.67 NA NA 72.0 30.04 1.91 * 10-7 

 Linear, y=a + bM 4.16 0.026 NA 60.2 18.27 6.87*10-5 

 Log, y=a +b*log(M+1) 3.35 0.61 NA 42.0 0 0.64 

 Hyperbolic, y= a*M/(b + M) 5.43 0.52 NA 83.9 41.92 5.03*10-10 

 Power, y=a+ bMz 2.66 1.09 0.23 43.1 1.13 0.36 

D        

 Null, y= a 1.7 NA NA 36.8 8.78 0.005 

 Linear, y=a + bM 1.48 0.011 NA 28.0 0 0.43 

 Log, y=a +b*log(M+1) 1.25 0.21 NA 28.1 0.07 0.41 

 Hyperbolic, y= a*M/(b + M) 2.01 0.82 NA 54.3 26.26 8.49*10-7 

 Power, y=a+ bMz 1.36 0.075 0.58 30.1 2.04 0.15 

Mud crabs 

 Null, y= a 0.67 NA NA 61.9 15.34 1.7*10-4 

 Linear, y=a + bM 0.23 0.022 NA 47.9 1.28 0.19 

 *Log, y=b*log(M+1) 0 0.33 NA 46.6 0 0.36 

 Hyperbolic, y= a*M/(b + M) 2.56 37.29 NA 48.5 1.91 0.14 

 *Power, y= bMz 0 0.16 0.56 46.9 0.29 0.31 

Marsh crabs 

 Null, y= a 0.75 NA NA 93.2 8.75 5.0 *10-3 

 Linear, y=a + bM 0.032 0.036 NA 84.7 0.21 0.36 

 *Log, y=b*log(M+1) 0 0.42 NA 85.6 1.08 0.23 

 Hyperbolic, y= a*M/(b + M) 0.37 -7.28 NA 97.4 12.88 6.4*10-4 

 *Power, y=a+ bMz 0 0.074 0.83 84.5 0 0.40 

Snails** 

 Null, y= a 183.92 NA NA 259.7 0.81 0.34 

 Linear, y=a + bM 197.7 -0.69 NA 258.9 0 0.52 

 Log, y=a +b*log(M+1) 197.78 -6.37 NA 261.5 2.63 0.14 

 Hyperbolic, y= a*M/(b + M) -6.21 41.21 NA 323.5 64.61 4.8*10-15 

Adult fiddler crabs 

 Null, y= a 7.08 NA NA 116.3 2.25 0.16 

 Linear, y=a + bM 7.77 0.035 NA 115.6 1.54 0.23 

 Log, y=a +b*log(M+1) 8.73 -0.76 NA 114.1 0 0.51 

 Hyperbolic, y= a+ M/ (b + M) 6.14 -0.38 NA 136.2 22.13 7.9*10-6 

 Power, y=a+ bMz 8.54 -0.55 0.41 117.4 3.33 9.5*10-3 

Juvenile fiddler crabs* 

 Null, y= a 28.08 NA NA 241.5 33.45 2.9*10-8 

 Linear, y=a + bM 5.29 1.15 NA 208.1 0 0.53 

 Log, y=a +b*log(M+1) 0 14.47 NA 222.7 14.66 3.4 *10-4 

 Hyperbolic, y= a*M/(b + M) 373.3 232.8 NA 208.9 0.81 0.35 

 Power, y=a+ bMz 4.89 1.28 0.97 210.8 2.9 0.12 

* y- intercept set to 0; ** Power function was not fit; *** Hyperbolic function was not fit 
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Table E-2.  Summary of five models describing the relationship between the 
number of mussels added (M) and each ecosystem function response 
(Y).  

Response Variable         Parameter estimates    

 Model A B Z AICc ∆AIC AICcwts 

Soil Accretion 

 Null, y= a 3.3 NA NA 104.9 44.15 1.3*10-10 

 Linear, y=a + bM 2 0.07 NA 73.9 13.13 7.3*10-4 

 Log, y=a +b*log(M+1) 0.49 1.29 NA 60.8 0 0.52 

 Hyperbolic, y= a*M/(b + M) 7.08 10.42 NA 64.8 4.08 6.8*10-3 

 Power, y=a+ bMz 0.89 0.77 0.46 61.2 0.48 0.41 

        

Infiltration** 

 Null, y= a 15.45 NA NA 231.2 20.03 3.8*10-5 

 Linear, y=a + bM 0 0.78 NA 211.1 0 0.85 

 Log, y=a +b*log(M+1) 0 8.56 NA 221.1 9.93 5.9*10-3 

 Power, y=a+ bMz 6.34 0.00007 3.14 214.6 3.45 0.15 

        

Decomposition 

 Null, y= a 0.61 NA NA -20.3 5.02 3.8*10-2 

 Linear, y=a + bM 0.55 0.0029 NA -25.3 0 0.46 

 *Log, y=b*log(M+1) 0.50 0.052 NA -24.9 0.47 0.37 

 Hyperbolic, y= a*M/(b + M) 0.66 0.18 NA 1.1 26.41 8.5*10-7 

 *Power, y= bMz 0.50 0.044 0.4 -22.8 2.49 0.13 

        

Aboveground cordgrass biomass 

 Null, y= a 68.48 NA NA 220.8 6.51 2.4*10-2 

 Linear, y=a + bM 57.64 0.53 NA 216.2 1.97 0.23 

 *Log, y=b*log(M+1) 44.81 10.7 NA 214.3 0 0.63 

 Hyperbolic, y= a*M/(b + M) 17.08 -8.13 NA 263.2 48.96 1.5*10-11 

 *Power, y=a+ bMz 49.08 5.82 0.48 217.7 3.44 0.11 

        

Belowground cordgrass biomass 

 Null, y= a 15.48 NA NA 92.2 0 0.59 

 Linear, y=a + bM 15.29 0.0094 NA 94.4 2.12 0.20 

 Log, y=a +b*log(M+1) 15.39 0.042 NA 94.9 2.63 0.16 

 Hyperbolic, y= a* M/(b +M) 15.66 0.12 NA 157.4 65.11 4.3*10-15 

 Power, y=a+ bMz 15.31 0.0027 1.29 97.3 5.05 4.7*10-2 

        

Benthic algae biomass 

 Null, y= a 16.56 NA NA 104.9 0 0.39 

 Linear, y=a + bM 16.33 0.01 NA 107.1 2.24 0.13 

 Log, y=a +b*log(M+1) 15.47 0.49 NA 104.9 0.06 0.38 

 Hyperbolic, y= a+ M/ (b+M) 17.51 0.19 NA 152.6 47.71 1.7*10-7 

 Power, y=a+ bMz 14.83 1.43 0.13 107.5 2.61 0.11 

Invertebrate biomass 

 Null, y= a 28.08 NA NA 241.53 33.45 2.9*10-8 

 Linear, y=a + bM 5.29 1.15 NA 208.08 0 0.53 

 Log, y=a +b*log(M+1) 0 14.47 NA 222.74 14.66 3.4 *10-4 

 Hyperbolic, y= a*M/(b + M) 373.3 232.8 NA 208.89 0.81 0.35 

 Power, y=a+ bMz 4.89 1.28 0.97 210.98 2.9 0.12 

* y- intercept set to 0; ** Power function was not fit; *** Hyperbolic function was not fit 
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Table E-3.  Summary of five models describing the effect mussels on 
multifunctionality, where M refers to the number of mussels added, Y 
refers to each response variable.  

          Parameters estimates 

Response 

Variable Model a B z AICc 

delta 

AIC 

AICc 

weights 

Average Multifunctionality 

 Null, y= a 53.77 NA NA 187.0 45.96 8.5*10-11 

 Linear, y=a + bM 44.46 0.45 NA 144.0 2.93 0.19 

 Log, y=a +b*log(M+1) 36.04 8.02 NA 152.5 11.43 2.7*10-3 

 Hyperbolic, y= a*M/(b + M) 65.27 1.03 NA 203.8 62.78 1.9*10-14 

 Power, y=a+ bMz 40.91 2.26 0.64 141.1 0 0.81 

        

Threshold Indices: the number of functions performed above a % of maximum functioning 

>10% threshold 

 Null, y= a 6.30 NA NA 34.2 15.7 2.4*10-4 

 Linear, y=a + bM 6.04 0.013 NA 18.5 0 0.62 

 Log, y=a +b*log(M+1) 5.80 0.23 NA 21.3 2.8 0.15 

 Hyperbolic, y= a*M/(b + M) 6.52 0.12 NA 108.9 90.4 1.5*10-20 

 Power, y=a+ bMz 5.95 0.054 0.68 20.6 2.1 0.22 

>30% threshold 

 Null, y= a 4.96 NA NA 87.7 19.8 2.7*10-5 

 Linear, y=a + bM 4.16 0.04 NA 70.0 2.1 0.19 

 Log, y=b*log(M+1) 3.30 0.76 NA 67.9 0 0.54 

 Hyperbolic, y= a*M/(b + M) 6.25 1.37 NA 101.4 33.5 2.9*10-8 

 *Power, y= bMz 3.66 0.33 0.54 69.3 1.4 0.27 

>50% threshold 

 Null, y= a 4.04 NA NA 91.9 27.9 4.2*10-7 

 Linear, y=a + bM 3.08 0.049 NA 63.8 0 0.49 

 Log, y=b*log(M+1) 2.18 0.86 NA 68.8 5.1 3.9*10-2 

 Hyperbolic, y= a*M/(b + M) 6.25 4.37 NA 93.9 30.1 1.4*10-7 

 *Power, y=a+ bMz 2.74 0.21 0.67 63.8 0.04 0.48 

>70% threshold 

 Null, y= a 2.96 NA NA 93.4 22.7 8.7*10-6 

 Linear, y=a + bM 2 0.048 NA 70.7 0 0.74 

 Log, y=a +b*log(M+1) 1.17 0.82 NA 76.2 5.5 4.7*10-2 

 Hyperbolic, y= a* M/(b + M) 5.09 5.97 NA 86.1 15.4 3.3*10-4 

 Power, y=a+ bMz 1.81 0.13 0.78 73.2 2.5 0.21 

>90% threshold 

 Null, y= a 1.04 NA NA 85.51 27.62 8.9*10-7 

 Linear, y=a + bM 0.23 0.041 NA 61.97 4.08 0.12 

 Log, y=a +b*log(M+1) 0 0.5 NA 75.36 17.47 1.4*10-4 

 Hyperbolic, y= a+ M/ (b + M) 0.24 -4.12 NA 96.81 38.92 3.1*10-9 

 Power, y=a+ bMz 0.52 0.000037 2.62 57.9 0 0.88 
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Table E-4. Summary of best fit model equations predicting the relationship 
between the number of mussels in an aggregation (M) and number of 
functions exceeding a range of percent of maximum functioning 
threshold values (Y). 

  Mussel treatment significance 

 Best-fit model T slope Texponent Pslope P exponent 

Threshold Index %     

10% Y = 0.013M + 6.04 5.06 NA <0.0001 NA 

30%  Y = 0.76*log(M+1) + 3.30  5.84 NA <0.0001 NA 

50%  Y = 0.049M + 3.08 7.52 NA <0.0001 NA 

70% Y = 0.048M + 2.00 6.42 NA <0.0001 NA 

90% Y = 0.052M2.62 + 0.00004 0.21 2.35 0.8397 0.0286 

 

Table E-5.  Summary of best fit model equations predicting the relationship 
between the effective number of functional groups, D, and both 
average multifunctionality and the number of functions exceeding a 
range of percent of maximum functioning threshold values (Y). 

Functional group diversity= D (i.e. eH’) 

Average multifunctionality Y = 0.29eH’ + 2.72 7.34 NA <0.0001 NA 

10% threshold Y= 0.92eH’ + 4.71 4.97 NA <0.0001 NA 

30% threshold Y= 0.65(log eH’+1)+ 2.65 7.97 NA <0.0001 NA 

50% threshold Y= 1.19*log(eH’+1)+ 5.61 7.39 NA <0.0001 NA 

70% threshold Y= 5.52*log(eH’+1)+ 0.11 5.29 NA <0.0001 NA 

90% threshold 
Y= 8.73*10-7(eH’)1.73+ 

0.61 

0.15 2.31 0.88 0.03 

 

 
 

Figure E-1.  Effect of invertebrate functional group diversity, measured as eH’ 

(Diversity), on the number of functions exceeding a range of threshold 
values, from 10 to 90% of maximum functioning. Points correspond to 
individual experimental plots and line fits reflect the best-fit model 
according to model comparison tests (see Table E-5 for line 
equations).  
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APPENDIX F 
FREQUENCY OF MUSSEL AGGREGATIONS OF DIFFERENT SIZES AT TWO 

SAPELO ISLAND SALT MARSH PLATFORMS 

 

Figure F-1.  Mussel distribution survey. The aggregate area- frequency 
distribution of mussel aggregations observed in 500 m2 areas surveyed 
in Sapelo Island, GA marsh platforms. 
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APPENDIX G 

CORDGRASS RECOVERY FROM SEEDS AND CLONAL GROWTH: AN 
EXPERIMENT 

To determine whether seed dispersal, clonal expansion, or both are 

reproductive modes by which cordgrass re-colonizes mudflats, we marked two, 

1m2 plots in a mudflat immediately adjacent to each of ten surviving cordgrass 

patches in May 2008. An intensive drought lasting from 2007 to early 2008 

generated the ~ 1,200m2 mudflat within which this experiment took place (CA 

and J.vK, personal observation). We assigned one plot in each pair one of two 

treatments: clonal ramet exclusion or control. To prevent cordgrass from 

colonizing via clonal growth and thus isolate the contribution of seeds to 

recovery, we used a flat shovel to install landscape fabric around the perimeter of 

each runner exclusion plot to a depth of 30cm, a depth below which cordgrass 

produces very few rhizomes (LPML, AJPS, TvH, MH, CA, unpublished data). 

Control plots were established 1m from each ramet exclusion and trenched with 

the shovel to account for disturbance effects. In July 2009, we determined 

percent cordgrass cover using a 100-cell frame positioned over each plot. In July 

2010 and October 2011, we modified our method to better assay the source of 

emergent shoots: in each unit, we tugged on each shoot to test whether it was 

anchored by a deep-penetrating rhizome, indicating it was a ramet, or not, 

indicating a seedling, and recorded the number of each. Shoots that emerged in 

the ramet exclusion identified as ramets were removed. We assigned the Patch 

as a random, blocking factor and Ramet Treatment as a fixed factor and 

analyzed the effect size and significance of each and their interaction using a 

mixed-effects ANOVA on the percent cover data from 2009. As we did not 
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observe a single cordgrass seedling in any plot over the duration of the 

experiment, multivariate analyses that incorporate responses of both cordgrass 

seeds and ramets were unnecessary. Consequently, we analyzed the effect size 

and significant of Patch (a random effect), Ramet Treatment, and their interaction 

over time on the number of ramets per plot using repeated measures ANOVA. 

After one year, we found that control plots enervated by cordgrass ramets 

had recovered to 33 ± 4 (mean ± SE) % cover while those with runners remained 

bare (Clonal Ramet Treatment t-test: P <0.0001). Similarly, after 2 and 3 years, 

we counted an average of >100 live shoots in ramet control plots while runner 

exclusions had zero seedlings (Clonal Ramet Treatment * Time repeated 

measures ANOVA; Time:T=-4.09, P=0.0003 Treatment * Time: T=2.67, P 

<0.0001, Figure G-1).  
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Figure G-1.  Effect of cordgrass clonal ramets and seeds (grey) and seeds only 

(i.e. ramet exclusion in black and zeros) on A) the percent cover of 
cordgrass after 1 year and B) on the number of cordgrass live shoots 
after 2 and C) 3 years in plots positioned in die off mudflats adjacent to 
surviving cordgrass patches. Data are shown as the mean ± SE of 10 
replicate plots per treatment.  
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APPENDIX H 
SAPELO ISLAND MUDFLAT CHARACTERISTICS 

Table H-1. Characteristics of 9 Sapelo Island, GA mudflats. Summary of GPS 
data collected in 2011 on the size of recently-formed mudflats and the 
distribution and cover of cordgrass-only patches and cordgrass 
patches-associated with mussels. These data were used to 
parameterize the SMR model. 

ID # 

Mudflat (m2) 

Border 

perimeter 

(m) 

# cordgrass-only 

patches 

# cordgrass  

patches with 

mussels 

% Initial Patch 

Cover 

1 22.888 27.663 0 1 4.61 

2 37.21 25.246 1 5 2.62 

3 59.27 32.577 4 7 6.92 

4 134.81 50.317 0 22 10.04 

5 311.436 80.31 18 55 3.73 

6 372.717 102.98 43 4 10.61 

7 380.22 95.209 31 30 16.30 

8 534.416 143.388 4 21 7.31 

9 1928.96 387.55 31 153 15.42 
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APPENDIX I 
SPATIAL DISTRIBUTION OF PATCHES IN SAPELO ISLAND MUDFLATS 

 

Figure I-1.  Summary of the remnant patch distribution in 4 mudflats. Examples of 
the spatial distribution of cordgrass patches surviving within mudflats 
(left panels) and Ripley’s K analysis (right panels) of those patches in 
Sapelo Island, GA mudflats. Ripley’s K values that fall above the 95% 
confidence intervals, indicated by the dotted lines, indicate patches are 
clustered at the spatial scale indicated on the x-axis (units in m) and 
values that fall below this interval indicate patches are over-dispersed 
at that spatial scale, while values in the middle indicate patches are 
randomly distributed.   
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APPENDIX J 
EFFECT OF MUSSELS ON CORDGRASS RECOVERY AT THE PATCH 

SCALE 

Methods 

To assess if mussels influenced the vigor with which cordgrass expands 

across mudflats and therefore influences re-colonization rates at the patch scale, 

we counted the number of cordgrass shoots emerging within a 25 × 25cm frame 

positioned along the initial border of each experimental mussel addition 

transplant (i.e. expansion shoot density) and measured the distance between the 

center of each transplant and the furthest cordgrass shoot observed (i.e. radial 

growth) and repeated these measurements in four locations around each 

transplant- see Methods in main text for full experimental design. To 

contextualize the results of our transplant experiment and explore whether the 

number of mussels associated with cordgrass patches regulates their radial 

growth, we marked the center and numbered 80 patches located within recently-

formed, drought-generated mudflats on Sapelo Island. For each patch, we 

counted the number of visible mussels, if any, associated with the patch and 

measured its radius in April 2010, and again in both April 2011 and April 2012 

using the method described above. We did not collect data on patches that 

coalesced with cordgrass stands that bordered mudflats or other patches as we 

could not determine the source of emergent shoots: consequently, we have data 

on 80, 71, and 64 patches in years 2010, 2011, and 2012, respectively. We 

calculated the lateral expansion, Y, of each patch, i, as the difference in the 

average patch radius, Ri, over the first year (Yi= Ri, 2011 - Ri, 2010), second year (Yi= 

Ri, 2012- Ri, 2011), and overall (Yi= Ri, 2012 - Ri, 2010). Since patch size can mediate 
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cordgrass expansion (Angelini and Silliman 2012) and may therefore interact with 

mussel density to control patch radial growth, we used multiple linear regression 

to investigate the individual and interactive effects of mussel density and initial 

patch area on radial growth in R (R Core Development Team 2012). 

Results 

Although mussels significantly reduced porewater salinity and increased 

ammonia, these seemingly beneficial changers were not associated with a 

concomitant increase in cordgrass transplant expansion. Instead, transplants 

expanded a similar distance across mudflats and produced a similar number of 

shoots in the expansion zone regardless of mussel presence (Mussel Treatment: 

T1,22 ≤ 0.98, P ≥ 0.34, Figure J-1). In following, monitoring of naturally occurring 

patches revealed that neither the number of mussels that associate with patch 

nor the initial size of a remnant patch had a significant effect on the lateral 

expansion of cordgrass patches after 1 or 2 years or on the expansion between 

years 1 and 2 (Mussel Density: T≤ 0.86, P≥0.40, Initial Patch Size: T≤ 1.6, P ≥ 

0.12). Over one year, experimental cordgrass transplants expanded 27 ± 2cm 

(mean ± SE, range: 8.5 to 46cm), while naturally occurring patches expanded 29 

± 3 cm (range: -1 to 127cm), on average. 
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Figure J-1.  Effect of mussels on patch expansion. Effect of experimental addition 
of mussels on A) the growth of cordgrass patches transplanted into 
mudflats after 16 months, measured in terms of radial expansion and 
B) the number of cordgrass expansion shoots and C) growth of natural 
cordgrass patches that survived within mudflats after 1 (dark grey 
points) and 2 years (light grey points) as well as D) a summary of path 
analysis conducted on natural patch expansion results. Data are 
shown as mean ± SE of 12 replicate transplants per treatment in A-D.  
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Implications 

Although experimental addition of mussels increased ammonia 

concentrations, a nutrient that typically limits cordgrass growth in southeastern 

US salt marshes (Silliman and Zieman 2001), it did not have a detectable effect 

on cordgrass patch expansion.  Likewise, neither the number of mussels a patch 

was associated with nor its initial size drove predictable variation in natural patch 

expansion over two years. Together, these experimental and correlational results 

indicate that remnant patch expansion is not likely limited by nutrients or water, 

i.e. resources that mussels modify, over the period of time that we monitored 

growth. Given that ample rain fell on Sapelo Island marshes as drought subsided 

and decomposition of dead plant material likely created pools of nutrients in 

mudflat soils, it makes sense that mussels had a negligible effect on cordgrass 

re-colonization at the patch scale. Importantly, 78 of the 80 natural patches we 

monitored recolonized progressively more mudflat over time through their radial 

expansion, so much so that many (20%) had coalesced with another patch or 

border after only two years.  
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APPENDIX K 

R CODE FOR THE SPARTINA RECOVERY MODEL 

# Salt Marsh Recovery Model 

# Christine Angelini & Johan van de Koppel - April 2014 

# First setup of the model 

remove(list=ls())     # Remove all variables from memory 

on=1;off=0;           # Declaration of the terms on and off 

require("simecol")    # Loading package simecol http://simecol.r-forge.r-project.org/ 

require("R.matlab")   # A package that allows the data to be saved to matlab, for movie making 

setwd("C:/Users/ ")  # Set this to the folder containing the scripts below 

# Loading the functions that create the fractal and regular patches functions 

source('RandomFractalPatches.r', echo=FALSE) 

source('RegularPatches.r', echo=FALSE) 

# ----- Settings of the simulation 

# Remaining vegetation patches distribution, being "Random", "Fractal", "Even", "Bare"  

## See additional code to get Fractal or Even patches below 

Patches = "Fractal" 

Border  = on; 

Bare = 1 

Patch = 2 

Borders = 3 

# ----- Model parameters ----------------------------------------------------- 

Alpha1 =  0.5  # Probability of bare cell becoming colonized by a border, if all neighbors are colonized  

Alpha2  = 0.7           # Probability of bare cell becoming colonized by a patch, if all neighbors are colonized  

FractionPatch=0.073     # Fraction of cells occupied by patches 

CoverThreshold = 1      # If the cover goes beyond this value, the return time is measured 

# Simulation parameters 

n       = 12          # Dimensions of the simulated landscape 

EndTime = 60          # Number of timesteps in the whole simulation 

NoFrames= EndTime       # Number of frames displayed during the entire simulation 

# Initialisation of the variables 

wdist8=matrix(nrow=3,c(1,1,1,1,0,1,1,1,1)) 

Neighbourhood=wdist8              # Matrix of influence for growth            # Matrix of influence of borders 
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NumberNeighbors=sum(Neighbourhood) 

# Initial values of the Cell matrix 

# Building the matrix containing the vegetation is declaired (3 = patch, 2 = veg, 1 = bare) 

Cells = matrix(ncol=n,nrow=n, data=1)  # An empty stretch of marsh 

if (Patches=="Random"){  # random number for each cell 

PatchVector = (runif((n-2)*(n-2))<FractionPatch) + 1  

Cells[2:(n-1),2:(n-1)] = matrix(ncol=n-2,nrow=n-2, data=PatchVector) 

} else if (Patches=="Fractal") { # a fractal field is generated 

  Cells[2:(n-1),2:(n-1)] = RandomFractalPatches(n-2,0.001,FractionPatch) + 1 

} else if (Patches=="Even") { # a field of regularly-spaced dots is generated 

  Cells[2:(n-1),2:(n-1)] = RegularPatches(n-2,FractionPatch) + 1} 

# if you want a border, then the edges are filled with vegetation (e.g., set to 2) 

if (Border==on){Cells[1,]=3, Cells[n,]=3, Cells[,1]=3, Cells[,n]=3} 

# Vector where the cover for each time step is stored 

PatchCells_in_Time = matrix(ncol=EndTime,nrow=1, data=NA) 

BorderCells_in_Time= matrix(ncol=EndTime,nrow=1, data=NA) 

BareCells_in_Time = matrix (ncol=EndTime, nrow=1, data=NA) 

PatchCover_in_Time= matrix (ncol=EndTime, nrow=1, data=NA) 

BorderCover_in_Time= matrix (ncol=EndTime, nrow=1, data=NA) 

TotalCover_in_Time = matrix(ncol=EndTime,nrow=1, data=NA) 

# Array where the matrix is stored each timestep 

Cells_in_Time = array(data=0,dim = c(n,n,NoFrames)) 

ii=EndTime                    # This is the plotcounter 

# ------- Setting up the figure ------------------------------------------ 

## Open a graphics window (Darwin stands for a Mac computer) 

if (Sys.info()["sysname"]=="Darwin"){quartz(width=6, height=6, title="Salt marsh resilience model") 

} else {win.graph(width = 6, height = 6) } # Then, plot the image for the first time 

image(Cells, zlim=c(1,3), xaxt="n", yaxt="n", col = c("black", "dark green","green"), sub = "Green = 

vegetation; dark green = patches; Black=bare") 

ReturnTime=NaN         #  

ReturnTimeTrigger=on 

jj = 1; # Counter for each graph update  

readline(prompt = "Press enter to run") 

# ------------ The simulation loop --------------------------------------- 
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for (Time in 1:EndTime){ 

  SumBorderOccu=matrix(nrow=n,neighbours(x=Cells,state=3,wdist=Neighbourhood)) 

  SumPatchOccu=matrix(nrow=n,neighbors(x=Cells, state=2,wdist=Neighbourhood)) 

  NBord=SumBorderOccu/NumberNeighbors  # NBord is the proportion of neighbors that are Borders 

  NPatch=SumPatchOccu/NumberNeighbors #NPatch is the proportion of neighborsPatch  

  Rb=matrix(nrow=n,data=runif(n*n)) # random number for each cell 

  Rp=matrix(nrow=n,data=runif(n*n)) # random number for each cell 

  ColonisationBorder= 2*((Cells==Bare)&(Rb<=(NBord*Alpha1))&((NBord*Alpha1)>(NPatch*Alpha2)))  

  ColonisationPatch= (Cells==Bare)&(Rp<=(NPatch*Alpha2))&((NPatch*Alpha2)>(NBord*Alpha1)) 

  # Combining it all the calculate the new cell state 

  Cells = Cells + ColonisationBorder + ColonisationPatch  

  # Graphic representation of the model every now and then 

  if (ii>=EndTime/NoFrames){ 

    image(Cells, zlim=c(1,3), xaxt="n", yaxt="n", col = c("black", "dark green","green"), sub = "Dark Green 

= patch;Green=Patch; Black=bare", add = TRUE)    #quartz.options(title=paste("Time : 

",sprintf("%20.0f",Time), 

     #                          "of" ,sprintf("%20.0f",EndTime), "years")) 

    Cells_in_Time[,,jj] = Cells; 

  ii=0      # Resetting the plot counter   

  jj=jj+1   # Increasing the graph update counter by 1 } 

  ii=ii+1 # The plot counter is updated 

  PatchCells_in_Time[Time]=sum(Cells==2) #to measure patch growth over time 

  BareCells_in_Time[Time]=sum(Cells==1) #to measure the initial size of bare mudflat and rate of closure 

over time 

  BorderCells_in_Time[Time]=sum(Cells==3) #to measure border advancement  

  PatchCover_in_Time[Time]=sum(Cells==2)/n/n  

  BorderCover_in_Time[Time]=sum(Cells==3)/n/n 

  TotalCover_in_Time[Time]=(PatchCover_in_Time[Time]+BorderCover_in_Time[Time]) 

  if(TotalCover_in_Time[Time]>=CoverThreshold && ReturnTimeTrigger==on) 

  {ReturnTime=Time 

    ReturnTimeTrigger=off;}} 

plot(1:EndTime,TotalCover_in_Time, xlab="Time (yr)")   

if(is.nan(ReturnTime)) { cat('The vegetation did not recover')}  

else {   cat(sprintf('Return time: %1.0f years', ReturnTime))} 

write.csv(t(TotalCover_in_Time), file=’XXX..csv', row.names=FALSE) 
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write.csv(t(BareCells_in_Time), file='XXX.csv', row.names=FALSE)  

Fractal Patch Code 

RandomFractalPatches <- function(N,H,C){ 

# RandomFractalPatches(N,H,C) #  N = The size of array X along one dimension, #  H = Hurst coeffcient; 

0 < H < 1 determines fractal dimension D = 3 – H, #  C = The cover of the patches 

require("fields") 

A=matrix(ncol=N,nrow=N,data=0+0i) 

for(i in 0:N/2) 

  {for(j in 0:N/2) 

      {phase = 2*pi*runif(1) 

        if((i!=0) | (j!=0)){rad=(i*i+j*j)^(-(H+1)/2)*rnorm(1) } else{rad=0} 

        A[i+1,j+1]=complex(real=rad*cos(phase), imaginary=rad*sin(phase)) 

        if(i==0){i0=0} else{i0=N-i} if(j==0){j0=0} else{j0=N-j} 

        A[i0+1,j0+1] = complex(real=rad*cos(phase),imaginary=-rad*sin(phase))}}     

A[N/2+1,0+1]=complex(real=Re(A[N/2,0]),imaginary=0) 

A[0+1,N/2+1]=complex(real=Re(A[0,N/2]),imaginary=0) 

A[N/2+1,N/2+1]=complex(real=Re(A[N/2,N/2]),imaginary=0) 

for(i in 1:(N/2-1)){ 

  for(j in 1:(N/2-1)){ 

    phase=2*pi*runif(1) 

    rad=(i*i+j*j)^(-(H+1)/2)*rnorm(1) 

    A[i+1,N-j+1]=complex(real=rad*cos(phase),imaginary=rad*sin(phase)) 

    A[N-i+1,j+1]=complex(real=rad*cos(phase),imaginary=-rad*sin(phase))}} 

RandomField=Re(fft(A,inverse=TRUE)) 

D=sort(RandomField) 

Threshold=D[floor(N*N*C)+1] 

Result=(RandomField<Threshold)*1 

return(Result)} 

Uniform Patch Code 

RegularPatches <- function(N,Cover) 

{require("fields") 

#Cover=1/21; 

#N=25; 

# Calculating the distance between the points (in one dimension) 
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Scale=floor(1/sqrt(Cover))  

NP=floor(N/(Scale)) 

 Margin=ceiling((N-Scale*(NP-1))/2) 

Cells=matrix(nrow=N,ncol=N,data=0) 

Cells[Margin+(0:(NP-1))*Scale,Margin+(0:(NP-1))*Scale]=1 

cat(paste('Realized cover:', sum(Cells)/N/N)) 

return(Cells)} 
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APPENDIX L 
SUMMARY OF DROUGHT-GENERATED MUDFLATS AND REMNANT PATCH 

COVER ACROSS THE SOUTHEASTERN US COAST 

Table L-1.  Cordgrass die off and resistance along the southeastern US coast. 
Summary of cordgrass die off extent and the distribution of cordgrass 
patches surviving in die off areas associated with mussels in marshes 
in Georgia and South Carolina where significant cordgrass die off was 
observed in April 2012. The mean and range of measurements are 
shown for all mudflats observed within each marsh sites. 

 

Site 

(Latitude, Long) 

Mudflats 

per site 

Mudflat area 

m2 

% Mudflat 

vegetated 

Aspect ratio 

of mudflat 

All patches 

m-2 

%Patches with 

mussels 

Measurements 

displayed Total Sum (range) Mean (range) Mean (range) Mean (range) Mean (range) 

Charleston, SC 

32°46'46.14"N, 

79°57'54.07"W 

5 1688 

(30-759) 

2.0 

(0.0 - 3.5) 

 

0.55-0.83 

0.016 

(0 – 0.053) 

50 

(17- 83) 

Folly Beach, SC 

32°46'8.30"N, 

79°58'18.94"W 

7 6763 

(100-2880) 

1.8 

(0.0 - 6.9) 

0.55 

(0.36-1) 

0.014 

(0 - 0.029) 

80 

(23- 100) 

West Ashley, SC 

32°46'25.36"N, 

80° 0'4.24"W 

3 7646 

(625-1351) 

3.1 

(1.0 - 7.6) 

0.70 

(0.31-1) 

0.022 

(0.014- 

0.031) 

91 

(76- 100) 

Seabrook Isl., SC 

32°34'57.07"N, 

80°10'29.65"W 

6 6070 

(120-3750) 

0.5 

(0 .0 - 1.3) 

0.33 

(0.17-0.69) 

0.018 

(0- 0.015) 

63.8 

(75- 100) 

Port Royal, SC 

32°23'18.16"N 

80°46'5.93"W 

8 11259 

(21-7350) 

1.2 

(0.0 - 0.7) 

0.48 

(0.16- 1) 

0.014 

(0 – 0.056) 

87.5 

(75-100) 

Fort Pulaski, GA 

32° 1'25.50"N, 

80°55'25.35"W 

11 2563 

(180 – 435) 

4.4 

(4.2 - 4.9) 

0.52 

(0.17-1) 

0.034 

(0- 0.052) 

53.8 

(0- 100) 

Sapelo Isl., GA, 

Oakdale marsh 

31°24'26.11"N, 

81°17'24.97"W 

6 1759 

(44- 823) 

6.6 

(1.4-10.4) 

0.50 

(0.21-0.80) 

0.097 

(0.023- 0.17) 

64.8 

(9- 100) 

Sapelo Isl., GA 

Lighthouse marsh 

31°23'29.54"N, 

81°16'32.82"W 

3 2438 

(151-1990) 

7.7 

(7.1 – 17.1) 

0.51 

(0.24-0.91) 

0.161 

(0.092-0.25) 

86.2 

(75- 100) 

Jekyll Isl., GA 

31° 5'27.68"N, 

81°29'20.49" 

4 11808 

(90-5808) 

1.2 

(1.1 - 1.6) 

0.36 

(0.19-0.77) 

0.046 

(0.036- 

0.054) 

67.3 

(29-98) 
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APPENDIX M 

RAINFALL IN SUMMER 2012: SALINITY MONITORING PERIOD 

 
Figure M-1.  Daily precipitation on Sapelo Island, GA over summer 2012 when 

monitoring of porewater salinity was conducted (source: GCE-LTER 
Marsh Landing weather station: http://gce-
lter.marsci.uga.edu/public/data/data.htm). 
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