
 

1 
 

INSIGHTS INTO THE MECHANISMS OF IRON REDUCTIVE DISSOLUTION IN 
VADOSE ZONE SOILS AND IMPLICATIONS FOR LANDFILL ACTIVITIES: 

PREDICTING THE POTENTIAL FOR GROUNDWATER POLLUTION 

 
 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

By 
 

AKUA BONSU OPPONG-ANANE 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

 
A DISSERTATION PRESENTED TO THE GRADUATE SCHOOL 
OF THE UNIVERSITY OF FLORIDA IN PARTIAL FULFILLMENT 

OF THE REQUIREMENTS FOR THE DEGREE OF 
DOCTOR OF PHILOSOPHY 

 
UNIVERSITY OF FLORIDA 

 
2014 



 

2 
 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

© 2014 Akua Bonsu Oppong-Anane  
 
 

 
  



 

3 
 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

To Mum, Dad, Abena and Grandma  
 
 
 

 



 

4 
 

ACKNOWLEDGMENTS 

I thank Dr Jean-Claude Bonzongo for the discussions and wealth of knowledge I 

have gained from him as well as all the members of his present and past research 

group especially Dr Augustine Donkor and his family. I would like to thank my 

committee members, Drs Willie Harris, Timothy Townsend and Joseph Delfino for their 

helpful suggestions and the use of their laboratories during my research. I thank the 

staff at the Environmental Engineering Sciences department especially Melissa 

Centurion and Randy Switt for all of their assistance. I thank my parents, Dr Kwame 

Oppong-Anane and Mrs Felicia Oppong-Anane for their encouragement and support. I 

thank my sister, Dr Abena Oppong-Anane and her husband Mr Evans Abbey for always 

being there for me. I thank my grandmother, Comfort Kyeremah for being my rock. I 

thank the Corry Village staff of the Graduate and Family Housing Department, 

especially Thomas Germain, Evelyn Jackson, Patricia Jordan, Lesa Boykin, Jason 

Fraser-Nash, Sandra Orozco, Lindsay Laytner, Shauna Davis and all of the community 

and student assistants for their support. I thank all the friends at the University of Florida 

who have supported and shared this journey with me, especially Drs Mariela Rodriguez, 

Kwame Sefah, Edmund Azah, Kwabena Amponsah-Manager, Lucy Ngatia, Abraham 

Boateng, Pam Monterolla and Joy Guingab, Darina Palacio and Miguel Lugo. I thank 

Jeremy Long, the Ecclestons, Ingrims, Adesogan, Beth, Dr Ethel April Owusu, Pastor 

Mac Wilkins and the congregation at the Family Church. I thank members of the 

Ghanaian community in Gainesville and the Osei family who have helped me to feel at 

home here and my friends in Ghana especially my Ridge Church family, the staff at 

Water Research Institute, Linda Dunn and the Quist Therson family, my extended family 

in the UK and my former classmates in Australia. 



 

5 
 

TABLE OF CONTENTS 

 page 

ACKNOWLEDGMENTS .................................................................................................. 4 

LIST OF TABLES ............................................................................................................ 8 

LIST OF FIGURES .......................................................................................................... 9 

LIST OF ABBREVIATIONS ........................................................................................... 12 

ABSTRACT ................................................................................................................... 14 

CHAPTER 

1 IRON REDUCTIVE DISSOLUTION IN SOILS/SEDIMENTS AND 
GROUNDWATER CONTAMINATION: RESEARCH PROBLEM STATEMENT ..... 16 

Introduction ............................................................................................................. 16 
Problem Statement ................................................................................................. 17 
Organization of Dissertation .................................................................................... 24 

2 BIOGEOCHEMISTRY OF IRON OXIDES IN SOILS: A REVIEW ........................... 29 

Iron as an Important Nutrient .................................................................................. 29 

Occurrence of Iron in the Environment ................................................................... 29 

Iron Oxides ....................................................................................................... 30 

Properties of Iron Oxides .................................................................................. 31 
Iron Oxides in Soils ................................................................................................. 33 

Background Sources of Iron Oxides ................................................................. 33 

Anthropogenic Sources of Iron Oxides in Soils ................................................ 35 
Mechanisms of Dissolution of Iron Oxides .............................................................. 36 

Dissolution by Protonation ................................................................................ 37 
Dissolution by Complexation ............................................................................ 38 
Reductive Dissolution of Iron Oxides ................................................................ 39 

Biotic and Abiotic Reductive Dissolution of Iron Oxides .......................................... 41 
Biotic Reductive Dissolution of Iron Oxides ...................................................... 42 
Abiotic Reductive Dissolution ........................................................................... 44 
Potential for Soil Fe (III) Oxides to Act as an Fe Source of Groundwater 

Contamination ............................................................................................... 44 

3 IRON REDUCTIVE DISSOLUTION IN SOILS AS A FUNCTION OF ORGANIC 
CARBON TYPES AND DEGREE OF CRYSTALLIZATION OF IRON OXIDE 
MINERALS: IMPLICATIONS FOR GROUNDWATER POLLUTION BY 
LANDFILLS ............................................................................................................. 46 

Introduction ............................................................................................................. 46 



 

6 
 

Materials and Methods............................................................................................ 49 
Vadoze Soil Sample Collection and Handling .................................................. 49 
Characterization of Collected Vadose Zone Soil Samples ............................... 51 

Organic Compounds Used as Energy Source and Microbial Reductive 
Dissolution of Soil Fe-oxide Minerals ................................................................... 53 

Iron Reductive Dissolution Experiments ........................................................... 55 
Iron Analysis ..................................................................................................... 56 

Results and Discussion........................................................................................... 57 

Physicochemical Characteristics of Collected Soils ......................................... 57 
Fe-reductive Dissolution in Soils Treated with Glucose as Model Organic 

Compound ..................................................................................................... 58 
The ph-Eh Theory on the Conditions of Formation of FeS/FeS2 and FeCO3 .... 59 
Characteristics of Used Landfill Leachate and its Ability to Promote Fe-

Reductive Dissolution .................................................................................... 63 
Relevance of the Chemistry of Used Sources of Organic Carbon in the 

Reductive Dissolution of Soil Iron .................................................................. 64 

Conclusions on Fe Reductive Dissolution Experiments with Organic Matter .......... 66 

4 ASSESSING THE POTENTIAL OF ABIOTIC IRON REDUCTIVE 
DISSOLUTION IN VADOZE ZONE SOILS USING SULFIDE AS ELECTRON 
DONOR .................................................................................................................. 82 

Introduction ............................................................................................................. 82 

Materials and Methods............................................................................................ 85 
Vadoze Soil Sample Collection and Handling .................................................. 85 
Characterization of Collected Vadose Zone Soil Samples ............................... 86 

Iron Reductive Dissolution Experiments with Dissolved Sulfide ....................... 87 
Preparation of Sulfide Solutions ....................................................................... 88 

Sulfide Analysis and Sulfide Speciation ........................................................... 89 
Iron Analysis ..................................................................................................... 90 

Statistical Analyses .......................................................................................... 91 
Results and Discussion........................................................................................... 92 

Disappearance of Dissolved Sulfide from Solution ........................................... 92 

Sulfide Induced Iron Reductive Dissolution ...................................................... 94 
Conclusions ............................................................................................................ 97 

5 PREDICTING THE POTENTIAL OF VADOSE ZONE SOIL IRON TO 
UNDERGO REDUCTIVE DISSOLUTION ............................................................. 109 

Introduction ........................................................................................................... 109 
Materials and Methods.......................................................................................... 111 

Hematite as Source of Iron—Characterization ............................................... 111 
Fe-Reductive Dissolution Experiments ........................................................... 112 
Analysis of Fe ................................................................................................. 112 

Predictive Tools .............................................................................................. 113 
Results and Discussion......................................................................................... 114 

Hematite as Source of Iron—Characterization ............................................... 114 



 

7 
 

Fe-Reductive Dissolution from Hematite as a Function of Key 
Environmental Parameters .......................................................................... 114 

Conclusions .......................................................................................................... 118 

6 GENERAL CONCLUSIONS AND RECOMMENDATIONS FOR FUTURE 
WORK ................................................................................................................... 125 

APPENDIX 

A SUPPLEMENTARY TABLES ............................................................................... 130 

B SUPPLEMENTARY FIGURES ............................................................................. 132 

LIST OF REFERENCES ............................................................................................. 141 

BIOGRAPHICAL SKETCH .......................................................................................... 153 

 
 



 

8 
 

LIST OF TABLES 

Table  page 
 
3-1 Physiochemical characteristics of collected vadose zone soil samples. ............. 69 

4-1 pH and analytically determined initial concentrations of sulfide in the soil 
slurries prepared in triplicates for each of the tested soils. ................................. 99 

4-2 Rates of disappearance of dissolved sulfide (mg S.L-1.day-1) in soil slurries 
treated with Na2S.9H2O. ................................................................................... 100 

4-3 Rates of iron released to the aqueous phase and present as dissolved Fe(II) 
(0.45μm) in soil reacted with reduced sulfur solution added as Na2S.9H2O. .... 101 

4-4 Rates of iron reductive dissolution calculated based on “Total-Fe(II)” 
concentrations (i.e. sum of Fe(II)aq and Fe(II)S) in the aqueous phase of soil 
mixed with reduced sulfur added as Na2S.9H2O. ............................................. 102 

5-1 Concentrations of iron released per kg of soil treated with landfill leachate as 
compared to model’s predictions based on total (CDB extract) and 
amorphous (AAO) iron using the 12 tested soil samples. ................................. 120 

A-1 Rates of dissolved Fe(II) (mg/kg.day) released in soil slurries. ........................ 130 

A-2 Rates of dissolved Fe(II) (mg/kg.day) released in soil slurries expressed in 
percentages (%) of the soil total Fe concentrations. ......................................... 131 

 
 



 

9 
 

LIST OF FIGURES 

Figure  page 
 
1-1 Temporal trends of iron (Fe) and chloride (Cl-) in groundwater samples at the 

Aucilla Area Solid Waste Facility. ....................................................................... 26 

1-2 Vadose zone soils impacted by unlined C & D landfills. ..................................... 27 

1-3 Vadose zone soils impacted by lined municipal and hazardous solid wastes. ... 28 

3-1 Illustration of vadose zone soil sample collection strategy. ................................ 68 

3-2 XRD spectra of soils samples collected from the Klondike Landfill Site. ............ 70 

3-3 XRD spectra of soils. A) Sample 3 collected from the site of the New River 
Regional Landfill. B) Sample 4 collected from the site of the Alachua County 
Landfill. ............................................................................................................... 71 

3-4 Rates of Fe(II) release from the tested soils as a function of organic carbon 
(added as glucose) concentrations ..................................................................... 72 

3-5 Rates of Fe(II) release from the tested soils when treated with 36g of organic 
carbon/L, added as glucose. .............................................................................. 73 

3-6 Rates of Fe(II) release from the tested soils when treated with 18g of organic 
carbon/L, added as glucose. .............................................................................. 74 

3-7. Rates of Fe(II) release from the tested soils when treated with 9g of organic 
carbon/L, added as glucose. .............................................................................. 75 

3-8: Example XRD spectra of control and glucose (18g C/L) treated soil sample 3 
after incubation under anaerobic conditions ....................................................... 76 

3-9 Fluorescence excitation-emission matrix (EEM) spectrum of the landfill 
leachate used as source of organic carbon in Fe(II) release experiments. ......... 77 

3-10 Rates of Fe(II) release from different soils, each exposed to a final 
concentration of 1.125g of organic carbon per liter, added as landfill leachate. . 78 

3-11 Concentration of Fe(II) released by soil treated with landfill leachate (1.125g 
C/L) as a function of different soil Fe portions. ................................................... 79 

3-12 Correlation between rates of Fe(II) (expressed as fraction of total Fe content) 
released by each of the 12 tested soils following the addition of  9g C/L 
glucose and 1.125g C/L landfill leachate. ........................................................... 80 

3-13 Relationship between total (CDB) and amorphous (AAO) iron concentrations 
in analyzed soils. ................................................................................................ 81 

file:///C:/Users/Akua%20Oppong-Anane/Documents/Dissertation/Final%20dissertation/AKUA-DISSERTATION-WITH%20CHANGES-12-16-2013%20(1)%20-%20Copy.docx%23_Toc375286867


 

10 
 

4-1 Temporal concentration trends of the different fractions of Fe(II) released 
from soil treated with a solution of reduced sulfur added as Na2S.9H2O. ......... 103 

4-2 Rates of iron reductive dissolution from zone-1 soils expressed as mg Fe.kg-

1day-1 and rates of disappearance of reduced S from solution in mg S.L-

1day1. ................................................................................................................ 104 

4-3 Rates of iron reductive dissolution in zone-3 soil samples expressed as mg 
Fe.kg-1day-1 and rates of disappearance of sulfide in mg S.L-1day-1. ................ 105 

4-4 Rates of iron reductive dissolution calculated using data obtained after a 
reaction time of t=30 minutes. .......................................................................... 106 

4-5 Rates of iron reductive dissolution calculated using data obtained after a 
reaction time of t=60 minutes. .......................................................................... 107 

4-6 Rates of iron reductive dissolution calculated using data obtained after a 
reaction time of t=90 minutes. .......................................................................... 108 

5-1 XRD spectra of the hematite sample used in reductive dissolution 
experiments to help develop a Fe-dissolution model as a function of organic 
matter, pH, and ionic strength........................................................................... 121 

5-2 Fe released from hematite exposed to aqueous solutions containing 
increasing concentrations of organic carbon added as glucose in the 
presence of a consortium of bacteria from an anaerobic digester. ................... 122 

5-3 Fe released from hematite exposed to aqueous solutions of increasing 
concentrations of protons (i.e. decreasing pH) and containing bacteria from 
an anaerobic digester. ...................................................................................... 123 

5-4 Fe released from hematite exposed to aqueous solutions of increasing ionic 
strengths and containing bacteria from an anaerobic digester. ........................ 124 

6-1 Comparative flow chart of the experimental (left) and modeling (right) studies 
conducted in this research ................................................................................ 129 

B-1 XRD spectra of Sample 5 collected at location 1 of the UF/IFAS Plant 
Science Research and Education Unit ............................................................. 132 

B-2 XRD spectra of samples collected at location 2 of the UF/IFAS Plant Science 
Research and Education Unit. .......................................................................... 133 

B-3 XRD spectra of samples collected from location 1 at the Austin Carey 
Memorial Forest. ............................................................................................... 134 

B-4 XRD spectra of sample 10 collected from the Ordway Swisher Biological 
Station. ............................................................................................................. 135 



 

11 
 

B-5 XRD spectra of sample 11 collected from horizon E3 at location 1 of the 
Austin Carey Memorial Forest. ......................................................................... 136 

B-6 XRD spectra of sample 12 collected from horizon E3 at location 2 of the 
Austin Carey Memorial Forest. ......................................................................... 136 

B-7 Rates of iron reductive dissolution from zone-1 soils expressed as mg Fe.kg-
1day-1 and rates of disappearance of reduced S from solution in mg S.L-1day-

1. ....................................................................................................................... 137 

B-8 Rates of iron reductive dissolution from zone-2 soils expressed as mg Fe.kg-

1day-1 and rates of disappearance of reduced S from solution in mg S.L-1day-

1. ....................................................................................................................... 138 

B-9 Rates of iron reductive dissolution from zone-2 soils expressed as mg Fe.kg-

1day-1 and rates of disappearance of reduced S from solution in mg S.L-1day-

1. ....................................................................................................................... 139 

B-10 Rates of iron reductive dissolution from zone-2 soils expressed as mg Fe.kg-

1day-1 and rates of disappearance of reduced S from solution in mg S.L-1day-

1 ........................................................................................................................ 140 

   



 

12 
 

 
LIST OF ABBREVIATIONS 

ACMF Austin Carey Memorial Forest 

AMD Acid Mine Drainage 

As Arsenic 

Ca Calcium 

Cd Cadmium 

CDB Citrate Dithionite Bicarbonate 

Cu Copper 

Cr                            Chromium 

DOC Dissolved Organic Carbon 

EPA Environmental Protection Agency 

FDEP Florida Department of Environmental Protection 

Fe Iron 

FeS Iron Monosulfide 

HMWOM                 High molecular weight organic matter 

LMWOM                  Low molecular weight organic matter 

LOI Loss on Ignition 

MCL Maximum Contaminant Level 

O Oxygen 

OC                           Organic Carbon 

OM Organic Matter 

PA Pine Acres 

Pb                            Lead 

S Sulfur 

SOC Soil Organic Carbon 



 

13 
 

SOM Soil Organic Matter 

TOC Total Organic Carbon 

XRD X-ray Diffraction 

Zn Zinc 



 

14 
 

Abstract of Dissertation Presented to the Graduate School 
of the University of Florida in Partial Fulfillment of the 
Requirements for the Degree of Doctor of Philosophy 

 
INSIGHTS INTO THE MECHANISMS OF IRON REDUCTIVE DISSOLUTION IN 

VADOSE ZONE SOILS AND IMPLICATIONS FOR LANDFILL ACTIVITIES: 
PREDICTING THE POTENTIAL FOR GROUNDWATER POLLUTION 

By 

Akua Bonsu Oppong-Anane 
 

May 2014 
 

Chair: Jean-Claude J. Bonzongo 
Major: Environmental Engineering Sciences 
 

Anomalously high iron (Fe) concentrations have been measured in groundwater 

samples collected from monitoring wells downstream of several landfill units in Florida. 

Based on monitoring data, vadose zone soils and aquifer sediments impacted by 

landfills could be sources of Fe that pollutes the groundwater, and not landfilled wastes. 

Therefore, the objectives of this study were to investigate the reductive dissolution of 

soil-Fe as a function of biotic and abiotic processes; and to lay the groundwork for the 

development of a geochemical solubility model for Fe. 

Soil samples were collected from different locations in North Florida, using a 

sampling strategy that included samples with a gradient in the degree of Fe-mineral 

crystallization. After characterization, soil samples were used in biotic (using bacteria 

from an anaerobic digester) and abiotic (using sulfide as electron donor) Fe-reductive 

dissolution batch studies. Fe(II) was released from all soils in concentrations that 

exceeded the secondary drinking water limit of 0.3 mg/L, when treated with bacteria and 

organic carbon (OC) or with sulfide but under abiotic conditions. Microbial respiration of 

OC in soils appears to be a major pathway and could lead to Fe-reductive dissolution in 
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Fe-rich soils that interact with OC-rich waters or leachates. The rates of Fe-reductive 

dissolution were positively correlated with soil Fe content when glucose was used as 

the OC source, while no relationship was obvious when landfill leachate was used as 

OC. Sulfide driven Fe-reductive dissolution was positively correlated with soil-Fe 

content. However, despite the initial high release of Fe(II) into the aqueous phase in soil 

spiked with sulfide, temporal trends of Fe-reductive dissolution rates suggest that this 

pathway may not be as significant as the biotic process due likely to the precipitation of 

solid FeS species. 

Finally, batch studies were conducted using hematite, an Fe-oxide mineral, to 

investigate the effects of pH, OC and ionic strength on Fe-reductive dissolution rates. 

Obtained data were used to develop a geochemical solubility model for soil-Fe; which 

was then validated using soil samples. However, an efficient fine tuning and validation 

of the model was not fully accomplished as more experimental and field data are still 

needed.  
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CHAPTER 1 
IRON REDUCTIVE DISSOLUTION IN SOILS/SEDIMENTS AND GROUNDWATER 

CONTAMINATION: RESEARCH PROBLEM STATEMENT 

Introduction 

Metals are naturally present in soils in background levels that originate from 

metal concentrations of the parent rock from which the soil was formed (McLean and 

Bledsoe, 1992). But anthropogenic inputs from pesticides, fertilizers, biosolids, sewage 

sludge, manure elevate and landfill leachate elevate the soil metal content to 

contaminant levels, exceeding established regulatory limits (Silveira et al., 2003). In 

addition, anthropogenic activities that pollute natural systems with toxic metals could 

alter key physicochemical properties of soils such as pH, redox potential, and organic 

matter content, through changes in soil’s chemical reactions that may result in the 

dissolution and mobility of metals previously bound to different mineral and organic 

phases (Charlatchka and Cambier, 2000; Chuan et al., 1996; del Castilho et al., 1993; 

Kashem and Singh, 2001). This would then increase the bioavailability of metals, 

especially sparingly soluble metals (Schwertmann, 1991). But an adverse consequence 

is migration of the metals found in the soil solution through the soil vadose zone to the 

aquifer below resulting in groundwater contamination (Dube et al., 2001; Kashem and 

Singh, 2001; Silveira et al., 2003). This process could lead to increased concentrations 

of toxic metals such as arsenic (As) and chromium (Cr) in groundwater, which are 

considered harmful to both human health and ecosystem functions. 

Lead (Pb), cadmium (Cd), calcium (Ca), zinc (Zn) and copper (Cu) are examples 

of land applied metals that have been studied to determine their partitioning between 

solid and aqueous phases as well as their distribution (or speciation) amongst the 

different mineral and organic soil’s fractions. The leachability and mobility of these 
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metals has been used for the assessment of environmental risk including studies on the 

potential of these metals to contaminate groundwater, become bioavailable to 

organisms, and cause adverse biological effects (Beesley et al., 2010; del Castilho et 

al., 1993; Tipping et al., 2003). Although most of these metals are bound onto soil iron 

(Fe) oxide minerals (Cajuste et al., 2000; Sastre et al., 2001) and are released into the 

soil solution with Fe as a result of the reductive dissolution of the Fe-oxide minerals, 

there is limited research on the mechanisms of Fe reductive dissolution in vadose zone 

soils, and on the potential of this biogeochemical process to behave as a significant 

source of metal contamination of aquifers, namely in soils impacted by landfill activities.  

Problem Statement 

Iron (Fe) is an important micronutrient for humans and plants (Kraemer, 2001). In 

humans, it is found in the blood as hemoglobin which aids in the transport of oxygen 

throughout the body (Wessling-Resnick, 1999), and in plants, it aids in the production of 

chlorophyll (Subcommittee on Iron, 1979). Due to the abundance of Fe in the earth’s 

crust, Fe is naturally abundant in soils, rocks, and in both marine and freshwater 

sediments (Iron, 1979; Ussher et al., 2004). Fe naturally occurs in soils predominantly 

as Fe(III)-oxide minerals or as a component of clay minerals (Iron, 1979; Minyard and 

Burgos, 2007; Subcommittee on Iron, 1979) and the reported average concentration of 

Fe in soils is 38 g kg-1 or 38,000 ppm (Lindsay, 1979). Studies conducted in the United 

States tend to suggest that the typical soil Fe concentration is around 40 g kg-1 (Ma et 

al., 1997). 

Fe(III) oxides have important functions in soils, they provide surfaces for the 

sorption of metals and other inorganic compounds, as well as organic compounds 

(Pedersen et al., 2005). They serve as the most abundant terminal electron acceptor 
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during the degradation of organic matter (Larsen and Postma, 2001). But of concern is 

the reductive dissolution of Fe(III)-oxide minerals and the mobility of released Fe(II) as 

well as that of several other toxic metals previously locked in the structure of Fe-oxide 

minerals (Davranche and Bollinger, 2000). A case in point is the issue of arsenic (As) 

contamination of groundwater resources, particularly pronounced in the Indian sub-

continent, and the severe health epidemic that resulted from the use of As contaminated 

water for drinking purposes. Reported health effects included skin lesions and skin 

cancer and Fe-reductive dissolution was believed to be main mechanism responsible 

for the As that was released into the groundwater (Nickson et al., 2000; Sracek et al., 

2004).  

A major problem associated with the discharge of Fe(II)-containing groundwater 

into surface waters including lakes, streams, rivers and springs is the oxidation of Fe(II) 

and the formation of Fe-(hydr)oxides, a phenomenon common when reduced water 

containing dissolved Fe(II) comes into contact with oxygen (Parisio et al., 2006). This 

process would result in colored surface waters with implications for domestic uses such 

as stained clothes from the use of Fe contaminated water during laundry, deposition of 

Fe oxides in pipes and plumbing fixtures which may result in clogging, decreased water 

quality due to development of a metallic taste, odor and turbidity and the creation of Fe-

(hydr)oxides surfaces for the growth of microorganisms” (Das, Saikia et al., 2006). 

Ultimately, the formed amorphous Fe-(hydr)oxides could behave as a sink for dissolved 

toxic trace metals, building up over time, with long term toxic implications to aquatic 

organisms. In fact Fe concentrations as high as 60 mg/L to 2680 mg/L have been 

reported in surface waters (Gurzau et al., 2003). 
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Due to these problems, Fe is regulated by the Environmental Protection Agency 

(EPA) as a secondary drinking water contaminant at a maximum contaminant level 

(MCL) of 0.3 mg/L (USEPA, 2013). Additional Fe standards enforced in Florida include 

1 mg/L in surface freshwater water, 0.3 mg/L in marine surface waters and 3 mg/L in 

groundwater of low yield and poor quality which is not used for drinking purposes 

(F.A.C., 62-777). 

Although Fe is required as an essential micronutrient by living organisms, excess 

consumption of Fe has recognized toxicity. In humans, Fe is stored in the kidney and 

liver and ingestion of excess amounts of Fe results in damage to these organs, acute 

Fe poisoning, and death in severe cases. Due to these effects, a health criterion of 4.2 

mg/L for Fe in groundwater has been adopted by the Florida Department of 

Environmental Protection (FDEP) (Ochoa et al., 2004). Apart from humans, aquatic 

species, including periphyton, fish and invertebrates, have also been negatively 

impacted by high concentrations of Fe in the groundwater, limited quantities and 

varieties of aquatic species have been observed and the high mortality of fish has been 

attributed to the ingestion and blockage of fish gills by Fe-(hydr)oxides precipitates 

which limit respiration (Linton et al., 2007). 

Fe reducing zones within leachate plumes and elevated Fe(II) concentrations 

have been observed in groundwater in different parts of the world, including watersheds 

impacted by the Vejen and Grindsted Landfills in Denmark, the Borden Landfill in 

Canada (Christensen et al., 2001),  the Norman Landfill in Oklahoma, and the United 

States Geological Survey (USGS) Toxic Substances Hydrology site near Bemidji, 

Minnesota (Cozzarelli et al., 2000; Lyngkilde and Christensen, 1992b; Tuccillo et al., 
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1999). In these settings, the Fe contamination observed in groundwater has been 

attributed mainly to landfill leachates. The latter is a liquid solution which is produced as 

rainwater passes through landfill waste and is composed of the following categories of 

compounds: dissolved organic matter (e.g. CH3COOH and fulvic acids), inorganic 

compounds (e.g. Fe and Mg), heavy metals (e.g. Pb and Zn) and xenobiotic organic 

compounds (e.g. benzene and phenols) (Christensen et al., 2001; Wizniowski et al., 

2006). In fact, landfill leachates can contain anywhere between 3 to 5500 mg/L of Fe, 

with an average concentration of 780 mg/L in the acid phase or only 15 mg/L of Fe in 

the methanogenic phase (Kjeldsen et al., 2002). High concentrations of Fe in 

groundwater have been attributed to the failure of leachate collection systems designed 

to retain the leachate or the use of unlined landfills (Lyngkilde and Christensen, 1992a). 

A second source of Fe found in groundwater is Fe(II) from aquifer sediments, released 

by microbial reductive dissolution fuelled by the organic compounds present in landfill 

leachates (Lyngkilde and Christensen, 1992a). At the Vejen Landfill in Denmark, lower 

concentrations of Fe(III) were extracted from sediments near the landfill compared to 

the higher concentrations of Fe(III) in the sediments down gradient of the landfills 

proving that the availability of higher amounts of landfill leachate at the source of 

contamination resulted in increased production of Fe(II) as compared to the lower Fe(II) 

production at distances further away from the landfill, where the availability of landfill 

leachate is not as high (Heron and Christensen, 1995). 

In Florida, the occurrence of high concentrations of Fe in groundwater has been 

determined by the analysis of water samples collected from monitoring wells at various 

landfill sites. At locations where Fe-contaminated groundwater and surface water get 
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mixed, a thick muddy waters are formed. But groundwater monitoring data taken from 

the monitoring wells at these landfill sites gave no indication that landfill leachate was 

the source of Fe since dissimilar spatio-temporal trends were observed between the 

concentrations of Fe and conservative tracers such as chloride (Cl-), a landfill leachate 

contamination indicator. Chloride is commonly used as an indicator of landfill leachate 

contamination in groundwater since it is not affected by redox and any contaminant 

which originates from landfill leachate should show the same temporal behavior as 

chloride (Christensen et al., 2001; Lyngkilde and Christensen, 1992a). An example of 

this incident occurred at the Aucilla Area Solid Waste Facility in Madison County, a lined 

Class 1 landfill unit, where the groundwater data taken from the monitoring wells 

showed a decreasing trend in the Cl- concentration while the Fe concentration 

increased temporally as shown in Figure 1-1. The lack of correlation between these two 

parameters is a likely indication that landfill leachate is not the source of the Fe 

measured in the groundwater. 

Methods used and/or proposed for the removal of Fe from contaminated 

groundwater include the combination of aeration or chemical oxidation processes (using 

chlorine or potassium permanganate) with filtration (Choo et al., 2005), ion exchange 

and the use of limestone (Wang et al., 2012). Unfortunately, some of these methods 

cause fouling (or clogging) of the Fe removal medium (such as the ion exchange 

membranes) which then require further treatment or regeneration to remove retained Fe 

contaminants prior to reuse (Chaturvedi and Dave, 2012). Furthermore, some of these 

methods do not completely eliminate Fe from treated groundwater and may have to be 

used repeatedly to remove Fe down to levels ≤0.3 mg/L. Finally, most of these methods 



 

22 
 

are labor intensive, time consuming and costly. Most of the research on Fe groundwater 

contamination has focused primarily on the optimization of these remedial methods but 

these methods do not prevent the reoccurrence of Fe contamination in groundwater but 

rather serve as late corrective measures.  

In addition, there is limited understanding on the mechanisms of Fe reductive 

dissolution in vadose zone soils or on the impact of landfill activities on the release of 

Fe(II). Fe reductive dissolution has mostly been studied with synthetic Fe(III) oxides but 

these studies do not consider the additional effect of the soil matrix or biogeochemical 

parameters (soil pH, organic matter content, soil Fe quantity, soil Fe mineralogy) on the 

release of Fe(II). These parameters are important and need to be taken into 

consideration to gain a better understanding of how interactions between Fe(III)-oxides 

and the other soil components affect the extent of Fe reductive dissolution.  

Based on studies conducted at several landfill sites in Florida, the source of Fe 

measured in groundwater could be Fe(III)-oxide minerals that are found in either vadose 

soils underneath these landfills or/and aquifer sediments. This study focuses on the 

potential role of vadose zone soils only as source of Fe(II) detected in groundwater 

impacted by landfill units. The rationale of this assumption is as follows. 

First, in vadose zone soils impacted by unlined C & D landfills, organic matter 

(wood being the main source of organic matter) and reduced sulfur compounds (from 

reduction of SO4 in drywall) would drive the reductive dissolution of soil iron minerals 

(Figure 1-2). In these locations impacted by unlined landfill activities, microbial 

processes occurring in these soils during the degradation of organic matter from inputs 

of landfill leachate results in development of anoxic conditions and utilization of 
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available terminal electron acceptors, including soil Fe(III)-oxides which would result in 

the reductive dissolution of Fe(III) and release of Fe(II) to the soil solution and 

subsequently to groundwater (Heron and Christensen, 1995). In addition to the above 

redox reaction, microbial respiration of organic matter by sulfate reducing bacteria 

(SRB) can lead to the formation of reduced sulfur compounds such as S2-, depending 

on the pH of solution. The latter could behave as electron donor and reduce soil Fe(III)-

oxide minerals (Figure 1-2). Overall, these two processes would lead to Fe 

contamination of groundwater; and in this specific case of C&D landfills, Fe(II) water 

pollution can be linked to the landfill using geochemical tracers of landfill leachate 

pollution. 

More intriguing is groundwater pollution by Fe at sites impacted by lined 

municipal and hazardous solid wastes landfills with no detectable evidence of the liner 

malfunction. It is hypothesized here that the presence of the liner cuts off soil aeration 

and rainwater/leachate infiltration underneath the landfill unit, resulting in a strongly 

reduced soil environment that develops underneath the liner over time (Figure 1-3A). 

Next, upward changes in the water table level would bring organic-rich groundwater in 

contact with terminal electron acceptors (e.g. Fe(III)-oxide minerals) present in 

previously unsaturated soils (Figure 1-3B). This contact would stimulate anaerobic 

microbial respiration in the newly saturated anoxic soils leading to the reduction of soil 

Fe-oxide minerals and dissolution of Fe(II) by iron reducing bacteria (FeRB) and that of 

sulfate by SRB. Accordingly, Fe(II) measured in polluted groundwater under these 

specific landfill conditions could originate from (i) the biotic reduction of soil Fe(III)-oxide 

minerals by FeRB and/or (ii) the oxidation of sulfide coupled with soil Fe(III)-oxide 
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mineral reduction. The latter is considered an abiotic reduction pathway since inorganic 

reduced sulfur compounds act as an electron donor. 

The ultimate and long term goal of this research is the development of a 

predictive model which can help determine the potential of soils to release Fe and to 

contaminate groundwater under conditions of landfill operations. This dissertation, 

however, is limited to laboratory studies designed to lay the groundwork for the 

development of such a predictive model. Specific objectives are therefore: (i) to 

investigate the mechanisms of Fe reductive dissolution in soils under landfill-imposed 

conditions and as a function of key biogeochemical parameters impacting Fe-reductive 

dissolution in vadose zone soils; and (ii) to initiate work on predicting the potential of a 

vadose zone soil to behave as a source of Fe that contaminates groundwater due to 

landfill imposed conditions.  

The overarching hypotheses is that Fe reduction dissolution occurs in soils due 

to the interactions of landfill leachate (containing organic matter and reduced sulfur 

compounds) with soil Fe(III)-oxide minerals in landfill impacted soils. The working 

hypotheses driving this research are that Fe-reductive dissolution of soil Fe(III)-minerals 

occurs (i) as microbial catalyzed reactions coupled with the oxidation of organic matter 

(microbial respiration); and/or (ii) through reactions of landfill produced reduced sulfur 

compounds with soil’s Fe(III)-oxide minerals.  

Organization of Dissertation  

This dissertation is made of six separate chapters, and the content of each the 

chapters is briefly summarized below.  

Chapter 1 is a general introduction. It presents the research problem statement, 

objectives, and hypotheses; and it summarizes the need for this proposed research.  
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Chapter 2 is a literature review and presents the current state of knowledge with 

regard to the research questions raised. The focus is primarily on Fe-oxide minerals in 

soils and the different mechanisms that lead to their reduction and subsequent release 

of Fe(II) to aqueous solutions. Knowledge gaps are pointed out whenever necessary.  

Chapter 3 is the first chapter presenting the results of laboratory work related to 

the potential role of organic matter in Fe-reductive dissolution as visually illustrated in 

Figures 1-2 and 1-3. This section of the dissertation includes the description of sample 

collection and handling and a presentation of the results of different laboratory studies 

on the reductive dissolution of iron as a function of organic matter concentrations and 

types, including synthetic (e.g. glucose) and natural (e.g. landfill leachate) as sources of 

organic carbon added to the soils to stimulate the microbial catalyzed reduction of 

Fe(III)-oxide minerals.  

While Chapter 3 focus on the role of biotic processes in the reductive dissolution 

of Fe, Chapter 4 examines the significance of non-biological or abiotic processes. The 

emphasis is on the role of dissolved sulfide compounds.  

In Chapter 5 results presented in Chapters 3 and 4 are used in combination with 

additional experimental data to lay the groundwork for development of predictive 

mathematical tools.  

Chapter 6 is a general conclusion. It summarizes the main findings of this 

dissertation and outlines future research avenues that could help in the development of 

an efficient and accurate predictive tool. 
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Figure 1-1.  Temporal trends of iron (Fe) and chloride (Cl-) in groundwater samples at 
the Aucilla Area Solid Waste Facility. A) Collected from well 2S. B) Collected 
from well 7S. Adapted from Bonzongo, Jean-Claude and Townsend, Timothy. 
2008. Reductive Dissolution of Iron in Impacted Soils and Aquifers: 
Mechanisms and Development of a Predictive Model (Page.3, Figure 1). 
Hinkley Center for Solid and Hazardous Waste Management. Florida. 
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Figure 1-2.  Vadose zone soils impacted by unlined C & D landfills. Organic matter 
(wood being the main source of organic matter, represented above by the 
simplified general formula CHnO) and reduced sulfur compounds (with 
CaSO4 in drywall being the main source of reduced sulfur compounds) 
would drive the reductive dissolution of iron. The combination of these 
biotic and abiotic processes leads to Fe-contamination of groundwater. In 
this case of unlined C & D landfills, the observed water pollution by Fe can 
easily be linked to the landfill using geochemical tracers of landfill leachate 
pollution. 
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Figure 1-3.  Vadose zone soils impacted by lined municipal and hazardous solid wastes. 
The presence of a liner cuts off soil aeration and leachate/rainwater infiltration 
underneath the landfill unit. A) A reducing environment would develop over 
time. B) In Florida, where aquifers are often not too far below the soil surface, 
changes in the water table level of a groundwater could enhance the 
anaerobic microbial respiration of soil microorganisms in previously 
unsaturated zones leading to the reduction of soil Fe(III)-oxide minerals and 
dissolution of FeII. 
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CHAPTER 2 
BIOGEOCHEMISTRY OF IRON OXIDES IN SOILS: A REVIEW 

Iron as an Important Nutrient 

Iron (Fe) is an important micronutrient for humans, plants, bacteria and fungi 

(Kraemer, 2001), and is required for a variety of vital processes in living organisms 

including respiration and photosynthesis (Silver, 1993). In humans, it is found in the 

hemoglobin structure of the red blood cells which are vital for transport of oxygen to 

various parts of the body and in plants, Fe aids in the production of chlorophyll, an 

essential component of photosynthesis (Kim and Guerinot, 2007; Thomine and Vert, 

2013; Yadavalli et al., 2012). A major health problem of Fe deficiency is anemia, a 

disease attributed to affect 30% of the world’s population, which is defined by low 

hemoglobin (or low red blood cell) levels and a decreased ability to transfer oxygen 

throughout the body (Barbosa et al., 2013; McLean et al., 2008). In plants, Fe deficiency 

results in chlorosis, a disease which causes yellowing and wilting of plant leaves and 

severely affects crop production with resultant low yields or poor quality crops 

(Martínez-Cuenca et al., 2013). 

Occurrence of Iron in the Environment 

Fe is widespread in the environment and can be found in the air as a result of 

emissions from either Fe metal or steel manufacturing plants and volcanic eruptions, in 

rocks and soils as Fe ores and Fe silicate/oxide minerals and in oceans and aquifers as 

Fe minerals and sediments including pyrite, FeS2 (Iron, 1979; Subcommittee on Iron, 

1979). The biogeochemical cycling of Fe is important for supplying Fe to air, soil and 

water environments and it is also intrinsically connected to the cycling of sulfur (S), 
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carbon (C), oxygen (O) and nitrogen (N) in these environments also (Viollier et al., 

2000; Zachara et al., 2001).  

Fe with the atomic number 26 and the atomic weight of 55.847, exists as a 

transition metal with several oxidation states but in soils and in natural waters, the two 

most common oxidation states are Fe(II) [or ferrous iron] and Fe(III) [or ferric iron] which 

are prevalent under anoxic or oxic conditions respectively (Silver, 1993; Viollier et al., 

2000). Fe like manganese (Mn) and aluminum (Al) are the minerals which commonly 

form oxide minerals in soils (Dixon and Weed, 1989). Fe(III) exists in soils mostly as 

insoluble Fe (IIII) oxide or Fe(III) silicate minerals. At pH 7, the majority of Fe(III) occurs 

in the form of Fe(III)-oxides which have a reported solubility of ~10-9 M (Chipperfield and 

Ratledge, 2000; Luu and Ramsay, 2003). However, the solubility of Fe(III) increases as 

it forms complexes with ligands such as oxalate and citrate (Suter et al., 1988; Benner 

et al., 2002). Fe(II), on the other hand is usually found as the dissolved species in 

solution under anoxic conditions (Sulzberger et al., 1989; Viollier et al., 2000), but Fe(II) 

also has the ability to form insoluble minerals with carbonates, sulfides and phosphates 

as siderite [FeCO3], iron monosulfide [FeS] and vivianite [Fe3 (PO4)2.8H2O] respectively, 

under weakly acidic to neutral anoxic conditions (Shaked et al., 2004; Straub et al., 

2001).  

Iron Oxides  

Fe-oxides are natural soil and sediment constituents but synthetic forms of these 

oxides have also been produced in the laboratory (Cornell and Schwertmann, 2000). In 

the literature, the Fe oxide nomenclature is used when referring collectively to Fe 

oxides, hydroxides and oxyhydroxides (Pedersen et al., 2005). Fe oxides minerals 

contain an arrangement of a central Fe(III) [and/or Fe(II) in some cases] atom 
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surrounded by O and/or OH atoms in a basic octahedral [Fe (O/OH)6 or FeO6] or 

tetrahedral [FeO4] unit structure (Schwertmann, 1991; Schwertmann and Cornell, 2003). 

Sixteen (16) types of Fe oxides have been identified but each mineral differs in terms of 

its structural arrangement (Schwertmann and Cornell, 2003; Straub et al., 2001). Fe 

oxides have characteristic coloring, sorption and redox properties which gives them 

widespread use in industry as pigments, sorbents, catalysts, additives in fertilizers or as 

raw materials for Fe metal or steel production (Dixon and Schulze, 2002; Schwertmann 

et al., 1999). Of environmental significance are the sorption and redox properties of Fe 

oxides which play an important role in controlling soil and water chemistries (Lovley, 

1991; (Luu and Ramsay, 2003).  

Properties of Iron Oxides 

A wide array of Fe oxides exist with variations in the mineral crystallinity, stability, 

solubility, particle size and specific surface area (SSA) (Bonneville et al., 2009). The 

crystallinity of Fe oxides ranges from the low-crystalline or amorphous forms such as 

ferrihydrite Fe(OH)3 to the highly crystalline forms such as goethite (α-FeOOH) and 

hematite (α-Fe2O3) (Roden, 2004). The degree of crystallinity of Fe oxides affects the 

extent of the Fe reductive dissolution, and although amorphous Fe oxides are more 

easily reduced because of their availability as terminal electron acceptors in microbially 

catalyzed reactions during anaerobic respiration; the reduction of crystalline Fe-oxides 

has also been reported (Roden et al., 2000). Fe-oxides undergo transformation to more 

stable minerals upon aging. For example, ferrihydrite, which is amorphous transforms to 

hematite, a highly stable crystalline mineral (Benner et al., 2002; Makris et al., 2005). Fe 

oxide transformation may also occur through chemical reactions that change the 
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mineral crystal structure, for example goethite forms through precipitation after the 

dissolution of ferrihydrite (Baltpurvins et al., 1996; Makris et al., 2005).  

Fe oxides have high specific surface areas due to the small mineral size which 

ranges from 5 to 150 nm (Schwertmann, 1991). The Fe oxide mineral size has a 

positive correlation with the mineral crystallinity and a negative correlation with SSA. An 

increase in the Fe oxide size has a resultant increase in the mineral crystallinity of the 

Fe but this is accompanied by a resultant decrease in the SSA of the mineral (Makris et 

al., 2005; Roden, 2004). It has been demonstrated that the SSA of the smaller 

ferrihydrite mineral of 214 m2/g is about ten (10) times higher than the SSA of the bigger 

hematite mineral of 19 m2/g (Pedersen et al., 2005).  

Due to their high SSA and reactive surfaces acquired from the presence of 

surface hydroxyl groups (Roden et al., 2004), iron oxides play an important role in the 

sorption of compounds including metals such as Zn, Pb (Pedersen et al., 2005), 

inorganic anionic complexes (such as AsO4
3-, PO4

3-, CrO4
3-) and organic anions/ 

compounds (such as humic and fulvic acids) (Stipp et al., 2002). Unfortunately some of 

the sorbed compounds are toxic contaminants and the sorption capability of Fe oxides 

therefore plays an instrumental role in contaminant transport by increasing the mobility 

of sorbed contaminants which would have otherwise been considered to be immobile 

due to their low solubility in water (Thompson et al., 2006). This is due to the release of 

contaminants into the soil solution as Fe oxides are reductively dissolved, Fe oxides 

therefore have a huge impact on water and soil chemistries (Larsen et al., 2006; Luu 

and Ramsay, 2003). 
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Fe oxides have high pigmentation power and soils derive their colors from the 

characteristic red, brown and yellow colors of Fe oxides; soil colors are therefore 

indicative of the presence of Fe oxides and hematite, for example, is responsible for the 

red color of soils (Roden, 2004; Stucki and Schwertmann, 1988). 

The ability of Fe(III) oxide minerals to convert to the aqueous Fe(II) species 

makes Fe(III) an important electron acceptor in redox processes occurring in the vadose 

zone of soils and aquifers under conditions when oxygen is deficient and Fe(III) has 

been reported to be most abundant electron acceptor during organic matter degradation 

in soils and sediments. 

Iron Oxides in Soils 

Background Sources of Iron Oxides 

Fe is a naturally abundant element in rocks in the earth’s crust where it occurs in 

primary minerals including magnetite, titanomagnetite, pyrite, olivine, pyroxene and 

ilmenite in which Fe occurs in the Fe(II) oxidation state with the exception of magnetite 

and titanomagnetite (Cornell and Schwertmann, 2003). The Fe concentration in the 

earth’s crust is reported as 5.1 % but a wide variation exists in different rock types; in 

basaltic and ultramafic igneous rocks the Fe content is about 9.0%, in sedimentary 

rocks the total Fe content is 3.9% (Stucki and Schwertmann, 1988) and in metamorphic 

rocks the Fe content is 3.3% (Subcommittee on Iron, 1979). 

Primary Fe containing minerals undergo weathering reactions (including 

oxidation and hydrolysis) to form soils which contain Fe(III) oxide minerals, an example 

is shown for the formation of goethite from olivine in Equation 2-1 (Cornell and 

Schwertmann, 2003): 
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Fe2SiO4 +  1

2
O

2
 + 3H2O  →  2FeOOH + Si(OH)4                (2-1) 

The Fe oxide concentration that is found in a particular soil therefore originates 

from the concentration of Fe in the parent rock material and this ranges from < 1 to 

several hundred g kg-1 (Cornell and Schwertmann, 2003). Lindsay (1979) cited that soil 

Fe concentrations range from 7 to 550 g kg-1 with a reported average Fe concentration 

of 38 g kg-1. Ma (1997) in a study on 40 Florida surface (A horizon) soils reported Fe in 

the concentration range of 0.084 to 4.5 g kg-1 with an average concentration of  

1.2 g kg-1 and in that same paper, the typical Fe concentration in United States soils 

was reported as 40 g kg-1. The presence of Fe in soils is not regulated as a hazardous 

compound, in Florida for example, the soil clean up target level (SCTL) is only regulated 

for residential soils at a value of 53 g kg-1 and there are no limits for Fe in commercial 

soils or for soil Fe exceedances for leachability into groundwater (F.A.C., 62-777). 

In soils, Fe oxides exist as mineral coatings on quartz or clay minerals (Stipp et 

al., 2002), as cementing agents in the cracks and veins of minerals (Kabata-Pendias 

and Pendias, 2000), or as particles such as nodules and concretions (Gasparatos, 

2013). Although ferrihydrite is the initially precipitated Fe (III) oxide, hematitie and 

goethite are the most common Fe oxide minerals in soils (Benner et al., 2002). Fe 

oxides may be evenly distributed within a soil horizon or may form concentrations or 

depletions due to Fe accumulation or deficiency respectively as a result of fluctuating 

oxidizing or reducing zones and Fe mobilization/oxidation within the soil horizons 

(Vaughan et al., 2009). 
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Anthropogenic Sources of Iron Oxides in Soils 

Fe oxides are anthropogenically introduced into soils through inputs from acid 

mine drainage sludge, industrial waste products from Fe metal, steel and bauxite 

manufacturing as well as fertilizer use. 

In the Fe manufacturing industry, metallic Fe is extracted from Fe ores by 

leaching with acid and the waste product from this process contains Fe oxides (Cornell 

and Schwertmann, 2003). In the steel manufacturing industry, carbon and metals such 

as chromium, vanadium and nickel are added to Fe to obtain steel and Fe oxides are 

produced either as the scale by-product during heat treatment or as rust (Silver, 1993). 

Removal and discard of these Fe oxides waste products on soils immobilizes the Fe 

oxides in the soil matrix and weathering of extra Fe in the waste also generates 

additional amounts of Fe oxides in the soil (Subcommittee on Iron, 1979). 

Alumina is extracted from bauxite in the Bayer process through digestion with 

sodium hydroxide and the waste produced called red mud, contains 30-60% of the 

Fe(III) oxide mineral, hematite (Fe2O3) and other minerals like aluminum oxide (Al2O3) 

and silicon dioxide (SiO2) (Brunori et al., 2005; Debadatta and Pramanik, 2013; 

Summers et al., 1996). Red mud is stored either in soil pits or in lagoons and this has 

the potential to increase the concentration of Fe oxides in the soil or in groundwater 

respectively (Feigl et al., 2012). 

Fe is a micronutrient required by plants for photosynthesis but the low solubility 

of Fe oxides solubility in soils of about 10-9M (Luu and Ramsay, 2003) retards the 

uptake of Fe by plants resulting in Fe deficiency which is manifested by the yellowing 

and wilting of plant leaves (Subcommittee on Iron, 1979). To increase the bioavailability 

of soluble Fe to plants, fertilizers containing Fe(II) in the form of ferrous sulfate (FeSO4) 
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have been applied to the soil solution but Fe(II) easily oxidizes to form Fe oxides in the 

aerobic soil environment and newer methods such as the foliar application of Fe are 

being investigated and used instead to increase Fe uptake in plants (He et al., 2013; 

Khoshgoftarmanesh et al., 2010). 

Acid mine drainage (AMD) contains Fe oxide minerals such as goethite (Ko et 

al., 2013) and Fe(II) as a result of the oxidation of pyrite-containing rocks in subsurface 

mines (Johnson and Hallberg, 2005) as shown in Equation 2-2: 

4FeS2 + 15O2 + 14H2O → 4Fe(OH)3 + 8SO4
2-
 + 16H

+
                 (2-2) 

AMD sludge is used as a soil amendment for remediation of arsenic but this increases 

the content Fe oxides in soils. 

Mechanisms of Dissolution of Iron Oxides 

Fe(III) oxide dissolution is important for the supply and transport of Fe in soils, 

sediments and in natural waters and also aids in the cycling of Fe between these 

environments (Banwart et al., 1989). Three Fe(III) oxide dissolution mechanisms cited in 

literature include protonation, complexation and reductive dissolution (Schwertmann 

and Cornell, 2003) and these reactions involve the adsorption of protons, chelating 

ligands or reductants onto the surface of Fe(III) oxides respectively (Schwertmann, 

1991; Suter et al., 1991). Although similar steps are involved in all three dissolution 

mechanisms, dissolution by protonation and complexation both result in the release of 

Fe(III) whereas reductive dissolution results in the release of Fe(II) into soil solution. 

Generally, Fe(III) oxide dissolution occurs when adsorbed dissolution-promoting 

species (protons, ligands or reductants) form complexes with the surface Fe(III) atom 

which weakens the Fe-O bonds in the Fe(III) oxide mineral so that detachment of the 
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surface Fe(III) into solution occurs (Schwertmann, 1991; Suter et al., 1991). In the 

dissolution process, the adsorption step is fast compared to the slow Fe detachment 

step (Sulzberger et al., 1989).  

Dissolution processes are surface controlled reactions since the dissolution rate 

depends on the sorbent (proton, ligand or reductant) concentration and it is the 

interaction of the sorbent with the reactive groups [OH- (hydroxyl) or O2
- (oxide) ions] on 

the oxide surface and the reactions that occur that facilitates the detachment of Fe(II) 

from the oxide surface (Suter et al., 1988; Banwart, Davies e Stumm, 1989). Generally, 

the dissolution rate is affected by properties of the overall system (including temperature 

and the presence or absence of UV light), solution phase properties including pH, redox 

potential and sorbent concentration and properties of the oxide including the specific 

surface area (SSA), stoichiometry, crystal chemistry and presence (or absence) of 

defects or guest ions (Cornell and Schwertmann, 2003).  

Dissolution by Protonation 

In this dissolution mechanism, adsorbed protons (H+) are involved in the 

detachment of Fe(III) from the Fe oxide mineral surface (Sulzberger et al., 1989). The 

equation for the proton dissolution reaction is given in Equation 2-3 as (Schwertmann 

and Cornell, 2003): 

FeOOHaq + nH
+
→ [Fe(OH)(3-n)]aq

n+
 + (n-1)H2O           (2-3) 

The proton dissolution process involves the adsorption of three (3) protons onto the 

oxide surface, where each central Fe(III) atom is bonded to neutral OH/OH2 pairs to 

form ≡FeOHOH2. Adsorption of a proton (H+) results in a positive surface charge on the 

oxide due to the formation of a ≡Fe (OH2)2
+ group and a positive charge of +1 on the 
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oxide surface; adsorption of the two (2) additional protons onto neighboring O/OH 

groups adjacent to the protonated ≡Fe (OH2)2
+ increases the oxide surface charge to +3 

(Cornell and Schwertmann, 2003). Proton adsorption decreases the attractive force 

between the surface Fe(III) and the O2- atom bonded to it and weakens the covalent Fe-

O bond which promotes the detachment of Fe(III)3+ into solution (Sidhu et al., 1981). 

Restoration of the Fe(III) oxide surface occurs as further protons are adsorbed of 

protons restores before additional proton dissolution reactions occur. 

In acidic media, anions such as chloride and sulfate (from HCl and H2SO4 

respectively) associated with the adsorbed proton(s), also aid in the dissolution of the 

Fe(III) oxides by forming additional surface complexes by replacement of surface 

hydroxyl (OH-) groups with chloride and sulfate anions which either weakens the oxide 

Fe-O bonds or lowers the positive charge on the oxide surface (for further proton 

adsorption) for additional Fe(III) detachment (Cornell and Schwertmann, 2003). 

Dissolution by Complexation 

In this mechanism, a complex is formed between the oxide surface Fe(III) atom 

and an adsorbed ligand (anion or a weak acid) results in an increase in the solubility of 

Fe(III) (Sulzberger et al., 1989). The equation for the dissolution of Fe(III) oxides by 

complexation is given by the Equation 2-4 below where L is the ligand denotation 

(Schwertmann, 1991). 

FeOOH + nL
-
 + 3H

+
 → [FeLn]

3-n + 2H2O             (2-4) 

The complexation dissolution mechanism occurs in three (3) steps : (i) ligand 

adsorption, (ii) metal detachment and (iii) surface restoration by proton adsorption 

(Schwertmann, 1991). Initially, Fe(III) complexes are formed by replacement of the 
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surface hydroxyl (OH-) groups with adsorbed ligands, such as oxalic acid or citric acid 

(Cornell and Schwertmann, 2003). The formed Fe (IIII)-complex (Fe-ligand) weakens 

the Fe-O bonds in the oxide mineral which results in detachment of the Fe(III)-complex 

into solution and as in the case of the proton dissolution mechanism, restoration of the 

Fe oxide surface by adsorption of protons in solution occurs before further complexation 

dissolution reactions proceed (Sulzberger et al., 1989).  

Reductive Dissolution of Iron Oxides 

Reductive dissolution of Fe oxide minerals occurs under reducing conditions 

(when oxic conditions changes to anoxic conditions) and in the presence of a reductant, 

an electron donor which may be an organic ligand or a metal-ligand complex (Suter et 

al., 1991).  

According to Davranche et al (2000), Fe reductive dissolution is a three step 

process which involves “(i) diffusion and adsorption of a reductant onto the oxide 

surface, (ii) reduction of surface Fe(III) and adsorbed contaminants and (iii) diffusion of 

Fe(II) and reduced contaminants into solution”. 

Fe reductive dissolution specifically involves the transfer of electrons from the 

reductant, which is the electron donor, to the surface Fe(III), the terminal electron 

acceptor (TEA) which then becomes reduced to Fe(II) as shown in the simplified 

reduction reaction in Equation 2-5 which involves electron transfer. An example is the 

reduction of Fe(III) with ascorbate as the electron donor (or organic reductant) as shown 

in Equation 2-6. Changes in the oxide structure from the loss of charge as Fe(III) 

converts to Fe(II) and the space occupied by the larger size of the newly produced 

Fe(II) results in weakened Fe(II)-O bonds in the oxide mineral and the eventual 

detachment of Fe(II) into the soil solution (Suter et al., 1991). 
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Fe
3+

 +  e- → Fe
2+

             (2-5) 

>Fe
3+

OH 

Electron donor
(ascorbate)
→          Fe

2+
            (2-6) 

According to Stucki (1988), a small fraction of the released Fe(II) remains in the 

soil solution as the free dissolved species but the rest either precipitates out with 

phosphate, sulfide, etc as a solid mineral or becomes exchangeable Fe(II) which 

displaces Ca2+ and Mg2+ in the structure of soil minerals (Stucki and Schwertmann, 

1988).  

Reductive dissolution is also affected by pH since adsorption of a charged 

reductant either becomes increased or lessened with pH (Schwertmann and Cornell, 

2003). Under the same pH conditions, studies have shown that reductive dissolution is 

a faster mechanism than protonation because of the faster detachment of Fe(II) 

compared to that of Fe(III) due to the fact that Fe(II)-O bonds are much weaker than 

Fe(III)-O bonds (Cornell and Schwertmann, 2003; Larsen et al., 2006). 

A second mechanism of reductive dissolution is reductively catalyzed dissolution 

which involves the combined use of a reductant and a complexing agent, an example is 

the Fe(II)-oxalate complex, where the Fe(II) serves as the reductant and oxalate, the 

organic ligand, serves as the complexing agent (Suter et al., 1991). The first step 

involves adsorption of the Fe-complex to the oxide surface through attachment of the 

ligand which serves as a bridge for electron transfer to the oxide surface (Sulzberger et 

al., 1989; Suter et al., 1991). In the case of Fe(II)-oxalate, electrons are transferred from 

the Fe2+-oxalate complex to the oxide surface, reduction of Fe(III) occurs followed by 

detachment of the produced Fe(II) and restoration of the oxide surface as shown in 

Equation 2-7 (Cornell and Schwertmann, 2003). Metal-ligand complexes significantly 
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increase the rate of Fe(III) oxide dissolution, for example in the study on the reduction of 

goethite by oxalate, a substantial amount of Fe(III) dissolved with 10 µM Fe2+ and 20 

µM Fe2+ compared to the amount of Fe(III) dissolved in the absence of Fe(II) (Suter et 

al., 1991). The enhanced dissolution with a combined reductant-ligand complexing 

agent has been used utilized in the extraction of Fe in soils such as in the citrate-

dithionite-bicarbonate (CDB) extraction of total Fe where dithionite serves as the 

reductant and citrate serves as the complexing agent. 

>Fe
3+

OH

Ligand-Fe
2+

(LMWOM,   e.g oxalate)
→                 Fe

2+
(aq)                   (2-7) 

Biotic and Abiotic Reductive Dissolution of Iron Oxides 

The factors that regulate the rate and extent of Fe reductive dissolution have 

been extensively studied and chemical and biological sources have both been 

suggested. Iron reducing bacteria responsible for the biotic reduction of Fe(III) oxides 

have been identified. Chemical Fe reduction has been studied with reductants including 

ascorbate (Banwart et al., 1989; Larsen et al., 2006; Suter et al., 1991) and 

hydroxylamine (Davranche and Bollinger, 2000).The rate of the chemical reduction of 

Fe has been shown to be faster than the rate of biological reduction but contrasting 

results have been obtained for the percentage of Fe(III) reduced through biotic 

processes compared to that obtained with chemical reductants. Hycainthe et al. (2006) 

showed that microbes reduced only 65% of the total amount of Fe(III) that was reduced 

by buffered ascorbate but Roden (2004) demonstrated that a higher percentage 

reduction of Fe(III) was obtained with the abiotic reductant, ascorbate (90-100%) of 

Fe(III) compared to the 13-39% reduction obtained through biotic (enzymatic) reduction. 

A similar observation was shown by Lovely et al. (1991) who examined the enzymatic 
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versus non-enzymatic reduction of some selected short-chain fatty acids and aromatic 

organic compounds including acetate and benzene respectively and showed that the 

concentration of Fe(II) released as a result of enzymatic Fe(III) was an order of 

magnitude higher than the Fe(II) released as a result of on-enzymatic mechanisms. 

Biotic Reductive Dissolution of Iron Oxides 

In non-sulfogenic environments, biological oxidation of organic matter coupled 

with the reduction of Fe is the dominant mechanism (Minyard and Burgos, 2007) and 

the factors that control the rate of bacterial reductive dissolution include the quantity and 

quality of the carbon source, re-adsorption of the released Fe(II) (Roden et al., 2000), 

adsorption of inorganic anions such as phosphate (Davranche et al., 2013). Additionally, 

the surface area of Fe(III) oxides has been shown to have a strong correlation on 

bacterial Fe reduction (Roden, 2004; Roden and Zachara, 1996) and slower reduction 

rates have been observed with increasing oxide crystallinity (Dollhopf et al., 2000) 

Bacterial driven reductive dissolution occurs when Fe oxides act as terminal 

electron acceptor during microbial respiration processes in soils and sediments. 

(Roden, 2004). During this process, organic matter (abbreviated as OM and CH2O in 

the chemical reactions below) in soils/sediments is generally degraded through 

microbial catalyzed decomposition processes, where OM is oxidized with oxygen acting 

as the terminal electron acceptor as shown in Equations 2-8 and 2-9 respectively. 

CH2 O + H2O → CO2 + 4H
+ 

+ 4e
-                                                        (2-8) 

O2  +  4H
+ 

+ 4e
-
  →  2H2O                                                                           (2-9) 

In a simplified manner, the overall reaction is shown in Equation 2-10 and is 

therefore given as: 
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CH2 O + O2 → CO2 + H2O                                                              (2-10) 

As organic matter decomposes, if the oxygen supply is limited in soils and 

sediments, then the depletion of oxygen results in development of anoxic conditions in 

these environments and the use of other terminal electron acceptors in the process 

according to the following redox sequence: NO3
-, Mn (IV) oxides, Fe(III) oxides, SO4

2- 

and CO2 (Cozzarelli et al., 2000) and the equations for the reduction half reactions are 

given below in Equations 2-11 to 2-17 (Heron et al., 1994; Luu and Ramsay, 2003) : 

2NO3
-
 + 12H

+ + 10e
-
 → N2 + 6H2O        (2-11) 

MnO2  + 4H
+
+ 2e

-
 →  Mn

2+
+ 2H2O         (2-12) 

Fe(OH)3 + 3H
+
+ e- →Fe

2+
+ 3H2O         (2-13) 

Fe2O3 + 6H
+
+ 2e

-
 → Fe

2+
+ 2H2O         (2-14) 

FeOOH + 3H
+
+ e- → Fe

2+
+ 2H2O          (2-15) 

SO4
2+

+ 10H
+
+ 8e

-
 → H2S + 4H2O        (2-16) 

CO2 +  8H
+ +  8e

- →  CH4  +  2H2O        (2-17) 

In soils and sediments, Fe reduction occurs after nitrate reduction and before 

sulfate and CO2 (methangenosis) reduction since Fe reduction is thermodynamically 

favorable compared to sulfate reduction and methangenosis but it yields less energy 

than O2 and nitrate reduction (Luu and Ramsay, 2003). In these environments, Fe(III) 

oxides serve as important electron acceptors since the Fe(III) oxide concentration 

exceeds that of nitrate and sulfate and there are distinct zones where the oxidation of 

OM is coupled to the reduction of Fe(III) to Fe(II) (Larsen and Postma, 2001; Lovley, 

1991). In soils and sediments, microorganisms known dissimilatory Fe reducing bacteria 

(FeRB) have been identified which gain energy for growth by catalyzing the oxidation of 
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organic compounds with the use Fe(III) as electron acceptors (Lovley and Phillips, 

1988). Studies have been performed using different FeRB bacteria include Geobacter 

metallireducens, which was first discovered in 1993 by Lovley (Lovley et al., 1993; Luu 

and Ramsay, 2003), Geothrix fermentans (Nevin and Lovley, 2002), Shewanella 

putrefaciens, Shewanella alga and Ferrimonas balearica.  

Abiotic Reductive Dissolution 

Fe(III) reduction due to abiotic or non-enzymatic reactions have also been 

demonstrated with organic compounds such as ascorbate, fructose, benzaldehye 

(Lovley et al., 1991; Poulton et al., 2002; Roden, 2004; Sorensen, 1982) and reduced 

sulfur compounds such as hydrogen sulfide which act as electron donors during the 

reductive dissolution of Fe(III) oxides (Poulton et al., 2004; Slowey and Brown, 2007; 

Yao and Millero, 1996) . The use of humic substances as electron shuttler for Fe(III) 

reduction has also been reported by Lovley (1997). In this mechanism, humic 

substances serve as electron acceptors for the oxidation of organic matter and become 

reduced, then the reduced humic substances abiotically transfer electrons to Fe(III) 

oxides to initiate Fe reduction (Lovley, 1997). 

Potential for Soil Fe (III) Oxides to Act as an Fe Source of Groundwater 
Contamination 

Since the Fe-reducing bacteria, Geobacter metallireducens, was first discovered 

by Lovley (1993), the interaction of microbes with Fe(III) oxides minerals and the 

mechanisms of Fe reductive dissolution have drawn much research interest in various 

fields including microbiology, geochemistry and soil science and separate studies in 

have been conducted in each of these fields. Much of the research on Fe reductive 

dissolution has been conducted with synthetic Fe(III) oxides and various organic carbon 
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sources in culture media. The use of iron oxides (or iron salts) to remove H2S gas from 

sewers and aquaculture systems has also been investigated. Fe(III) oxides are common 

minerals in soils and come into contact various sources of organic matter either from 

that which is native to the soil and/or landfill gases. These are important factors which 

also have the potential to induce Fe reduction in the soils but the existing research on 

Fe reductive dissolution does not take into account the effect on soils. There is a gap in 

the knowledge of how interactions from the soil matrix or how the soil environment 

affects the extent of Fe reduction in soils. The aim of this research is to investigate Fe 

(III) reductive dissolution in soils and to identify the parameters responsible for this 

phenomena. Finally, incorporation of the recognized data generated from this research 

can be used by researchers in these fields to foresee the potential for F reductive 

dissolution in various soil environments.
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CHAPTER 3 
 IRON REDUCTIVE DISSOLUTION IN SOILS AS A FUNCTION OF ORGANIC 

CARBON TYPES AND DEGREE OF CRYSTALLIZATION OF IRON OXIDE 
MINERALS: IMPLICATIONS FOR GROUNDWATER POLLUTION BY LANDFILLS 

Introduction 

Landfills are the most widely used method for waste disposal (Cozzarelli et al., 

2000), and the occurrence of groundwater contamination in landfill impacted sites has 

been in some cases problematic as well as the focus of several studies (Baun and 

Christensen, 2004; Christensen et al., 2001; Lyngkilde and Christensen, 1992b). Landfill 

leachate which originates from the decomposition of solid wastes and then drains 

downward by infiltrating rainwater (Bolton and Evans 1991), is made of a wide variety of 

dissolved chemical components including iron (Christensen et al., 2001; Wizniowski et 

al., 2006). Landfill leachates are also very rich in organic matter (OM), and depending 

on the age of the landfill, the proportions of low (e.g. organic acids such as acetate and 

sugars) and high (fulvic and humic acids) molecular weight compounds vary over time 

(Lyngkilde and Christensen 1992), with an overall temporal decrease in the 

concentration of low molecular weight organic compounds; as they are preferentially 

used as source of energy for bacteria. The total organic carbon (TOC) content of landfill 

leachates has been reported to range from 0.03 to 29g C/L (Kjeldsen et al., 2002). It is 

therefore likely that contact between landfill leachate on one hand and soil on the other 

could result in increased soil microbial respiration, stimulated by the high concentration 

of dissolved organic carbon (DOC) in the leachates and the presence of electron 

acceptors in soils. In fact, microbial respiration of organic matter in natural systems is a 

redox process in which bacteria harvest the energy stored in chemical bonds by 

oxidizing organic matter; a reaction that is coupled with the reduction of terminal 
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electron acceptors (TEAs) specific to the group of microorganisms involved. With regard 

to this study, iron oxide minerals present in soils can act as TEAs during anaerobic 

respiration of organic matter by iron reducing bacteria (FeRB), a process which would 

result in the reduction of insoluble Fe(III) compounds to produce water soluble Fe(II)-

species. Accordingly, landfills could impact the concentration of Fe in groundwater 

through one or a combination of the above described processes. Indeed, Fe can occur 

at high concentrations in landfill leachates (Kjeldsen et al., 2002), and it has been 

observed in a few cases linked to incidences of Fe groundwater contamination at 

various landfill impacted locations in the world (Albaiges et al., 1986; Christensen et al., 

2001; Lyngkilde and Christensen, 1992b; Rugge et al., 1995). In recent years, however, 

excessively high concentrations of dissolved iron have been measured in groundwater 

samples collected from sites impacted by either lined or unlined landfills in Florida 

(Geosyntec, 2005). And in these specific cases, spatio-temporal data obtained from 

monitoring wells have shown little to no link between different geochemical tracers of 

landfill leachate pollution and levels of Fe measured in impacted groundwater 

(Geosyntec, 2005); implying that sources other than Fe initially in landfill leachate could 

be the cause of the observed contamination. In fact, Fe reductive dissolution has been 

documented as one of the most dominant redox processes in anaerobic soil 

environments impacted by organic matter including rice paddy and wetland soils. It has 

been demonstrated that in rice paddy fields and in wetlands, the flooding of these soils 

results in microbial processes which utilize TEAs including soil Fe(III)-oxide minerals 

following oxygen depletion in soils (Ponnamperuma, 1972; Yao et al., 1999). Overall, 
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the above observations raise questions on the significance of the role of soil Fe-oxide 

minerals as a source of the Fe measured in landfill impacted groundwater. 

Iron oxide minerals are commonly found in soils (Fredrickson et al., 1999), where 

they can have a profound impact on soil solution chemistries (Larsen et al., 2006; Luu 

and Ramsay, 2003), and give soils their characteristic yellow, brown, or red colors 

(Roden, 2004; Stipp et al., 2002). It is worth to note that the “iron oxide” terminology 

adopted in this paper includes oxides, hydroxides and oxyhydroxides as reported 

previously by other researchers (Alloway, 1995). Their concentrations can range from  

1 to hundreds of g/kg of soil (Cornell and Schwertmann 2003). They can be present in 

soils as coatings on sand and clay particles (Stipp, Hansen et al. 2002), as nodules or 

as fillings in the cracks and veins of minerals (Kabata-Pendias and Pendias 2000). 

Variations exist in the (i) degree of crystallinity, (ii) stability, (iii) solubility, (iv) particle 

size, and (v) specific surface area (SSA) of these minerals. With regard to crystallinity, 

iron oxide minerals are found in non-crystalline/amorphous forms such as in ferrihydrite 

Fe(OH)3 and in highly crystalline forms such as in goethite (α-FeOOH) and hematite  

(α-Fe2O3) (Roden, 2004). It is also known that the solubility of iron oxides decreases as 

the stability of the mineral increases (Benner et al., 2002). Iron oxide particles are 

present in soils in nano-size, ranging from 5 to 150 nm, resulting in high SSA 

(Schwertmann 1991). Iron oxide surfaces can sorb metal cations such as Ca2+ 

(Pedersen, Postma et al. 2005) as well as anionic species such as AsO4
3- and PO4

3- 

(Stipp, Hansen et al. 2002) through a combination of pH dependent electrostatic forces 

and chemical bonding. But when iron oxide minerals undergo reductive dissolution, 

previously sorbed compounds get released into solution, increasing their mobility, 
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bioavailability, and biological impacts (Makris, Harris et al. 2005, Thompson, Chadick et 

al. 2006).  

In soils and aquatic systems, Fe occurs predominantly in two thermodynamically 

stable oxidation states as Fe(III) and Fe(II) under oxic and anoxic conditions 

respectively (Viollier et al., 2000). During Fe-reductive dissolution, Fe(III) contained in 

insoluble iron oxide minerals is reduced to the Fe(II)-species, in reactions that can 

involve organic matter when catalyzed by bacteria (Lovley et al., 1991), or other 

reducing agents such as sulfide compounds in abiotic reduction reactions (Dos Santos 

and Stumm, 1992). In this study we investigated the combined effects of organic matter 

type and soil’s Fe speciation on the biological reductive dissolution of Fe. The goal of 

the study is to demonstrate that soil iron oxides can be significant sources of Fe that 

could lead in pollution of groundwater as observed in some landfill impacted 

watersheds. The underlying assumption is that contact exists between the vadose zone 

soil underneath the landfill unit and leaking organic-rich landfill leachate. It has been 

hypothesized that the biological reductive dissolution of soil Fe(III) oxide minerals would 

depend on both the quantity and type of organic matter that acts as electron donor 

during the anaerobic respiration by FeRB; and the degree of crystallization of minerals 

used as TEAs. 

Materials and Methods 

Vadoze Soil Sample Collection and Handling  

Vadose zone soils used in this study were collected in North Florida from 

different locations including (i) sites of current landfill Fe-impacted groundwater, and (ii) 

sites with no landfill activities. Figure 3-1 illustrates the strategy used for collection of the 

different vadose zone soil samples. Briefly, soil samples were obtained from selected 
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locations in North Florida, and along a hypothetical transect defined to provide 

differences in the degree of crystallization of the Fe-oxide minerals. The rationale for 

site selection was based on differences in the depth of the water table and the impacts 

of its fluctuations on the mineralogy of iron found in these soils. In this approach, 

samples obtained from zones 1 and 3 (Figure 3-1) were anticipated to represent the 

crystalline and amorphous end members respectively; and bracketing samples from 

zone 2 characterized by intermediate degrees of Fe-oxide mineral crystallization. The 

actual sampling locations of the samples are as follows: samples 1 and 2 were collected 

from two different locations within the site of the Klondike Landfill in Escambia County, 

Florida. This is the site of an unlined landfill which closed in 1982 after six years of 

operation. Sample 3 was collected from the site of the New River Regional Landfill 

(NRRL), a lined landfill in Union County, which started operation in 1992 (Jain et al., 

2006) and is still active. Sample 4 was collected from the Alachua County Southwest 

Landfill, a site of a lined landfill in Alachua County, which closed in 1998 after a 10-year 

period of operation (Comstock et al., 2010). Therefore, zone 1 samples (Figure 3-1) 

came from sites with past or ongoing landfill activities. In contrast, samples from zone 2 

and zone 3 came from sites with no existing landfill activities. These sites are located in 

UF/IFAS Plant Science Research and Education Unit in Marion County, the Ordway-

Swisher Biological Station in Putnam County and the Austin Carey Memorial Forest in 

Alachua County. 

At each sampling site, samples were collected from deeper soil horizons (~2 

meters below the surface) using an auger or using a shovel for samples obtained in 

locations with pre-existing trenches. Following the collection process, soil samples were 
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placed in covered high density polyethylene containers and transported to our 

laboratory at the University of Florida where these soil samples were air-dried, 

homogenized using a pestle and mortar, passed through a 2 mm sieve to remove large 

particles and gross organic debris (Al-Abed et al., 2006); and then stored in sealed 

HDPE containers at room temperature (Kashem and Singh, 2001) until use for 

determination of physicochemical characteristics and then in biotic and abiotic Fe-

reductive dissolution experiments. 

Characterization of Collected Vadose Zone Soil Samples 

Soil particle size fractions, defined as sand (0.05 to 2 mm), silt (0.002 to 0.05 

mm) and clay (< 2 mm) (USDA, 1992), were determined using a combination of the 

pipet method and gravimetric measurement of each size fraction after soil pretreatment 

with hydrogen peroxide (H2O2) to remove organic matter (USDA, 1992, 2004).  

For each of the collected soil samples, pH was measured using an Accument 

Basic AB15 pH meter on a 1:1 (m/v) soil-water slurry which had been left to equilibrate 

for one hour using the EPA’s SW-846 Method for Soil and Waste pH (USEPA, 2004). 

The organic matter (OM) content of each soil sample was approximated as loss 

on ignition (LOI) following a 4-hour combustion at 550oC of previously oven dried soil (at 

105oC for 16 hours), the calculations are shown in (Equation 3-1), where DW stands for 

dry weight of the sample measured at the temperature indicated by the subscript 

number. The LOI at 550oC is assumed to be equivalent to the % OM content in 

Equation. 3-2, and the % of organic carbon (OC) is evaluated as half of the % LOI as 

shown in Equation 3-3 (Santisteban et al., 2004; Veres, 2002).  

% LOI550 = (DW105-DW550)/DW105) x 100                 (3-1) 

% OM  = % LOI550                      (3-2) 
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% OC  = % OM 2⁄                                 (3-3) 

The amorphous Fe concentration of the soils was determined by Inductively 

Coupled Plasma Atomic Emission Spectroscopy (ICP-AES) after extraction and 

centrifugation of 0.5g of each soil sample with an acidified ammonium oxalate (AAO) 

solution composed of a mixture of 0.20 M ammonium oxalate ((NH4)2C2O4)and 0.20 M 

oxalic acid (H2C2O4) (Begin and Fortin, 2003; McKeague and Day, 1966). The total Fe 

oxide concentration (i.e. the combined crystalline and amorphous Fe content) of the 

soils was determined on citrate dithionite bicarbonate (CDB) extracts of the soil samples 

conducted in a water bath at 800C, followed by centrifugation and analysis by ICP-AES. 

In the CDB procedure, the sodium dithionite (Na2S2O4) solution acts to reduce Fe(III) in 

the soil samples to Fe(II),  the sodium bicarbonate (NaHCO3) solution buffers the 

solution (pH 7-9) and the sodium citrate (Na3C6H5O7.2H2O) solution chelates the 

released Fe(II) to prevent sorption on solid phases (Bera et al., 2005; Golden et al., 

1994; Mehra and Jackson, 1960). Finally, the difference between CDB-Fe and AAO-Fe 

concentrations allowed for the determination of Fe present in the sample in crystalline 

forms (Bera et al., 2005).  

Soil mineralogy was determined on clay size fractions mounted on tiles or slides 

which underwent x-ray diffraction (XRD) using Cu K∝ radiation (1.53 Å) as generated by 

a computer controlled X-ray diffractometer equipped with a stepping motor, a graphite 

monochromator and a scintillation detector (Harris and White, 2008; Soukup et al., 

2008). Samples were scanned from 2- 600-2θ. 
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Organic Compounds Used as Energy Source and Microbial Reductive Dissolution 
of Soil Fe-oxide Minerals  

Since all of the collected soil samples had rather low OM content (Table 3-1), 

and preliminary Fe-reductive dissolution experiments showed that native soil OM and 

microflora could not support detectable Fe-reductive dissolution processes (data not 

shown); soil slurries were spiked with either low molecular weight organic matter 

(LMWOM), glucose in this case to account for the impact of LMWOM abundantly 

present in the leachates from young landfills; or with aliquots of an old landfill leachate, 

characterized by an organic matter content dominated by high molecular weight organic 

matter (HMWOM) such as fulvic and humic acids. In fact, OM in landfill leachate is 

made of complex polymers including proteins, lipids and polysaccharides which 

undergo hydrolysis to form amino acids, fatty acids and monosaccharides (Vymazal and 

Kröpfelová, 2009). Therefore, besides the commonly cited acetate, landfill leachate 

contains other organic compounds of variable and unknown proportions and could be 

composed of different carboxylic acids of longer carbon chains (such as lactate) and 

sugars (such as glucose, C6H12O6). Municipal solid waste (MSW) contains cellulose and 

hemicellulose (polysaccharides) which constitute the largest portion (40 to 60 %) of the 

waste on a dry weight basis and these compounds primarily undergo hydrolysis by 

microbes to produce monosaccharides (Kjeldsen et al., 2002). Glucose was therefore 

selected as synthetic model LMWOM (Lovley et al., 1991; McLean et al., 2006) for the 

Fe-reduction dissolution conducted in this study. 

Using glucose as a LMWOM, Bennett and Dudas (2003) evaluated the reduction 

of Fe-oxide minerals in soils by spiking soil slurries with 1 g of C/L. Additionally, glucose 

concentrations ranging from 0.2 to 20 g C/L have been used to study the reduction of 
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Fe-oxide minerals in aquatic sediments (McLean et al., 2006). The approach used in 

this study was therefore adapted from the above references and glucose concentrations 

expressed as organic carbon concentrations of 9, 18 and 36 g C/L (equivalent to 

0.125M, 0.25M, and 0.5M glucose) were used. Finally, concentrations of organic carbon 

obtained after addition of glucose to the soil slurries in this study are comparable to 

TOC level characteristics of landfill leachate (Kjeldsen et al., 2002). A simplified redox 

reaction involving glucose as source of carbon can be summarized as illustrated in 

Equation 3-4; where the oxidation of glucose (C6H12O6) releases electrons that reduce 

Fe(III) in Fe(OH)3(solid) to Fe(II)aq. 

C6H12O6  +  24Fe(OH)3 + 48H
+  

FeRB
→    24Fe

2+
 +   6CO2  + 66H2O                              (3-4) 

To investigate the effect of HMWOM, leachate collected from an aged landfill 

(NRRL), and dominated by fulvic and humic acids was used as the source of organic 

carbon. Before use, the leachate was centrifuged, vacuum filtered (0.45µm) and 

characterized for relevant physicochemical parameters. The pH was determined with an 

Accument Basic AB15 pH meter, the dissolved organic carbon (DOC) content was 

determined using a total organic carbon (TOC) analyzer (Shimadzu TOC-VCPH, 

Japan). The chemical oxygen demand (COD) was obtained through measurement of 

the absorbance (= 620nm) after sample digestion using the dichromate method (HACH 

Method 8000). The leachate’s UV absorbance (UV254) was measured on a Hitachi U-

2900 spectrophotometer, and the fluorescence excitation-emission matrix (EEM) 

spectrum for the qualitative determination of the different groups of organic compounds 

was measured with a Hitachi F-2500 fluorescence spectrophotometer. Detailed 

descriptions of the characterization procedures can be found in Comstock et al. (2010). 
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Using CH2O as a general and simplified chemical formula for OM, and assuming 

complete mineralization, the redox equation involved can be summarized as follows in 

Equation 3-5. 

3CH2O  +  4Fe(OH)3  
FeRB
→    3CO2  +  4Fe

2+ +  9H2O                                                      (3-5) 

Iron Reductive Dissolution Experiments 

Preliminary laboratory tests were conducted first to determine the minimum 

incubation time necessary for the establishment of strict anoxic conditions in the soil 

slurries using resazurin dye. The latter acts as an indicator of anoxic conditions and 

changes color from blue to pink under reducing conditions as it becomes reduced first to 

resofurin and then colorless as it is reduced to dihyhdroresofurin (Miller and Wolin, 

1974; O'Brien et al., 2000). Resazurin dye also aids in the detection of oxygen 

contamination of the slurries if the non-colored aqueous solution turns back to pink upon 

re-oxidation of the dihydroresofurin compound (Tratnyek et al., 2001). Based on 

preliminary experiments, a minimum of a two week incubation time was adopted and 

samples were incubated for even longer times (up to a month). 

Fe-reductive dissolution experiments were conducted by preparing soil slurries in 

which soil and the tested organic compound solutions were mixed in a 1:10 ratio 

(mass/volume). Serum bottles were used as test microcosms in which slurries were 

prepared under zero headspace and incubated in the dark at room temperature. The 

mixture was de-oxygenated by bubbling with N2, and then spiked with an aliquot from a 

consortium of anaerobic digester bacteria (including FeRB). The latter were used to 

speed up the microbial reduction of soil’s iron oxides as reliance on native soil 

microorganisms induced no Fe-reductive dissolution after several weeks of incubation 
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under anaerobic conditions. It is worth to emphasize that Fe released in these 

experiments are considered to be from the biological reductive dissolution of Fe-oxide 

minerals due to the following reasons. First, soil slurries plus bacteria from the anaerobic 

digester, but with no organic matter addition (i.e. native OM content) gave no detectable 

dissolved Fe(II) after weeks of incubation under anoxic conditions. Second, soil slurries 

with OM added but no bacteria showed no Fe-reductive dissolution. Third, soil slurries 

with no OM and no bacteria addition resulted in no Fe-reductive dissolution. Accordingly, 

the above three treatments were treated as control incubations emphasizing the 

importance of the simultaneous additions of OM and bacteria from the anaerobic digester. 

All treatments were run in triplicates and in a few cases repeated to deal with the large 

variability in the obtained data. A the end of the incubation period and within an anaerobic 

chamber, aliquots of the aqueous phase were withdrawn using syringes and filtered 

(0.45mm) using syringe filters. The obtained filtrate was then added to the Ferrozine-

HEPES buffer solution for determination of the Fe(II) released as described below. 

Iron Analysis 

Fe(II) released into solution from the Fe reductive dissolution experiments was  

analyzed using ferrozine, a disodium salt of 3-(2-pryidyl)-5,6-bis(4-phenylsulfonic acid)-

1,2,4-triazine (C20H13N4NaO6S2, Acros Organics), which reacts with Fe(II) to form a 

soluble magenta complex with a maximum absorbance at =562nm (Stookey, 

1970).The ferrozine reagent was prepared by dissolving 0.1% (w/v) of ferrozine in 

0.05M HEPES buffer solution (4-(2-hydroxyethyl)-1-piperazineethanesulfonic acid, 

C8H18N2O4S, pH 7, Fisher Scientific Chemicals). Fe(II) standards were prepared from a 

ferrous ammonium sulfate stock solution (FeSO4.7H2O, Fisher Scientific Chemicals). 
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For analysis, filtered sample aliquots were added to 5 mL of the ferrozine-HEPES buffer 

solution and analyzed for Fe(II) or acid-extractable Fe(II) (0.5N HCl) at 562 nm by 

colorimetry (Roden, 2004; Roden and Zachara, 1996; Royer et al., 2002a). All Fe 

extractions and sample preparation for analyses using the ferrozine method were 

conducted inside an anaerobic chamber which had been previously vacuumed to 

remove oxygen and then filled with nitrogen, an inert gas, to ensure operation under an 

anoxic atmosphere to prevent re-oxidation of the extracted Fe(II). 

Results and Discussion 

Physicochemical Characteristics of Collected Soils 

Data obtained from the different physicochemical analyses of the soil samples are 

shown in Table 3-1. The particle size distribution (PSD) data showed sand as the 

dominant fraction in all soil samples, results which are consistent with the prevalence of 

sandy soils in Florida. The majority of the soils could be classified as acidic soils and 

sample 1 with a pH of 4.16 was the most acidic. The one exception was sample 4, 

which had a measured pH value of 7.1. The %OM content of the collected soils ranged 

from 0.08% to 2.51%; equivalent to an OC content of 0.04% and 1.26%. The low %OC 

content in these soil  samples make them meet the classification of mineral soils, 

containing < 12% OC (Essington, 2003). The AAO and CDB extraction results 

confirmed to some extent the gradient in the degree of Fe-crystallization in the collected 

soil samples. However, sample 4 classified in zone 1 (Figure 3-1) exhibited 

characteristics of soils classified in zone 3. However, the XRD spectra of these soil 

samples revealed the presence of crystalline Fe minerals in only samples1, 2 and 4; 

with hematite (He) detected in sample 1, goethite (Go) in sample 2, and possibly 

magnetite (Ma) in sample 4 (Figures 3-2 and 3-3). No other crystalline Fe-minerals were 
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detected in the rest of the soil samples using XRD analysis. The lack of total overlap 

between the results from the chemical extraction and XRD analysis can be explained by 

differences in detection limits as well as the accuracy (i.e. the capacity to truly 

discriminate between amorphous and crystalline Fe-fractions) of these methods. 

Overall, zone 1 soils had high total-Fe but low amorphous-Fe content, zone 2 soils had 

both high total-Fe and high amorphous-Fe content, and zone 3 soils had both low total-

Fe and low amorphous-Fe content. 

Fe-reductive Dissolution in Soils Treated with Glucose as Model Organic 
Compound 

The results obtained from the incubations with all of the three tested glucose 

concentrations (9, 18 and 36g C/L) indicated that the chemistry of iron in the soil could 

affect the dissolution of Fe(III)-oxide minerals, regardless of the tested glucose 

concentration. For each soil, comparative statistical analysis of the determined rates of 

Fe(II) release at each of the tested glucose concentrations was conducted using the 

SigmaPlot statistical software package. For each soil, significant differences between 

the means of the determined rates of Fe(II) release obtained at each of the 3 glucose 

concentrations were determined by analysis of variance (ANOVA, 𝑝 < 0.05); and if 

differences existed, multiple comparisons of the rates of Fe(II) release were performed 

using the Tukey’s test (Beesley et al., 2010). Based on the statistical analyses, 3 

different trends were identified (Figure 3-4): (i) a positive trend in which rates of Fe-

reductive dissolution increased with increasing glucose concentration (Figure 3-4A), (ii) 

a negative trend in which rates of Fe-reductive dissolution decreased while glucose 

concentrations increased (Figure 3-4B); and (iii) finally a relatively flat trend (Figure 3-

4C), in which rates of Fe-reductive dissolution remained statistically not different 
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regardless of the increase in glucose concentration. These trends can be attributed to 

several factors and the most relevant are discussed below. 

In the soil slurries, while the release of Fe(II) from solid to aqueous phase is 

driven by the redox reactions shown in Equation 3-4; the net concentration of Fe(II) in 

the aqueous phase is actually the product of two concurrent reactions, Fe reductive 

dissolution and Fe(II) removal from solution via both sorption and precipitation. 

The ph-Eh Theory on the Conditions of Formation of FeS/FeS2 and FeCO3 

In anaerobic soil slurries or landfill leachates containing organic matter, 

carbonate and sulfide, the reductive dissolution of Fe(III)-oxide minerals occurs in 

parallel with competitive reactions that affect the concentrations of produced Fe(II). 

Therefore, measured concentrations of dissolved Fe(II) in such cases represent the 

balance of the co-occurring reactions including precipitation reactions and sorption onto 

solid surfaces.  

The literature is quite abundant with regard to the geochemistry of Fe and Fe-

species distribution in aqueous systems when assuming thermodynamic equilibrium 

conditions. For instance, for a system at 25oC under a pressure of 1 bar, and containing 

1M of total dissolved carbonate, 10-6 M of total dissolved iron and 10-6 M of total 

dissolved sulfur; siderite (FeCO3) would prevail as the stable species for solution pH 

values ranging from 6 to 11 and Eh values ranging from 0 to -0.6 V (Garrels and Christ, 

1965; Whiteley and Pearce, 2003). Siderite occurs therefore in the presence of high 

concentrations of dissolved carbonate (Muehe et al., 2013) and at low Eh and near 

neutral pH values. In fact, when organic matter is added to a biologically active system 

similar to the one described above in the presence of added dissolved carbonate, 

organic compounds can drive the formation of siderite through microbial catalyzed 
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oxidation of organic matter (CH2O) which is coupled to the reduction of Fe(III) oxide 

minerals and is summarized in Equation 3-6 .  

CH2O  + 4FeOOH → FeCO3 + 3Fe
2++ 6OH

-
                              (3-6) 

With regard to sulfur, the presence of sulfide in solution favors the formation of 

iron sulfide minerals (Bell et al., 1987) such as the transient species iron monosulfide 

(FeS) and the more stable pyrite (FeS2). The latter would prevail under solution pH 

values that range from 3 to 9 and Eh values ranging from 0.1 to - 0.4 V (Garrels and 

Christ, 1965). 

Accordingly, one can speculate on the basis of the rationale presented above on 

the potential fate of Fe(II) released into the soil solution as a result of the reduction of 

solid Fe(III)-oxide minerals. Obviously, conditions that favor the formation of siderite and 

Fe-sulfide minerals as well Fe(II) sorption on solid surfaces would result in decreased 

concentrations of dissolved Fe(II) following the reductive dissolution reaction. It is worth 

to note that under short term laboratory experiments such as those conducted in this 

study, formed siderite and Fe-sulfide minerals are in amorphous forms and are not 

detectable by XRD analysis. Additionally, the concentrations of formed crystalline 

minerals, if any, would likely be below the detection limits of the available analytical 

instruments (e.g. XRD). 

Assuming that the above conditions of low Eh and high dissolved carbonate 

concentrations were satisfied and depending on the pH value reached (e.g. if ranging 

from 7 to 10), ideal thermodynamic conditions for the formation of siderite (FeCO3) 

could have been met for dissolved Fe(II) removal from aqueous phase via precipitation 

as siderite as shown in Equation 3-7. In fact, in these hermetically sealed anaerobic 
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batch reactors, the oxidation of glucose produces carbon dioxide (CO2), and at the 

same time Fe reductive dissolution in the presence of glucose consumes protons 

(Equation 3-4) which raises the pH of the slurries. These findings therefore suggest the 

possibility of siderite formation in the soils in which the negative trend in Fe(II) release 

were observed. In fact, previous studies have reported on the formation of siderite in 

anoxic sediments with prevalent bacterial iron reduction activities (Bell et al., 1987; 

Ellwood et al., 1988; Haese et al., 1997). 

Fe(aq)
2+

+ CO3
2-

(aq)
 ⟶    FeCO3(s)

                                                                                    (3-7) 

Accordingly, in the soils exhibiting the positive trend (samples 3, 7, 9 and 10), it is likely 

that the rates of Fe(III) reduction were higher than the rates of Fe(II) sorption and Fe(II) 

precipitation as FeCO3; which lead to an accumulation of Fe(II) in these reactors. 

Consequently, the observed negative trends (samples 4, 11 and 12) are suggestive of 

Fe(II) sorption and Fe precipitation rates (as FeCO3) being greater than rates of Fe-

reductive dissolution. Additionally, the low soil total-Fe concentrations of these samples 

could result in the exhaustion of Fe(III) from these samples and as glucose 

concentrations increased, Fe(II) removal from solution through sorption and siderite 

formation continued. Finally, soil samples exhibiting a flat trend (i.e. no discernable 

trend in slurries made with soil samples number 1, 2, 5, 6 and 8) point to the potential of 

Fe in soils to control the reductive dissolution due to either quantity or speciation 

aspects. 

To investigate the effect of the different soil’s Fe geochemical portions on the 

rate of Fe(II) release, correlation analyses between the rates of Fe(II) release at each of 

the tested glucose concentrations on one hand and either the total Fe, crystalline Fe or 
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amorphous Fe concentrations on the other were conducted using data from all 12 soils. 

At each glucose concentration, a positive linear correlation was observed between the 

rates of Fe(II) release and each of the soils’ Fe geochemical contents (Figures 3-5, 3-6, 

and 3-7) and the results indicated that the rate of Fe(II) release was proportional to the 

initial amorphous, crystalline and total concentrations as was reported earlier by Roden 

(1996). Each of the individual Fe portions therefore had an effect on the rate of Fe(III) 

release. For instance with 9g C/L glucose, the rate of Fe(II) release were positively 

correlated with the total Fe content (r2 =0.744) (Figure 3-7A), crystalline Fe content 

(r2 =0.471) (Figure 3-7B) and amorphous Fe content (r2 =0.960) (Figure 3-7C). Positive 

correlations were also obtained with 18g C/L glucose of r2=0.888, r2 =0.742 and  

r2 =0.878 (Figure 3-6) and 36g C/L glucose of r2 =0.803, r2 =0.742, r2 =0.821 (Figure 3-5) 

for Total Fe, crystalline Fe and amorphous Fe respectively. However, the correlations 

obtained gave no indication of which of the soils’ Fe fractions (amorphous or crystalline) 

had the most influence on the rate of Fe(II) release in the soils.  

To determine which of the soil Fe fractions (amorphous or crystalline) had the 

greater impact on the rates of Fe reductive dissolution, using the approach proposed by 

Royer et. al (2002b), at each glucose concentration the slope values obtained through 

the linear regression(s) of the rate(s) of Fe(II) release versus soil Fe fraction(s) were 

used to calculate the ratios of the slope obtained with the amorphous-Fe to that of the 

crystalline-Fe. The determined ratios give an indication of how the amorphous Fe 

fraction impacts the reductive dissolution of Fe. Based on the 9g C/L glucose linear 

regressions (Figure 3-7), a value of 2.9 was obtained with the ratio of the slope of the 

crystalline Fe fraction (6.02 x 10-5 day-1) to the slope of the amorphous Fe fraction (211 
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x 10-5 day-1). This means that the rate of Fe(II) release in the crystalline Fe portion was 

about 3 times the rate of Fe(II) release in the amorphous Fe portion. Hence with 9g C/L 

glucose, the greatest rate of Fe(II) release was observed in the crystalline-Fe fraction. 

With the 18g C/L and 36g C/L glucose concentrations, the determined ratios were 4.4 

and 0.65. Hence the rate of Fe(II) release was 4 times greater in the crystalline fraction 

compared to the amorphous fraction using 18g C/L glucose and 0.65 times greater in 

the crystalline Fe fraction using 36g C/L. 

Finally in the XRD analysis of sample 2 which showed peaks corresponding to 

goethite prior to use in batch experiments in the control sample (without glucose 

treatment), after treatment with a glucose concentration of 18g C/L (equivalent to 0.25M 

glucose) a decrease in the intensity of these goethite peaks in the soil sample were 

observed in the treated sample (Figure 3-8) confirming the occurrence of Fe reductive 

dissolution and the removal of crystalline Fe(III)-oxide minerals. Similar observations 

were seen in sample 1 (not shown) and would be anticipated for the other samples with 

detectable XRD crystalline Fe-minerals. 

Characteristics of Used Landfill Leachate and its Ability to Promote Fe-Reductive 
Dissolution  

The pH of the leachate was 8.23; which is characteristic of aged landfill leachate, 

typically in the methanogenic phase (Kjeldsen et al., 2002). The DOC content was 

1.125g C/L and the UV absorbance measured at 254 nm (UV254) was 42.2 cm-1, 

corresponding to a specific UV absorbance or SUVA (SUVA254=UV254/DOC x 100) of 3.8 

L.mg-1.m-1. This value should be indicative of the presence of DOM originating from both 

terrestrial and microbial sources (Boyer et al., 2011; Comstock et al., 2010). The 

fluorescence EEM spectrum (Figure 3-9) indicated that the leachate was dominated by 
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fulvic and humic acid-like organic compounds based on work by Chen et al (2003). 

Finally, the measured COD was 2,300 mg/L, this value is very typical of aged landfill 

leachates containing high amounts of refractory organic compounds (Kjeldsen et al., 

2002). 

The results of the incubation of the soils with landfill leachate are shown in 

(Figure 3-10), all of the soils with the exception of sample # 7 showed Fe release above 

0.3 mg/L, the secondary drinking water limit of Fe but the response of the tested soils to 

leachate exposure was not uniform. The results indicate that the soils are not affected 

by DOC in leachate and this could be due to the fact that the leachate was collected 

from an aged landfill which contained mostly recalcitrant humic acid like- and fulvic acid 

like- organic compounds which could not be easily utilized by FeRB. No clear trend was 

observed between the rates of Fe(II) release with landfill leachate and any of the soil 

amorphous or crystalline Fe fractions (Figure 3-11).  

Relevance of the Chemistry of Used Sources of Organic Carbon in the Reductive 
Dissolution of Soil Iron 

Glucose (LMWOM) and filtered landfill leachate (primarily HMWOM) were used in 

this study as source of organic carbon to fuel soil’s anaerobic microbial respiration in 

conducted batch experiments. The results of these experiments have been presented 

and discussed above. However, looking at the same results in a comparative manner 

after normalizing the obtained Fe-reductive dissolution rates per gram of organic carbon 

and expressing the results as percent of total-Fe in the soils (i.e. CDB-extract), the 

following is observed (Figure 3-12). First, using normalized data obtained by spiking soil 

slurries with glucose at a concentration corresponding to 9g C/L on one hand and those 

obtained by spiking the slurries with leachate on the other, 8 of the 12 soils gave rates 
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that fall almost on a 1:1 line (Figure 3-12). This observation suggests that for these 

soils, glucose can be used as surrogate for OM contained in landfill leachates to 

experimentally reproduce the impact landfills might have on the vadose zone soils in 

these locations. On the other hand, and given the refractory character of fulvic and 

humic acids, one could argue that besides the prevalence of HMWOM confirmed by 

fluorescence EEM in the landfill leachate used; LMWOM compounds were present, 

although likely in much lower concentrations than the humics. Second, samples 4, 10, 

11, and 12 released more Fe(II) when exposed to leachate landfill compared to when 

exposed to glucose (Figure 3-12). In fact, despite the fact that sample 4 was placed in 

zone 1 in the sampling rationale detailed in Figure 3-1, its physicochemical parameters 

are rather similar to those of samples in zone 3 (samples 11 and 12). These samples 

have the lowest Fe content of the 12 soils tested, they are very poor in OM content and 

are dominated by sand. Based on Fe content, Figure 3-13 suggests that sample 4 

should indeed be included in zone 3 instead of zone 1. This graph helps explain the 

similarity observed between sample 4 and samples 11 and 12. Sample 10 on the other 

hand is quite different from the above three primarily in terms of AAO-Fe and CDB-Fe, 

as well as the %OM content (Figure 3-13). However, based on the data at hand it is not 

obvious why these samples respond better to landfill leachate than glucose additions. 

Possible reasons include but are not limited to differences in rates and amount of CO2 

produced by these soils in the presence of the 2 different types of OC and the resulting 

impacts with regard to Fe(II) removal through sorption or by precipitation as siderite 

(FeCO3). Being more biodegradable, the oxidation of glucose to form CO2 likely 

overlaps with Fe(II) removal through siderite formation resulting in a small net 
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accumulation of Fe(II) in aqueous phase. This observation is supported by the fact that 

increasing glucose concentrations from 9g C/L to 18 and 36g C/L led to even lower daily 

rates of Fe-reductive dissolution and further deviations from the 1:1 line (data not 

shown) based on normalized data as described earlier. 

Overall, this study tends to suggest that excess LMWOM could delay the bleeding 

of Fe(II) due to siderite formation in contrast to the HMWOM containing leachate for 

which the slow biodegradation would favor the buildup of Fe(II) in soil water. 

Accordingly, aged landfills might be more problematic than young ones with regard to 

this issue of groundwater pollution by the iron in the vadose zone of soils. 

Finally, in these laboratory experiments, all soils incubated with either glucose or 

landfill leachate as source of organic carbon released Fe(II) in concentrations that 

exceed the secondary drinking water limit of 0.3 mg/L. 

Conclusions on Fe Reductive Dissolution Experiments with Organic Matter 

 Landfill leachate is a complex matrix composed of organic substrates consisting 
of both high and low molecular compounds which are utilized as substrates for 
microbial respiration with soil Fe(III)-oxide minerals acting as TEAs. It has been 
demonstrated that the interaction of landfill leachate’s DOC with soil Fe(III)-
oxides could lead to Fe-reductive dissolution and releases Fe(II) in quantities that 
exceed the Fe secondary drinking water limit of 0.3 mg/L. Accordingly, soil 
Fe(III)-oxide minerals could be the sources of Fe contaminating groundwater in 
landfill impacted sites. In this study, all of the collected soils were dominated by 
high sand fractions and therefore characterized by high hydraulic conductivities 
which would allow migration of released Fe(II) from vadose zone soils to 
aquifers. 

 The age of the landfill affects the quality of OM present in leachates and 
therefore the rates of microbial respiration. This has implications on the 
mobilization of Fe(II), with the abundance of small organic molecules favoring 
Fe(II) removal as siderite while HMWOM supports Fe(II) release due to slow 
biodegradation rates and low CO2 production compared to LMWOM. The 
presence of CO2 within the soil matrix as a result of organic matter degradation 
affects the amount of Fe(II) accumulation in soil solution through siderite 
formation. 
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 Fe(II) release rates obtained with landfill leachate and with glucose are affected 
not only by the type of organic matter but also by the physicochemical 
characteristics of soils. The release of Fe(II) were higher in soils with high sand 
contents compared to soils with substantial clay contents. 

 Reduction of the soil Fe-fractions were not controlled by the amount of OM 
added as landfill leachate. However, using glucose as a proxy for landfill leachate 
with prevalent LMWOM, the rate of Fe(II) release of the soils showed high 
correlations with both the amorphous and crystalline Fe fractions.  
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Figure 3-1.  Illustration of vadose zone soil sample collection strategy. Vadose zone 

samples were obtained from selected locations along a transect, which 
emphasized differences in soil water saturation levels (increasing from zone 1 
to zone 3) and degree of crystallization of Fe-minerals (decreasing from zone 
1 to zone3). Based on this hypothesis, samples from zones 1 and 3 represent 
the two end members with 1 being the most oxidized and 3 the most affected 
by fluctuations of the water table. All samples were collected in North Florida. 
Zone 1 sites (i.e. 1, 2, 3, and 4) are current landfill sites. 
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Table 3-1.  Physiochemical characteristics of collected vadose zone soil samples. Zones 1, 2, and 3 are illustrated and 
described in Figure 3-1. 

 
Vadose 
Zone 

 
 
Sample # 

 
 

pH 

 
(%) 
OMa 

      AAOb 
 Fe-extract 

   (mgFe/kgsoil) 

   CDBc 
   Fe-extract 
 (mgFe/kgsoil) 

 
(%)  
Clay 

 
(%) 
Sand 

 
(%)  
Silt 

  

1 
 

4.16 
 

0.61 
 

242 
 

9,632 
 

5.20 
 

84.0 
 

10.8 
Zone 1 2 6.33 0.18 53.7 2,873 2.56 94.2 3.22 

 3 4.40 1.25 11.7 5,594 34.6 57.4 8.08 

              4 7.17 0.08 69.7 490 1.20 98.3 0.50 
  

5 
 

4.92 
 

2.51 
 

3,880 
 

7,481 
 

24.9 
 

69.3 
 

5.80 
Zone 2 6 5.78 1.40 1,030 3,607 5.79 87.1 7.11 

 7 5.65 2.31 1,820 6,363 13.9 81.0 5.10 
 8 5.31 1.32 706 1,256 3.37 92.3 4.33 

 9 5.52 0.79 800 1,683 4.17 92.5 3.33 
             10 4.29 

 
 

1.51 
 
 

339 
 
 

1,011 
 
 

1.76 
 
 

96.2 
 
 

1.84 
 

 
Zone 3 11 5.50 0.20 66.0 183 2.55 97.5 0.00 

 12 5.61 0.51 87.0 173 2.56 92.8 4.64 
aOM = Organic Matter 
bAAO = Acidified Ammonium Oxalate solution used for solubilization of the amorphous fraction of soil’s Fe  
cCDB = Citrate Dithionite Bicarbonate used for extraction of all Fe forms. Allows the determination of total-Fe  
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Figure 3-2.  XRD spectra of soils samples collected from the Klondike Landfill Site. A) 
Samples 1 collected near a monitoring well. B) Sample 2 collected from the 
pit. Crystalline hematite (He) and goethite (Go) are detected in sample 1 and 
2, respectively. The abbreviations are defined as follows:  HIV= hydroxyl-
interlayered vermiculite, K= kaolinite, Go = goethite, M= mica, He = hematite, 
Gi = gibbsite, and Ma = magnetite. 

 

A  

B  
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Figure 3-3.  XRD spectra of soils. A) Sample 3 collected from the site of the New River 

Regional Landfill. B) Sample 4 collected from the site of the Alachua County 
Landfill. While no crystalline was found in sample 3, traces of magnetite (Ma) 
were identified in sample 4. The abbreviations on these spectra are defined 
as follows:  HIV= hydroxyl-interlayered vermiculite, K= kaolinite, Go = 
goethite, M= mica, He = hematite, Gi = gibbsite, and Ma = magnetite. 
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Figure 3-4.  Rates of Fe(II) release from the tested soils as a function of organic carbon 

(added as glucose) concentrations. The responses of these soils to 
increasing glucose concentration can be divided into 3 distinct groups: A) Fe 
dissolution increases with increasing glucose concentration. B) Fe dissolution 
decreases with increasing glucose concentration. C) Fe dissolution not 
dependent on glucose concentration. All data points are averages (n=3) ± 
1SD
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Figure 3-5.  Rates of Fe(II) release from the tested soils when treated with 36g of 
organic carbon/L, added as glucose. A) Rates of Fe(II) release as a function 
of total-Fe concentrations (Citrate Dithionite Bicarbonate fraction). B) Rates of 
Fe(II) release as a function of the crystalline Fe fraction (determined as the 
difference between the CDB and the amorphous (AAO) fractions. C) Rates of 
Fe(II) release as a function of the acidified ammonium oxalate (AAO) Fe 
fraction. Plotted data are averages (n=3) ± 1SD. 
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Figure 3-6.  Rates of Fe(II) release from the tested soils when treated with 18g of 

organic carbon/L, added as glucose. A) Rates of Fe(II) release as a function 
of total-Fe concentrations (Citrate Dithionite Bicarbonate fraction). B) Rates of 
Fe(II) release as a function of the crystalline Fe fraction (determined as the 
difference between the CDB and the amorphous (AAO) fractions. C) Rates of 
Fe(II) release as a function of the acidified ammonium oxalate (AAO) Fe 
fraction. Plotted data are averages (n=3) ± 1SD. 
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Figure 3-7.  Rates of Fe(II) release from the tested soils when treated with 9g of organic 

carbon/L, added as glucose. A) Rates of Fe(II) release as a function of total-
Fe concentrations (Citrate Dithionite Bicarbonate fraction). B) Rates of Fe(II) 
release as a function of the crystalline Fe fraction (determined as the 
difference between the CDB and the amorphous (AAO) fractions. C) Rates of 
Fe(II) release as a function of the acidified ammonium oxalate (AAO) Fe 
fraction. Plotted data are averages (n=3) ± 1SD. 
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Figure 3-8:  Example XRD spectra of control and glucose (18g C/L) treated soil sample 

3 after incubation under anaerobic conditions. These spectra show the 
presence of crystalline goethite (Go) in the absence of glucose treatment, 
while peaks corresponding to this mineral disappear after incubation in the 
presence of glucose. HIV=hydroxyl-interlayered vermiculite, K=kaolinite, 
Go=goethite, M=mica, He=hematite, Gi=gibbsite 
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Figure 3-9.  Fluorescence excitation-emission matrix (EEM) spectrum of the landfill 
leachate used as source of organic carbon in Fe(II) release experiments. The 
leachate was obtained from the New River Regional Landfill, located in Union 
County, Florida. The peaks in the EEM spectrum indicate that the leachate is 
dominated by humic acid-like and fulvic acid-like organic compounds. 
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Figure 3-10.  Rates of Fe(II) release from different soils, each exposed to a final 

concentration of 1.125g of organic carbon per liter, added as landfill leachate. 
Incubations were conducted under anaerobic and non-sterile conditions. 
Results are averages of 3 replicates (n=3) and the bars correspond to 1 
standard deviation (SD). Bars are not visible for samples with very small SD 
(e.g. sample 3, 5, and 12). 
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Figure 3-11.  Concentration of Fe(II) released by soil treated with landfill leachate 
(1.125g C/L) as a function of different soil Fe portions. A) Soil total Fe 
concentrations. B) Soil crystalline Fe concentrations. C) Soil amorphous 
concentrations. Each point represents the average of 3 replicates (n=3) ± 
1SD. Bars are not visible for samples with very small SD. 
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Figure 3-12.  Correlation between rates of Fe(II) (expressed as fraction of total Fe 

content) released by each of the 12 tested soils following the addition of  
9g C/L glucose and 1.125g C/L landfill leachate.  
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Figure 3-13.  Relationship between total (CDB) and amorphous (AAO) iron 

concentrations in analyzed soils. Numbers shown next to each point 
correspond to the sample’s ID (Table 3-1). Based on the sampling strategy 
illustrated in Figure 3-1: Samples 1, 2, and 3 have low Fe-amorphous 
fractions but high total-Fe concentrations (zone 1). Samples numbered 5 to 
10 (zone 2) have high Fe-amorphous fractions and high total-Fe 
concentrations. Finally, samples 11, 12 (zone 3) and 4 (zone 1) are 
characterized by low total-Fe and low Fe-amorphous concentrations. Sample 
4 would be better classified as a zone-3 sample, i.e. soils from regions 
affected by water table fluctuations.  
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CHAPTER 4 
ASSESSING THE POTENTIAL OF ABIOTIC IRON REDUCTIVE DISSOLUTION IN 

VADOZE ZONE SOILS USING SULFIDE AS ELECTRON DONOR 

Introduction 

Anomalously high iron (Fe) concentrations have been measured in groundwater 

samples collected from monitoring wells in watersheds impacted by both lined and 

unlined landfill facilities in the state of Florida. Based on water quality monitoring data, it 

appears that the native vadose zone soils beneath the landfills and/or the aquifer 

sediments could be major sources of the observed groundwater pollution with Fe since 

data monitoring water quality shows no clear evidence of landfill leachate 

contamination.  

In vadoze zone soils found underneath unlined landfill structures, reducing 

conditions could develop as a result of organic-rich leachate downward migration and/or 

the diffusion and dissolution of reduced landfill gases in the soil pores. These processes 

would ultimately lead to the reduction of Fe previously locked in the soil solid phases as 

Fe-oxide minerals; followed by the release of the water soluble Fe2+ and subsequent 

aquifer contamination. However, for soils impacted by lined landfills it is likely that the 

reducing conditions and the resulting dissolution of Fe could be attributable to a 

combination of additional factors such as: (i) changes to the natural hydrology that result 

from the use of impermeable liners which cuts off water infiltration pathways through the 

vadose zone and hence oxygen replenishment via rainwater; and (ii) potential leaks of 

enough landfill leachate over time to induce reductive dissolution in the soil but without 

significant leachate contamination signature in the impacted groundwater.  

The microbial decomposition of organic matter in landfills consumes available 

terminal electron acceptors (TEAs) and is best described by the sequence of reactions 
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involved in the environmental redox ladder. Following depletion of O2 in the soil pores, 

microbial oxidation of organic matter proceeds by being coupled with the reduction of 

other TEAs including sulfate, which is relevant to this specific study. In fact the reduction 

of sulfate leads to the formation of sulfide compounds (Plaza et al., 2007; Yao and 

Millero, 1996), which can in turn behave as electron donors to drive the reductive 

dissolution of Fe in anaerobic environments. The non-biological or abiotic reduction of 

Fe-oxide minerals has been chemically proven, and a good number of studies on abiotic 

Fe-reductive dissolution mechanisms have been reported in the literature (e.g. Suter et 

al., 1991; Poultron et al., 2004; Peiffer and Gade, 2007). Unfortunately, abiotic 

processes of Fe have been overlooked with regard to the pollution of groundwater when 

impacted by engineered systems such as landfills. In general, the significance of abiotic 

processes of Fe in soils and sediments remains poorly understood. 

It is likely that reduced sulfur species play a role in the reductive dissolution of Fe 

in soils and sediments. Reactions of sulfide compounds with Fe(III)-oxides include the 

reduction of Fe3+-surfaces with the ultimate release of Fe2+ into solution as shown in 

Equations 4-1 and 4-2; where pH determines the prevalent reduced sulfur species 

taking part in the reaction (Peiffer and Gade, 2007; Poulton et al., 2002). 

2FeOOH  +  H2S  +  4H
+
 

pH<7.05
→      2Fe

2+
+   S

o
 +  4H2O                                                (4-1) 

 

Fe
3+

+ HS
-
 
pH>7.05
→     Fe

3+
S

-
  

electron
transfer
→    Fe

2+
S 
.−

detachment 

of Fe
2+

→        Fe
2+

+ S
0
                                       (4-2) 

 

In fact, sulfide oxidation is a major pathway for the reductive dissolution of Fe-oxides in 

sulfide-rich and anoxic layers of natural waters and soils (Poulton, 2003). The sulfide 

species involved in the process, depending on the pH of the system, include hydrogen 
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sulfide (H2S), and both bisulfide (HS−) and sulfide (S2−) which are produced by 

deprotonation of H2S as pH increases (pK1=7.05 for H2S/HS− and pK2=12.89 for  

HS−/S2-) as shown in Equations 4-3 and 4-4 (Firer et al., 2008). 

H2S ↔  HS
-
 + H

+
                (4-3) 

HS
-
 ↔   S

2-
 + H+

             (4-4) 

An additional abiotic mechanism occurs during the interaction between organic ligands 

and Fe3+-surfaces which leads to either reductive dissolution of Fe through an electron 

transfer process (Equation 4-5) or increased dissolution rates in the presence of low 

molecular weight organic matter (LMWOM) compounds and Fe2+-complexes as 

illustrated in Equation 4-6; where “> Fe3+OH(s)“ is the symbol for Fe3+-solid surface sites. 

In the latter case, since the electron transfer occurs from the Fe2+-organic complex to 

the Fe3+-surface site, there is no net increase in Fe2+ concentrations in solution. 

However, the process results in a significant increase in the rate of Fe reductive 

dissolution (Suter et al., 1991). 

> Fe
3+

OH(s)

Electron donor
(e.g.  ascorbate)
→           Fe

2+
(aq)                                                                        (4-5) 

 

>Fe
3+

OH(s)

Ligand-Fe
2+

-complex

(LMWOM,   e.g.  oxalate)
→                 Fe

2+
(aq)                                                                (4-6) 

Overall, the above brief review illustrates the potential for abiotic reductive dissolution of 

Fe to occur in soils. It also emphasizes the importance of key environmental parameters 

such as redox, pH, and OM. Besides the impact of organic-rich leachate on the soil 

redox and Fe dissolution in groundwater, the combination of Fe-rich soils and reduced 

sulfur compounds could provide another path that could lead to Fe-reductive 
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dissolution. Accordingly, an understanding of these abiotic processes and determination 

of their significance in the reductive dissolution of Fe-oxide minerals in soils is needed 

and is the objective of this study.  

Materials and Methods 

Vadoze Soil Sample Collection and Handling  

Vadose zone soils used in this study were collected in North Florida from 

different locations including (i) sites of current landfill Fe-impacted groundwater, and (ii) 

sites with no landfill activities as previously described in Chapter 3. Briefly, soil samples 

were obtained from selected locations in North Florida, and along a hypothetical 

transect defined to provide differences in the degree of crystallization of the Fe-oxide 

minerals. The rationale for site selection was based on differences in the depth of the 

water table and the impacts of its fluctuations on the mineralogy of iron found in these 

soils. The actual sampling locations of the samples are as follows. Samples 1 and 2 

were collected from two different locations within the site of the Klondike Landfill in 

Escambia County, Florida. This is the site of an unlined landfill which closed in 1982 

after six years of operation. Sample 3 was collected from the site of the New River 

Regional Landfill (NRRL), an active lined landfill in Union County, which started 

operation in 1992 (Jain et al., 2006). Sample 4 was collected from the Alachua County 

Southwest Landfill, a site of an unlined landfill in Alachua County, which closed in 1998 

after a 10-year period of operation (Comstock et al., 2010). Therefore, zone 1 samples 

(Figure 3-1) came from sites with past or ongoing landfill activities. In contrast, samples 

from zone 2 and zone 3 came from sites with no existing landfill activities. These sites 

are located in UF/IFAS Plant Research Site in Marion County, the Ordway-Swisher 
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Biological Station in Putnam County and the Austin Carey Memorial Forest in Alachua 

County. 

At each sampling site, samples were collected from deeper soil horizons (~2 

meters below the surface) using an auger or using a shovel for samples obtained in 

locations with pre-existing trenches. Following the collection process, soil samples were 

placed in covered high density polyethylene containers and transported to our 

laboratory at the University of Florida. In the laboratory, soil samples were air-dried, 

then homogenized using a pestle and mortar, passed through a 2 mm sieve to remove 

large particles and gross organic debris (Al-Abed et al., 2006); and then stored in sealed 

HDPE containers at room temperature (Kashem and Singh, 2001) until use for 

determination of soil physicochemical characteristics and in biotic and abiotic Fe-

reductive dissolution experiments in our study. 

Characterization of Collected Vadose Zone Soil Samples 

Soil particle size fractions, defined as sand (0.05 to 2 mm), silt (0.002 to 0.05 

mm) and clay (< 2 mm) (USDA, 1992), were determined using a combination of the 

pipet method and gravimetric measurement of each size fraction after soil pretreatment 

with hydrogen peroxide (H2O2) to remove organic matter (USDA, 1992, 2004).  

For each of the collected soil samples, pH was measured using an Accument 

Basic AB15 pH meter on a 1:1 (m/v) soil-water slurry which had been left to equilibrate 

for one hour using the EPA’s SW-846 Method for Soil and Waste pH (USEPA, 2004). 

The organic matter (OM) content of each soil sample was approximated as loss 

on ignition (LOI). 

The amorphous Fe concentration of the soils was determined by Inductively 

Coupled Plasma Atomic Emission Spectroscopy (ICP-AES) after extraction and 
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centrifugation of 0.5g of each soil sample with an acidified ammonium oxalate (AAO) 

solution composed of a mixture of 0.20 M ammonium oxalate ((NH4)2C2O4)and 0.20 M 

oxalic acid (H2C2O4) (Begin and Fortin, 2003; McKeague and Day, 1966). The total Fe 

oxide concentration (i.e. the combined crystalline and amorphous Fe content) of the 

soils was determined on citrate dithionite bicarbonate (CDB) extracts of the soil samples 

conducted in a water bath at 80 0C, and followed by centrifugation and analysis by ICP-

AES. In the CDB procedure, the sodium dithionite (Na2S2O4) acts to reduce Fe(III) in the 

soil samples to Fe(II), the sodium bicarbonate (NaHCO3) buffers the solution (pH 7-9) 

and the sodium citrate (Na3C6H5O7.2H2O) solution chelates the released Fe(II) to 

prevent sorption on solid phases (Bera et al., 2005; Golden et al., 1994; Mehra and 

Jackson, 1960). Finally, the calculated difference between the CDB-Fe and AAO-Fe 

concentrations allowed the determination of the crystalline Fe content of the soils (Bera 

et al., 2005).  

Soil mineralogy was determined on clay size fractions mounted on tiles or slides 

which underwent x-ray diffraction (XRD) using Cu K∝ radiation (1.53 Å) as generated by 

a computer-controlled X-ray diffractometer equipped with a stepping motor, a. graphite 

monochromator and a scintillation detector (Harris and White, 2008; Soukup et al., 

2008). Samples were scanned from 2- 600-2θ. 

Iron Reductive Dissolution Experiments with Dissolved Sulfide 

Various dissolved sulfide concentrations have been used in Fe reductive 

dissolution research: 0.80 mg S/L (equivalent to 25 uM) was used to study the effect of 

H2S on hydrous Fe (III) oxides in sea water (Yao and Millero, 1996), 15 mg S/L in the 

removal of H2S from sewage (Firer et al., 2008), 16 - 32.1 mg S/L (equivalent to 0.5 - 

1mM) was used in transformations studies of mercury, iron and sulfur during the 
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reductive dissolution of goethite (Slowey and Brown, 2007) and 0.6 - 36 mg S/L 

(equivalent to 192 - 1136 µM) for kinetic studies with ferrihydrite (Poulton, 2003). 

However, an initial dissolved sulfide concentrations of about 3.0 ± 1 mg S/L was 

selected for use in the experiments in this study due to reagent and analytical 

limitations. This concentration is within agreement of the range of sulfide concentrations 

that have been used in the previously mentioned studies. 

The approach used in this study was adapted from the methodologies of Lahav 

(2004a) and Poulton (2003) with the use of batch studies of prepared slurries of soil and 

sulfide solutions in the ratio 1:10 (m/v). Weighed soil samples were placed in serum 

vials which were capped and then hermetically sealed. Aliquots of the initial dissolved 

sulfide solutions previously prepared in glass reactors were removed and injected into 

the serum vials with the use of a syringe fitted with a 2-way valve (Heitmann and 

Blodau, 2006; Lahav et al., 2004b). Control samples, consisting of serum vials filled with 

additions of the initial dissolved sulfide solutions but with no soil addition were incubated 

in parallel with the soil-sulfide slurries (Yao and Millero, 1996).  

After reaction times of 30 minutes, 60 minutes and 90 minutes, aliquots were 

removed from the serum vials with a syringe and added to vials containing either 

methylene blue reagents for sulfide analysis or with HCl for Fe(II) extraction and 

analysis. The colored solutions formed were analyzed at the wavelengths 665 nm for 

sulfide determination (Cline, 1969) and 562 nm for Fe(II) determination (Stookey, 1970) 

respectively. 

Preparation of Sulfide Solutions 

All of the sulfide solutions used in this study were prepared with Nanopure® water 

purged with (18 MΩ) ultra-high purity (UHP) nitrogen gas (N2) (Guenther et al., 2001; 



 

89 

Poulton, 2003; Yao and Millero, 1996). Stock sulfide solutions were prepared with 

sodium sulfide crystals (Na2S.9H2O, Fisher Scientific) in volumetric flasks with 

Nanopure® water. The initial (starting) dissolved sulfide solutions used in the Fe 

reduction experiments were prepared in one liter (1L) glass reactor bottles with 

appropriate volumes of stock sulfide solutions added with a valve -fitted syringe to 

achieve the desired sulfide concentrations. The reactors were fitted with custom-made 

inlet ports for degassing, stock sulfide input, acid or base input (0.10M HCl / 0.1M 

NaOH), pH probe, magnetic stirring rod and outlet ports. These ports helped to maintain 

anoxic conditions inside the reactors to prevent sulfide oxidation upon sample removal 

and stock sulfide input. 

Sulfide Analysis and Sulfide Speciation  

Concentrations of the stock sulfide solutions, sulfide standards, the initial 

dissolved sulfide solutions and sulfide samples extracted from the aqueous phase of the 

Fe-reductive dissolution experiments were analyzed by colorimetry using the methylene 

blue method (HACH Method 8131) (Cline, 1969; Slowey and Brown, 2007). This 

method involves additions of Reagent 1 (sulfuric acid, HACH Chemical Co.) and 

Reagent 2 (N,N-dimethyl-p-phenylenediamine sulfate and potassium dichromate, HACH 

Chemical Co.) to vials containing sulfide samples. In this process, N,N-dimethyl-p-

phenylenediamine sulfate reacts with the sulfide sample to produce a methylene blue-

sulfide complex which has a maximum absorbance at =665 nm (Clesceri et al., 1989).  

Dissolved sulfide was measured on filtered samples (0.45 µm) and total sulfide 

(dissolved and FeS) on unfiltered samples (Poulton et al., 2004). FeS concentrations 

were calculated as the difference between the total and dissolved sulfide 
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concentrations. Similarly, at the end of each reaction time, the concentration of sulfide 

that had been oxidized was calculated as the difference between the initial (starting) 

sulfide concentration and total sulfide concentration left unreacted (or remaining in 

solution) at that time (Poulton, 2003). Measurements of the other sulfide oxidation end 

products were not conducted in this study.  

Iron Analysis 

Fe(II) released into solution from the Fe reductive dissolution experiments was  

analyzed using ferrozine, a disodium salt of 3-(2-pryidyl)-5,6-bis(4-phenylsulfonic acid)-

1,2,4-triazine (C20H13N4NaO6S2, Acros Organics). The latter reacts with Fe(II) to form a 

soluble magenta complex with a maximum absorbance at =562nm (Stookey, 

1970).The ferrozine reagent was prepared by dissolving 0.1% (w/v) of ferrozine in 

0.05M HEPES buffer solution (4-(2-hydroxyethyl)-1-piperazineethanesulfonic acid, 

C8H18N2O4S, pH 7, Fisher Scientific Chemicals). Fe(II) standards were prepared from a 

ferrous ammonium sulfate stock solution (FeSO4.7H2O, Fisher Scientific Chemicals). 

For sample analysis, Fe in the aqueous suspensions was extracted with a 2-way valve 

fitted syringe into hermetically sealed vials. Different Fe(II) fractions were determined 

either analytically or calculated as follows: 

Total-Fe(II): Total-Fe(II) is operationally defined as the sum of the truly dissolved 

Fe(II) or Fe(II)aq, Fe(II) present as Fe(II) sorbed on suspended solids and FeS. For the 

determination of the total-Fe(II) concentration, non-filtered aqueous samples withdrawn 

from static batch reactors were transferred into vials containing 5 mL of 1N HCl solution. 

The acid allows for the extraction of Fe(II) (also called acid-extractable Fe(II)) and it is a 

measure of the total amount of Fe(II) reduced and present in the aqueous phase 
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(Chacon et al., 2006; Poulton et al., 2004). The vials were purged for 5 min with ultra-

high purity N2 to remove residual sulfide and then the mixture was left to react for 1 

hour. Aliquots of these acidified solutions were then reacted with solutions of ferrozine-

HEPES as described above to determine the concentration of Fe(II). 

Dissolved Fe(II) Fraction: Samples for the determination of the dissolved Fe(II) 

fraction were filtered through 0.45µm syringe filters and the filtrate was collected into 

hermetically sealed and nitrogen-flushed vials containing 0.5N HCl (Poulton, 2003). The 

acidified filtrates were then analyzed with the ferrozine method as outlined above. 

Fe(II) Present as FeS: The formation of FeS was calculated using experimental 

data obtained from the analysis of total sulfide (dissolved sulfide and FeS-sulfide). The 

FeS-Fe(II) fraction was calculated based on a stoichiometric approach derived from the 

concentration of FeS-sulfide assuming a composition of Fe1.05S common in soils and 

sediments (Poulton, 2003).  

Fe(II)-Sorbed onto Suspended Solids: Fe(II)-sorbed was estimated simply as 

the difference between Total-Fe(II) and the sum of dissolved-Fe(II) and Fe(II) present as 

FeS (or Fe(II)-FeS). 

Statistical Analyses 

For each of the reaction times (30, 60 and 90 minutes), comparative statistical 

analysis of the daily rates of dissolved Fe(II) of the 12 soils were conducted using the 

SigmaPlot statistical software package. Significant differences between the means of 

the rates of Fe(II) release from the soils (Table 4-3) was determined by analysis of 

variance (ANOVA,  p < 0.05); and Tukey’s test if differences were found (Beesley et al., 

2010). For each soil separately, comparative statistical analyses of the Fe(II) release 

rates obtained at each of the reaction times were conducted using the SigmaPlot 
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statistical software package. For each soil, significant differences between the means of 

the determined rates of Fe(II) release at each of the three reaction times were also 

determined by analysis of variance (ANOVA, p ≤ 0.05); and Tukey’s test (Beesley et al., 

2010). 

 Results and Discussion 

The average concentrations of the initial sulfide solutions and the pH of the 

prepared soil-water mixtures are presented in Table 4-1. The prepared mixtures had 

pH>9 which is adequate for the occurrence of reduced ionic sulfur species (such as 

bisulfide (HS-)) which are relevant for the reduction mechanism hypothesized in this 

study. Measurements of the rates of sulfide disappearance and Fe(II) appearance in the 

aqueous phase were conducted at times 30, 60, and 90 minutes. The results obtained 

from these experiments are as follows. 

Disappearance of Dissolved Sulfide from Solution 

Table 4-2 shows the rates of disappearance of dissolved sulfide from solution 

based on reaction times of 30, 60 and 90 minutes. Overall, rates expressed on a daily 

basis show that the longer the reaction time, the slower the rate of dissolved sulfide 

release (Table 4-2). This decreasing temporal trend in the rate values suggests that the 

net concentration of sulfide in solution is affected by more than one reaction. First and 

hypothesized earlier, the highest rates recorded were based on the reaction time of 30 

minutes which corresponds to the highest rates of iron reductive dissolution shown in 

Tables 4-3 and 4-4 (to be discussed in the next subsection). This points to the reduction 

of soil Fe(III) oxide minerals coupled with the oxidation of sulfide. In addition to Fe(II) 

release, the major sulfur oxidation product formed upon reaction of sulfide with Fe(III)-

oxides is elemental sulfur (S0) as shown in Equation 4-7 (Lahav et al., 2004b) but other 
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products which may be formed include sulfate as shown in Equation 4-8 (Firer et al., 

2008), thiosulfate (S2O3
2-) or sulfite (SO3

2-) (Lahav et al., 2004b) as shown in Equations 

4-9 and 4-10, respectively (Dos Santos Afonso and Stumm, 1992). 

2Fe (S)
3+

  +  HS (aq)
-

→ 2Fe
2+

+ S
0
 +  H+

                                                                           (4-7) 

8Fe
3+

 + HS
-
 + 4H2O → 8Fe

2+
 + SO4

2-
 + 9H

+
         (4-8) 

4Fe2O3 +  2H2S +15H
+
 ↔ S2O3

2-
 + 12H2O + 8Fe(aq)

2+
        (4-9) 

3Fe2O3 +  H2S +10H
+
 ↔ SO3

2-
 + 6H2O + 6Fe(aq)

2+
      (4-10) 

It has been shown that iron oxide minerals display a wide variability in terms of their 

reactivity towards dissolved sulfide (Poulton, 2003), and at pH of 7.5 for instance, the 

rate of reduction of Fe(III)-oxide minerals by sulfide increases in the order goethite< 

hematite<magnetite<<lepidocrocite≈hydrous ferric oxides (Peiffer and Gade, 2007). 

Second, in addition to the consumption of sulfide in redox reactions that lead to 

the reductive dissolution of Fe, the precipitation of chalcophilic metal cations as sulfide 

minerals constitute another sink for Fe. Given the high concentration of Fe in the soils 

used, it is likely that this mechanism is dominated by the formation of iron monosulfide 

(FeS), which would therefore result in the removal of both Fe(II) and reduced sulfur from 

solution and as shown in Equations 4-11 (Poulton et al., 2004) and 4-12 (Peiffer et al., 

1992), depending on the pH of the system. 

Fe (aq)
2+

 + HS(aq)
-

 → FeS (s) + H (aq)
+

          (4-11) 

Fe
2+

 +  H2S + 2H2O → FeS + 2H3O
+
       (4-12) 

Therefore the main pathways are (i) the production of dissolved Fe (II) by reduction of 

Fe(III)-oxide minerals as sulfide undergoes oxidation, (ii) precipitation of released Fe(II) 

as FeS; and (iii) in microbial active environments (which is not the case under these 
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experimental conditions), a likely reaction of de novo produced sulfide by sulfate 

reducing bacteria with additional Fe(III) (Berner, 1970). 

While the main focus of the research on sulfide generation in landfills has been 

on the production of H2S and its impact on the environment, research on the 

implications of the occurrence of dissolved sulfide in landfill leachate has been very 

limited despite the detection of dissolved sulfide in leachate plumes in concentrations as 

high as 33 mg/L in sulfidogenic zones (Lyngkilde and Christensen, 1992b). In addition, 

laboratory experiments on synthetic C&D leachate generated dissolved sulfide in 

concentrations ranging from 12.8 mg/L to 21.6 mg/L (Jang and Townsend, 2003). 

These observations raise questions on the potential role and significance of dissolved 

sulfide present in landfill leachates with regard to the current issue of groundwater 

pollution with Fe in landfill impacted watersheds. 

Sulfide Induced Iron Reductive Dissolution 

The results of Fe analysis in the aqueous phase of the different batch reactors 

have been tabulated (Tables 4-3 and Table 4-3) and are shown in Figures 4-1, 4-2 and 

4-3. Similar to the trends of the calculated rates of sulfide disappearance from solution, 

the rates of iron release on a per day basis showed an overall decreasing trend with 

increasing reaction time. The operationally defined Fe(II) fractions defined in the 

Materials and Methods section were used to track the fate of Fe(II) released to the 

aqueous phase. Measured Fe(II) concentrations were therefore subdivided into (i) total-

Fe(II), dissolved-Fe(II), iron mono-sulfide or Fe(II)-FeS and Fe(II)-sorbed onto solid 

suspended soil particles. Using soil sample #8 as an example, Figure 4-1 shows the 

distribution trend of the different Fe(II) species in mg/L, this trend was common to all the 

tested soils. It can be seen that most of Fe(II) produced by reductive dissolution process 



 

95 

occurred as the operationally defined surface sorbed Fe(II), which is calculated as the 

difference between Total-Fe(II) concentrations and the sum of the Fe(II)-dissolved and 

Fe(II)-FeS fractions. This dominant fraction is followed by the dissolved-Fe(II) fraction 

and the Fe(II)-FeS (Figure 4-1). Using selected soil samples from zone 1 (samples 1 

and 2; Figure 4-2) and zone 3 (samples 11 and 12; Figure 4-3) which are the end 

members of degree of crystallization of Fe-oxide minerals, rates of production of the 

different Fe(II) fractions and rates of dissolved sulfide disappearance are plotted 

comparatively as a function of reaction time.  

Of interest is the formation FeS during these experiments. With regard to sulfur, 

the presence of sulfide in solution favors the formation of iron sulfide minerals (Bell et 

al., 1987) such as the transient species iron monosulfide (FeS) and the more stable 

pyrite (FeS2) (Bell et al., 1987). The latter would prevail under solution pH values that 

range from 3 to 9 and Eh values ranging from 0.1 to - 0.4 V (Garrels and Christ, 1965). 

Assuming that the Eh and pH conditions were satisfied in the experiments and in the 

presence of high dissolved sulfide concentrations (Ellwood et al., 1988), it is feasible 

that FeS was formed in some of the soil-sulfide slurries tested. 

FeS concentrations were calculated as proposed by Poulton, assuming a 

composition of Fe1.05S (Poulton, 2003). Based on this approach, FeS was supposed to 

be formed in some of the reactors, but none was visually detectable. This could be due 

either to the occurrence of FeS as either a transient phase (Figure 4-2 B) or the 

precipitation of only small amounts (e.g. Figure 4-2 A and Figure 4-3). It is also possible 

that FeS was formed as amorphous FeS(aq), the precursor of FeS(s) and pyrite, FeS2(s). 
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The amorphous FeS(aq) is a rather clear compound in solution and not a black 

precipitate (Rickard and Morse, 2005). 

While differences were observed in the absolute values of the calculated rates, 

the overall trend remains nearly the same for all of the samples. The near perfect 

overlap of the rates of Fe(II) release to that of dissolved sulfide suggests that sulfide 

oxidation is the main mechanism leading iron reductive dissolution. These results are in 

agreement with decreased (dissolved) sulfide concentrations observed in sulfide rich 

sediments in the presence of Fe (III)-oxide minerals (Jacobson, 1994).  

For each soil, when considering the rates obtained from each of the three 

reaction times (30, 60 and 90 minutes) and based on statistical analyses, only 7 of the 

12 soil sample were characterized by a significant decreasing trend in the determined 

rates of iron reductive dissolution, these were samples 1,3,5,6,10,11 and 12. In contrast 

and while showing a decreasing trend as for the above 7 samples, rates calculated 

based on data obtained from the remaining 5 soil samples were not significantly 

different based on the three reaction times. These samples were 2,4,7,8 and 9. 

Also comparative analyses of all of the 12 soils were conducted at each reaction 

time. At the end of the 30 min reaction time, no significant differences were found 

between the rates of iron reductive dissolution of any of the 12 soils. In contrast, at the 

end of the 60 min reaction time, significant differences existed between soil samples 2 

and 11; which exhibited the highest and lowest determined rates, respectively. At the 

end of the 90 min reaction time, no significant differences were found in any of the soils. 

Finally, a correlation analysis of the determined Fe(II) release rates and the soil 

Fe (total-Fe, crystalline-Fe or amorphous-Fe) was conducted with data from the 12 soil 
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samples. The results are presented in Figures 4-4, 4-5 and 4-6 for rates calculated 

based reaction time of 30, 60, and 90 min, respectively. The correlation coefficients (r2) 

obtained at the end of the 30 min reaction time (Figure 4-4) were r2 = 0.321 (total Fe), r2 

= 0.106 (crystalline Fe) and r2 = 0.481 (amorphous Fe). The r2 obtained at the end of 

the 60 min reaction time (Figure 4-5) were 0.0483 (total Fe), 0.00151 (crystalline Fe), 

and 0.434 (amorphous Fe). The r2 obtained at the end of the 90 min reaction time 

(Figure 4-6) were 0.00785 (total Fe), 0.00733 (crystalline Fe) and 0.184 (amorphous 

Fe). While no substantive correlation was obtained, it is worth to note how the 

relationships become weaker with increasing reaction time, suggesting that over time, 

sulfide induced reductive dissolution of iron might result in significant losses of 

previously released Fe(II).  Finally, the amorphous-Fe fraction tends to be the most 

prone to reductive dissolution (Jacobson, 1994). 

Conclusions 

Lined landfills are used for the disposal of municipal solid waste (MSW) and 

hazardous waste, in which accidental leaching could result in consequences as those 

simulated and discussed in Chapter 3. In such cases, organic rich leachate could also 

lead to the use of sulfate as TEA by sulfate reducing bacteria resulting in the production 

of dissolved sulfide species which can then come into contact with soil’s Fe(III)-oxide 

minerals. On the other hand, construction and demolition (C&D) debris consists of items 

like wood, drywall, concrete and metals (Jang and Townsend, 2003). Gypsum drywall is 

a C&D waste component which contains hydrated calcium sulfate (CaSO4·2H2O), a 

known precursor for reduced sulfur species. Rainfall infiltration through C&D waste 

would dissolve calcium and sulfate from gypsum and dissolved sulfide could be formed 

with the use of sulfate as TEA by sulfate-reducing bacteria (Plaza et al., 2007; Yao and 
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Millero, 1996). Dissolved sulfide could then behave as an electron donor to drive the 

non-biological reduction of soil Fe(III)-oxides. The main findings of this research can be 

summarized as follows. 

 The experimental results confirm the ability of dissolved sulfide from landfill 
leachate to drive Fe reductive dissolution in soils. Although the initial dissolved 
sulfide concentration (about 3 mg S/L) used in these experiments was on the 
lower end of what can be found in landfill leachates, especially when compared 
to sulfide concentrations found in C&D landfill leachate; the tested concentrations 
were sufficient to release detectable amounts of Fe(II). Given the complexity of 
the aqueous chemistry of sulfide, it is likely that high sulfide concentrations could 
actually limit the concentrations of dissolved Fe(II) that can be carried downward 
in the aqueous phase to the aquifer by infiltrating leachate and/or rain water. The 
trends of iron reductive dissolution observed in this study do suggest that at 
sulfide concentrations as high as 12 mg S/L to 30 mg S/L common to landfill 
leachates, Fe(II) removal from solution would likely prevail over Fe-reductive 
dissolution rates, resulting in a negligible Fe(II) pollution impact. 

 The rate of dissolved Fe(II) release in the soils was independent of the type or 
concentration of the soil Fe portion, although the amorphous-Fe fraction seemed 
to be more prone than the crystalline-Fe to dissolve through sulfide induced 
reduction. 

 Sulfide disappearance from dissolution and Fe(II) release occurred in a short 
amount of time (30 minutes in these experiments), then decreased with 
increasing reaction time suggesting that the removal of dissolved sulfide and 
Fe(II) from the soil solution could possibly as a result of the formation of FeS.  

 Longer reaction times are needed to obtain the full extent of Fe reduction with 
dissolved sulfide since the initial precipitation of FeS was observed after 90 
minutes reaction time. Also a plateau in the Fe(II) release was not observed but 
higher sulfide concentrations would likely make levels of dissolved Fe(II) 
negligible. 
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Table 4-1.  pH and analytically determined initial concentrations of sulfide in the soil 
slurries prepared in triplicates for each of the tested soils.  

          Soil Sample 
# 

pH of soil 
slurries 

Initial Sulfide a 
Concentration (mg/L) 

1 10.04 3.74 ± 0.3 
2 10.05 3.36 ± 0.3 
3 10.14 3.55 ± 0.1 
4  9.98 3.69 ± 0.3 
5 
6 
7 
8 
9 

               10 
               11 
               12 

10.05 
10.04 
 9.98 

           10.03 
           10.06 

10.05 
10.05 
10.04 

3.63 ± 0.4 
2.93 ± 0.1 
3.24 ± 0.2 
3.05 ± 0.0 
2.99 ± 0.1 
2.90 ± 0.3 
2.53 ± 0.2 
3.90 ± 0.0 

  a Sulfide concentrations are means (n=3) ± 1 SD. 
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Table 4-2.  Rates of disappearance of dissolved sulfide (mg S.L-1.day-1) in soil slurries 
treated with Na2S.9H2O. The rates of sulfide oxidation expressed in mg S.L-

1.day-1, and calculated based on reaction times of 30, 60 and 90 minutes. The 
initial concentrations of added sulfide are expressed as mg S/L for each of the 
tested soils are shown in Table 4-1. 

 
Soil 
Sample 

Rates (mg S.L-1.day-1) of disappearance of dissolved sulfide at:   
 

    t1=30min a 
       
 

 
   t2=60min a 

 
 

 
t3=90min a 

 
 

1   846 ± 310  449 ±  74  268 ±  87.0  

2   533 ±   76  310 ±  33  199 ±  78.8  
3   559 ± 142  325 ±238  303 ±  12.0  
4 1814 ±   78  821 ±  49  138 ±  31.0  
5   589 ± 147  220 ±  27  306 ±  57.0  
6   662 ±   85  467 ±  81  276 ±  36.0  
7 1305 ±  3.0  564 ±  34  270 ± 101  
8   976 ± 139  496 ±  28  311 ±  19.0  
9   374 ± 355  144 ±142  145 ±     2.0  
10 1094 ± 168  464 ±  22  292 ±   40.0  
11  5.00 ± 120  82.0 ± 14  64.0 ±  59.0  
12 1721 ± 536  608 ± 199  381 ±   38.0  

a Rate values are means of 3 experimental replicates ± 1SD 
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Table 4-3.  Rates of iron released to the aqueous phase and present as dissolved Fe(II) 
(0.45μm) in soil reacted with reduced sulfur solution added as Na2S.9H2O. 
Results are expressed in mg of Fe per kg of soil per day; and calculated 
based on 3 different reaction times (t) of 30, 60 and 90 minutes. The initial 
concentrations of sulfide used as electron donor for each of the soil slurries 
are shown in Table 4-1. 

 
Soil 

Sample 

Rates of iron reductive dissolution (mg Fe.kg-1.day-1) at:  
 

t1=30min a 
  

   t2=60min a 
  

t3=90min a 
 

1 590 ± 26.8  253 ± 30.2 
 

152 ± 11.8  

2 750 ± 969  366 ± 88.9  199 ± 78.8  
3 439 ± 58.0  193 ± 67.9  164 ± 0.00  
4 269 ± 86.1  189 ± 17.8  138 ± 31.4  
5 680 ± 144  308 ± 0.00  200 ± 0.00  
6 583 ± 177  188 ± 20.7  110 ± 30.1  
7 354 ± 130  284 ± 40.4  170 ± 27.2  
8 331 ± 43.8  246 ± 87.7  206 ± 57.4  
9 367 ± 27.3  347 ± 153  247 ± 113  
10 328 ± 47.4  276 ± 0.00  180 ± 0.00  
11 291 ± 52.6  158 ± 65.1  124 ± 13.2  
12 418 ± 291  217 ± 46.6  122 ± 62.3  

a Rate values are means (n=3) ± 1SD 
 
  



 

102 

 
Table 4-4.  Rates of iron reductive dissolution calculated based on “Total-Fe(II)” 

concentrations (i.e. sum of Fe(II)aq and Fe(II)S) in the aqueous phase of soil 
mixed with reduced sulfur added as Na2S.9H2O. The rates expressed in mg 
Fe.kg-1day-1 were calculated based on different experimental reaction times 
(t) of 30, 60, and 90 minutes. The initial concentrations of added sulfide for 
each of the tested soil slurries are shown in Table 4-1. 

 
Soil 
Sample 

Rates of Fe(II) release (mg Fe.kg-1day-1)   
 

t1=30min a 
       
 

 
   t2=60min a 

 
 

 
t3=90min a 

 
 

1 959 ± 9.48  480 ± 87.2 
 

310 ± 34.7  

2 1125 ±1016  1410 ±0.00  811 ± 222  
3 851 ± 199  425 ± 67.9  341 ± 65.3  
4 939 ± 53.6  474 ± 98.1  450 ± 136  
5 968 ± 5.30  705 ± 2.65  495 ± 177  
6 814 ± 177  454 ± 9.59  307 ± 93.4  
7 865 ± 9.48  630 ± 159  387 ± 102  
8 1225 ± 232  848 ± 87.8  546 ± 16.5  
9 547 ± 118  573 ± 251  312 ± 65.7  
10 831 ± 196  400 ± 38.3  373 ± 217  
 11 958 ± 163  494 ± 120  318 ± 0.00  
12 800 ± 131  391 ± 118  323 ± 68.8  

a Rate values are averages of 3 replicates ± 1SD 
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Figure 4-1.  Temporal concentration trends of the different fractions of Fe(II) released 
from soil treated with a solution of reduced sulfur added as Na2S.9H2O. Data 
obtained from soil sample #8 is used as example to illustrate the temporal 
trend of Total-Fe(II) concentrations and the phase partitioning of released 
Fe(II) between the aqueous (0.45 μm) and solid phases. Columns represent 
the averages of 3 replicates (n=3) and the error bars correspond to 1 
standard deviation (1 SD). 
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Figure 4-2.  Rates of iron reductive dissolution from zone-1 soils expressed as mg 
Fe.kg-1day-1 and rates of disappearance of reduced S from solution in mg S.L-

1day-1. A) Trends of rates calculated based on three different reaction times 
using the results obtained with soil sample #1. B) Similar to A) but based on 
results obtained with soil sample #2. Each data point represents the average 
of 3 replicates (n=3) and the error bars correspond to 1 standard deviation.                                                         
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Figure 4-3.  Rates of iron reductive dissolution in zone-3 soil samples expressed as mg 

Fe.kg-1day-1 and rates of disappearance of sulfide in mg S.L-1day-1. A) Trends 
of rates calculated based on three different reaction times using the results 
obtained from soil sample #11. B) Similar to A) but based on results obtained 
from soil sample #12. Each data point represents the average of 3 replicates 
(n=3) and the error bars correspond to 1 standard deviation. 
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Figure 4-4.  Rates of iron reductive dissolution calculated using data obtained after a 

reaction time of t=30 minutes, as a function of A) Total-Fe concentration 
(Citrate Dithionite Bicarbonate fraction). B) the concentration of crystalline Fe 
(determined as the difference between the CDB and amorphous (AAO) 
fractions). C) concentration of the amorphous Fe (acidified ammonium 
oxalate or AAO fraction). Plotted data are averages (n=3) ± 1 SD. 
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Figure 4-5.  Rates of iron reductive dissolution calculated using data obtained after a 

reaction time of t=60 minutes, as a function of (A) Total-Fe concentration 
(Citrate Dithionite Bicarbonate fraction); (B) the concentration of crystalline Fe 
(determined as the difference between the CDB and amorphous (AAO) 
fractions); and (C) concentration of the amorphous Fe (acidified ammonium 
oxalate or AAO fraction). Plotted data are averages (n=3) ± 1 SD. 
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Figure 4-6.  Rates of iron reductive dissolution calculated using data obtained after a 
reaction time of t=90 minutes. A) As a function of total-Fe concentration 
(Citrate Dithionite Bicarbonate fraction). B) As a function of the concentration 
of crystalline Fe (determined as the difference between the CDB and 
amorphous (AAO) fractions). C) As a function of the concentration of the 
amorphous Fe (acidified ammonium oxalate or AAO fraction). Plotted data 
are averages (n=3) ± 1SD. 



 

109 

CHAPTER 5 
PREDICTING THE POTENTIAL OF VADOSE ZONE SOIL IRON TO UNDERGO 

REDUCTIVE DISSOLUTION  

Introduction 

The growing concern associated with the issue of Fe dissolution in certain landfill 

impacted subsurface waters and the search for remedial solutions is a perfect example 

of a reactive approach to deal with environmental pollution issues. As old landfills are 

closing and several new ones are being opened, a proactive approach is needed to 

minimize, and if possible eliminate, the complex ramifications associated with delayed 

prevention and remediation measures. Briefly, in Fe-rich soils found under unlined 

landfills, reducing conditions could develop as a result of leachate migration into the 

vadose zone, and/or the diffusion of landfill gases into the pores of heterogeneous 

unsaturated soils, leading to the reduction of Fe previously locked into Fe(III)-oxide 

minerals and transfer to the aqueous phase as Fe(II)aq. However, for sites impacted by 

lined landfills, it is likely that the reducing conditions and the resulting dissolution of Fe 

could be attributable to several factors including: (i) changes to the natural hydrology 

that result from the use of impermeable liners which cut off water infiltration pathways 

through the vadose zone and oxygen replenishment via rainwater; and (ii) potential 

leaks of landfill leachate over time, sufficient enough to induce reductive dissolution, but 

without significant leachate contamination signature in the impacted groundwater.  

The ultimate goal of this study is to develop a modeling tool that uses aqueous 

and solid phase environmental parameters to predict the potential of any vadose zone 

soil to respond to landfill activities, with regard to Fe dissolution and groundwater 

pollution. In this initial phase of the study, the primary objective is to (i) lay the 

groundwork for a solubility model that predicts solution concentration of Fe, based on a 
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pre-determined set of soil physicochemical characteristics; and (ii) test the potential of 

multi-parameter regression as predictive model for soil’s iron reduction potential.  

Multiple linear regressions are often used in the attempt to model the relationship 

between two or more variables and a response variable by fitting a linear equation to 

observed data. Every value of the independent variable “x” is in this case associated 

with a value of the dependent variable “y”. The population regression line for 

explanatory variables x1, x2, ..., xn is defined as: 

y = o  + 1x1 + 2x2 + …. + nxn                                                                                                        (5-1) 

Equation 5-1 can be used to describe changes of the mean response y as a 

function of key variables (x1, x2,..., and xn). The identified variables can be investigated 

further to generate the parameters that could be most relevant to the geochemical 

modeling effort.  

In fact, several models that predict the concentration or activity of metals in soil 

pore waters have been published (El-Falaky et al., 1991; Ma and Lindsay, 1993; Jopony 

and Young, 1994; Sauve, 1999; Sauve et al., 2000). Parameterization of these models 

has been based on easily measurable soil characteristics such as total metal content, 

pH, and soil OM. More mechanistic models with greater input requirements have also 

been developed. These include the assemblage model “SCAMP” developed by Lofts 

and Tipping (1998), and the “NICA” model of Gooddy et al. (1995); an adsorption model 

developed as an extension to the chemical-equilibrium program CHARON (Hesterberg 

et al., 1993). However, there are limitations to the general and widespread application of 

some of these models. For example, the “SCAMP” assemblage model requires the 
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content of Al, Fe, Si, and Mn oxides and humus in soil and estimation of the specific 

surface area of each constituent.  

Algorithms previously proposed by others for prediction of metal solubility in soils 

based on information commonly included in soil geochemical surveys include the 

activity model by Tye et al. (2003), illustrated in Equation 5-2, and where pFe2+= -

log10(Fe), OC = organic carbon content of the soil in %, Fe-soil = iron content of the soil, 

Fe2+ = activity of ferrous iron in soil pore water, N is the nth relevant parameter impacting 

Fe-dissolution; and ki and m are model fitting constants specific to iron.  

m

NkpHkk
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Fe
p

pFe
n

soil ])log[......()()
100

(
21

2






                                              (5-2) 

The advantage of this solubility expression is the flexibility to include all relevant 

parameters affecting iron reductive dissolution. It can therefore be fed by data obtained 

from laboratory experiments and can be used by engineers, geologists, landfill 

operators and regulators to determine whether Fe reductive dissolution could pose a 

problem at any given site targeted for landfill development. 

Materials and Methods 

Hematite as Source of Iron—Characterization 

A synthetic Fe-mineral, hematite, was used in anaerobic laboratory incubations in 

the presence of a consortium of bacteria obtained from an anaerobic digester to 

determine the rate constants (k) of Fe reductive dissolution as a function of increasing 

organic carbon (glucose), proton (pH), and salt (ionic strength) concentrations. The 

hematite sample was obtained from Fisher Scientific (USA) and used in laboratory 

experiments as received. Previously published X-Ray diffractometer (XRD) techniques 
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(Harris and White, 2008; Soukup et al., 2008) were used to characterize the hematite 

sample. Briefly a hematite suspension prepared in a 1M NaCl solution (adjusted to pH 

10) was mounted on tiles and either K or Mg saturated, and washed with de-ionized 

water and then with a 30% glycerol solution for Mg-saturated samples. Samples were 

irradiated with a 1.53Å line from a copper target using a computer controlled XRD 

equipped with a stepping motor, a graphite monochromator, and a scintillation detector 

which scans up to 60°-2θ to obtain peaks. Bragg’s law was used to determine the d-

spacing for mineral identification.  

Fe-Reductive Dissolution Experiments 

Based on the discussion provided in earlier chapters on the reductive dissolution of 

iron, laboratory experiments were designed to assess the potential of solid phase iron to 

undergo dissolution under anaerobic conditions as a function of selected environmental 

parameters (OM, pH, and ionic strength). The focus was limited to the potential soil-

liquid interactions and microbial induced reduction of Fe(III)-oxide minerals. Using the 

experimental approach described in Chapter 3, experiments were conducted using 

hematite as solid phase mineral, and the effect of organic matter, pH and ionic strength 

on Fe reductive dissolution assessed using inoculum of a consortium of bacteria from 

an anaerobic digester. The results obtained from these experiments were then used to 

generate fitting constants specific to Fe which can be used in a multi-parameter 

equation to predict the potential of Fe in any of the 12 soil samples to undergo reductive 

dissolution. 

Analysis of Fe 

At the end of the incubation time, samples were placed inside an anaerobic glove 

box, and using a syringe, aliquot samples were withdrawn from experimental bottles, 
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filtered through a 0.45μm filter membrane directly attached to a syringe, and Fe(II) 

concentrations determined by spectrometry using the ferrozine method (Roden, 2004; 

Stookey, 1970). Briefly, ferrozine, a disodium salt of 3-(2-pyridyl)-5,6-bis(4-

phenylsulfonic acid)-1,2,4-triazine, reacts with Fe(II) to form a rather stable magenta 

complex which is soluble in water and therefore used for the direct determination of 

Fe(II) in water. The visible absorption spectrum of the ferrous complex of ferrozine 

exhibits a single sharp peak with a maximum absorbance at 562 nm.  

Predictive Tools 

First, the physicochemical data obtained from the analysis of collected soils 

(Chapter 3, Table 3-1) were used in a multiple linear regression analysis to identify the 

parameters that correlated best with the concentrations of Fe(II) released by the tested 

soils. Using data presented in Chapter 3, the best fit was obtained by correlating the 

concentrations of released Fe(II) in mg/L to the soil’s organic carbon content (%OC), the 

oxalate Fe-extract (AAO-Fe) and soil’s total-Fe concentration or CDB-Fe. This exercise 

resulted in Equation 5-3, with r2 values of 0.968, 0.932 and 0.863 for %0C, amorphous 

or AAO-Fe and total or CDB-Fe, respectively. 

[Fe] = 0.744 -2.778 [%OC] + 0.00163 [Ox-Fe] + 0.000569 [CDB-Fe]                         (5-3) 

Based on Equation 5-3, organic carbon content was selected as a key soil 

parameter in addition to Fe concentrations used to predict the concentrations of iron 

that might be released by vadose zone soils when exposed to landfill leachate. In 

addition to OM, the potential effects of pH and ionic strength were also assessed. The 

potential of vadose zone soils to release iron as Fe(II) as a function of the above listed 

parameters was estimated using a modified version of Equation 5-2. Modifications were 

based on our experimental observations (data discussed in in previous chapters 3 and 
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4, and Equation 5-3). Accordingly, a prevalent role was given to soil’s iron concentration 

(Fesoil) and the organic carbon content (%OC); while minimizing the weight of other 

parameters such as pH and ionic strength (Equation 5-4). 
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                                    (5-4) 

 Finally, the model generated Fe(II) concentrations were compared to the 

experimental data obtained by iron reductive dissolution in tested soils, induced by 

landfill leachate. 

Results and Discussion 

Hematite as Source of Iron—Characterization 

The XRD analysis of used hematite is given in Figure 5-1. The analyzed sample 

showed mica (M) and quartz (Q) impurities in addition to peaks of Fe-minerals other than 

hematite (e.g. peaks shown by a question mark, which are believed to be ferromagnesian 

type minerals, and G for goethite).  

Fe-Reductive Dissolution from Hematite as a Function of Key Environmental 
Parameters 

To determine the parameters specific to iron reductive dissolution as stipulated in 

Equation 5-4, batch experiments were conducted. In this case, hematite instead of soil 

samples was used as the solid phase and depending on the specific parameters under 

consideration, the procedures outlined below were followed. 

Glucose as Source of Organic Carbon: The aqueous solution used to test the 

effect of organic matter on Fe-reductive dissolution in these experiments consisted of 

Nanopure® water spiked with glucose (as source of organic carbon) and a consortium of 

bacteria from the anaerobic digester. The aqueous phase was equilibrated with 
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hematite as solid phase in a 1:10 ratio (m/v). Each treatment was repeated 5 times 

including control samples which were similar in chemical composition as treatments but 

with no glucose added. The analysis of the aqueous phase at the end of a 2-week (14 

day) incubation period at room temperature and under anaerobic conditions showed a 

linear relationship between the concentrations of dissolved Fe(II) and that of glucose 

(Figure 5-2). The constant koc (Equation 5-4) is therefore given by the slope of this 

relationship and is equal to 137.58 (Figure 5-2). 

pH: To test the effect of pH on biotic iron reductive dissolution, batch 

experiments similar to those described for glucose were used, except that in this case, 

pH was the only variable, adjusted to specific values (4, 7, and 9) by use of either 0.1N 

NaOH or 0.1N HCl. To make sure that the Fe-reductive dissolution process was not 

limited by other parameters other than pH, all liquid-hematite mixtures were spiked with 

(i) a similar aliquot volume of the glucose solution to bring the final concentration of 

organic carbon to about 150 mg C/L; and (ii) a consortium of bacteria from the 

anaerobic digester. The aqueous phase was equilibrated with hematite as solid phase 

in a 1:10 ratio (m/v). Each treatment was replicated 5 times. In contrast to the above 

glucose based experiments, each treatment had an additional control whose chemical 

composition was similar to the treatments (same pH), but with no bacteria addition to 

help account for the non-biological dissolution. Values obtained from controls, if any, 

were then subtracted from that of the corresponding treatments. The analysis of the 

aqueous phase at the end of a 2-week incubation period at room temperature and 

under anaerobic conditions showed a linear relationship between the concentration of 

dissolved Fe and increasing concentrations of protons (Figure 5-3). 
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 Ionic strength: Batch experiments to assess the effect of increasing salt 

concentrations on the biotic reductive dissolution of iron were designed in a similar 

manner as the above pH experiments. However, in this specific case, all parameters 

were maintained constant in all reactors while the ionic strength (determined as: 𝐼 =

1

2
∑𝑚𝑖𝑧𝑖

2) varied from 0.11, 0.22, and 0.33 M, using a macro-mineral solution (NaCl, 

KH2PO4, CaCl2 and MgCl2) containing the major mono- and divalent cations common in 

soil pore waters and landfill leachates. The aqueous phase was equilibrated with 

hematite as solid phase in a 1:10 ratio (m/v). Each treatment was repeated 5 times. 

Each treatment had a control whose chemical composition was similar to the treatment 

(same ionic strength), but with no bacteria addition to help account for the non-biological 

effect. Values obtained from controls were subtracted from that of the corresponding 

treatment. The analysis of the aqueous phase at the end of a 2-week incubation period 

at room temperature and under anaerobic conditions showed a negative linear 

relationship between the concentration of dissolved Fe and ionic strength (Figure 5-4). 

Based on Equation 5-3, this experiment allows for the determination of an example kn, 

equal to -91.545 in this case.  

The above results (Figs. 5-2, 5-3, and 5-4) show the effects of 3 key parameters 

on the reduction of Fe(III) present in hematite inside the reactors. The lack of Fe(II)(aq) in 

vials without bacteria added confirmed the fact that the dissolution process is microbial 

driven. It is worth noting that all of these experiments were conducted in hermetically 

sealed vials. Therefore, the buildup of CO2 from microbial respiration of added glucose 

(as discussed in Chapter 3) could impact the speciation and phase partitioning of Fe. In 

fact, the increase in PCO2 in these hermetically sealed vials could potentially lead to the 
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buildup of CO2 resulting from microbial respiration of glucose and favor the formation of 

siderite (FeCO3) in solutions with pH of about 6 and greater (Drever, 1997). The formed 

siderite would then result in Fe2+-removal from solution via precipitation (Equation 5-4). 

Fe2+ + CO3
2-  FeCO3                                                                                                (5-4)  

This would decrease the levels of dissolved Fe(II), by decreasing its 

concentrations in the aqueous phase. Second, for non-buffered systems (similar to 

those used in this study), it is likely that the increase in PCO2 in sealed vials would also 

induce a decrease in pH due to the formation of carbonic acid (H2CO3), and the extent 

of this reaction may limit the formation of siderite, or ultimately dissolve the previously 

formed siderite as illustrated in Equation 5-5 (Drever, 1997). 

FeCO3 + 2H+  Fe2+ + H2O + CO2                                                                 (5-5) 

However, this last aspect can’t be confirmed as the pH of used slurries were not 

monitored over time nor measured at the end of the incubation period. 

 Although the above observations do call for additional measurements (e.g. CO2 

production and temporal changes in pH, to name a few); the strong relationships 

observed between dissolved Fe(II) levels and concentration gradients of OM and ionic 

strength suggest that the impact of CO2 could be negligible. In contrast, the decreasing 

concentrations of dissolved Fe(II) with increasing pH could be explained, at least partly, 

by Fe(II) removal via precipitation as siderite (FeCO3). 

Model Validation: Using Equation 5-3 and constants determined from Figures 5-

2, 5-3, and 5-4, the potential of solid phase iron minerals present in each of the tested 

soil samples to undergo biological reductive dissolution was calculated based on the 
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AAO and the CDB chemically extracted iron. The results are presented in Table 5-1. 

This preliminary model validation effort led to the following observations: 

 In both cases (i.e. using either AAO-Fe or CDB-Fe), the model over predicts the 
Fe(II) concentrations that can be released per kg of soil, when compared to data 
obtained by reacting landfill leachate with tested soils. 

 The Fe-AAO gives a slightly much better prediction of the concentration of Fe that 
can be dissolved by landfill leachate stimulated biotic reductive dissolution. 
However, this is true only for 5 out of the 12 soil samples tested.  

 It is obvious that a much larger data set is needed for an adequate validation and 
fine tuning of the model. With regard to the lab generated data, the extension of 
the incubation period to times that exceed 2 weeks could result in much higher 
Fe(II) release and produce a better match of the model prediction. Therefore, 
with this limited data set, the effort can only be considered preliminary and a 
sensitivity analysis could not be performed. 

 Results presented in this chapter are relevant for conditions where landfill 
leachate would come in contact with soil Fe(III)-oxide minerals. In absence of 
leachate, we hypothesized earlier that abiotic reactions involving reduced sulfur 
compounds could take place and potentially lead to iron reductive dissolution. 
This latter aspect has not been taken into account since relevant experimental 
data were not obtained with sulfide.  

Conclusions 

The process of developing a predictive tool for assessing the potential of vadoze 

soil-Fe to undergo reductive dissolution under conditions commonly encountered in 

landfill impacted environments was initiated. Limited to biotic processes, the model over 

predicted the amount of Fe released experimentally by soils reacted with landfill 

leachate. Specifically, the model over predicted the soluble Fe(II) concentrations of soils 

with very low “Fe-bleeding” capacity. Since these soils all had very high total (CDB) and 

amorphous (AAO) Fe concentrations, it is likely, that parameters specific to Fe bonding 

to the different components of the soil matrix need to be investigated and incorporated 

into the model.  



 

119 

The 2 week incubation period used in this study may not be ideal for all soil 

types, assuming that a much longer time might be needed for the low Fe-bleeding 

capacity soils to significantly release Fe(II) into aqueous phase via reductive dissolution.  

The results of sulfide induced Fe(III) reduction resulted in a temporal decreasing 

trend, and therefore a negative slope. The incorporation of a sulfide term into the model 

could likely help decrease the absolute values of the model predicted concentrations 

and improve the possibility of matching the experimental data. Unfortunately, due to the 

lack of adequate laboratory settings, experiments to determine the rate constant of iron 

reductive dissolution by reaction with sulfide using synthetic Fe-oxide minerals were not 

conducted.  

Finally, the very small number of samples tested limited the efficiency and 

accuracy of the model validation effort. Accordingly, future fine tuning work is necessary 

to meet the ultimate goal of a robust predictive tool. The following could contribute new 

knowledge and help improve the forecast effort: 

 Increase the number of soil samples to 50 or more  

 Determine the ideal incubation period for each sample type and use the longest 
time for all samples 

 Analyze the soil samples for TFe, Fe-AAO, and XRD not only before, but also 
after the reductive dissolution experiments to identify the Fe-fractions affected by 
the reductive dissolution.  
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Table 5-1.  Concentrations of iron released per kg of soil treated with landfill leachate as 
compared to model’s predictions based on total (CDB extract) and 
amorphous (AAO) iron using the 12 tested soil samples.  

Soil 
sample  

mg Fe(II) released per kg 
of soil treated with landfill 

leachate  

 
Predicted mg of 
Fe(II) released 

based on CDB-Fe 
 

 
Predicted mg of 
Fe(II) released 

based on AAO-Fe 
 

1 2.65 29.31 12.86 

2 1.83 22.58 5.68 

3 12.60 35.45 14.55 

4 3.47 30.76 19.89 

5 1.83 21.56 18.62 

6 2.94 22.48 16.98 

7 0.11* 22.56 17.05 

8 3.06 21.06 17.84 

9 1.83 17.27 15.19 

10 11.10 14.59 11.45 

11 8.87 17.41 13.86 

12 9.12 14.07 12.07 

* Values corresponding to the analytical method detection limit or MDL 
 

  



 

121 

 

 

Figure 5-1.  XRD spectra of the hematite sample used in reductive dissolution 
experiments to help develop a Fe-dissolution model as a function of organic 
matter, pH, and ionic strength. 
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Figure 5-2.  Fe released from hematite exposed to aqueous solutions containing 
increasing concentrations of organic carbon added as glucose in the 
presence of a consortium of bacteria from an anaerobic digester. Produced 
slurries were incubated anaerobically for 2 weeks. Each point on the graph 
represents the average of 5 replicates (n=5) and the bars correspond to 1 
standard deviation.  
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Figure 5-3.  Fe released from hematite exposed to aqueous solutions of increasing 
concentrations of protons (i.e. decreasing pH) and containing bacteria from 
an anaerobic digester. Mixtures were incubated anaerobically for 2 weeks. 
Each point on the graph represents an average of 5 replicates (n=5) and the 
bars correspond to 1 standard deviation. 
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Figure 5-4.  Fe released from hematite exposed to aqueous solutions of increasing ionic 
strengths and containing bacteria from an anaerobic digester. Mixtures were 
incubated anaerobically for 2 weeks. Each point on the graph represents the 
average of 5 replicates (n=5) and the bars correspond to 1 standard deviation 
(1SD). 
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CHAPTER 6 

GENERAL CONCLUSIONS AND RECOMMENDATIONS FOR FUTURE WORK 

This study initiated the process of developing a predictive tool for assessing the 

potential of soil-Fe to undergo reductive dissolution under conditions anticipated in 

landfill impacted soil environments. The experimental and modeling approaches used 

are summarized in Figure 6-1. The specific objectives were to investigate both the biotic 

and abiotic mechanisms of iron reductive dissolution in vadose zone soils with 

emphasis on the role of the degree of crystallization of Fe(III)-oxide minerals.   

The experimental results revealed that regardless of the degree of crystallization  

and phase distribution of soil’s Fe(III)-oxide minerals, both biotic and abiotic iron 

reductive dissolution experiments could potentially lead to dissolved Fe(II) 

concentrations above the Fe secondary drinking water limit of 0.3 mg/L. Theoretically, 

these results point to the possibility of both microbial and chemical catalyzed iron 

reductive dissolution in landfill impacted soils and the potential for soil’s Fe(III)-oxides to 

act as source of Fe(II) that is contaminating groundwater as observed in specific sites in 

Florida.  

However, the significance and the extent of the above processes with regard to 

the observed Fe pollution of groundwater remain unclear. For instance, in studies 

focusing on types and quantities of organic matter used as source of energy by FeRB, it 

has been shown that leachate from old landfills favor the accumulation of Fe(II) in 

aqueous phase as compared to leachate from young landfills which contain abundant 

LMWOM. Much higher percentages of soil’s total-Fe were released as dissolved Fe(II) 

when soil were treated with the leachate of the relatively old New River Regional 

Landfill. In fact, aged landfill leachate is dominated by high molecular weight organic 
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matter (HMWOM), which do not degrade readily to produce large concentrations of CO2 

as would LMWOM (e.g. glucose, lactate, or acetate); and to remove as much Fe(II) from 

soil solution as would LMWOM.  

The chemical (or abiotic) reduction of soil Fe(III)-oxide minerals has been 

demonstrated with the use of dissolved sulfide in hermetically sealed batch reactors. 

This could have implications for Fe-rich soils coming to contact with sulfide rich leachate 

such those expected from C&D landfills. However, the abiotic release of Fe(II) was 

observed by spiking soils with relatively low concentrations of sulfide (~3 mg/L on 

average), and the obtained temporal trends of iron reductive dissolution in soils 

suggested that the occurrence of high sulfide concentrations could actually eliminate the 

accumulation of Fe(II) in the aqueous phase due primarily to chemical precipitation with 

chalcophile metal cations, primarily iron (e.g. formation of transient FeS species). This is 

validated by the overlap of the temporal trends of Fe(II) and dissolved sulfide in tested 

soils. However, formed colloidal FeS could be prone to downward transport to reach the 

aquifer, and likely to remain stable under anaerobic conditions characteristics of most 

aquifers.  

The ability of the crystalline-Fe or amorphous-Fe to be released through 

reactions with organic matter or sulfide was assessed using linear regression analyses. 

The experimental results obtained indicated that the amorphous-Fe was more 

susceptible to Fe reduction. 

So far, the model tends to over predict the soluble Fe(II) concentrations that can 

be released by natural soils, namely soils with very low “Fe-bleeding” capacity. It is 

likely, that parameters specific to Fe-bonding to the different components of the soil 
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matrix as well as the significance of the type of organic matter used in lab experiments 

need to be investigated; and the model updated accordingly. Alternatively, the 14-day 

incubation period used in this study may not be ideal for all soil types, assuming that a 

much longer time might be needed for the low “Fe-bleeding” capacity soils to 

significantly release Fe into aqueous phase.   

Finally, the small number of samples and inadequate Fe solubility potentials 

limited the efficiency and accuracy of the model validation effort. Accordingly, future fine 

tuning work is necessary to meet the ultimate goal of a robust predictive tool.  

Future research avenues should focus on: 

 Increasing the Number of Soil Samples (up to 100): To develop a more 

accurate prediction model, the number of samples must be increased 

significantly for both validation and sensitivity analysis studies. In this study, 12 

samples were used and although variation existed in the degree of crystallization 

of Fe(III)-oxide minerals, there was less variety in terms of types of Fe minerals 

present in soils. Addressing the above listed weaknesses in future research is 

necessary. 

 Determining the Ideal Incubation Period for Each Sample Type and Using 

Longer Reaction Times for All Samples: Periods of 2 to 4 weeks were used for 

the experiments conducted in this study, but temporal measurements were not 

made to make sure that equilibrium and the maximum amount of Fe that could 

be released from each soil got dissolved.  

 Physicochemical Analyses: Analyzing the soil samples for TFe, Fe-AAO, and 

XRD not only before, but also after the reductive dissolution experiments to 
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identify the Fe-fractions affected by the reductive dissolution. This will help to get 

a better understanding of the extent of Fe release in these soils and whether the 

predominant mechanism of Fe reductive dissolution is occurring. XRD or ion 

exchange could be used to determine the predominant redox process at the 

beginning and end of the experiments. 

 Sulfide as an Electron Donor: Evaluate the significance of Fe-reductive 

dissolution by reduced sulfur compounds using concentration gradients and 

determine if it is necessary to account for this abiotic process in the modeling 

effort.  

 Looking Forward: Columns should be used for hydrodynamic studies, which are 

much closer to mimicking in situ conditions as compared to batch experiments. In 

the later, equilibrium will be reached much faster, conditions that limit further iron 

reductive dissolution reaction to occur. Column studies better imitate the in situ 

conditions of leaching by intermittent leaching by rainwater. 
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Figure 6- 1.  Comparative flow chart of the experimental (left) and modeling (right) 
studies conducted in this research. Batch studies were used to assess the 
significance of biotic and abiotic in Fe-reductive dissolution. Hematite was 
used as source of Fe(III) in biotic batch experiments designed to generate 
rate constants of chemical reactions driven by selected environmental 
parameters to be used in the model. Abiotic experiments with hematite and a 
concentration gradient of sulfide was not completed within the time period of 
this study. Therefore, the predicted Fe(II) concentrations are based only biotic 
process, resulting in an over estimation of the levels of Fe(II) released by 
natural soils.  
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APPENDIX A 
SUPPLEMENTARY TABLES 

Table A-1.  Rates of dissolved Fe(II) (mg/kg.day) released in soil slurries. The rates 
expressed in mg Fe.kg-1day-1 are normalized to 1g C/L and were calculated 
based on the organic carbon concentrations of 1.125 g C/L of leachate or 9, 
18 or 36 g C/L of glucose.  

 
Soil Sample  
# 

 
Leachate 
(1.125 g C/L) 

Glucose 
concentration 
(9 g C/L) 

Glucose 
concentration 
(18 g C/L) 

Glucose 
concentration 
(36 g C/L) 

1 1.68 6.06 3.49 3.09 
2 8.03 3.63 2.27 1.80 
3 1.16 3.07 1.67 3.43 
4 2.20 0.59 0.22 0.12 
5 1.16 9.32 3.14 2.14 
6 1.86 3.17 1.84 1.01 
7 0.07 3.31 2.26 2.00 
8 1.16 1.28 0.55 0.26 
9 1.94 1.30 0.74 0.44 
10 7.05 0.02 0.75 0.37 
11 5.63 0.26 0.09 0.03 
12 5.82 0.40 0.26 0.05 

Rate values are averages of 3 replicates (n=3) ± 1SD 
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Table A-2.  Rates of dissolved Fe(II) (mg/kg.day) released in soil slurries expressed in percentages (%) of the soil total Fe 

concentrations with NRRL a Leachate (at 1.12 g C/L), Glucose ( at 9,18 and 36 g C/L) and Sulfide (with 3 ± 1 
mg S/L at 30, 60 and 90 minute reaction times). 

 
Soil 
Sample 

# 

 
Leachate 
(1.12 g C/L) b 

 
Glucose 
Concentration 

  (9 g C/L)b 

 
 Glucose 
Concentration 
  (18 g C/L) b 

 
Glucose 
Concentration 
(36 g C/L) b 

 
Sulfide 

      
t1=30min b 

 
Sulfide 

        
t2=60min b 

 
Sulfide 

 
t3=90min b 

1 0.02 0.06 0.04 0.03 0.13 0.11 0.10 
2 0.28 0.12 0.08 0.06 0.54 0.53 0.43 
3 0.02 0.05 0.03 0.06 0.16 0.14 0.18 
4 0.45 0.12 0.05 0.02 1.14 1.61 1.77 
5 0.02 0.12 0.04 0.03 0.19 0.17 0.17 
6 0.05 0.09 0.05 0.03 0.34 0.22 0.19 
7 0.00 0.05 0.04 0.03 0.12 0.19 0.17 
8 0.09 0.10 0.04 0.02 0.55 0.81 1.02 
9 0.12 0.08 0.04 0.03 0.45 0.86 0.92 
10 0.70 0.00 0.07 0.04 0.68 1.14 1.11 
11 3.11 0.14 0.05 0.02 3.31 3.60 4.25 
12 3.38 0.23 0.15 0.03 5.03 5.22 4.42 

Rate values are averages of 3 replicates (n=3) ± 1SD 
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APPENDIX B 
SUPPLEMENTARY FIGURES 

 
 

 
 

Figure B- 1.  XRD spectra of Sample 5 collected location 1 of the UF/IFAS Plant 
Science Research and Education Unit. A) Sample 6 collected from the E 
horizon. B) Sample 7 collected from the Bt horizon. The abbreviations are 
defined as follows:  HIV= hydroxyl-interlayered vermiculite, K= kaolinite, Go = 
goethite, M= mica, He = hematite, Gi = gibbsite, and Ma = magnetite, F= 
feldspar, C= crandillite. 
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Figure B- 2.  XRD spectra of samples collected location 2 of the UF/IFAS Plant Science 

Research and Education Unit. A) Sample 6 collected from the E horizon. B) 
Sample 7 collected from the Bt horizon. The abbreviations are defined as 
follows:  HIV= hydroxyl-interlayered vermiculite, K= kaolinite, Go = goethite, 
M= mica, He = hematite, Gi = gibbsite, and Ma = magnetite, F= feldspar, C= 
crandillite. 
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Figure B-3.  XRD spectra of samples collected from location 1 at the Austin Carey 

Memorial Forest. A) Sample 8 collected from horizon AE. B) Sample 9 
collected from horizon E2. The abbreviations are defined as follows:  HIV= 
hydroxyl-interlayered vermiculite, K= kaolinite, Go = goethite, M= mica, He = 
hematite, Qz = quartz, Gi = gibbsite, and Ma = magnetite, F= feldspar, C = 
crandillite. 
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Figure B- 4.  XRD spectra of sample 10 collected from the Ordway Swisher Biological 
Station. The abbreviations are defined as follows:  HIV= hydroxyl-interlayered 
vermiculite, K= kaolinite, Go = goethite, M= mica, He = hematite, Qz = quartz, 
Gi = gibbsite, and Ma = magnetite, F= feldspar. 
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Figure B-5.  XRD spectra of sample 11 collected from horizon E3 at location 1 of the 
Austin Carey Memorial Forest. The abbreviations are defined as follows:  
HIV= hydroxyl-interlayered vermiculite, K= kaolinite, Go = goethite, M= mica, 
He = hematite, Qz = quartz, Gi = gibbsite, and Ma = magnetite, F= feldspar, C 
= crandillite. 

 
 

Figure B-6.  XRD spectra of sample 12 collected from horizon E3 at location 2 of the 
Austin Carey Memorial Forest. The abbreviations are defined as follows:  
HIV= hydroxyl-interlayered vermiculite, K= kaolinite, Go = goethite, M= mica, 
He = hematite, Qz = quartz, Gi = gibbsite, and Ma = magnetite, F= feldspar, C 
= crandillite. 
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Figure B-7.  Rates of iron reductive dissolution from zone-1 soils expressed as mg 
Fe.kg-1day-1 and rates of disappearance of reduced S from solution in mg 
S.L-1day-1. A) Trends of rates calculated based on three different reaction 
times using the results obtained with soil sample #3. B) Similar to A) but 
based on results obtained with soil sample #4. Each data point represents the 
average of 3 replicates (n=3) and the error bars correspond to 1 standard 
deviation.                                                          
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Figure B-8.  Rates of iron reductive dissolution from zone-2 soils expressed as mg 

Fe.kg-1day-1 and rates of disappearance of reduced S from solution in mg S.L-

1day-1. A) Trends of rates calculated based on three different reaction times 
using the results obtained with soil sample #5. B) Similar to A) but based on 
results obtained with soil sample #6. Each data point represents the average 
of 3 replicates (n=3) and the error bars correspond to 1 standard deviation.                                                         
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Figure B-9.  Rates of iron reductive dissolution from zone-2 soils expressed as mg 
Fe.kg-1day-1 and rates of disappearance of reduced S from solution in mg S.L-

1day-1. A) Trends of rates calculated based on three different reaction times 
using the results obtained with soil sample #7. B) Similar to A) but based on 
results obtained with soil sample #8. Each data point represents the average 
of 3 replicates (n=3) and the error bars correspond to 1 standard deviation.                                                         
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Figure B-10.  Rates of iron reductive dissolution from zone-2 soils expressed as mg 
Fe.kg-1day-1 and rates of disappearance of reduced S from solution in mg S.L-

1day-1. A) Trends of rates calculated based on three different reaction times 
using the results obtained with soil sample #9. B) Similar to A) but based on 
results obtained with soil sample #10. Each data point represents the average 
of 3 replicates (n=3) and the error bars correspond to 1 standard deviation. 
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