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Research in remediation of mercury (Hg) contaminated soils remains challenging 

as it requires the development of cost effective and efficient remedial approaches that 

remove or immobilize contaminants while avoiding adverse effects on treated 

ecosystems. Several techniques have been developed in the past few decades. 

However, the in situ implementation of most of these techniques remains hampered by 

their excessive cost and limited environmental benefits to treated systems. In this study, 

the potential of an abundant and readily available waste material, the aluminum based 

drinking water treatment residuals (Al-WTRs) is evaluated, by emphasizing the concept 

of “value-added-to-waste” to remediate Hg-contaminated soils.  

Column leaching studies were conducted to highlight the effect of acidic pH and 

dissolved organic carbon on the efficiency of Al-WTR to immobilize the leachable Hg 

fraction of a contaminated loamy soil. Results showed (1) the addition of Al-WTR 

reduces Hg-leaching potential of contaminated soils, and this effect is more pronounced 

in soils with a high percentage of the soil Hg bound in both the water extractable and 

easily exchangeable fractions. (2) Dissolved organic carbon concentration (DOC) levels 

>26 mg C/L tend to reduce the efficiency of Al-WTR to immobilize Hg; and (3) the 
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addition of Al-WTR as a bottom liner is advantageous for fine-textured soils with high 

clay and silt content. 

In addition a combination of analytical techniques, including selective sequential 

extraction (SSE), scanning electron microscopy combined with X-ray energy dispersive 

spectrometry (SEM-EDS), X-ray diffraction (XRD) and X-ray photoelectron 

spectroscopy (XPS) were used to determine Hg speciation and binding to Al-WTR. 

These analyses confirmed Hg immobilization by Al-WTR, occurs largely as a 

consequence of sorption onto amorphous Al2O3 or other oxides such as SiOx present in 

the residual fraction. In addition solid phase analysis suggest the initial incorporation of 

Hg to Al-WTR occurs through a combination of outer-sphere and inner-sphere 

complexation driven by electrostatic attraction (on negatively charged particles) and 

covalent bonding (on O and S contained in the different fractions of Al-WTRs).Further 

solid phase analyses are suggested to better understand how Hg binds to Al-WTR and 

therefore gain insight on the long term stability of Hg-Al-WTR complexes. 
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CHAPTER 1 
MERCURY CONTAMINATION IN SOILS: VALUE ADDED WASTE AS A POTENTIAL 

COST-EFFECTIVE APPROACH FOR REMEDIATION 

Heavy metals occur naturally in the environment as a consequence of processes 

such as pedogenesis and lithogenesis, at levels that are regarded as trace and rarely 

toxic. However, anthropogenic activities and subsequent disturbances of natural 

systems have increased since the onset of industrialization, leading to an exponential 

release of these metals to air, soil, and water systems. This contamination has therefore 

changed the distribution patterns and impacts of metals on living organisms. Heavy 

metal pollution is now a widespread environmental problem, with negative implications 

at the global scale. An inventory conducted in the year 2000 showed that in the USA 

alone, about 80% of superfund sites are contaminated with heavy metals and more than 

50,000 metal-contaminated sites await remediation (Ensley, 2000).  

The current US-EPA’s Priority list for pollutants of serious environmental concern 

contains the following metals: silver (Ag), arsenic (As), beryllium (Be), cadmium (Cd), 

chromium (Cr), copper (Cu), mercury (Hg), nickel (Ni), lead (Pb), antimony (Sb), 

selenium (Se), thallium (Tl), and zinc (Zn) 

(http://water.epa.gov/scitech/methods/cwa/pollutants.cfm). Unlike organic pollutants, 

which are oxidized to carbon dioxide by microbial action, metals can be bio-transformed 

but won’t be degraded, leading to their environmental persistence, potential transfer to 

food chains and adverse effects on ecological functions and human health (Steinnes 

and Friedland, 2006).  

Past and current research in soil and sediment remediation has facilitated the 

identification and development of sorbents with high sorption capacity for toxic metals. 

Achieving efficient pollutant removal has been one of the key drivers in remediation 
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research. As a consequence, a host of sorbents used in remediation of metal-

contaminated soils/sediments is available on the market or can be tailored to help attain 

specific sorption affinities for targeted classes of environmental pollutants (Leun and 

SenGupta, 2000). High adsorption capacity makes sorbent materials very effective in 

scavenging targeted contaminants from the complex biogeochemical composition of 

soil/sediment matrices. Unfortunately, the properties of various soils/sediments differ 

significantly, making the efficiency of most available technologies matrix-dependent 

(Mulligan et al., 2001b)  

Although the biogeochemistry of metals in soils and sediments is well understood, 

research on the development of cost-effective and environmentally friendly remediation 

techniques remains challenging. In fact, the remediation of metal-contaminated soils 

remains one of the most intractable problems of environmental restoration, with 

relevance at both national and international levels (Hovsepyan and Bonzongo, 2009). 

The development and subsequent approval and application of a remediation technique 

for metal-contaminated soils is not a straightforward process. It requires risk-

assessment studies that provide understanding of sources of contamination, potential 

dispersion patterns, environmental and health effects, and the cost of applying such a 

technique. Accordingly, most remediation techniques described in the literature are not 

implemented and do not go further than the experimental stage.  

Current methods for remediation of metal-contaminated soils and sediments 

include physical separation, thermal processes, biological decontamination, electro-

kinetics, washing, stabilization, and solidification techniques. Only a few of these 

techniques have been tested commercially, and their widespread use remains limited, 
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largely a consequence of their prohibitive costs (Hovsepyan and Bonzongo, 2009). 

Therefore, a cost effective and efficient remedial approach that removes or immobilizes 

metals in soils while avoiding adverse effects on treated systems is still needed.  

As mentioned earlier, amongst metals of serious environmental and human health 

concern is mercury (Hg). In fact, Hg is probably one of the most toxic and pervasive 

metals in natural environments (Serrano et al., 2012). This stems primarily from its 

demonstrated strong ability to bio-accumulate and bio-magnify in food chains and its 

harmful effects on living organisms. Whereas some heavy metals are essential for living 

organisms (animals and plants) in small amounts, Hg serves no known biological 

function, and can be toxic at very low concentrations, causing serious damage to the 

nervous, cardiovascular and immune systems. Because of these toxic characteristics, 

Hg is also part of the Substance Priority List of the Agency for Toxic Substances and 

Disease Registry (ATSDR), ranking third based on its frequency, toxicity, mobility, and 

long residence time (ATSDR, 2011). 

Major pathways involved in the deposition of Hg onto soil environments include 

natural processes such as weathering of rocks, volcanic events and geothermal activity, 

anthropogenic sources like chlor-alkali plants and mine wastes, and several diffuse 

sources such as coal-fired power plants (Bose-O’Reilly et al., 2008; Pirrone et al., 

2009), and deposition of re-emitted, but previously deposited Hg.  Although most Hg cell 

chlor-alkali plants in the US have been closed or converted to Hg-free processes, a few 

facilities are still in operation. In fact, all closed chlor-alkali plants in the US are now 

either superfund sites or Corrective Action Sites under the Resource Conservation and 

Recovery Act (RCRA) and require appropriate clean-up actions (US-EPA, 2013). Other 
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contributors to soil Hg pollution are both current (primarily in the developing world) and 

historic gold mining activities. The latter has left a legacy of Hg-contaminated sites in 

the U.S. (Bonzongo et al., 1996a; Bonzongo et al., 1996b; Gustin et al., 1994), whereas 

the former continues to be an important source of Hg contamination in gold-rich 

countries in South America, Africa, and Asia (Bonzongo et al., 2002; Donkor et al., 

2006; Donkor et al., 2005; US-EPA, 2000). Unfortunately, Hg has a long retention time 

in soils, and Hg accumulated in soils can bleed into the surrounding environments for a 

long time, possibly hundreds of years (US-EPA, 1997). Within soils, Hg can also be 

redistributed and transformed into different chemical forms, increasing the risk for 

biological exposure and toxic contaminated soils. Therefore, the determination of total-

Hg concentrations in soils is insufficient to accurately predict the environmental risks 

associated with Hg pollution. This is because Hg behavior, toxicity and impacts are 

highly dependent on its chemical speciation (Adriano, 2001; Ma and Rao, 1997; 

Sánchez-Polo and Rivera-Utrilla, 2002). The latter controls the degree of toxicity and 

mobility of Hg, and therefore, its bioavailability and leaching potential from porous media 

(Bernaus et al., 2006; Bloom et al., 2003; Fernández-Martínez et al., 2005). Thus, 

besides the determination of total-Hg content in contaminated soil matrices, performing 

studies that can assess the different Hg-binding forms has been shown to be essential 

for evaluating environmental risks (Biester and Nehrke, 1997). Understanding the 

factors that influence metal retention and mobility in soils is fundamental to control and 

prevent its mobilization. 

Concerns regarding the accelerated increase of Hg introduction into the 

environment and the resulting implications, along with the recent strengthening of most 
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environmental regulations at both state and federal levels, have stimulated research on 

the development of new technologies for the treatment of Hg-contaminated gas and 

water effluents and for the remediation of Hg-contaminated soils and other toxic metals 

such as arsenic. The developed decontamination techniques are categorized under 

biological, physical, and chemical methods (Hamby, 1996), and can be applied either ex 

situ (off-site) or in situ (on-site). They include conventional, engineering-based methods 

such as excavation, electro-kinetics, soil washing/flushing, volatilization, thermal 

desorption and adsorption, and emerging technologies such as phytoremediation (Cox 

et al., 1996; Cunningham et al., 1995; Moreno et al., 2005a; Moreno et al., 2005b; Suer 

and Allard, 2003; Suer and Lifvergren, 2003; Wang and Greger, 2006). The cleanup of 

Hg-contaminated soils, however, represents a significant challenge and the different 

remediation technologies, which are currently available, have several limitations. 

Recently, aluminum based drinking water treatment residuals (Al-WTRs) were 

proposed for in-situ immobilization of Hg in contaminated soils (Hovsepyan, 2008; 

Hovsepyan and Bonzongo, 2009). First, in the US alone, more than 2 million metric tons 

of WTRs are produced daily (Agyin-Birikorang and O'Connor, 2009). Second, this 

generated waste material is disposed of in landfills, stored in onsite lagoons, or 

sometimes discharged into river systems (Novak and Watts, 2004). The disposal of this 

waste product can be expensive (~$50/ton) and increases the overall cost of the water 

purification process (Novak and Watts, 2004). Also, handling of WTRs may account for 

50% of the total operating budget. Accordingly, the use of WTRs for soil remediation 

represents a way of adding value to this waste material, with potential significant 

benefits associated with the recovery of currently polluted systems and elimination of 
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diffuse sources related to the leaching of Hg-contaminated soils. Because current 

remediation methods of Hg-polluted soils are rather expensive and have several other 

disadvantages, the use of Al-WTRs as soil amendments to immobilize Hg could 

significantly lower the cost of potable water, eliminate the need for disposing of these 

waste materials in land-fills, and provide environmental benefits as discussed elsewhere 

(Hovsepyan, 2008; Hovsepyan and Bonzongo, 2009).  

The expectation for high performance of Al-WTRs in the immobilization of Hg in 

contaminated soils stems from the results of preliminary experiments conducted in our 

research group (Hovsepyan, 2008; Hovsepyan and Bonzongo, 2009). Sorption 

isotherms indicated a strong affinity of Hg for Al-WTRs and a relatively high maximum 

sorption capacity of ~79 mg Hg/g Al-WTRs (Hovsepyan and Bonzongo, 2009). Column 

leaching studies using Hg-contaminated soils amended with Al-WTR’s showed that Al-

WTRs could efficiently control Hg mobility by significantly reducing or eliminating Hg 

leachability from soils (Hovsepyan, 2008). There are, however, limited data on the long-

term stability of Hg compounds formed after soil amendments by sorbent additions 

(Biester and Zimmer, 1998), and a limited understanding of the mechanisms of Hg 

fixation onto Al-WTRs and how changes in key environmental variables affect the ability 

of Al-WTRs to sorb and immobilize Hg from soil solutions. This research builds upon the 

findings of Hovsepyan (2008). 

The first chapter of this dissertation outlines the research questions or problem 

statement and establishes the need for cost effective and environmental friendly 

solutions to control/reduce the mobilization and bioavailability of Hg in contaminated 

solid matrices. The second chapter is a review of relevant literature focusing on 
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background information on sorption of metals in soils, current remediation techniques, 

and characterization and uses of WTR’s in soil remediation. Chapter 3 presents the 

results of laboratory experiments designed to assess the potential of Al-WTR to reduce 

Hg leachate from both naturally contaminated soils and Hg-spiked soils. Chapter 4 

focuses on the determination of the different mechanism(s) involved in the mobilization 

of Hg onto Al-WTRs. Here, physicochemical information are sought to gain insights into 

the potential long-term stability of formed Hg-WTR complexes, if used in in-situ soil 

remediation. Finally Chapter 5 summarizes the main findings of this dissertation.
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CHAPTER 2 
METALS IN CONTAMINATED SOILS: OVERVIEW OF REMEDIATION TECHNIQUES 
AND RATIONALE FOR USING WATER TREATMENT RESIDUALS AS A SORBENT 

FOR MERCURY    

Decades of research in soil remediation have significantly improved our 

knowledge in this field. Unfortunately, the identification of efficient remediation methods 

remains challenging, as it requires the development of cost effective and efficient 

remedial approaches that remove metals and other contaminants, while avoiding 

adverse effects on treated systems. 

It is now quite well established that the complexity of metal-contaminated soils 

varies with site location, the source and type of metal contamination, and the history 

and age of metal contamination. Anthropogenic sources of metals that result in soil 

pollution levels which are of concern to humans include mining activities, nuclear 

material processing, wastewater sludge, metal plating, and the industrial manufacture of 

batteries, metal alloys, munitions, electrical components, paints, preservatives and 

insecticides (Roane and Kellogg, 1996). The focus on the location of the contaminated 

site allows the different remediation techniques to be classified into two categories only. 

First, the most common approach to cleaning metal-contaminated soil sites is physical 

removal and landfilling. This is not only an expensive option, but it merely moves the 

contamination from one location to another. The second approach takes place onsite 

and in this in situ treatment, metals are either extracted from contaminated soils, or 

simply stabilized so that they can no longer move off-site. However, for this second 

option, it is important that the remediation process be as noninvasive and 

environmentally benign as possible, especially if the end product is intended to be a 

healthy and productive ecosystem. 
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2.1. Metals Sorption in Soils 

For metals to be adsorbed to soil surfaces they first need to be attracted by 

charges generated on the surface of soils and soil constituents. The two main types of 

charges that can develop on soil surfaces are permanent and pH-dependent 

(Essington, 2004). Permanent charges are developed by isomorphic substitution when 

the mineral is formed, thus, it is a property of the mineral and cannot be affected by 

changes in the surrounding environment. On the other hand, pH-dependent charges are 

influenced by mineral surfaces and environmental variables, and fluctuate as the result 

of protonation at low pH (formation of positive charges) and deprotonation at high pH 

(formation of negative charges)(Essington, 2004).  The relative affinities of metal ions 

for adsorption sites on charged surfaces determine the stability of the metal-ligand 

bond, and are influenced by properties of the metal such as ionic radius, ionization 

potential, electronegativity, hydration and polarizability (Zhou and Haynes, 2010). In 

view of these conditions, the selective adsorption and hysteresis of metals can be 

largely explained in terms of the Lewis hard-soft-acid-base (HSAB) principle. Hard acids 

are those with a high electronegativity, low polarizability and small ionic radius, whereas 

soft acids are the opposite of these. Accordingly, hard acids such as Na+, K+, Mg+2, 

Ca+2, Mn+3, Fe+3 and Cr+3 show a preference for hard bases like water and Fe oxides; 

whereas soft acids such as Hg+2 and Cd+2 prefer to complex with soft bases like clay 

minerals.  Once metals have been attracted to soil surfaces, different physical and 

chemical forces control the adsorption reactions driving the complexation between 

metals and the different soil constituents such as organic matter, clay minerals, 

carbonates, alumino-silicates and iron, manganese and aluminum oxides and 

hydroxides. The main mechanisms for metal adsorption into these soil constituents 
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include inner-sphere complexation, outer-sphere complexation and diffuse ion 

association (Lestan et al., 2003; Strawn and Sparks, 1999)  

Inner-sphere complexation occurs when the ligand displaces a water of hydration 

from the coordination sphere (Essington, 2004). This process results in the formation of 

stable metal-soil complexes, which are only weakly affected by the ionic strength of the 

soil solution (Sparks, 1995). These initial reactions of metal attachment to the surface of 

soil particles are usually followed by diffusion of metal cations into the macro- and 

micro-pores of soil particles, hindering subsequent desorption of these metals.  

The major soil constituents involved in the specific adsorption of metals include 

organic matter and amorphous and crystalline hydrous oxides of Fe, Al and Mn (Zhou 

and Haynes, 2010). As explained previously, several characteristics of metals ions can 

influence their binding forces and thus the sorption mechanisms. For instance the high 

electrical charge of the atomic nucleus, small ionic size and high polarizability of heavy 

metals makes them suitable for specific adsorption reactions in soil. Trace anionic 

metals are also preferentially adsorbed by inner sphere complexation over major 

anions. However, if specific adsorption sites become saturated, these trace elements 

can also be accumulated in non-specific adsorption sites.  

In outer-sphere complexation, metals are bound to the soil particles by 

electrostatic attraction. This process is also known as non-specific adsorption because it 

occurs when at least one solvent (water) molecule interposes between the surface 

functional group and the bound metal ion (Zhou and Haynes, 2010). Outer-sphere 

complexation reactions are reversible, diffusion-controlled, stoichiometric processes in 

which the adsorbents show differences in the selectivity for metals, and can be 
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influenced by pH, valence of the metal, surface charge and the concentration of ions. 

According to the principle of electroneutrality, in order to stay in equilibrium, the non-

specific adsorption of metals should be followed by desorption of stoichiometric 

quantities of counter ions. This process is also known as ion exchange because the 

addition of other cations into the system, in sufficient concentration, will result in the 

replacement of original cations at the soil surface. Outer-sphere complexation of metals 

can occur via physical adsorption (though van der Waals forces), cation exchange and 

hydrogen bonding (Kabata-Pendias, 2001). 

Just as in outer-sphere complexation reactions, in diffuse ion associations, metal 

ions are surrounded by water of hydration. Hence, metals accumulate at the interface of 

charged surfaces because of electrostatic interactions, but are not directly bound to the 

soil surface (McLean and Bledsoe, 1992). These reactions occur rapidly and can be 

reversed easily by changes in environmental conditions such as pH and concentration 

of ions in solution.  

2.2. Influence of Soil Fractions on Metal Speciation and Sorption 

The affinity of metal ions for adsorption sites will depend on the characteristics of 

the sorbent (soil) and associated aqueous phases (Zhou and Haynes, 2010). 

Adsorption capacity is different for different types of soil (mineral vs. organic). 

Accordingly, the abundance of organic matter, clay minerals and hydrous oxides of Al, 

Fe and Mn in soil will tend to dictate the type of metals that will be adsorbed by either 

inner-sphere or outer-sphere complexation and to what extent such sorption can occur.  

2.2.1. Clay minerals 

The texture of soils and their composition is extremely important in sorption 

processes. In general, all clay minerals are characterized by having a high surface area, 



 

 25 

which provides them with numerous negative adsorption sites (high CEC) for metals 

cations to bind.  Hence, much work has focused on the ability of clay minerals (e.g., 

kaolinite, allophone, vermiculite, montmorillonite) to adsorb heavy metals (Abollino et 

al., 2003; Abollino et al., 2008; Malandrino et al., 2006; Sarkar et al., 2000). 

Permanently charged sites on clay mineral surfaces interact with metal ions by means 

of non-specific electrostatic forces (Adriano, 2001). There is also, however, evidence 

that suggests metals can be held in a non-exchangeable form by chemical interactions 

between heavy metals and –SiOH and –AlOH groups on the edges of clay minerals 

(Abollino et al., 2003; Petruzzelli, 1997). Both of these mechanisms are pH-dependent. 

Accordingly, a study by Abollino et al. (2003) shows that metal complexes with silanol 

(Si-O) and aluminol (Al-O) groups at the clay particles surface is unsupported under 

low-pH (2.5-3.5) conditions. Also, a study by Lippold and Lippmann-Pipke (2009) 

showed that affinity of metals for clay mineral sorption sites is also affected at high 

concentrations of humic matter throughout the acidic range. Sorption capacities of some 

of these minerals will also differ when saturated with different cations (Kabata-Pendias, 

2001). 

2.2.2. Oxides and hydrated metal oxides 

 Metal oxides and hydroxides are secondary minerals formed as a result of 

mechanical (heat, water ice, pressure) and chemical/biological (Fe and Mn oxidizing 

bacteria such as Thiobacillium sp. and Metallogenium sp., respectively) weathering. 

Oxides and hydrated metal oxides that exist as poorly crystalline, colloidal size particles, 

with a high reactive surface, can form strong complexes with numerous trace metals 

(Essington, 2004). However, when these accessory minerals associate with primary 

minerals and other secondary minerals, their surface properties are masked and the 
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access of solutes to interlayer adsorption sites gets blocked. For example, in natural 

soils, clays are usually coated by oxides, which make the clay surface unavailable for 

metal sorption directly from the soil solution (Yin et al., 1997). In this case, sorption 

depends on the affinity of metals for the oxide instead of the clay. 

According to Kabata-Pendias (2001), isomorphic substitution, cation exchange 

and oxidation are the major mechanisms involved in the sorption of trace metals by 

metal (hydr) oxides. However, the stability of these secondary minerals is subject to 

redox state, pH, organic matter content and microbes in the soil. For example, 

decreasing pH conditions limit the adsorption of metal cations (by increasing the 

sorption capacity for anions), whereas at high pH the presence of Fe and Mn oxides 

generally increases the adsorption of metals in soils (Adriano, 2001). Accordingly, soil 

minerals with low pHzpc have greater ability to attract and retain cations over a broad soil 

pH range because their surface charge is mainly negative at pH values common in 

soils. On the other hand, minerals with higher pHzpc are better at retaining anions 

(Essington, 2004). In addition, adsorption of some metals by (hydr)oxides increases 

significantly in the presence of humic substances (Adriano, 2001).   

2.2.3. Organic matter 

In soil, organic matter (OM) can be found as organic residues that are partially 

decomposed organic matter, or as humus/soil organic matter (SOM), that consists of 

non-humic and humic substances. The nature of SOM is a function of the soil type, 

vegetation and microbial fauna and plays an important role in the environment, affecting 

among other things, the mobility of metal ions in soil. Polyvalent metal ions can form 

bonds with non-humic compounds such as organic acids, amino acids, proteins and 

polysaccharides, through a range of mechanisms including ion exchange, covalent 
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bonds and chelation (Kabata-Pendias, 2001; Zhou and Haynes, 2010). Metal ions can 

also form strong bonds with humic substances, which are high-molecular-weight 

molecules that exist as heterogeneous, complex, three-dimensional amorphous 

structures, because of their high number of O-containing functional groups, such as 

phenolic, enolic, carboxyl (-COOH) and alcoholic –OH and C=O groups (Zhou and 

Haynes, 2010). Although the heterogeneous nature of humic substances provides a 

large number of binding sites that range from weak forces of attraction to stable, 

coordinate inner-sphere complexion, the high degree of selectivity of OM indicates that 

most heavy metals preferentially coordinate with functional groups forming inner sphere 

complexes instead of just being adsorbed by simple exchange reactions (Adriano, 2001; 

Zhou and Haynes, 2010). Specificity of metals toward the different functional groups is 

determined by the metal properties and the different soil characteristics. 

The multiple interactions between SOM and metal ions can lead to either water-

soluble or insoluble complexes. For example, when metals bind to relatively stable 

humic compounds in the solid phase, these metals are taken out of solution, which 

decreases their mobility and bioavailability in soils (Adriano, 2001; Zhou and Haynes, 

2010). However, when metal ions bind to OM in the aqueous phase, soluble organic 

matter can act as a carrier for metals, increasing their mobility to other environmental 

compartments (Adriano, 2001; Zhou and Haynes, 2010). Different factors affect the 

complexion ability of specific metals to organic matter. Some of these relate to 

properties of the metal itself, because small ionic radius and high electronegativity 

favors the formation of stronger complexes. Other factors include the nature of the 

organic material and the quantity, type and reactivity of the different functional groups 
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(McLean and Bledsoe, 1992; Zhou and Wong, 2003; Zhou and Haynes, 2010). 

Furthermore, adsorption of metals by SOM and the mobility of metal-OM complexes are 

strongly related to soil pH. According to Yin et al. (2002), DOM increases at high pH, 

facilitating the mobility of metals through the formation of soluble metal-OM complexes. 

In addition, in soils with high concentrations of OM, high pH tends to decrease proton 

assistance of formation of soluble metal-OM complexes.  

2.3. Mercury in Soils 

Mercury (Hg) is a naturally occurring element that cycles through the atmosphere, 

the hydrosphere, the biosphere and the solid geosphere (Johannessen et al., 2005). In 

soils, where it tends to concentrate, it can be found as free ions in both mono- and di-

valent forms (i.e., Hg2
+2 and Hg+2), bound to inorganic and organic ligands, or present 

as solid minerals including HgO and HgS (Schuster, 1991). Factors controlling the 

transformations of Hg from any of the above forms to another include pH, redox 

potential, ionic strength and concentrations of organic matter (OM) (Babiarz et al., 1998; 

Schuster, 1991). According to Goldshmidt’s geochemical classification, Hg is a 

chalcophilic metal, which means it has a high affinity for sulfides and low affinity for 

Lewis bases such as carboxyl groups. Some of the most abundant forms of Hg in the 

environment include HgS, Hg(OH)2, and HgCl2. Depending on the physical and 

chemical parameters of the soil, these compounds can be further complexed with 

organic ligands (Gabriel and Williamson, 2004). It is important to understand the factors 

affecting Hg speciation because the nature of sorption/desorption reactions taking place 

in the soil strongly influences Hg toxicity. Accordingly, several studies have focused on 

the effects of pH, OM, redox conditions and competitive ions on the sorption and 

desorption reactions of Hg in soil/sediment (Aiken et al., 2003; He et al., 2007; Jing et 
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al., 2007; Kim et al., 2004a; Kim et al., 2004b; McLean and Bledsoe, 1992; Sarkar et al., 

1999; Skyllberg et al., 2006; Skyllberg and Drott, 2010; Wang et al., 2009; Wang and 

Greger, 2006; Yang et al., 2006; Yang et al., 2008). 

Among the factors controlling the adsorption of Hg ions by soil constituents, pH is 

one of the most important (Yin et al., 1996). Solubility of Hg compounds is related to 

their oxidation states and varies from negligible (e.g., HgS, Hg0) to very soluble (e.g., 

HgCl2, Hg(OH)2, Hg2SO4)(US-EPA, 1997). According to Adriano (2001), at low pH, 

cations (e.g., HgCl+) and neutral (HgCl2) Hg species are formed, whereas oxy/hydroxyl-

Hg species (Hg(OH)2) predominate at higher pH. Yin et al. (1996) showed that as the 

pH increases from 3 to 5, the proportion of hydroxide-Hg species increases. A similar 

study by Andersson (1979) showed that in acidic soils (pH<4.5-5) Hg+2 is mainly bound 

to organic ligands, whereas a higher affinity is shown for iron oxides and clay minerals 

in soils with circumneutral to neutral pH. Although adsorption of metal ions is usually 

greater at higher pH, studies have shown a higher adsorption of Hg+2 in acidic media 

(Hovsepyan and Bonzongo, 2009; Yin et al., 1996).  

The reduction/oxidation potential (Eh) is another important parameter used to 

determine/predict Hg mobility in the environment. Under oxidizing conditions Hg-

chloride compounds (e.g., HgCl2, Hg2Cl2) and hydroxyl-Hg species (e.g., Hg(OH)2, 

HgO) predominate. In contrast, under reducing conditions most Hg is bound to S and 

amorphous FeS. Soil texture also has an effect on Hg mobility because metals are more 

firmly retained in clay soils than sandy soils. Microorganisms can also assist in the 

transformation of Hg to the organometallic methyl-Hg compounds, a group of very 

highly mobile and toxic forms of Hg (Camps Arbestain et al., 2009). 
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Another factor that affects the adsorption of metal ions is SOM. It is well known 

that Hg can form strong bonds with organic matter in soil (Grigal, 2003; Yin et al., 1997). 

Column studies by Miretzky et al. (2005) showed an increase sorption capacity for Hg at 

higher organic matter content. Whereas the opposite effect was observed in soils with a 

high content of dissolve organic matter (DOM) (Yin et al., 1997). 

Although Hg occurs naturally in the environment, anthropogenic disturbances have 

led to its accelerated release and accumulation in ecosystems. For instance, the 

average background concentration of mercury (Hg) in “pristine” soils in the United 

States was estimated to be about 0.11 mg/kg (Adriano, 2001). Total Hg (THg) 

concentration near gold-mining sites were reported to contain concentrations ranging 

from132 mg/kg to 635 mg/kg (Kim et al., 2003), and those areas surrounding chlor-alkali 

plants had THg concentrations ranging from 4.3 mg/kg to 1150 mg/kg (Bernaus et al., 

2006).  The removal of Hg (II) from soils and sediments, therefore, assumes 

significance. 

2.4. Remediation Techniques for Hg-Contaminated Soils 

2.4.1. Ex-situ techniques 

Excavation has been implemented at full scale and is the most commonly used 

method for cleaning metal-contaminated sites (Hinton and Veiga, 2001). It involves the 

removal of contaminated soil and its subsequent transport to hazardous landfills or off-

site treatment facilities. Disposal in landfills is expensive and represents an additional 

problem because the majority of the soil mass is not composed of the actual pollutant, 

which reduces the space to discard other hazardous materials. In addition, excavation 

of large contaminated areas and the need to replace the soil that has been removed 

increase costs substantially (Mulligan et al., 2001a; Mulligan et al., 2001b). 
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Furthermore, disturbing the soil increases the risk of spreading Hg contamination 

(Bower et al., 2008). 

Soil washing removes heavy metals from the soil through a combination of 

physical separation and chemical extraction procedures. The physical separation of Hg 

from the soil involves separation of larger particles (e.g., by gravity) from finer particles, 

the latter of which will subsequently be homogenized and chemically treated. Chemical 

extraction removes heavy metals from the fine particles by adding a washing solution of 

water enhanced with chemical additives such as leaching agents, surfactants, bio-

surfactants, inorganic and organic acids, chelating agents or a mixture of the above 

(Dahrazma and Mulligan, 2007; US-EPA, 2007). Physical separation reduces the 

volume of soil that will require chemical treatment as well as the costs, however the 

applicability and effectiveness of these technique may be limited for complex waste 

mixtures (such as metals mixed with organic compounds), soils with more than 40% silt 

or clay content, certain types metal speciation, and high pH and moisture content (US-

EPA, 2007). 

Volatilization involves the use of high temperatures and low pressure to volatilize 

contaminants in soils.  After volatilization, Hg can be recovered through condensation, 

to collect liquid elemental mercury (US-EPA, 2007), or immobilization (Mulligan et al., 

2001b).  Some factors affecting the performance and the cost of this technique include 

soil type and texture, organic and moisture content and Hg concentration in the soil 

(US-EPA, 2007).  
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Amalgamation is the dissolution of mercury in other metals like copper, nickel, zinc 

and tin, to form a semi-solid alloy. This process is sometimes followed by encapsulation 

to prevent volatilization from the amalgam (US-EPA, 2007). 

2.4.2. In-situ techniques 

Soil flushing techniques such as soil washing remove contaminants from the soil 

and concentrate them in a liquid phase that can be collected and treated as wastewater. 

In such cases, chemicals used as extracting solutions are applied to the contaminated 

soil by surface flooding, sprinklers or soil injection (NRC, 1999). Overall, the leachate 

needs to be collected and treated as hazardous waste water.  

Electro kinetic remediation uses a low electric current to move water and metal 

ions (by electro-osmosis and electro-migration, respectively) between a cathode and an 

anode inserted vertically into the contaminated zone (Mulligan et al., 2001b; Suer and 

Lifvergren, 2003). The effectiveness of this technique depends on both solubility and 

transport of the contaminant through the soil matrix. Electro remediation of Hg-

contaminated soils is challenging because of the low solubility of some Hg species 

(HgS, Hg (l), Hg2Cl2) at pH values common to most natural soils (Cox et al., 1996).  

In situ thermal desorption is a technology that applies heat and vacuum to the 

surface of contaminated soils to modify and extract volatile contaminants (US-EPA, 

2007). 

Bioremediation is a process in which metal contaminants are modified as a result 

of the activity of organisms such as bacteria (Lovley and Coates, 1997; 

Rathinasabapathi et al., 2006) or plants (Cao et al., 2009). For instance, organic acids 

produced by both bacteria and fungi can induce leaching and metal removal in 

contaminated soils (Mulligan et al., 2001b). Investigations on the use of plants in soil 
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clean up show promise for certain metals. Bioremediation has also been proposed as a 

second stage to treat wastewaters generated from soil treatment techniques like soil 

washing and soil flushing. Microbial processes being studied for metal remediation 

include biotransformation, bio-precipitation, and bio-sorption (Chen and Wilson, 1997). 

Examples of these processes include the use of Hg-reductase, produced by some 

Pseudomonas strains, to convert mercuric ions to Hg0 under aerobic conditions. 

However, with time, produced Hg0 will accumulate within the microbial biomass and will 

have to be extracted. In addition, Hg-contaminated wastewater effluents can be 

exposed to microbial populations that convert soluble and bioavailable Hg to less 

soluble forms (e.g., HgS), followed by sedimentation/filtration (US-EPA, 2007). Although 

these microbial-driven approaches can be cost effective, their performances can be 

negatively affected by high Hg concentrations and other changing water quality 

variables (pH, nutrients, temperature, etc.) (US-EPA, 2007). A biotechnology program 

called “MERCROBES” was developed recently at the National Research Institute for 

Biotechnology in Germany. The approach in this program is based on the use of 

proprietary microbes to reduce ionic Hg species to Hg0, and the major advantage of this 

technology is that the microorganisms used are able to grow regardless of Hg 

concentrations (even in the presence of Hg concentrations >100 mg/L), resulting in Hg 

reduction efficiencies up to 99% (Hazardous-Waste-Consultant, 1996). 

Phyto-extraction and phyto-volatilization are emerging technologies that use plants 

to extract heavy metals from the soil and either accumulate them in aboveground 

shoots or volatilize them (Garbisu and Alkorta, 2001). These techniques are less 

expensive than most technologies that are currently available. However, effectiveness is 
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dependent upon several plant characteristics. Hyper-accumulators of heavy metals in 

harvestable parts that tolerate high metal concentrations and have a rapid mass growth 

are the best option (Garbisu and Alkorta, 2001). Nevertheless, metals need to be 

present in soluble forms for plant uptake. Chemicals for increasing the availability of 

metals in soils include acidifying agents, chelating materials and fertilizer salts (Moreno 

et al., 2005b). Plants can also be genetically engineered to enhance their ability to 

extract and transform or volatilize pollutants such as Hg (Hussein et al., 2007; Moreno 

et al., 2005a). Studies by Hussein et al. (2007) showed that chloroplast transgenic 

plants are able to accumulate various forms of Hg at concentrations higher than the soil. 

More research is needed to enhance plant ability to extract metals and to understand 

how bioavailability correlates with metal uptake from soils (Mulligan et al., 2001b). To 

date, there are no reports of naturally occurring plants that can be classified as hyper-

accumulators of Hg. 

Immobilization by solidification and vitrification is a set of techniques that includes 

solidification as an approach to reduce the mobility, and subsequently the toxicity of 

metals in soils, through physical binding or encapsulation of the contaminant with 

cementing agents (Hinton and Veiga, 2001) or use of heat.  For instance, vitrification is 

one example of a solidification process that requires thermal energy to form a glassy 

solid that is chemically durable and leach-resistant. This process can be performed in-

situ or ex-situ. For in-situ vitrification, electrodes are inserted vertically in the 

contaminated site, and then an electric current with a heat of about 1,600-2,000°C is 

passed though, melting the adjacent soil and solidifying it as it cools (Mulligan et al., 

2001b; US-EPA, 2007). The heat spreads outwardly and downwardly (about 20 feet), 
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and each electrode has a maximum treatment capacity of 1,000 tons (US-EPA, 2007). 

The effectiveness of this process can be affected by high concentrations of clay, debris 

and moisture. Some disadvantages include restriction of soil use and high 

implementation costs. For ex situ vitrification, contaminated material is heated in a 

smelter or furnace. 

Additionally, metals in contaminated soils can be immobilized by use of 

environmentally benign sorbents. This process requires the addition of amendments 

with high sorption affinity for the target metal(s), and can be relatively inexpensive 

depending on the type of sorbent used. However, to be effective, the metal has to be 

irreversibly bound to the sorbent in a non-labile and non-biologically available form 

under natural soil conditions, and fairly stable under changing environmental 

parameters (e.g., pH, oxidation and reduction). Although the metal will not be available 

for bio-uptake, immobilization techniques do not change the total contaminant level in 

the soil and the lack of data regarding stability of long-term metal-sorbent complexes 

continue to limit the general acceptance of in situ immobilization by regulatory agencies 

(Zhou and Haynes, 2010).  

With regard to Hg, different Hg-binding compounds have been tested to remove 

Hg from solutions (clays, resins, silica gels, zeolites, and activated carbon), but with 

only a few methods proposed for Hg remediation of soil (Chen et al., 2004; Meng et al., 

1998). The focus in this area has been on a readily available waste material, the 

aluminum drinking water treatment residuals (WTRs). 

2.5. Rationale for Using WTRs in Remediation of Hg-Contaminated Soils 

 Across the nation, waste residuals that are produced in abundance during 

drinking water treatment processes are either discarded in landfills, stored in onsite 
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lagoons, or simply discharged into rivers (Novak and Watts, 2004). Disposal of this 

waste product can be expensive and increases the overall cost of water purification 

(Novak and Watts, 2004). One way to add value to this abundant and readily available 

waste material is to take advantage of its physic-chemical reactivity with, and high 

sorption capacity for certain inorganic pollutants to remediate contaminated 

environments. So far, ongoing research has focused primarily on the potential use of 

WTRs as cost-effective material for the remediation of environmental compartments 

contaminated with oxyanions such as PO4
-3, AsO4

-3, and SeO4
-2 (Ippolito et al., 2011). 

However, the findings of Hovsepyan and Bonzongo (2009), and results from other 

research groups (Brown et al., 2005; Chiang et al., 2012) point to a high potential for 

metal cation immobilization by WTRs.  

2.5.1. WTRs: Overview of current knowledge  

Water treatment processes used worldwide to produce safe drinking water 

generate a wide variety of residual products (Ippolito et al., 2011). In the conventional 

coagulation-filtration treatment process, suspended solids and natural organic matter 

are removed from the raw water supply by addition of coagulants such as 

Al2(SO4)3•14H2O, FeCl3 or Fe2(SO4)3. The process results in the production of water 

treatment residuals or WTRs. Accordingly, aluminum- (Al) and iron- (Fe) based WTRs 

(referred to thereafter as Al-WTRs and Fe-WTRs, respectively) are the most common 

by-products of drinking water treatment facilities. In addition to the above coagulants, 

the chemical composition of WTRs is also impacted by the mineral and elemental 

signature of the treated raw water (Elliott et al., 2002). With regard to soil remediation 

with WTRs, the use of Fe-WTRs in metal-contaminated soils is less attractive because 

of the highly redox sensitive nature of iron, which could result in iron oxy/hydroxide 
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dissolution under anoxic conditions and release of previously sorbed metal ions. 

Therefore, this study focuses solely on aluminum-based WTRs, which hereafter are 

referred to as Al-WTRs. 

Extensive research has now shown that, as a result of their chemical composition 

and high reactivity, WTRs can potentially be used as soil amendments to increase 

phosphorus (P) sorption capacity and reduce the impacts of runoff and infiltration on 

water quality (Dayton et al., 2003; Novak and Watts, 2004; Silveira et al., 2006). 

Laboratory studies suggest that the mechanism of P sorption onto WTR matrices tends 

to be biphasic, with an initial fast sorption reaction on the surface attributed to 

electrostatic interactions between P and WTRs, followed by a slower sorption step 

associated with intra-particle diffusion of P into micropores (Makris et al., 2005). In a 

study by Novak and Watts (Novak and Watts, 2004), P sorption data on WTRs were 

best fit to a first-order reaction model, whereas P kinetic data by Makris et al. (2005) fit a 

second-order reaction model best. This discrepancy can be attributed to factors such as 

the lack of homogeneity of WTRs used in these two studies. These authors 

nevertheless concur on the strong ability of WTRs to sorb P. 

More recent studies have explored the ability of WTRs to sorb positively charged 

metal ions. Hovsepyan and Bonzongo (2009) investigated the ability of Al-WTR to sorb 

mercury from aqueous solutions, and using Fe-WTR, Chiang et al. (2012) studied the 

removal of cadmium (Cd), lead (Pb), and zinc (Zn) from aqueous solutions. Research 

by Brown et al. (2005) found that WTR amendments in soil reduced the NH4NO3-

extractable Cd, Pb, and Zn fractions, suggesting a strong ability for immobilization of 

these metals as well. Although data on the mechanisms of metal sorption on WTRs are 
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still lacking, these preliminary findings point to the potential of WTRs as sorbents for 

metal cations, and further research is necessary to find out how WTRs can be used to 

improve environmental quality.   

2.5.2. Physicochemical composition of Al-WTRs 

As stated earlier, Al-WTRs are formed as a result of addition of aluminum salts 

(e.g., Al2(SO4)3) and other coagulants (such as polymers) to raw water to remove 

colloids, silt and clay-size particles, and color (Dayton and Basta, 2001; Elliott et al., 

2002; Makris and Harris, 2006). They consist of particles that settle as a result of 

coagulation and flocculation (Makris et al., 2005). The amorphous structure of Al-WTRs 

is caused by the formation of amorphous Al oxides and hydroxides (Makris and Harris, 

2006; Novak and Watts, 2004). According to the American Society of Civil Engineers, 

amorphous aluminum oxides/hydroxides account for 50 to 150 g/kg of WTRs (Dayton 

and Basta, 2001), and depending on the treatment process used, Al-WTRs can also 

contain small quantities of activated carbon, organic matter, and sediments (Makris et 

al., 2004).  In our preliminary study, analysis of Al-WTR material collected from a dry 

disposal site in Bradenton Florida, showed that Al-WTR can have rather low initial metal 

content compared to federal regulatory limits for soils, while exhibiting a relatively high 

specific surface area or SSA. In fact, the N2-BET and CO2-BET analyses revealed SSA 

of 48 m2/g and 120 m2/g, respectively, suggesting a higher density of sorption sites 

within micropores. Total-Hg and other analyzed metal concentrations were found to be 

lower than the regulatory limits for land application of sewage sludge (US-EPA 40 CFR 

Part 503). 
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2.5.3. Al-WTR as a soil supplement/substitute 

 Dayton and Basta (2001) investigated the prospect of using seventeen WTRs 

(fourteen of which were Al-WTRs) as soil substitutes by comparing physic-chemical 

properties and nutrient composition of the WTRs with typical soils. They found that most 

of the studied Al-WTRs had soil-like qualities with the potential to be used as soil 

substitutes for land reclamation purposes. The physic-chemical properties of WTRs 

were found adequate for plant growth. If used solely for crop growth, the drawback of 

WTR application would actually be the reduction of P bioavailability, which could lead to 

P deficiency in plants if applied at excessively high rates. However, this shortcoming 

can be easily corrected by applying a P-fertilizer to the treated soil whenever necessary 

(Hyde and Morris, 2000).  

2.5.4. Toxicity of WTRs 

 Dayton and Basta (2001) also evaluated the potential toxicity of Al-WTRs, using 

the toxicity characteristic leaching procedure (TCLP), a US-EPA standard procedure 

used to profile waste materials as hazardous or non-hazardous for the purpose of 

landfilling. The metal content of all studied Al-WTRs was significantly below the 

regulatory levels for TCLP and therefore categorized as non-hazardous waste. Indeed, 

metal concentrations of WTRs are not regulated by the US-EPA 503 statute for sewage 

sludge (US-EPA, 1997). Studies by Hyde and Morris (2000) have also shown that metal 

concentrations of studied WTRs were lower than the US-EPA regulatory limits for 

metals of environmental concern, and the dissolved Al concentrations in extracts of Al-

WTRs did not produce toxicity symptoms in soybeans and corn (Dayton and Basta, 

2001). Studies by Sotero-Santos et al. (2005) demonstrated that Al-WTRs did not cause 

acute toxicity to the aquatic invertebrate Daphnia similis in a 48-hour toxicity assay. 
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Also, no evidence of aluminum toxicity was found when alum-based sludge was used 

as growth media (Babatunde and Zhao, 2006). Our own preliminary results obtained 

using MetPlate, a bioassay based on bacterial -galactosidase inhibition by toxic metals 

(Gao et al. 2009), showed a total elimination of soil leachate toxicity when treated with 

Al-WTR in column studies (Hovsepyan, 2008). 

2.5.5. Reactivity and potential for use in Hg remediation 

 The expectation of a high performance by Al-WTRs in the immobilization of Hg in 

contaminated soils stems from laboratory experiments, which assessed the potential of 

Al-WTRs to adsorb and immobilize Hg. Overall, results showed that Al-WTRs have a 

strong potential for Hg immobilization in soils (Hovsepyan and Bonzongo, 2009). For 

instance, results of Hg adsorption by Al-WTR from aqueous solutions (Figure 2-1 A) 

show the highest Hg removal at a very acidic pH of 3, whereas the lowest Hg removal 

was observed at pH 5. Hg sorption decreased from pH 3 to 5 and then increased 

gradually with increasing pH, from 5 to 8. Measurements of the zeta potential () of 

tested Al-WTRs as a function of pH showed that as the pH decreases from 7 to 3, the 

surface charge of Al-WTRs becomes more negative (Figure 2-1 B). This unusual trend 

could explain, at least partly, the high Hg sorption at pH near 3, but not the lowest Hg 

removal observed at pH 5. Because there is no direct correlation between the observed 

Hg sorption behavior and pH on one hand, and between the measured zeta potential 

and pH on the other, it is likely that electrostatic attraction does not constitute the 

dominant force governing Hg sorption on WTRs. These data suggest that additional 

forces/mechanisms are involved, and studies are needed to (i) elucidate the 

mechanism(s) of Hg sorption onto Al-WTRs, and (ii) determine the associated 
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implications for the long-term stability of formed Hg-WTR complexes versus changes in 

key environmental parameters, if used for soil remediation.  

In conclusion, initial research has established the ability of WTRs to immobilize 

anions and toxic metals and eliminate metal toxicity in soils (Chiang et al., 2012; Dayton 

et al., 2003; Hovsepyan, 2008; Hovsepyan and Bonzongo, 2009; Makris and Harris, 

2006; Sujana et al., 1998). Whereas the effect of pH may contribute to the efficiency of 

WTR sorption of dissolved ions by controlling the net charge at the surface of particles, 

electrostatic forces could constitute just one of the several mechanisms for contaminant 

sorption by WTRs. The long-term goal of the study initiated here is to develop an 

efficient and cost-effective remediation technique for metal-contaminated soils. This can 

be achieved through a 3-step approach that includes: (i) studies of interactions between 

metal cations and sorption sites of the complex and highly heterogeneous drinking 

WTRs, (ii) field studies to lay the ground work for field applications; and (iii) field 

remediation studies of contaminated soils. This dissertation focuses only on step one.  
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Figure 2-1. Influence of solution pH on Al-WTR efficiency and behavior. A) Hg sorption 
by Al-WTR, initial solution concentration of 40 mg/L. B) fluctuation on Al-WTR 
zeta potential.  
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Figure 2-11. Effect of pH on Zeta Potential of Al-WTRs. 
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Figure 2-10. Effect of pH on Hg sorption on Al-WTRs at initial Hg concentration of 40 mg/L. 

The values are averages (n=3) and error bars represent standard errors of the mean. 
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CHAPTER 3 
IMMOBILIZATION OF MERCURY IN CONTAMINATED SOILS BY DRINKING WATER 

TREATMENT RESIDUALS: ROLE OF MERCURY SPECIATION AND DISSOLVED 
ORGANIC CARBON  

3.1 Introduction 

Mercury (Hg) occurs naturally in the environment, but its accelerated use and 

release since the onset of the industrial revolution has created a legacy of Hg-

contaminated sites worldwide. For instance, the average background concentration of 

total Hg (THg) in “pristine” soils in the United States was estimated to be about 0.11 

mg/kg (Adriano, 2001). However, THg concentrations in soil samples collected near 

gold-mining sites and areas surrounding chlor-alkali plants range from 132 to 635 mg 

Hg/kg of soil (Kim et al., 2004b), and from 4.3 to 1150 mg Hg/kg of soil (Bernaus et al., 

2006), respectively. In the US, past releases of Hg from nuclear weapon production 

during the cold war have contaminated soil, ground and surface waters, sediments, and 

biota at many DOE sites.  For instance, Hg contamination is of special concern at the 

Oak Ridge Site (ORS) in Tennessee, where ~330 Mg of Hg were released to the 

headwaters of the East Fork Poplar Creek from 1950 to 1963.  As a result, nearly 324 

hectares around the Y-12 National Security Facility are heavily contaminated with Hg 

(Liu et al., 2006). Unfortunately, no remediation technique has so far been proved to be 

both cost effective and environmentally friendly for large Hg-contaminated areas such 

as the ORS mentioned above, which awaits remediation.  

Adsorption and desorption processes are of special importance in Hg dynamics in 

soils. They tend to control the fate, transport and bioavailability of metals in general 

(Sarkar et al., 2000; Yin et al., 1996). One of the main concerns with regard to Hg-

contaminated soils is the potential for Hg mobilization and contamination of surface and 
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ground waters, with implications for food-chain contamination and human exposure. 

The US Environmental Protection Agency (EPA) has established a maximum level of 2 

μg Hg/L (or 2 ppb) for drinking water. To protect aquatic ecosystems, regulatory limits 

have also been established in terms of Hg levels allowed in effluents discharged to the 

environment. Rehabilitation of contaminated soils impacted by historic anthropogenic 

activities, however, remains challenging for several reasons (Ciccu et al., 2003), as 

discussed in Chapter 2.  For cost saving, amendment of Hg- contaminated soils with 

suitable sorbents that render Hg harmless is generally accepted, if accompanied by a 

comprehensive environmental impact study. Although immobilization techniques do not 

remove Hg from the soils, they reduce Hg mobility and bioavailability through adsorption 

processes. In this study, the ability of aluminum based drinking water treatment 

residuals (Al-WTRs), to sorb and immobilize the mobile fractions of Hg from 

contaminated soils, was assessed using column-leaching studies.  

3.2. Research Motivation 

Preliminary studies conducted by our research group relied on laboratory-

contaminated sandy soils to emphasize the low retention capacity of Hg by sand 

particles, and therefore, the ability of Al-WTRs to trap water-leachable Hg from soil 

solution (Hovsepyan, 2008; Hovsepyan and Bonzongo, 2009). These studies used 

different Al-WTR application rates and mixing schemes (mixed vs. liner [i.e. introduced 

as a bottom layer]) and showed a significant reduction of Hg-leached effluent compared 

to the non-treated control samples (Figure 3.1). In addition to the reduction of Hg 

leachability, bioassays using treated and non-treated soils showed that both soil toxicity 

and Hg bioavailability to methylating microorganisms were eliminated or significantly 

reduced with the incorporation Al-WTRs into Hg-contaminated soils. Although these 
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results for sandy soils are encouraging, soil composition and speciation of Hg in soils 

contaminated by historic anthropogenic activities could affect the efficiency of Al-WTRs. 

For instance, high levels of dissolved organic matter in soil water could outcompete Al-

WTR in Hg binding efficiency, leading to poor Hg retention. Knowledge of the 

association of Hg with different inorganic and organic soil fractions may help determine 

if Al-WTR application is appropriate. Accordingly, in this study, soils with higher fractions 

of silt and clay than sand (loamy soils) were used without (i.e. as collected) and with Hg 

addition to significantly increase the Hg load of the soil. Sampling and experimental 

methods follow. 

3.3 Materials and Methods 

3.3.1 Collection and characterization of aluminum based drinking water treatment 
residuals (Al-WTRs) 

The Al-WTR sample used in this study was collected from the Manatee County 

Drinking Water Treatment Plant in Bradenton, Florida.  Details on the collection and 

characterization of this Al-WTR sample were described by Hovsepyan and Bonzongo 

(2009). Briefly, the stabilized Al-WTR material was collected from an open-air disposal 

site and transported to our laboratory at the University of Florida, Gainesville. Here Al-

WTRs were air-dried, sieved to obtain a relatively homogenous matrix, and then 

characterized for pH, electrical conductivity (EC), effective cation exchange capacity 

(CECe), organic carbon content, total metal concentration, and specific surface area 

(SSA).  

3.3.2 Collection and characterization of soils 

Soils contaminated by historic anthropogenic activities were collected from the 

Oak Ridge Site (ORS) mentioned earlier. Soil samples were obtained from Big Turtle 
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Creek Park (sample site coordinates: N 35º 59.44, W 084º 19.031 and N 35º 59.463, W 

084º 18.983). Once in the laboratory, the collected soil was air-dried and then ground 

and sieved through a 2-mm mesh to remove coarse organic and inorganic debris. After 

sieving, the soil was mixed thoroughly and subsamples were used for determination of 

physic-chemical variables. 

The soil particle size distribution reflects the percent of clay, silt and sand in a 

given soil and was determined in this study using the USDA Soil Survey Lab Method 

(USDA, 1992). The organic carbon content was measured according to (Walkley and 

Black, 1934). This procedure is based on the oxidation of organic carbon with 

potassium dichromate, followed by titration with Fe2+ to a burgundy endpoint (Walkley 

and Black, 1934). The effective cation exchange capacity (CECe), which is a measure 

of the quantity of sites on soil surfaces that can retain cations by electrostatic forces, 

was determined according to Sumner and Miller (1996). Briefly, CECe was determined 

using the concentrations of base cations (Ca2+, Mg2+, K+, and Na+) and aluminum (Al3+) 

extracted by NH4Cl and measured by Inductively Coupled Plasma Atomic Emission 

Spectrometry (ICP-AES). The pH and the electrical conductivity (EC) of Hg-

contaminated soils were measured in 1:1 (mass/volume (m/v)) and 1:2 (m/v) 

Nanopure® water suspensions, respectively, using a pH meter (model 240, Corning) 

and EC meter (model 1054, Markson).  

3.3.3 Preparation of mercury-spiked ORS soils 

To gain insight into the behavior of Hg in historically and freshly contaminated 

soils, a portion of collected ORS soil was spiked with Hg in our laboratory. The intent 

was to significantly increase the THg concentration of the soil, with a likely increase in 

the water-extractable and easily exchangeable fractions of soil Hg. To accomplish this, 
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a subsample of ORS soil was spiked using a flooding approach, by bringing dry, sieved 

soils into contact with an HgCl2 solution in a 1:4 ratio (m/v). Produced slurries were then 

equilibrated for 7 days in closed plastic containers in a fume hood. Next, the mixtures 

were allowed to dry at room temperature inside the fume hood by opening the lids of the 

containers. Following this initial step, wet and dry cycles were simulated by first 

saturating the Hg-soil mixture with deionized water and then letting it air-dry at room 

temperature. This experimental approach was designed to help incorporate Hg into the 

different soil chemical and organic fractions. After a total of 4 wet-dry cycles over a 

period of about 2 months, dry and well homogenized subsamples of the Hg-spiked ORS 

soil were used to determine THg concentrations by cold vapor atomic fluorescence 

spectrophotometry (CV-AFS). Hg distribution among the different Al-WTR mineral and 

organic fractions was determined by the selective sequential extraction (SSE) 

procedure described below. 

3.3.4 Selective sequential extraction procedure (SSE) 

This technique enables determination of the different fractions of Hg based on 

their affinity for specific groups of chemical compounds in soils. A selective sequential 

extraction was performed on both ORS and Hg-spiked ORS soils. For these analyses, 

sub-samples (~1 g) of air-dried samples were extracted sequentially, using a procedure 

adopted from Bloom et al. (2003). All extractions were carried out in triplicate according 

the procedure described below. 

Fraction 1 (F1), targets water-soluble Hg. One gram of soil was extracted at room 

temperature with 10 mL of Nanopure® water for 18 hours with continuous agitation at a 

rate of 200 rpm. Following the agitation step, the mixture was centrifuged at 5,000 rpm 

for 30 min (Beckman J2-HS, Tritech Field Eng. Inc.) and the supernatant removed with 
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a pipette. Next, the residue was rinsed with 10 mL of Nanopure® water for 5 minutes 

and the mixture centrifuged again at 5,000 rpm for 15 min. The supernatant was 

carefully withdrawn using a 5 mL pipette and added to the first supernatant fraction. The 

combined supernatant was used for the analysis of THg and the solid residue was used 

in the next extraction step. Besides the extraction step, the centrifugation, rinsing, and 

filtration steps were identical for all fractions (F1 to F4), except for F5. 

Fraction 2 (F2), targets HgO and HgSO4 species. The residue from F1 was treated 

with 10 mL of a mixture of CH3COOH and 0.01M HCl (pH=2). The mixture was agitated 

on an orbital shaker at 200 rpm at room temperature for 18 hours, prior to 

centrifugation, and rinsing as described in F1. 

Fraction 3 (F3), targets Hg bound to organic compounds, primarily humic acids. 

The residue from F2 was extracted with 10 mL of a 1M KOH solution. The mixture was 

agitated on an orbital shaker at 200 rpm at room temperature for 18 hours, prior to 

centrifugation and rinsing. 

Fraction 4 (F4) targets amorphous Hg, organo-sulfur, Hg amalgams and Hg 

associated with crystalline Fe-Mn oxides. The residue from F3 was extracted with 10 

mL of 12M HNO3. The mixture was agitated on an orbital shaker at 200 rpm at room 

temperature for 18 hours, prior to centrifugation and rinsing. 

Fraction 5 (F5) targets residual species such as Hg bound to sulfides (e.g., HgS). 

The residue from F4 was extracted with 10mL of aqua regia solution (HCl and HNO3 

mixture in a 3:1 ratio, respectively). The mixture was agitated on an orbital shaker at 

200 rpm at room temperature for 18 hours, prior to centrifugation and rinsing. 
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3.3.5 Elemental analysis 

ORS soil and Hg-spiked ORS soil samples were analyzed for total metal 

concentrations after hot acid digestion. For this analysis, about 1 g of dry of soil sample 

was digested at 110°C with 30 mL of HNO3/H2SO4 mixture (7:3, v/v) in a closed Teflon® 

vessel. The mixture was allowed to cool and afterwards diluted to 50 mL with 

Nanopure® water. The digested and diluted solutions were analyzed for THg 

concentrations by cold vapor atomic fluorescence spectrometry (CV-AFS). Other metals 

such as Pb, Cd, Cr, Zn, Cu, Al, Fe and Ca were analyzed by inductively coupled plasma 

atomic emission spectroscopy (ICP-AES).  

On the aqueous fractions obtained from each step of the SSE procedure, THg was 

analyzed following overnight treatment with bromine mono-chloride, an oxidizing agent 

made of the mixture of KBr and BrO3 dissolved in concentrated HCl. At the end of this 

room-temperature oxidation process, samples were pre-reduced by addition of 30% 

NH2OHHCl) prior to SnCl2-reduction of ionic Hg to Hg0 and detection by CV-AFS, 

according to US EPA method 1631. 

3.3.6 Column leaching experiments 

Pore volume. To determine the porosity of tested soils, about 4.89 g of air-dried 

soils had Nanopure® water added until saturation was reached. The volume of dry soil 

used was determined using a Picnometer. Total porosity was calculated to be 3.3 cm3 

from Equation 1 (Wasay et al., 2001), 

  
 

    
           (3-1) 

where, V (mL) is the volume of water added to attain soil saturation (V=2 cm3), and Vs is 

volume of soil used (Vs=1.9373 cm3).  
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To determine the pore volume of the soil, a clear PVC column with 1.3 cm 

internal diameter was packed with ~9 grams of soil to achieve a soil height of 5.15 cm. 

Pore volume was calculated from Equation 2, 

   
 

   
                      (3- 2) 

where, Vp (mL or cm3) is the pore volume of the packed soil inside the column (Vp=3.3 

cm3), r is the radius of the column (r=0.635 cm), h is the height occupied by soil in the 

column (h=5.15 cm) and f is the total porosity of the soil (f=0.508).  

Synthetic precipitation leaching procedure (SPLP) solution. A SPLP mother 

solution was prepared by mixing 1% (v/v) concentrated nitric acid metal 

grade/Nanopure® water solution with 1% (v/v) concentrated sulfuric acid trace metal 

grade/Nanopure® water solution in a 2:3 (v/v) ratio, respectively. The SPLP extracting 

solution (EPA method 1312) was prepared by diluting 0.4 ml of the mother solution in a 

2.0-mL volumetric flask with Nanopure® water to reach a final pH of 4.2 ± 0.02 

(Townsend et al., 2006). The mother solution was refrigerated and used to prepare 

SPLP solutions used during all column-leaching experiments.  

Experimental design. Soil columns were custom-made out of clear PVC (20-cm 

long and 1.3-cm wide), equipped with a drainage hole at the base and covered with 

wool netting to prevent soil loss and to minimize “dead end” volume. Two different sets 

of column leaching experiments were performed for this study. For the first experiment, 

the columns were packed with 9 g of soil (controls), or 9 g of soil plus Al-WTRs added at 

application rates of 2% and 20% (mass Al-WTRs/mass soil for treated soils). These 

application rates of 2 and 20% were selected as low and high end-members, based on 

preliminary results, although practically, an application rate of 20% might not be 
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considered cost-effective in in-situ soil remediation. In columns with 2% and 20% 

treatments, Al-WTRs was uniformly mixed with the soil and then added to the column. 

Once packed, soil columns were held vertical on a wooden rack placed on the lab 

bench. Control (no WTR added) and Al-WTR-treated soil columns were then leached by 

gravity with either a SPLP solution (pH=4.2) or a dissolved organic matter solution 

prepared from Suwannee River water, following the experimental design shown in 

Figure 3-1. All treatments were run in triplicate for a total of 18 columns and 6 sets of 

experiments. 

For the second experiment, columns were packed with 9 g of soil (controls) or 9 g 

of soil plus Al-WTRs, added at application rates of 2% and 5% (mass Al-WTRs/mass 

soil). Columns with 2% and 5% treatment included two incorporation schemes: (i) 

uniform mixing of Al- WTRs with the soil (2% Al-WTR and 5% Al-WTR), and (ii) Al-

WTRs added as a bottom layer at the base of the column (5% Al-WTR liner). Once 

packed, soil columns were held vertical on a wooden rack placed on the lab bench. 

Control and Al-WTR-treated soil columns were leached by gravity with either a SPLP 

solution (pH= 4.2) or a solution with increasing concentrations of a dissolved organic 

matter (0%, 10%, 25%, 50%, 75%), following the experimental design shown in Figure 

3-2. All treatments were run in triplicate for a total of 24 columns and 8 experimental 

variations. 

Leaching procedure. SPLP solution was used to simulate the effect of soil leaching 

that might occur because of acid rain (pH~4.3), whereas Suwannee River water was 

used for its rich organic content to simulate the effect that organic-rich soil water might 

have on the stability of Hg-WTR complexes formed in treated soils. Columns were 
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leached daily with 2 pore volumes (6.6 mL). Leachate samples were collected in 25-mL 

acid-washed scintillation vials, preserved with 10 μL of concentrated trace metal grade 

HCl and refrigerated at 4°C until digestion and analysis for THg as described earlier in 

the “Elemental analysis” section. Differences between Hg concentrations in leachates 

from different treatments were evaluated using the Independent-Sample t-test with 

SPSS statistical software (vs. 11.0). Tests were performed at a confidence level of 95%. 

3.4 Results and Discussion 

3.4.1 Characterization of Al-WTR 

Data on physico-chemical characterization and elemental composition of the Al-

WTRs used are presented in Tables 3-1 and 3-2. Qualitatively, the Al-WTR used had an 

elemental composition similar to those reported by several previous studies and 

summarized in a recent review by Ippolito et al. (2011). This same Al-WTR was used in 

previous studies in our laboratory, and a thorough description/discussion of its 

characteristics can be found in Hovsepyan and Bonzongo (2009).  

3.4.2 Physico-chemical analysis of ORS soil 

Data obtained from the physic-chemical analysis of ORS soil are presented in 

Table 3-3. Using the United States Department of Agriculture definition, it can be 

classified as “loamy” soil, with a ratio of sand/silt/clay fractions being about 40/40/20% 

(Schwedt, 2001). Fine particles in the soil (silt and clay) make loamy soils efficient at 

retaining nutrients, but pollutants as well. In such soils, the different particle sizes allow 

for the formation of pockets that increase water holding capacity and air penetration. 

ORS soil porosity was 50.8±1.3, which is characteristic of soils with medium to fine 

texture (40-60%). On the acidity scale, this soil is considered neutral, with an average 



 

 53 

measured pH of 7.6±0.03. The high value of CECe of this soil (24.06±0.38 cmol/kg) is 

consistent with the measured organic carbon content and neutral pH. 

The ORS soil showed concentrations of Hg, Al, Fe and Mn well above the US-EPA 

soil clean-up target levels for residential and industrial areas (Table 3-4). In addition, the 

distribution of Hg in the different soil fractions in the native ORS (NSS = non-spiked soil) 

and laboratory Hg-spiked ORS (HSS=Hg Spiked Soil) is presented in Table 3-5. 

Overall, NSS had about 99% of the Hg bound to the mineral lattice (oxide fraction) and 

residual fraction (Hg bound to sulfides), whereas HSS had a higher T Hg, with about 

70% of the total concentration found in the water-soluble (F1) and exchangeable (F2) 

fractions. Therefore, HSS is expected to easily leach out Hg in column experiments. 

3.4.3 Mercury leached from ORS loamy soil  

ORS soils amended with Al-WTR at different application rates showed consistently 

lower concentrations of Hg in SPLP leachates compared to control soil samples with no 

Al-WTR additions (Figure 3-4). The sum of water-soluble, exchangeable and Hg-humic 

fractions comprised <1% of THg concentration, corresponding to a mass of about ~3 to 

4 μg (Table 3-5). These observations point to the high affinity of Hg for this ORS loamy 

soil, in which Hg is strongly associated with soil fractions other than F1, F2, and F3. The 

total mass of Hg extracted by fractions F1, F2, and F3 was released after leaching the 

equivalent of 4 pore volumes with SPLP solution in both the control soil and soil treated 

with 2% (m/m) Al-WTR. In contrast, ORS soil mixed with Al-WTR at the application rate 

of 20% required a total of 12 pore volumes to extract and release the same amount of 

Hg. Hg bound to Fe/Mn-(hydr)oxides was only partially extracted in WTR-amended 

soils.  



 

 54 

Al-WTR has been reported to have a very high sorption capacity for Hg, reaching 

up to 70 mg Hg/g of Al-WTR (Hovsepyan and Bonzongo, 2009). Theoretical 

calculations suggest that Al-WTR at 2% and 20% application rates should be able to 

sorb all the Hg present in the soils used. It is also known that at pH values at or below 

that of the SPLP solution used (pH 4.22), most metals are soluble because of H+ 

competition at the exchange sites occupied by metal cations (Dong et al., 2009). This 

competition decreases metal sorption at acidic pH values, and increases metal 

mobilization through soils. Furthermore, because 80% of Hg in ORS soil was bound to 

the Fe/Mn-oxides fraction (Table 3-5 and Table 3-6), an acid and redox sensitive 

fraction, a decrease in soil pH on one hand and the development of anoxic conditions 

on the other would release Hg bound to this fraction. Thus, increased and continuous 

Hg leaching after reaching the plateau observed in these experiments can be attributed 

to both mobilization of pH-impacted Hg complexes and dissolution of (hydr)oxide 

minerals. On the other hand, preliminary studies focusing on Hg sorption by Al-WTR 

have shown high sorption capacities, even under acidic conditions (Hovsepyan and 

Bonzongo, 2009). Therefore, it is likely that the biochemical reduction of oxide minerals 

and possibly soil compaction and channeling formed over time during soil leaching 

experiments do contribute to the observed delayed/reduced efficiency of Al-WTR 

sorption capacity. This can be explained by the slow and temporal release of Hg initially 

bound to oxide minerals as the latter undergo reduction and subsequent dissolution, 

releasing Hg to solution. Additionally, soil compaction and channeling would limit the 

contact of the formed soluble Hg in Al-WTR in amended soils, resulting in extended Hg 

bleeding. Accordingly, although changes in pH of the soil system could have somehow 
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influenced the efficiency of the Al-WTR treatments, it is likely that redox reactions and 

the lack of physical contact between soluble Hg species and Al-WTR particles played 

an important role with regard to the observed Hg-leaching trends. This is especially true 

after leaching with 26 pore volumes, by which time the soils become highly compacted 

inside the columns, resulting in reduced porosity, development of preferential flow paths 

and anoxic conditions. This conclusion is supported by the SSE data (Tables 3-5 and 3-

6), which show that prior to leaching, ~80% of the THg concentration in tested soil is 

bound to Fe/Mn-(hydr)oxides, and after leaching experiments, a near total depletion of 

this specific Hg-fraction was observed. 

Although leachates collected throughout these experiments, from both control and 

amended soils, showed Hg concentrations that are lower than the Florida leachate 

criteria for groundwater (2.1 ppm), concentrations of Hg leached from control columns 

were significantly higher (p<0.5) than the concentration leached from 2% and 20% Al-

WTR treatments. At the end of the leaching events (total of 82 pore volumes), the 

amount of Hg retained in non-amended soils corresponded to 63% of initial total Hg 

mass, as compared to 73% retention by soils amended with 2% Al-WTR and 85% 

retention in soils amended with 20% Al-WTR (Table 3-6). However, calculated Hg 

retention potential after leaching with the first 26 pore volumes, before soil compaction 

and channeling became significant, was different. The 2% Al-WTR treatment yielded a 

calculated retention of 87% of total Hg in soil and the 20% Al-WTR treatment yielded a 

calculated retention of 99% of total Hg compared to only 80% retention of Hg in non-

treated soils. Although the ORS soil has an initial high Hg retention capacity, treatment 

with Al-WTR improved Hg retention by about 10 to 20%. 
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The efficiency of Al-WTR-amended soils to retain Hg when leached with 

Suwannee River water (TOC= 53.3 mg/L and pH 4.2) was significantly reduced, 

compared to Hg leached with SPLP solution. All samples showed release of Hg from 

pore volumes 10-16, and subsequent increased every 10 pore volumes (Figure 3-5). At 

the end of the leaching procedure with Suwannee River water (82 pore volumes), the 

amount of Hg retained in non-amended soils corresponded to 53% of initial total Hg 

mass in the column in contrast to 58% and 59% retention by soils amended with 2% Al-

WTR and 20% Al-WTR, respectively (Table 3-7). The difference between control and 

Al-WTR-treated samples was not significant (p>0.05). Interactions of Hg with dissolved 

organic matter (DOM) can lead to the formation of Hg-DOM complexes, which can be 

highly mobile (Adriano, 2001; Allard and Arsenie, 1991; Skyllberg et al., 2006; Zhou and 

Haynes, 2010). Suwannee River water (SRW) has a very high DOC concentration, 

composed of a wide variety of organic compounds and containing a significant fraction 

as humic and fulvic acids. In addition, SRW has an acidic pH. Therefore, an increase in 

Hg released from soils when leached with SRW, compared to SPLP solution, could be 

explained simply by the well-established high Hg-DOM affinity. A study by Yang et al. 

(2008) showed that the addition of different types of dissolved organic compounds to 

soils decreases Hg sorption, and depending on soil type, sorption decrease could vary 

from 23 to 43% of the initial sorbed mass. This study showed the low capacity of Al-

WTR to retain Hg when exposed to DOC-rich water with low pH.  This is, however, a 

rather extreme example, as DOC concentrations in pore waters rarely exceed 50 mg 

C/L, as tested here. At the same time, the results suggest that the efficiency of Hg 

immobilization in Al-WTR-treated soils could be negatively impacted under flood 
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conditions with DOC-rich water. Because the effect of pH on leaching can be negated 

by blending treatment techniques, e.g., combining Al-WTR with lime, studies should be 

carried out on how to counter the action of dissolved organic matter. 

3.4.4 Mercury leaching from Hg-spiked ORS soils 

Mercury-spiked ORS soil saw its total-Hg concentration increase to an average of 

2567.4 ± 78.5 mg of Hg/kg of soil. Selective sequential extraction analysis showed the 

following distribution of the main chemical fractions: 42% in the water-soluble fraction, 

29% in the exchangeable fraction, 5% in the organo-complexed fraction, 6% bound to 

the Fe/Mn oxide fraction and 2% in the residual fraction (Table 3-5). Spiking of ORS soil 

with Hg increased concentration of leachable Hg. In this manipulated sample, >70% of 

Hg was extracted from the highly mobile and relatively mobile Hg fractions. And based 

on the maximum retention capacity of Al-WTR for Hg as determined by Hovsepyan and 

Bonzongo (2009), soil amendment with 2% (0.18 g Al-WTR/8.82 g soil) and 5% (0.45 

Al-WTR g/8.55 g soil) Al-WTR should theoretically provide retention of up to 14.2 mg 

and 35.5 mg of Hg, respectively. Accordingly, the 2% application rate should be able to 

control Hg leaching from the water-soluble fraction (F1) of this soil (11.55 mg), whereas 

the 5% application rate should stop all leachable Hg.  

At the end of the leaching experiments (40 pore volumes), control Hg-spiked ORS 

soils leached with SPLP consistently released Hg, with retention of 42% of the mobile 

fraction. In Al-WTR-treated soils, 75% of the mobile fraction was retained in soils with a 

2% Al-WTR application rate. For soils treated with 5% Al-WTR, about 85% of Hg in the 

mobile fraction was retained in the uniformly mixed incorporation scheme versus 90% 

retention in columns containing 5% Al-WTR used as bottom liner (Table 3-9). 
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Concentrations of Hg leached from control columns were significantly greater (p<0.5) 

than Hg concentration leached from all Al-WTR-treated soils.  

For mercury-spiked soils leached with increasing concentrations of SRW (Table 3-

11), controls released a higher concentration of Hg, with Hg retention of 37% of the 

mobile Hg fraction after 54 pore volumes. In contrast, 71% retention of the same 

fraction was retained in soils amended with 2% Al-WTR. Soils containing 5% Al-WTR 

showed retention of about 78%, regardless of the incorporation scheme (Table 3-10). 

Concentrations of Hg leached from control columns were significantly higher (p<0.5) 

than Hg concentration leached from 2% and 5% Al-WTR-treated soils, but no significant 

difference (p>0.5) was observed between soils treated with 5% Al-WTR uniformly mixed 

with the soil and 5% Al-WTR used as a liner.  

Finally, although Al-WTR applied as liner might play an important role by 

eliminating the negative effects of compaction and channeling and increasing chances 

for physical contact between soluble Hg and Al-WTR, differences in Hg retention rates 

leached with solutions containing >26 mg C/L might not be worthwhile if the cost 

involved in excavation to apply the Al-WTR liner is considered.  

3.5 Conclusions on Column Leaching Experiments 

 Among all treatments, non-treated soils (0% Al-WTR) consistently displayed 
higher Hg release from soils leached with both synthetic precipitation (pH=4.22± 
0.05) and increasing concentrations of Suwannee River water (SRW) with 
TOC=53.3 mg/L and pH=4.20± 0.05.  

 Increased Hg retention was observed for ORS soils treated with Al-WTR in the 
order NTS < 2% Al-WTR < 20% Al-WTR for soils leached with SPLP solution.  

 Although ORS soils treated with Al-WTR showed a slight improvement in Hg 
retention compared to the control, when leached with Suwannee River water, 
there was no significant difference between 2% Al-WTR and 20% Al-WTR 
treatments. 
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 Mercury retention was improved in ORS soils as well as Hg-spiked ORS soils by 
application of Al-WTR treatments. However, Al-WTR treatments seem to be more 
relevant for soils with a high concentration of Hg in mobile and bioavailable 
fractions.  

 Because of the high affinity of Hg for dissolved organic matter, the different Al-
WTR treatments are more efficient at sorbing Hg from soil when leached with an 
acid solution (SPLP) than when leached with a solution with high concentration of 
dissolved organic matter (TOC >13 mg/L). 

 Development of anoxic conditions and both compaction and channel formation in 
used soils led to the co-occurrence of increased Hg release and reduced contact 
of Hg with Al-WTR, resulting in decreased Al-WTR sorption efficiency.  

 Application of Al-WTR as a liner is suggested for fine-texture soils with limited 
water flow, to increase Hg-WTR contact and thus sorption. 

 In general, the leachability of Hg in Al-WTR-treated Hg-contaminated soils is 
significantly lower than that of non-treated soils. However, this significance 
difference disappears when soils are leached with solutions containing high DOC 
concentrations. 
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Table 3-1. Physicochemical characterization of Al-WTR sample collected from the 
Bradenton Drinking Water Treatment Facility (Florida, USA) and used in this 
study. Adapted from Hovsepyan and Bonzongo (2009). 

Parameter Mean Value a, b 
Average values from 

previous Al-WTR studies 
Units 

pH c 5.6±0.01 6.5±0.3 e  
EC d 0.36±0.01 1.6±0.9 e dS/m 
eCEC e 45.8±0.09  cmol/kg 
SSA-N2  48±0.3 36 e m2/g 
SSA-CO2 120±0.3 104.9 e m2/g 
Organic Carbon 12.7±0.3  % 
a All the values are mean of triplicates; b ±values represent standard errors of the mean;   
c at soil water ratio of 1:1; d electric conductivity at a soil water ratio of 1:2 (m/v); e 

effective cation exchange capacity; e from Ippolito et al. (2011) 
 
 
 
 
 
Table 3-2. Elemental analysis of the Al-WTR sample used in this study. Adapted from 

Hovsepyan and Bonzongo (2009). 

Element Mean Value b, c 
Average values from 

previous Al-WTR studies d 
Units 

Regulatory Limit 
f (mg/kg) 

Al 73.8±3.2 119±24 g/kg nd 
Fe 3.7±0.1 37±20 g/kg nd 
Ca 2.26±0.5 10±4 g/kg nd 
As 8.01±1.1 Nde mg/kg 41 
Cu 141±3.4 624±581 mg/kg 1500 
Cr 81.1±1.3 20±7 mg/kg 1200 
Hg 0.02±0.003 0.46 mg/kg 17 
Pb 1.99±0.4 22±12 mg/kg 300 
Zn 14.37± 1.3 98±31 mg/kg 2800 
     
Al-OE

 a  66±9  g/kg  
Fe-OE  14±8 g/kg  
a OE stands for ammonium oxalate-extractable; b all the values are mean of triplicates; 
 c ±values represent standard errors of the mean; d from Ippolito et al. (2011); e Not 
defined; f US-EPA 40 CFR Part 503, pollutant limits for meeting land exceptional quality 
criteria 
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Table 3-3. Physico-chemical variables for Hg-contaminated soil collected from Oak 
Ridge Site (ORS), Tennessee, USA. 

Parameter Mean Value Units 

Sand 43 ± 0.5 d % 
Silt 37 ± 1 d % 
Clay 20 ± 0.5 d % 
Density 2.52 ± 0.2 e g/cm3 
Porosity 50.8± 1.3 e % 
pH a 7.60± 0.03 e  
TOC b 3.66± 0.76 e % 
eCEC c 24.06± 0.38 d Cmolc/kg 
a At a soil water ratio of 1:1 (m/v); b Total organic carbon; c Effective cation exchange 
capacity; d Mean ± S.D. (n=2), e Mean ± S.D. (n=3)  
 
 
 
 
 
Table 3-4. Elemental analysis of Hg-contaminated soil collected from Oak Ridge Site 

(ORS), Tennessee, USA. 

Elements 
Mean concentration in 

mg/kg 
SCTL/Direct Exposurec (mg/kg) 

Residential Industrial 

Mercury (Hg) 54.71 ± 4.3 3 17 
Lead (Pb) <DL 400 1400 
Cadmium (Cd) <DL 82 1700 
Zinc (Zn) 133.95 ± 8.28 26000 63000 
Niquel (Ni) 2.79 ± 1.09 340 35000 
Aluminum (Al) 9670.05 ± 655.15 80000 nd 
Iron (Fe) 7306.09 ± 1204.96 53000 nd 
Manganese (Mn) 4397.96 ± 60.88 3500 43000 
Calcium (Ca) 94.52 ± 27.80 nd nd 
Potasium (K) 2666.06 ± 323.28 nd nd 
Magnesium (Mg) 3210.22 ± 104.89 nd nd 
Sodium (Na) <DL nd nd 
a

Mean±S.D. (n=3), 
b

Mean±S.D. (n=6), 
c

US-EPA Soil cleanup target level for Florida 
based on direct exposure; DL: detection limit, nd: not defined 
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Table 3-5. Concentrations (mg/kg) and distribution (%) of Hg, in the different chemical 
fractions of ORS (NSS), and Hg-spiked ORS (HSS) soils; Oak Ridge, 
Tennessee, USA. 

Sample Fraction 
Concentration 

mg/kga % of total 

 
 
 
ORS soil (NSS) 

F1: Water soluble 0.10 ± 0.02 0.21 
F2: Exchangeable 0.06 ± 0.00 0.11 
F3: Organo-complexed 0.18 ± 0.02 0.37 
F4: Fe/Mn oxides 39.21 ± 1.70 79.61 
F5: Residual 9.71 ± 0.65 19.71 
Recovery from SSE 49.25 ± 1.07 90.01 
Total Hg in soil 54.71 ± 4.31 - 

    
F1: Water soluble 1085.4 ± 76.45 42.28 
F2: Exchangeable 763.55 ± 82.22 28.69 

Hg-spiked ORS soil 
(HSS) 

F3: Organo-complexed 129.75 ± 33.18 5.05 

F4: Fe/Mn oxides 161.25 ± 43.34 6.28 

F5: Residual 57.98 ± 11.30 2.26 

Recovery from SSE 2170.93 ± 37.72 84.56 

Total Hg in soil 2567.40 ± 78.5 - 
a Mean ± 1SD (n=3)
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Table 3-6. Mass of mercury (in either g or mg) in each chemical fraction of ORS soils (NNS) and Hg-spiked ORS soils 
(HSS) used in column leaching experiments.  

Sample Fraction/Description Typical compounds 
Average Hg mass  

per 9 g of soila 
Sequential addition 

of Hg mass 
Mass units 

ORS soil 
(NSS) 

F1: Water soluble HgCl2 1.11 - μg 

F2: Exchangeable HgO and HgSO4 0.62 1.73 μg 

F3: Organo-complexed Hg-humic acids 1.98 3.71 μg 

F4: Fe/Mn oxides Mineral lattice, Hg0 429.88 433.59 μg 

F5: Residual HgS, m-HgS, HgAu 106.41 540 μg 
      
      
Hg-spiked 
ORS soil 
(HSS) 

F1: Water soluble HgCl2 11.55 - mg 

F2: Exchangeable HgO and HgSO4 7.84 19.39 mg 

F3: Organo-complexed Hg-humic acids 1.38 20.77 mg 

F4: Fe/Mn oxides Mineral lattice, Hg0 1.72 22.48 mg 

F5: Residual HgS, m-HgS, HgAu 0.62 23.10 mg 
a Percent of each chemical fraction in Table 3-3 was used to calculate corresponding Hg mass in each fraction of soil used 
in the different column leaching experiments
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Figure 3-1. Efficiency of Al-WTR in immobilizing Hg in a lab-contaminated sandy soil 
leached with synthetic precipitation leaching procedure (SPLP) solution 
(Hovsepyan, 2008) 
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Figure 3-2. Experimental design for the first set of column leaching experiments using 

Oak Ridge Site (ORS) soils with a starting THg concentration of 54.71±4.3 
mg Hg/kg soil. The experimental design included 6 columns packed with non-
treated soils (i.e., control without Al-WTR addition), 6 columns packed with 
2% Al-WTR treated soils and 6 columns packed with 20% Al-WTR treated 
soil. Soils + Al-WTR in each column added to a total mass of 9 g, with a THg 
mass of 23.1 mg. For each treatment 3 columns were leached with the SPLP 
solution (pH=4.2) and the other 3 with Suwannee River water containing a 
DOC concentration of 53.3 mg C/L). A total of 18 columns were prepared and 
used in leaching experiments.  
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Figure 3-3. Experimental design for the second set of column leaching experiments 

using Hg-spiked Oak Ridge Site (ORS) soil spiked to increase THg 
concentration from 54.71 mg Hg/kg soil to 2567.4 mg Hg/kg soil. The study 
included 6 columns packed with non-treated soils (control, no WTR added), 6 
columns packed with 2% Al-WTR treated soils, 6 columns packed with 5% Al-
WTR treated soils, and 6 columns packed with 5% Al-WTR added as bottom 
liner. Soils + Al-WTR were added in each column to a final total mass of 9g 
corresponding to a total mass of 23.1 mg Hg. For each treatment, 3 columns 
were leached with SPLP solution and another 3 with organic-rich solutions of 
increasing concentrations prepared for Suwannee River water with an initial 
concentration of 53.3 mg C/L.   
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Figure 3-4. Hg leached from Oak Ridge Site (ORS) soil with an initial THg concentration 
of 54.71 mg of Hg/kg soil. Soil columns were leached with  synthetic 
precipitation leaching procedure (SPLP) solution (pH=4.22), NTS: non-treated 
or control soil; 2% and 20% WTR represent ORS soil treated Al-WTRs at 2% 
and 20% application rates. 
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Table 3-7. Mass balance of Hg in column leaching studies using Oak Ridge Site (ORS) 
soil. The initial total Hg mass in each column was ~0.54 mg, corresponding to 
a THg concentration of 54.71 mg of Hg/kg soil. Soil remaining in columns was 
analyzed after leaching with 82 pore volumes of SPLP solution. 

 Control 
Soil + 0% Al-WTR 

Soil +  
2% Al-WTR 

Soil +  
20% Al-WTR 

THg in leachate (μg) 202.3  147.9 82.7 
THg left in column (μg) 337.7 392.1 457.3 
Retention of Mobile fraction 
(in %) 

63.0 73.0 85.0 

 
 

                                                 
 

            (                                )      
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Figure 3-5. Hg leached from Oak Ridge Site (ORS) soil with initial THg concentration of 
54.71 mg of Hg/kg soil using Suwannee River water with a DOC 
concentration of 53.3 mg C/L and pH=4.2. NTS: ORS soil without Al-WTR; 
and 2% and 20% Al-WTR-SRW are ORS soils treated with Al-WTR and 
leached with Suwannee River water. 
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Table 3-8. Mass balance of Hg in Column leaching studies using Oak Ridge soil. The 
initial total Hg (THg) mass in each column was 0.54 mg, corresponding to a 
concentration of 54.71 mg of Hg/kg soil. Soil remaining in columns was 
analyzed after leaching with 82 pore volumes using SRW (DOC= 53.3 mgC/L) 

 Control 
(0% Al-WTR) 

Soil + 2%  
Al-WTR 

Soil + 20%  
Al-WTR 

THg in leachate (μg) 252.4 228.3 221.3 
THg left in column (μg) 287.6 311.7 318.7 
Percent of retention (%) 53 58 59 

 
 

                                                 
 

            (                                )      
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Figure 3-6. Hg leached from Hg-spiked Oak Ridge Site (ORS) soil with initial THg 
concentration of 2567.40 of Hg/kg soil (corresponding to a total mass of ~23 
mg Hg per column) using synthetic precipitation leaching procedure (SPLP) 
solution, pH=4.2, when treated with different application rates and schemes of 
Al-WTR. NTS: non-treated soil; WTR: soil treated with aluminum based water 
treatment residual; SPLP: synthetic precipitation leaching procedure solution. 
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Table 3-9. Mass balance of Hg in Column leaching studies using Oak Ridge Site (ORS) 
soil. The initial total Hg (THg) mass in each column was 23 mg, 
corresponding to a concentration of 2567.4 mg of Hg/kg soil. Soil remaining in 
columns was analyzed after leaching with 40 pore volumes using SPLP 
solution (pH=4.22). 

 Control 
0% Al-WTR 

Soil + 2% 
Al-WTR 

Soil + 5% 
Al-WTR 

Soil + 5% 
Al-WTR liner 

THg in leachate (mg) 14.7 8.5 6.6 5.6 
THg left in column (mg) 8.3 14.5 16.4 17.4 
Retention of mobile 
fraction (%)a 42 75 85 90 
a Mobile fraction = water soluble fraction (F1) + easily exchangeable fraction (F2) 
 

 

                                                 
 

            (                                         )      
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Figure 3-7. Hg leached from Hg-spiked Oak Ridge Site (ORS) soil with an initial 
THg concentration of 2567.40 mg Hg/kg of soil, corresponding to a 
mass of ~23 mg Hg/column. Besides the controls (i.e., soil with no Al-
WTR addition), soils were treated with Al-WTR at 2% and 5% 
application rates. The 5% application rate was used either as a bottom 
layer (liner approach) or thoroughly mixed with soil. Columns were 
leached sequentially with solutions of different concentrations of 
dissolved organic carbon prepared using the Suwannee River water 
diluted in DI-water (0%= pure DI-water; 10% = DI solution containing 
5.33 mg C/L; 25% = 13.33 mg C/L; 50% = 26.65 mg C/L; and 75% = 
39.98 mg C/L)  
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Table 3-10. Mass balance of Hg in column leaching studies using Oak Ridge Site (ORS) 
soil. The initial total-Hg mass in each column was 23 mg, corresponding to a 
concentration of 2567.4 mg of Hg/kg soil. Soil remaining in columns was 
analyzed after leaching with 52 pore volumes using Suwannee River water 
(SRW) with a DOC concentration of 53.3 mg/L and a pH of 4.2. 

 Control 
0% Al-WTR 

Soil + 2% Al-WTR 
mixed 

Soil + 5% Al-
WTR mixed 

Soil + 5% Al-WTR as 
bottom liner 

THg in leachate (mg) 16.01 9.4 7.98 7.84 
THg left in column (mg) 7.09 14.8 15.12 15.26 
Retention of Mobile 
fraction (%)a 37 71 78 79 

a Mobile fraction = water soluble fraction (F1) + easily exchangeable fraction (F2) 
 
 

                                                         
 

            (                                         )      
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Table 3-11. Percent of mobile fractions of Hg retained in Hg-spiked ORS soil (HSS) 
amended with Al-WTR at 2% and 5% application rates and using two 
different incorporation schemes (uniformly mixed and bottom layer/liner) 
when leached with water containing increasing DOC concentration added as 
Suwannee River water (SRW) diluted in DI-water  

# of 

PV
a 

DOCb 
(mg/L) 

Soil with no 
Al-WTRc 

Soil+2% 
Al-WTRc 

Soil+5% 
Al-WTRc 

Soil+5% 
Al-WTR as linerc 

20 0.00 59.43 79.69 87.58 88.04 
30 5.33 57.47 78.14 86.70 87.11 
40 13.33 55.46 76.75 86.08 86.44 
46 26.65 48.35 74.74 83.51 83.66 
52 39.98 36.55 70.62 77.94 78.66 

a PV=pore volume, b DOC=dissolved organic carbon, c Percent Hg retained  
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CHAPTER 4 
MECHANISMS OF MERCURY IMMOBILIZATION BY ALUMINUM-BASED DRINKING 

WATER TREATMENT RESIDUALS: IMPLICATIONS FOR SOIL REMEDIATION  

4.1 Introduction 

Mercury’s persistence and mobility in the environment as well as its adverse 

effects on the environment and human health have placed this trace metal in the top tier 

of the most toxic contaminants. Different technologies are currently being used for the 

removal of Hg from contaminated solid matrices, and include soil washing, volatilization, 

excavation and phytoremediation, as discussed in Chapter 2. Yet, adsorption 

technologies have recently received heightened attention because of ease of 

application and relatively low cost (Kim et al., 2003; Wang and Mulligan, 2009). 

Materials that are efficient with regard to Hg binding generally carry sulfur-, nitrogen- 

and oxygen-containing functional groups (Kim et al., 2003; Wang and Mulligan, 2009). 

Fine-particle materials with large surface areas, such as oxides, oxyhydroxides and 

layer silicates are among the principal sorbents for metals such as Hg. Understanding 

the mechanisms of Hg binding to different sites in soils is key to predicting Hg mobility 

and long-term environmental fate. 

Previous studies show aluminum and iron (hydr)oxides are efficient sinks for many 

contaminants, including Hg (Axe and Trivedi, 2002; Behra et al., 2001; Bonnissel-

Gissinger et al., 1999; Ehrhardt et al., 2000; Jeong et al., 2007; Kim et al., 2004a; Kim 

et al., 2004b; Sarkar et al., 1999). For instance, laboratory studies investigating the 

interactions between Hg and pure minerals such as Fe- and Al-(hydr)oxides were 

carried out by Kim et al. (2004a; Kim et al., 2004b). Their findings demonstrated that the 

presence of sulfate in solution significantly increased Hg(II) sorption, whereas the 

occurrence of chloride resulted in reduced Hg(II) sorption from solution.  
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Chemical characterization of Al-WTRs revealed the presence of O, S and N 

among the prevalent elements in this waste material (Hovsepyan and Bonzongo, 2009; 

Makris et al., 2004). Aluminum oxides in these waste materials appear to present 

primarily in amorphous forms, which are not detectable by XRD spectroscopy 

(Hovsepyan and Bonzongo, 2009; Makris et al., 2004). This study investigates the 

sorption mechanisms involved in the immobilization of Hg when Al-WTR is used as 

sorbent. A combination of analytical techniques including chemical fractionation and 

spectroscopic methods (e.g., X-ray photoelectron spectroscopy (XPS), and X-ray 

diffraction (XRD)), were used to gain insight into the binding mechanisms of Hg onto the 

Al-WTR surface. 

4.2. Materials and Methods 

4.2.1 Collection and characterization of Al-WTR sample 

The Al-WTR sample used was collected from the Manatee County Drinking Water 

Treatment Plant in Bradenton, Florida, USA. In this water treatment plant, Al-WTRs are 

generated by addition of alum and copolymers of sodium acrylate and acrylamide 

(Makris et al., 2005).  

Sampled Al-WTR was collected from an open-air disposal site and transported to 

the University of Florida in Gainesville, where it was further air-dried and sieved to 

obtain relatively homogenous material. Al-WTRs were then characterized by 

determining key variables such as pH, electrical conductivity (EC), cation exchange 

capacity (eCEC), organic carbon content, total metal concentrations, and specific 

surface area (SSA) measured using both nitrogen (SSA-N2 at 77 K) and carbon dioxide 

(SSA-CO2 at 273 K) sorption methods (Hovsepyan and Bonzongo, 2009).  
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4.2.2 Preparation of fresh and aged mercury-spiked Al-WTRs 

 Hg-spiked Al-WTRs were prepared by using a flooding approach, conducted by 

bringing dry Al-WTR into contact with a HgCl2 solution in a 1:4 ratio (mass/volume). 

Samples were prepared in triplicate. Produced slurries were equilibrated for 7 days in 

closed containers in a fume hood. Next, the mixtures were allowed to dry at room 

temperature by opening the lids of the containers for another 7 days. Following this 

initial step of Hg incorporation into Al-WTRs, a series of wet and dry cycles was started 

by first saturating the Hg-(Al-WTRs) mixtures with deionized water for 5 days and then 

air-drying for another 5 days at room temperature. This experimental approach was 

designed with the intention of forcing Hg into the micro-pores of the Al-WTRs as surface 

sites became progressively saturated over time. After a total of 12 wet-dry cycles (~4 

months), aliquots of the Hg-spiked Al-WTRs materials were used to determine THg 

concentration by ICP-AES and Hg distribution among the different Al-WTRs mineral and 

organic fractions by use of a selective sequential extraction (SSE) procedure. The 

remaining Hg-spiked Al-WTR samples were left to age untouched in covered containers 

for a period of four years. Fresh Hg-Al-WTR-spiked samples were prepared in a similar 

way to the aged samples. However, these samples were only exposed to 4 wet-dry 

cycles in a period of about 2 months. For these experiments and analyses, control 

samples run in parallel were represented by raw Al-WTRs and no Hg addition. After the 

Hg incorporation period, samples were analyzed for THg concentrations and Hg 

chemical fractionation.  Hg-spiked Al-WTR samples were analyzed. The solid phase 

analyses of the samples were performed using by Scanning Electron Microscopy 

Energy Dispersive X-Ray Spectroscopy (SEM-EDS), X-ray Photoelectron Spectroscopy 

(XPS), and chemical fractionation. 
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4.2.3 Sample analysis by selective sequential extraction (SSE) procedure  

Two approaches were used for the selective sequential extraction of Hg in Al-WTR 

samples. For aged Hg-(Al-WTR) samples, a full SSE was performed (Hovsepyan, 

2008). One gram of air-dried Al-WTRs sample (e.g., Hg-spiked Al-WTRs and control Al-

WTRs with no Hg added) was extracted sequentially using a method adapted from the 

technique proposed by Tessier et al. (1979). The following fractions were targeted and 

all extractions were carried out in triplicate. 

Fraction 1 (F1) targets water-soluble Hg. One gram of soil was extracted at room 

temperature with 8 ml of Nanopure® water for 3 hours with continuous agitation at a 

rate of 200 rpm. Following the agitation step, the mixture was centrifuged at 10,000 rpm 

for 30 min (Beckman J2-HS, Tritech Field Eng. Inc.) and the supernatant was removed 

with a pipette. Next, the residue was rinsed with 8 ml of Nanopure® water for 5 minutes 

and the mixture was centrifuged again at 10,000 rpm for 30 min. The supernatant was 

carefully withdrawn and added to the first supernatant fraction. The combined 

supernatant was then filtered (0.45 μm) and used for the analysis of total-Hg. The solid 

residue was then used in the next extraction step. Besides the extraction step, the 

centrifugation, rinsing, and filtration steps were identical for all fractions (F1 to F5), 

except for F6. 

Fraction 2 (F2) targets exchangeable Hg. The residue from F1 was treated with 8 

ml of magnesium chloride 1M (MgCl2, pH 7). The mixture was agitated at 200 rpm at 

room temperature for 1 hour, prior to centrifugation, rinsing, and filtration as described in 

F1. 

Fraction 3 (F3) targets Hg bound to carbonates. The residue from F2 was 

extracted with 8 ml of 1M sodium acetate (NaOAc) solution with a pH adjusted to 5.0 
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with acetic acid (HOAc). The mixture was agitated on an orbital shaker at 200 rpm at 

room temperature for 5 hours, prior to centrifugation, rinsing, and filtration. 

Fraction 4 (F4) targets Hg bound to Fe-Mn oxides. The residue from F3 was 

extracted with 20 ml of 0.04 M hydroxylamine hydrochloride (NH2OH.HCl) in 25% (v/v) 

HOAc in containers placed in a water bath for 6 hours at 96 ± 3°C, with occasional 

agitation by hand. Upon cooling, the mixture was centrifuged, rinsed, and the 

supernatant filtered as described in F1. 

Fraction 5 (F5) targets Hg bound to organic matter. The residue from F4 was 

extracted with 3 ml of 0.02 M nitric acid (HNO3) and 5 ml of 30% hydrogen peroxide 

(H2O2) that had pH adjusted to 2 with HNO3. The mixture was heated to 85 ± 2°C in a 

water bath for 3 hours with intermittent agitation by hand. An additional 3 ml of 30% 

H2O2 (pH adjusted to 2 with HNO3) was added and the mixture heated for an additional 

3 hours at 85 ± 2°C. Upon cooling, and to prevent the adsorption of extracted Hg onto 

oxidized Al-WTR components, 5 ml of 3.2 M ammonium acetate (NH4OAc) in 20% (v/v) 

HNO3 was added and the sample was diluted to 20 ml and agitated continuously for 30 

minutes on an orbital shaker at 200 rpm. These steps were then followed by 

centrifugation and filtration as described in F1. 

Fraction 6 (F6) targets residual species. The residual fraction was quantified by 

subtracting the sum of Hg obtained in fractions F1-5 from the amount of Hg obtained in 

the total Hg analysis. 

In addition to the above SSE method, developed initially for the fractionation of 

solid phase metals in general (Tessier et al., 1979), more recent research has produced 

SSE techniques that are specific to Hg, and the method proposed by Bloom et al. 
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(2003) is widely used because it emphasizes Hg fractions prone to methylation. 

Accordingly, sub-samples (~1 g) of air-dried Al-WTR were also analyzed following a 

modification of Bloom et al. (2003).  

Fraction 1 (F1) targets water-soluble Hg. One gram of Al-WTR was extracted at 

room temperature with 10 ml of Nanopure® water for 18 hours with continuous agitation 

at a rate of 200 rpm. Following the agitation step, the mixture was centrifuged at 5,000 

rpm for 30 minutes (Beckman J2-HS, Tritech Field Eng. Inc.) and the supernatant 

removed with a pipette. Next, the residue was rinsed with 10 ml of Nanopure® water for 

5 minutes and the mixture was centrifuged again at 5,000 rpm for 15 min. The 

supernatant was carefully withdrawn using a 5 ml pipette and added to the first 

supernatant fraction. The combined supernatant was then filtered (0.45 μm) and used 

for the analysis of total-Hg. The solid residue was then used in the next extraction step. 

Besides the extraction step, the centrifugation, rinsing, and filtration steps were identical 

for fractions F1, F2, F3, and F4.  

Fraction 2 (F2) targets Hg present in the sample as HgO and HgSO4 species. The 

residue from F1 was treated with 10 ml of CH3COO + 0.01 HCl (0.1M, pH=2). The 

mixture was agitated on an orbital shaker at 200 rpm at room temperature for 18 hours, 

prior to centrifugation, rinsing, and filtration as described in F1. 

Fraction 3 (F3) targets Hg that is bound to humic acids. The residue from F2 was 

extracted with 10 ml of a 1M KOH solution. The mixture was agitated on an orbital 

shaker at 200 rpm at room temperature for 18 hours, prior to centrifugation, rinsing, and 

filtration. 
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Fraction 4 (F4) targets Hg in amorphous minerals, organo-sulfur, Hg amalgams 

and Hg associated with crystalline Fe-Mn oxides. The residue from step F3 was 

extracted with 10 ml of 12M HNO3. The mixture was agitated on an orbital shaker at 200 

rpm at room temperature for 18 hours, prior to centrifugation, rinsing, and filtration. 

Fraction 5 (F5) targets residual Hg species, mainly Hg sulfide minerals (e.g., HgS). 

This residual fraction was not chemically extracted. After the F4 step, the solid phase 

was rinsed with DI water and air-dried. The dry samples were than analyzed by XPS to 

determine the type of association between residual Hg and sorbent. Details on sample 

preparation and analysis are described later. 

4.2.4 Total Hg analysis  

For total Hg analysis on solid Al-WTR samples, 5 ml of aqua regia (mixture of 

concentrated HNO3 and HCl) and 5 ml of hydrofluoric acid (HF) were added to ~0.5 to 1 

g of dry Al-WTR samples. Digestion was performed overnight in capped Teflon® 

vessels, at 110°C. Upon cooling, digested samples were diluted to 50 ml with a 

saturated solution of boric acid to dissolve any formed fluorides.  

For the aqueous fractions obtained through SSE, concentrations of Hg in 

supernatants were determined following overnight digestion with bromine monochloride 

(mixture of KBr and BrO3 dissolved in concentrated HCl) at room temperature. This step 

allows for the oxidation of soluble organic matter and dissolution of colloidal Hg. After 

the oxidation step, 10 L of 30% hydroxylamine chloride (NH2OHHCl) was added to 

digested samples. The samples were swirled and allowed to react for at least 5 minutes. 

Following sample digestion, total Hg concentrations on both solid and aqueous samples 
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were determined by cold vapor atomic fluorescence spectrophotometry (CV-AFS), using 

US EPA method 1631. 

4.2.5 Physical analysis of Al-WTR samples 

 Representative dry samples of control and Hg-spiked Al-WTR samples were 

pulverized using a ball mill grinder. The pulverized samples were analyzed by the 

analytical techniques described below. 

Morphology and elemental composition of aged samples were determined via 

scanning electron microscopy (SEM), carried out in the JSM-6330F field emission 

scanning electron microscope unit equipped with an X-ray energy dispersive 

spectrometer (SEM-EDS). The characterization capabilities of EDS analysis are based 

on the fundamental principle that each element has a unique atomic structure and 

therefore a unique set of peaks on its X-ray spectrum. This analysis was performed at 

the Major Analytical Instrumentation Center (MAIC) at the University of Florida.  

X-ray diffraction (XRD) was used to seek the products of bulk-phase sorption, and 

to obtain information on crystallinity and the mineralogical and geochemical 

environment in which Hg is found within the Al-WTR matrix. Al-WTR samples were 

prepared for x-ray diffraction (XRD) analysis by grinding in a ball mill to powder form 

and loading into cavity mounts (Harris and White, 2008). X-ray diffraction analyses were 

conducted using a computer-controlled x-ray diffractometer (Ultima IV X-Ray 

Diffractometer, Rigaku Corporation, Japan), equipped with stepping motor and graphite 

crystal monochromator. Samples were scanned using Cu Kα radiation from 2-60 

degrees 2-θ. 

Near-surface analysis of aged Hg-spiked Al-WTR and residual fractions of non-

spiked and fresh and aged Hg-spiked Al-WTR samples was performed by X-ray 
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photoelectron spectroscopy (XPS). This was performed using a Perkin Elmer 5100 XPS 

System with AugerScan software, at the UF’s Major Analytical Instrumentation Center 

(MAIC). The Al-WTR sample was loaded into the sample chamber on double-sided 

copper tape (3M) and pumped down to a vacuum of 10-8 Torr. Samples were then 

radiated using photons of Mg Kα with energy of 1253.6 eV. The survey scans were 

recorded using a fixed pass energy of 89.45 eV, and narrow scan spectra of the Hg 4f, 

Al 2p, O 1s, Cl 2p3 and C1s levels were recorded using a fixed pass energy of 35.75 eV 

and a range of 10-30 swaps. The recorded lines were fitted using a curve-fitting 

program with Gaussian-Lorentzian peak shape. Once the peaks were fitted, each 

spectrum was calibrated to the binding energy of C 1s photoelectrons at 284.6 eV 

(calibration varied between samples from 2-2.75 eV). Binding energy (BE eV) of each 

fitted and calibrated peak was compared to the NIST X-ray Photoelectron Spectroscopy 

database 20, version 3.5 (http://srdata.nist.gov/xps/) for full characterization and 

speciation of surface-bound elements.  

4.3 Results and Discussion 

Data on physicochemical characterization and elemental composition of Al-WTR 

samples are discussed in Chapter 3. In general, pH and EC of samples were lower than 

values reported in previous studies, whereas eCEC was higher than values reported for 

soils (Essington, 2004). In addition, Al-WTRs showed a macro-element composition 

similar to those of previous Al-WTR studies (Agyin-Birikorang and OÇonnor, 2007; 

Makris et al., 2004). Soon after spiking with HgCl2, concentration and distribution of Hg, 

Al and Si in specific chemical fractions of Hg-spiked Al-WTR, showed Hg being 

incorporated into the residual fraction of Al-WTR samples, along with Si, while Al was 

found primarily in the Fe/Mn oxide fraction. 
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Total mercury concentration and its distribution among the different chemical 

fractions of aged, Hg-spiked Al-WTR, fresh Hg-spiked Al-WR and non-spiked Al-WTR is 

presented in Table 4-4. THg concentration in non-spiked Al-WTR samples averaged 30 

g Hg/kg Al-WTR or ppb. THg concentration determined on 4-year old Hg-spiked Al-

WTR (8201±435 mg Hg/kg Al-WTR or ppm) was considerably lower than the initial THg 

concentration measured soon after sample spiking (i.e., an average 24,050 mg Hg/kg 

Al-WTR or ppm). This large difference in recovered THg mass is likely a consequence 

of: (i) Hg incorporated deeper into the micropores of Al-WTR becoming inaccessible to 

the digestion procedure used to extract Hg, and (ii) possible losses attributable to Hg 

ability to distribute between solid and gas phase. Previous studies that induced Hg 

volatilization in soils reported Hg loss as high as 100% for sandy soils and 20% for clay 

soils, when initially spiked with either HgCl2 or HgNO3
-2 (Rogers and McFarlane, 1979). 

However, the high Hg sorption capacity of Al-WTR and the established role of its 

micropores in retaining sorbed contaminants (Hovsepyan and Bonzongo, 2009; Makris 

et al., 2005; Yang et al., 2006) suggest that Hg could be strongly locked into the internal 

channels and micropores and not easily leachable. If true, this could be an advantage 

with regard to the use of Al-WTR in soil remediation by in situ immobilization. However, 

this should be verified analytically, and an alternative extraction procedure such as 

bomb digestion would be more appropriate. 

In general, SSE of the different samples showed that 4-year-old Hg-spiked Al-

WTR had the highest percentage of Hg in the residual fraction (F5), whereas both fresh 

Hg-spiked Al-WTR and non-spiked Al-WTR had a higher percent of Hg in fraction F4, 

which corresponds to Hg bound to crystalline oxide minerals. These results 
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demonstrate that Hg incorporation into the micropores and becoming part of the 

operationally defined residual fraction is likely a rate-limiting step in Hg immobilization 

by Al-WTRs. Accordingly, WTR contact time with the contaminant is of primary concern 

(Ippolito et al., 2011). Al-WTRs were spiked with a high concentration of HgCl2 solution, 

but nevertheless, both aged and fresh Hg-spiked Al-WTR had low Hg mass recovered 

in the water-soluble fraction (F1), only 0.32% and 0.12% of THg concentrations for fresh 

and aged samples, respectively. The HgO/HgSO4 or easily exchangeable fraction (F2) 

represented only 0.67% and 3.88% of the total Hg for aged and fresh Hg-spiked Al-

WTR samples, respectively. Contaminants in the water-soluble and exchangeable 

fractions are the most mobile and thus present the highest environmental risk. Still, 

these results show that even highly soluble Hg species are rapidly incorporated into the 

humic acid fraction (F3) and crystalline oxide fraction (F4). These results clearly 

demonstrate the potential of Al-WTR to reduce Hg mobility if used in remediation of Hg-

contaminated soils.  

 Scanning electron secondary images revealed that Al-WTR samples are 

heterogenous mixtures of particles with variable sizes (Figure 4-1A). A closer view of 

the sample showed particles with irregular surfaces (Figure 4-1B), which could 

potentially provide these sorbents with larger reactive areas for sorption of Hg or other 

metals. The elemental composition analysis revealed spectra dominated by Al, O, Si, P, 

S, Cl, Ca, and Fe (Figure 4-2A and 4-2B) as previously reported by others (Hovsepyan 

and Bonzongo, 2009; Makris et al., 2004). The EDS spectrum of Hg-spiked samples 

showed a Hg peak in addition to the above elements, confirming its sorption onto Al-

WTR particles (Figure 4-2C). However, the Hg peak/shoulder in the EDS scan from the 
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aged Hg-spiked Al-WTR sample (Figure 4-3B) was smaller than the peak obtained from 

the same sample when it was freshly spiked four years ago. The EDS signal is totally 

dependent on concentration and depth. If the elements are not within ~1 μm of the 

surface (because they are concentrated inside the mesopores and micropores of the 

particle), or in a local concentration above ~1-3%, then they are not likely to be 

detected. Previous studies using the Weber–Morris intra-particle diffusion model 

showed that Hg is incorporated into the micropores of Al-WTR, likely involving a two-

step process starting with (i) relatively fast electrostatic attraction to the surface of the 

particle, followed by (ii) slow diffusion into Al-WTR micropores (Hovsepyan and 

Bonzongo, 2009). The latter step would be responsible for the deeper sequestration of 

Hg within particles, resulting in a non-labile fraction isolated from the bulk of what might 

be leachable (Axe and Trivedi, 2002). In addition, the linearity of Bangham’s kinetic 

model (R2 = 0.9948, p < 0.005) confirms that intra-particle diffusion is in effect a rate-

limiting step for Hg sorption on Al-WTRs (Hovsepyan and Bonzongo, 2009). The 

mechanisms of intra-particle diffusion could also be supported by SSA-N2 and CO2-N2 

analysis (Table 4-1), which revealed Al-WTR particles have a large internal network of 

mesopores and micropores (Hovsepyan and Bonzongo, 2009). Accordingly, the 

reduced Hg peak shown on the EDS spectra of aged Hg-spiked Al-WTR is most likely a 

result of the above slow incorporation of Hg over time making it undetectable by EDS 

analysis. 

Elemental mapping by SEM-EDS was used to determine spatial distribution of 

elements within the 4-year-old Hg-spiked Al-WTR sample. This technique provides a 2D 

scan of the elements, which can assist in the identification of the different chemical 
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phases (Figure 4-4). Results placed Hg in the vicinity of major elements in the order: S, 

Cl, Si, Al, O. Although spatial distribution of elements in the sample might suggest Hg is 

mainly forming bonds with S and Cl ions, this technique cannot be used to determine 

bonding between elements. X-ray diffraction analysis showed a high abundance of 

quartz (SiO2) and calomel (HgCl2), with no apparent crystalline phase for aluminum 

(Figure 4-5), suggesting that amorphous Al (oxy) hydroxides dominate the Al-WTRs 

(Makris et al., 2004). Overall, SEM-EDS mapping, XRD analysis, and Hg fractions 

obtained from SSE of 4-year-old Hg-spiked Al-WTRs suggest Hg is forming bonds with 

amorphous aluminum oxide minerals in Al-WTR particles. However, further microscopic 

studies are necessary to determine mechanisms of Hg sorption into Al-WTR.  

Comparative XPS analyses of (i) aged Hg-spiked Al-WTR, and the residual 

fraction of (ii) fresh Hg-spiked Al-WTR and (ii) aged Hg-spiked Al-WTR were performed 

to gain insight into Hg speciation and binding to specific chemical functional groups as a 

function of time. X-rays can penetrate up to 1 μm into the sample, however useful e- 

signals are only obtained from the first 1-30 monolayers (0.3-10 nm). The depth of the 

analysis will be determined by the nature of the matrix under study. Thus, regardless of 

the element abundance, if it is not found within the first 10 nm of the surface, it will not 

provide a useful signal for the analysis, but will instead undergo inelastic collisions while 

traveling to the surface, giving rise to a stepped background, as shown in the wide-scan 

survey (Figure 4-6). 

X-ray photoelectron spectroscopy wide-scan surveys revealed the surface of the 

aged Hg-spiked Al-WTR’s is mainly composed of C, O, Al, and N, whereas the surface 

of the residual fraction of fresh and aged Hg-spiked Al-WTR is primarily composed of C, 
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O, Si and N. The absence of silicon in the surface of aged Hg-spiked Al-WTR suggests 

that Si is found more than 10 nm from the surface, or simply deeper than what can be 

detected with this technique. On the other hand, the absence of an aluminum peak in 

the residual fraction of fresh and aged Hg-spiked Al-WTR could be explained by (i) the 

removal of the Al-oxide fraction during the selective sequential extraction, (ii) 

amorphous Al-oxides being deeper within the pores of the sample, or (iii) shadowing 

from other elements that are bound to Al and perhaps covering the surface of Al-oxides. 

In general, apparent differences in the elemental composition of the surface could be a 

consequence of lower sensitivity and limited penetration of the technique to this specific 

matrix, changes in the composition of the surface after selective sequential extraction, 

and the chemical interactions between elements in the sample. 

In addition, the presence of Hg4f peaks in all Hg-spiked samples clearly confirmed 

the sorption and incorporation of Hg into Al-WTR particles. Characterization of the Hg4f 

peaks for the residual fraction of aged Hg-spiked Al-WTR (Figure 4-7A) showed two 

major peaks at 100.80 eV (60.2%) and 105.12 eV (39.8%), both corresponding to HgO 

species. After deconvolution, one peak for HgCl2 at 101.26 eV (37.1%) and another for 

HgO at 105.27 eV (62.9%), were identified from the Hg4f peak obtained with the aged 

Hg-spiked Al-WTR. The Hg4f peak of fresh Hg-spiked Al-WTRs was also de-convoluted 

into two major species, Hg(H2NC(O)NHC(O)NH2)2Cl2 at 101.31 eV (57.2%) and HgO at 

105.04 eV (42.8%). The presence of HgO in all samples and a higher concentration of 

HgO in the residual fraction of aged Hg-spiked Al-WTRs, compared to the other 

samples, confirmed that Hg added as HgCl2 is slowly incorporated into the residual 

fraction of the Al-WTRs and over time Hg-oxides are formed. A higher concentration of 
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HgCl2 as compared to HgO in aged Hg-spiked Al-WTR was expected because of the 

fact that Hg-spiked samples were prepared using a HgCl2 solution. Matching species for 

Hg(H2NC(O)NHC(O)NH2)2Cl2 in the C1s peak of fresh Hg-spiked Al-WTRs and for HgCl2 

in the Cl2p3 peak of aged Hg-spiked Al-WTRs were also found during high-resolution 

scans (data not shown).  

High-resolution scans of O1s were rather wide, giving some indication of a possible 

multiplicity of adsorption sites. The O1s peak for the residual fraction of aged Hg-spiked 

Al-WTR was deconvoluted in two components at 532.5 eV, and 530.86 eV, 

corresponding to oxygen atoms in SiO2 and HgO species (Figure 4-8A). Fresh Hg-

spiked Al-WTRs only showed peaks for SiO2 (Figure 4-8B). A non-matching HgO peak 

in the deconvoluted spectrum and fitting of this last sample could be a consequence of 

an energy shift from 529.91 eV, which is the reported binding energy (BE) for HgO, 

giving rise to a BE which is not characteristic of the compound. Energy shifts or 

changes in the BE of specific compounds can be explained by (i) changes in the 

oxidation state of the sample and (ii) collisions from e- in the inner layers of the 

samples. The O1s peak of aged Hg-spiked Al-WTR was deconvoluted in 5 components 

corresponding to oxygen atoms in Al2O3, SiO2 and HgO species (Figure 4-8C). Further 

analyses of the samples were made to determine matching peaks for Si2p and Al2p 

(Figures 4-9 and 4-10).  

Because the residual fraction of Hg-spiked Al-WTRs have a higher concentration of 

silica and mercury than aluminum (Table 4-3), and XPS analysis revealed Hg is forming 

HgO in the residual fraction, we could assume the Hg is forming oxides mainly or 

exclusively with SiOx species. However, the XPS survey of the residual fraction of non-
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spiked Al-WTR shows a peak for aluminum (Figure 4-6 B). The 

decrease/disappearance of the Al2p peak and appearance of Hg4f peak in the Hg-spiked 

samples seem to be related, and suggest aluminum oxides are present in the residual 

fraction of Al-WTRs and bound to Hg. Previous EXAFS studies by Kim et al. (2004a) on 

modes of Hg (II) sorption to synthetic well-characterized γ-alumina (γ -Al2O3) indicated 

that both outer-sphere and inner-sphere monodentate surface complexation might be 

involved in Hg-γ-alumina sorption (Figure 4-11). 

4.4. Summary of the Main Findings 

 Secondary images produced through SEM analysis showed that the Al-WTR 
particles are characterized by irregular surfaces, which could result in large 
reactive surface areas for sorption of Hg.  

 Sample digestion and EDS spectra revealed an elemental composition similar 
to that reported in previous Al-WTR studies. X-ray diffraction analysis showed 
the presence of SiO2 (quartz) and Hg2Cl2 (Calomel). The latter being the result 
of spiking Al-WTR samples with a HgCl2 solution. No crystalline phase for 
aluminum was observed, suggesting that aluminum (hydr)oxides present in 
WTR samples were primarily in amorphous state. 

 Selective sequential extraction of 4-year-old Hg spiked Al-WTR soon after 
spiking with HgCl2, revealed Hg is incorporated into the residual fraction (82%) 
of Al-WTR samples, along with Si (99%), whereas Al is found primarily in the 
Fe/Mn oxide fraction (50%) followed by the residual fraction (30%).  

 Selective sequential extraction of non-spiked Al-WTR, 4-year-old Hg spiked Al-
WTR and, fresh Hg-spiked Al-WTR, showed 4-year-old samples had the 
highest percentage of Hg in the residual fraction (F5), whereas both fresh Hg-
spiked Al-WTR and non-spiked Al-WTR had a higher percent of Hg in the 
Fe/Mn oxide fraction (F4). These results demonstrate that Hg entry into the 
micropores and incorporation into the operationally defined residual fraction is 
likely a rate-limiting step in Hg immobilization by Al-WTRs. Accordingly, WTR 
contact time with the contaminant could be a significant factor with regard to 
sorption and immobilization efficiencies (Ippolito et al. 2011). In addition, the 
rapid incorporation of Hg into the humic acid fraction (F3) and oxide fraction 
(F4) of Al-WTRs points to a potential weakness as these fractions are prone to 
redox transformations and subsequent mobilization.  
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 THg concentration determined on 4-year-old Hg-spiked Al-WTR was 
considerably lower than the initial THg concentration measured soon after 
sample spiking with HgCl2. Although the observed difference in concentration 
values can not be explained with data at hand, this rather large difference can 
potentially be attributed to : (i) deeper incorporation of Hg into the micropores of 
the Al-WTR, preventing the extraction of Hg by means of the acid digestion 
procedure used here;  and (ii) Hg loss to the gaseous phase over time. A high 
Hg sorption capacity of Al-WTR and the established role of its micropores in 
retaining sorbed contaminants (Hovsepyan and Bonzongo, 2009; Makris et al., 
2005; Yang et al., 2006) suggest that Hg is likely concealed within the internal 
micropores.  This can be verified analytically by use of hot acid bomb digestion. 
And if confirmed analytically, this could then be an advantage with regard to the 
use of Al-WTR in soil remediation. 

 X-ray photoelectron spectroscopy wide-scan surveys revealed differences in 
the surface composition of Al-WTR samples. The absence of an aluminum peak 
in the residual fraction of both fresh and aged Hg-spiked Al-WTR is most likely 
the result of shadowing from other elements, which are bound to Al and 
perhaps covering the surface of Al-oxides. Whereas the absence of silicon in 
the surface of aged Hg-spiked Al-WTR suggests that this element is found in 
deeper layers of the Al-WTR and cant be easily detected with this technique. 

 Elemental mapping of 4-year-old Al-WTR samples placed Hg in the vicinity of 
major elements in the order: S, Cl, Si, Al, O. Although spatial distribution of 
elements in the sample might suggest Hg is mainly forming bonds with S and Cl 
ions, this technique cannot be used to determine bonding between elements. 
Further analysis of the sample, using X-ray photoelectron spectroscopy, 
revealed Hg is binding to Al and Si oxides. Accordingly, what seems to be a 
reduced relation between Hg and Al, O, could be the result of shadowing from 
Hg binding at the surface of Al oxide. 

 XPS analysis showed the surface of Hg-spiked Al-WTR is composed of HgO, 
HgCl2 and Hg(H2NC(O)NHC(O)NH2)2Cl2 species. Mercury oxide being the most 
abundant and persistent in the samples.  

 Vanishing of the Al peak in Hg-spiked Al-WTR compared to non-spiked Al-WTR 
is most likely a consequence of Hg binding to Al2O3, and the inability of XPS to 
pick up a useful e-signal. High abundance of SiOx in the residual fraction of 4-
year-old Al-WTR samples most likely indicates complexation of Hg-O-Si. 

 Although the specific mechanism of sorption could not be elucidated through 
SSE, SEM-EDS, XRD and XPS analysis, we speculate that Hg is binding to the 
surface of Al- and Si oxides by a combination of mechanism such as 
electrostatic attraction at the surface of the mineral lattice and/or by forming 
covalent bonds with oxygen in Al- and Si-oxides. In addition, preliminary studies 
on mechanisms of Hg sorption into γ-alumina (γ -Al2O3), suggest outer-sphere 

and inner-sphere monodentate are most probable. 
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4.5 Future Research Avenues 

To identify the binding sites of Hg within the Al-WTR matrix, a combination of more 

than three physicochemical techniques is needed. In addition to Transmission Electron 

Microscopy (TEM), Electron Backscatter Diffraction (EBSD), and Thermo-desorption 

coupled with atomic fluorescence spectrometry, extended X-ray absorption fine structure 

(EXAFS) and X-ray absorption near-edge structure (XANES) methods would be 

appropriate. EXAFS and XANES can provide insight into molecular-scale information that 

can help define the chemical speciation of Hg at a molecular level and distinguish 

between different Hg species. EXAFS, with its high kinetic energy range (150-2000 eV), 

provides elemental specificity and allows extraction of the signal from a surface 

monolayer or a single buried layer in the presence of a large background signal. XANES, 

with its low kinetic energy range (5-150 eV), provides crucial information such as formal 

valence, coordination environment, and subtle geometrical distortions. 
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Table 4-1. Concentration and distribution (%) of Hg, Al and Si in specific chemical 
fractions of Hg spiked Al-WTRs using the fractionation method adapted from 
Tessier et al.(1979) (adapted from Hovsepyan and Bonzongo, 2009) 

Element Fraction Concentration mg/kg a % of total 

 
 
 

Hg 

Water soluble 146±6 0.60 
Exchangeable 766±32 3.18 
Carbonate 230±23.1 0.95 
Fe/Mn oxides 889.5±150 3.69 
Organic 2162.8±306 8.99 
Residual 19855±172 82.3 
Total 24050±842 - 
   
Water soluble   <DL b - 

 
 
 

Al 

Exchangeable <DL - 
Carbonate 7056±463 4.14 
Fe/Mn oxides 85833±15269 50.37 
Organic 25875±3856 15.18 
Residual 51618±17835 30.29 
Total 170383±1820 - 
   

 Water soluble <DL - 
 
 
 

Si 

Exchangeable <DL - 
Carbonate 78±8 0.11 
Fe/Mn oxides 811±82 1.19 
Organic 44±6 0.06 
Residual 66815±1206 98.6 
Total 67750±1125 - 
   

a Mean ± one standard deviation; b DL= detection limit
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Table 4-2. Concentration and distribution (%) of Hg, in specific chemical fractions of Hg 
spiked Al-WTR samples determined by the SSE method adapted from Bloom 
et al. (2003)  

Al-WTR sample Fraction Concentration mg/kg a % of total 

 
 

Aged Hg-spiked 

Water soluble 26.1±3.1 0.32 
HgO, HgSO4 10.0±1.0 0.12 
Bound to humic acids 1650.6±148.0 20.13 
Crystalline oxides 1445.7±94.1 17.63 
Residual/HgS 5369.2 65.47 
Total 8201.6±435.7 - 
   
Water soluble 21.4±0.8 0.67 

 
Fresh Hg-spiked 

HgO, HgSO4 124.6±10.5 3.88 
Bound to humic acids 720.4±68.9 22.43 
Crystalline oxides 1833.4±200.9 57.08 
Residual/HgS 512.3 15.95 
Total 3212.1±78.2 - 
   

 Water soluble 9.5x10-4±3.5x10-5 3.17 
 

Non-spiked 
 

HgO, HgSO4 3.9x10-4±8.5x10-5 1.30 
Bound to humic acids 0.01±3.7x10-4 33.33 
Crystalline oxides 0.02±1.8x10-3 66.67 
Residual/HgS 2.2x10-3 7.33 
Total 0.03±6.4x10-3 - 

a Mean ± standard error 
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Figure 4-1. SEM micrograph of Al-WTR collected from Bradenton Drinking Water Treatment facility (Florida USA) showing 

A) heterogeneous morphology of material and B) surface area of a single Al-WR particle.
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Figure 2-1. SEM micrographs of the original Al-WTRs collected from the Bradenton Drinking 

Water Treatment Facility (Florida, USA) showing irregular size and non-

homogeneity of particles. 
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Figure 4-2. EDS spectra of Al-WTR samples. A) non spiked Al-W TR B) Hg-spiked Al-

WTR, THg=24050±842 mg Hg/kg Al-WTR C) 4-year old Hg spiked Al-WTR, 
THg=8,202 mg Hg/kg Al-WTR
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Figure 2-2. Elemental spectra (EDS) of the (A) original Al-WTRs before use in Hg sorption 

experiments and of the (B) recovered Al-WTRs after the sorption experiments 

confirming Hg sorption on Al-WTRs. 
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Figure 4-3. Elemental mapping of aged Hg spiked Al-WTR samples using TEAM EDS 

technology. A) Aluminum B) Silica C) Oxygen D) Mercury E) Sulfur and F) 
Chloride
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Figure 4-4. XRD spectra of 4-year old Hg spiked Al-WTR, THg=8,202 mg Hg/kg Al-WTR
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Figure 4-5. XPS wide scan survey spectrum of A) residual fraction of 4-year old Hg 

spiked Al-WTR, THg=8,202 mg Hg/kg Al-WTR and B) non-spiked Al-WTR.  
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Figure 4-6. XPS spectra of Hg4f in, A) the residual fraction of 4-year old Hg spiked Al-
WTR, THg =5369.17 mg/kg B) the residual fraction of fresh mercury spiked 
Al-WTR, THg =512.33 mg/kg and C) 4-year old Hg spiked Al-WTR, 
THg=8,202 mg Hg/kg. 
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Figure 4-7. XPS spectra of O1s in,A) the residual fraction of 4-year old Hg spiked Al-
WTR, THg=5369.17 mg/kg B) the residual fraction of fresh mercury spiked Al-
WTR, THg=512.33 mg/kg and C) 4-year old Hg spiked Al-WTR, THg=8,202 
mg Hg/kg. 
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Figure 4-8. XPS spectra of Al2p in 4-year old Hg spiked Al-WTR, THg=8,202 mg Hg/kg. 
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Figure 4-9. XPS spectra of Si2p in A) the residual fraction of 4-year old Hg spiked Al-
WTR, THg=5369.17 mg/kg B) the residual fraction of fresh mercury spiked Al-
WTR, THg=512.33 mg/kg. 
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Table 4-3. Abundance (%) of Hf4f, Al2p, S 2p, O1s, C1s, N1s and Cl 2p3 on the different Hg-
spiked Al-WTR samples, as determined by XPS analysis 

Al-WTR sample Element Abundance (%) 

 
 
 

4 year old  
Hg-spiked Al-WTR 

Hg4f 0.9 
Al2p 10.5 
Si2p nda 
O1s 46.7 
C1s 39.1 
N1s 1.6 

Cl2p3 1.2 
   
 
 
 

Residual fraction of  
non spiked Al-WTR 

Hg4f nd 
Al2p 10.1 
Si2p nd 
O1s 47.7 
C1s 40.9 
N1s 1.3 

Cl2p3 nd 
   
 
 
 

Residual fraction of 4 year 
old Hg-spiked Al-WTR 

Hg4f 1.2 
Al2p nd 
Si2p 26.6 
O1s 40.7 
C1s 29.2 
N1s 2.3 

Cl2p3 nd 
   
 
 
 

Residual fraction of  
Fresh Hg-spiked Al-WTR 

Hg4f 0.7 
Al2p nd 
Si2p 14.1 
O1s 42.0 
C1s 40.4 
N1s 2.8 

Cl2p3 nd 
a Not detected
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Figure 4-10. Proposed bonding configurations of Hg(II) to the hydrated γ -alumina 

surface, with reduced Hg(I)–Hg(I) binuclear species sorbing as (1) a 
monodentate (mononuclear) complex on a singly coordinated oxygen (upper 
right); (2) a bidentate corner-sharing (binuclear) complex on two singly 
coordinated oxygens (upper left); and (3) a monodentate (mononu- clear) 
complex on a singly coordinated oxygen site of a bridging hydrated Al 
octahedron (bottom center). Not shown is outer-sphere sorption of the 
Hg2(OH)2 aqueous species. The Hg(I)–Hg(I) distance is 2.54 Å in all cases. 

Figure was obtained from Kim et al. (2004a). 

 

C.S. Kim et al. / Journal of Colloid and Interface Science 271 (2004) 1–15 9

Fig. 8. Fields of stability for aqueous Hg species at 25 ◦ C and 1 atmosphere

pressure, plotting dissolved oxygen versus pH and using stability constants

from Baes and Mesmer [9]. In the N2 environment of the sorption exper-

iments, dissolved oxygen concentrations may decrease to the point where

the reduced Hg(I) mercurous ion, as Hg2+
2

, is stable when Hg is introduced

into the system at ∼pH 3.2.

to Hg(II) sorption on γ -alumina (and not to Hg(II) sorp-

tion on goethite or bayerite), suggesting that some property

of the γ -alumina substrate (e.g., its surface conversion to

bayerite or the low total uptake onto the substrate, resulting

in a higher proportion of free Hg(II) in solution) may facil-

itate this process. However, no clear explanation for such a

mechanism is apparent.

Modeling of the EXAFS spectra of Hg on the hydrated

γ -alumina surface is complicated by several factors, includ-

ing (1) conversion of the γ -alumina surface to bayerite or

a bayerite-like phase; (2) the incomplete nature of this con-

version in the sorption experiments due to the short reaction

times, resulting in both bayerite and γ -alumina at the sur-

face; and (3) lack of a definitive structural model for the

hydrated γ -alumina surface and the mechanism of trans-

formation to bayerite. Several studies have found that once

exposed to water, the Al(O,OH)4 tetrahedra at the γ -alumina

surface undergo rapid hydroxylation, resulting in only sur-

face Al(O,OH)6 octahedra [47,80,90]. The presence of Al

octahedra at the surfaces of both bayerite and γ -alumina

in contact with water was assumed in modeling Hg surface

complexes in the Hg–γ -alumina sorption experiments.

A model of the assumed structure of the hydrated γ -alu-

mina surface was constructed by converting the bridging Al

tetrahedra to Al octahedra at the (001) face of γ -alumina

(which is identical to the (100) and (010) faces). This face

contains singly, doubly, and triply coordinated oxygen sites

to which Hg(I), present as the Hg2(OH)2 aqueous species,

may sorb. All potential inner-sphere adsorption geometries

of Hg2(OH)2 on the modified γ -alumina (001) surface were

modeled using Spartan Pro, with the relevant interatomic

distances from the models compared to those derived from

EXAFS measurements. The average first neighbor Hg–O

Fig. 9. Proposed bonding configurations of Hg(II) to the hydrated

γ -alumina surface, with reduced Hg(I)–Hg(I) binuclear species sorbing as

(1) a monodentate (mononuclear) complex on a singly coordinated oxygen

(upper right); (2) a bidentate corner-sharing (binuclear) complex on two

singly coordinated oxygens (upper left); and (3) a monodentate (mononu-

clear) complex on a singly coordinated oxygen site of a bridging hydrated

Al octahedron (bottom center). Not shown is outer-sphere sorption of the

Hg2(OH)2 aqueous species. The Hg(I)–Hg(I) distance is 2.54 Å in all cases.

distance of 2.04 (± 0.02) Å and the average Hg–Hg dis-

tance of 2.54 (± 0.01) Å are consistent with sorption of Hg

in several modes to several types of surface sites, includ-

ing monodentate mononuclear sorption to both singly and

doubly coordinated oxygen sites, bidentate sorption in both

corner-sharing (binuclear) and edge-sharing (mononuclear)

arrangements, and nonspecific sorption as outer-sphere com-

plexes. However, the majority of bidentate sorption com-

plexes require an unreasonable distortion of the linear bin-

uclear Hg2(OH)2 species (i.e., edge-sharing bidentate com-

plexes require the Hg–Hg–O angle to be altered from 180◦

to 95◦–100◦ ) and are therefore unlikely to represent domi-

nant modes of sorption. By comparison, monodentate sorp-

tion complexes do not place such angular constraints on the

sorbing Hg2+
2 complex and are more consistent with the dis-

tances and coordination numbers determined from EXAFS

fitting. This is demonstrated by the monodentate mononu-

clear sorption species in Fig. 9 (top right), which features

Hg–O distances of 2.04–2.06 Å and a Hg–Hg distance of

2.54 Å.

Hg–Al interactions which may distinguish inner-sphere

complexes (Hg–Al distance = ∼3.0–3.5 Å) from outer-

sphere complexes (Hg–Al distance > 4 Å) were not detected

in the EXAFS spectra or the Fourier transforms. One possi-

ble interpretation is that Hg(I) is present primarily as outer-

sphere complexes, which may explain the relatively low

uptake of Hg by the γ -alumina substrate compared with

the degree of uptake on goethite and bayerite, in which Hg
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CHAPTER 5 
GENERAL CONCLUSIONS AND RECOMMENDATIONS FOR FUTURE WORK 

Waste material formed by coagulation during drinking water treatment offers a 

tremendous opportunity for development of soil remediation technologies based on the 

“value-added-to-waste” concept. In the US alone, more than 2 million metric tons of 

water treatment residuals (WTRs) are produced daily (Agyin-Birikorang et al., 2009), but 

simply discarded. Unfortunately, the disposal of WTRs can be expensive and it 

increases the overall cost of the water purification process (Novak and Watts, 2004). 

Accordingly, using WTRs in the remediation of contaminated soils would provide a way 

of adding value to this abundant and readily available waste material. 

The first comprehensive study using WTRs for land application was performed in 

the early 1990s (e.i., Elliot et al. 1990) and focused on the immobilization of negatively 

charged ions such as phosphate. Since then, progress has been made and current 

scientific knowledge of the composition, environmental behavior, and potential uses of 

WTRs has improved significantly (Ippolito et al., 2011). However, although most studies 

conducted to date have focused primarily on the potential use of WTRs as a cost-

effective approach to remediate soils contaminated with oxyanions, the potential for 

remediating metal-contaminated soils is emerging. 

Given the previously established ability of Al-WTR to adsorb mercury (Hg) from 

aqueous solutions (Hovsepyan, 2008; Hovsepyan and Bonzongo, 2009), this research 

focused on: (1) assessing the efficiency of Al-WTR to immobilize Hg in contaminated 

soils (long-term versus freshly contaminated soils) as a function of leaching solution 

type, with emphasis on pH and DOC content and (2) investigation of potential 
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mechanisms involved in the binding of Hg within the Al-WTR matrix to help predict the 

long-term stability of sorbed Hg.  

The main findings of this research can be summarized as follows: 

 In general, the addition of Al-WTR reduces the Hg-leaching potential of Hg-
contaminated soils. However, in soils with high content of silt and clay, the high 
retention capacity of metal cations such as Hgn+ naturally limits the release of Hg, 
even when soils are leached with a low-pH solution such as SPLP. 

 The benefits of Al-WTR treatments are more pronounced in soils with higher 
percentages of Hg bound in the water-extractable and easily exchangeable soil 
fractions.  

 Soil leaching with organic-rich water collected from the Suwannee River increased 
Hg release compared to SPLP, but only for DOC concentrations in excess of ~15 
mg C/L. The reduced efficiency of Al-WTR to immobilization under these 
conditions is probably a consequence of the high affinity of Hg-organic ligands. 
Accordingly, DOC appears to be a key variable and needs to be taken into 
account as the use of Al-WTR in soil remediation is contemplated.  

 In addition to DOC, knowledge of Hg speciation is necessary to justify the use of in 
situ Hg immobilization by soil amendment with Al-WTRs. Only soils with high Hg 
levels in the easily extractable fractions are worth treating with Al-WTR. 

  With regard to application rates and schemes, numbers between 2 and 5% should 
be adequate, and the use of Al-WTR as a liner would be advantageous only for 
fine-textured soils with high clay and silt contents.  

 Results of solid-phase analysis of Al-WTR spiked with Hg, using X-ray diffraction, 
identified Hg2Cl2 (Calomel) as the only Hg-based crystalline mineral. No crystalline 
aluminum phases were identified by XRD, suggesting that if present, amorphous 
aluminum (hydr)oxides dominate in the Al-WTR sample and/or crystalline phases 
occur at levels below the detection of the technique used. In contrast, XPS 
analysis showed the presence of Al2O3, SiOx and HgO. Although specific 
mechanisms of sorption could not be clearly established through the use of SSE, 
SEM-EDS, XRD and XPS, a few indications suggest that Hg is likely found at the 
surface of Al- and Si-oxides through outer-sphere and inner-sphere monodentate 
complexation and a combination of mechanisms such as electrostatic attraction 
and covalent bonding could be at play.  

Future research avenues should focus on:  

 Further elucidation of Hg binding sites in the Al-WTRs by use of a combination of 
more efficient techniques such as Thermo-desorption coupled with atomic 
fluorescence spectrometry, EXAFS and XANES. 
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 Determination of the bioavailability of Hg sorbed onto Al-WTR. Production of 
methyl-Hg is one of the primary concerns with regard to the fate of Hg in the 
environment. Therefore, reduction and/or elimination of Hg methylation by soil 
microorganisms would be a tremendous advantage with regard to the in-situ use 
of the technique. 

 Pilot studies conducted in situ for the determination of long-term efficiency and 
monitoring of potential adverse implications. 
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