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Riparian zones filter nutrients, sediment, and provide food and habitat for terrestrial and 

aquatic organisms.  Georgia’s forestry practices were evaluated in coastal plain streams by 

manipulating harvest regimes in headwater streams.  Macroinvertebrate and their food sources 

were sampled before and after harvest.  

A drought occurring prior to the study degraded streams, depressing invertebrate 

abundance and diversity.  A core set of species appeared immediately following drought, 

displaying short life cycles and resistance to desiccation, allowing for rapid recovery from 

disturbance. Communities shifted from small, sclerotized individuals abundant in drift, to those 

that were larger, soft-bodied, and rare in drift, indicating more favorable habitat. 

In response to harvest, communities shifted from detritivores to herbivores, following 

shifts in food availability from organic matter to algae and macrophytes.  This was most apparent 

immediately following harvest and followed a trajectory of recovery over the next four years.  

Interestingly, multimetric indices of water quality based on macroinvertebrates suggested more 

favorable conditions in the most disturbed treatment.  This relates to increases in food quality, 

due to an increase in algae and macrophytes, and a decrease in C:N ratios in terrestrially derived 
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leaves.  However, invertebrates in the thinned SMZ were represented by species preferring to 

live in sand, highlighting the increased isolation of patches apparent in these reaches.     

At the microhabitat scale, macrophyte patches were more complex, stable, and trapped 

higher quantities of organic matter; attracting more diverse invertebrate communities than leaf 

packs.  Shredders were more common in large leaf packs and scrapers more common in large 

macrophytes.  This reflected the higher biomass of chlorophyll a in macrophytes and bacteria in 

leaf packs.  This was supported during a behavioral study utilizing a habitat specialist and 

generalist where the availability of both macrophytes and leaf packs was preferred by both 

groups and decreased emigration rates from landscapes.  Increased diversity of habitats created 

by harvest potentially balanced the effects of habitat fragmentation and isolation.   

Evidence from this study indicates that properly managed riparian zones effectively 

maintain water quality in small coastal plain streams.  However, managers should consider the 

consequences of reducing habitat specialists and its potential effects on food-web structure. 
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CHAPTER 1 
INTRODUCTION 

Overview of forestry practices in southeastern U.S. 

Managed forests practices comprise a significant land area within the U.S., thus their 

proper management has broad scale consequences for biodiversity and ecosystem functions. 

Previous disregard for these ecosystems resulted in loss of nearly 120 million hectares of 

forested land in the U.S. from 1630-2005, of which 40 million was lost in the southeastern U.S. 

(Alvarez, 2007).  Currently, approximately 59 % of land in the southeastern U. S. is forested, 

with 98% managed for timber (Alvarez, 2007), representing more than 10% of timberland in the 

U.S.  In Georgia alone, there are 9.5 million hectares of commercial forest land, comprising an 

area covering nearly 67% of the state (Georgia Forestry Commission, 1999).  Additionally, the 

Coastal Plain is extremely productive, with the fastest pine growth rates in the country, thus 

attracting forestry operations. (Demmon, 1951). 

Historically, logging has occurred along rivers and streams, in part to facilitate 

downstream transport of timber, with little regard for preserving stream habitat or biota.  

However, following enactment of the Clean Water Act in 1972, land managers recognized the 

importance of protecting water quality.  In recent years, nonpoint-source (NPS) pollution has 

become one of the greatest threats to U.S. water quality as point sources were eliminated or 

controlled (USEPA, 2003). Silviculture accounts for 5,900 km of impaired rivers and streams in 

the U.S. and is ranked 9th of the 10 leading sources of nonpoint pollution of rivers and streams in 

the South (West, 2002). Currently, two percent of all assessed stream kilometers (7% of all 

impaired kilometers) are considered degraded through forestry activities (US EPA, 2000).  In 

addition, 53 % of the freshwater supply, originates on forestlands (e.g., headwaters) (Alvarez, 
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2007), and proper management strategies are necessary to protect local and downstream water 

quality.  

Buffer Zones and Aquatic Ecosystems 

Buffer Zones and Water Quality 

Riparian buffer zones (streamside management zones) are forested areas along streams 

meant to protect biotic integrity and water quality.  Riparian zones act as important ecotones for 

aquatic systems, providing food for aquatic (e.g., organic matter and terrestrial insects) and 

terrestrial organisms (e.g., emerging aquatic adults) (Nakano et al., 1999), shading, temperature 

regulation, and woody debris; providing the basis for invertebrate community structure (Kiffney 

et al., 2003). Small headwater streams are closely linked to the riparian zone since they are 

relatively narrow and shaded by forest canopy (Cummins, 1974; Hynes, 1975; Vannote, 1980; 

Moore and Richardson, 2003).  They account for 70-80 % of total watershed area in the U.S. and 

export organic matter (OM), sediment, prey items, and nutrients downstream (Meyer and 

Wallace, 2001; Kiffney et al., 2003). 

Logging and thinning of vegetation in the riparian zone reduce detrital input to streams 

over time.  The extent of this reduction is influenced by the remaining canopy cover in the 

riparian buffer zone.  Decreased canopy cover leads to increased light and temperature (e.g., 

Swift and Messer, 1971) in stream channels, and may increase primary productivity, shifting 

production from heterotrophic to autotrophic processes (Hartman and Scrivener,1990; Fuchs et 

al., 2003). In faster high gradient streams this process leads to dominance by algal communities, 

while in low-gradient, coastal plain streams it results in a mix of macrophyte and algal growth 

(Noel et al., 1986; Kedzierski and Smock, 2001).  This change typically results in increased 

density, biomass and diversity of macroinvertebrates and can shift macroinvertebrate dominance 

from shredders to grazers (Jackson et al., 2001; Kedzierski and Smock, 2001; Fuchs et al., 2003).  
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Such a shift in foodweb structure potentially alters ecosystem function (e.g., decomposition) and 

higher trophic levels, limiting food availability for detritivores. 

Watershed-level disturbances alter runoff regimes and evapotranspiration rates.  Logging 

potentially alters the hydrologic regime, such that increased surface runoff contributes sediment 

and nutrients to the affected streams.  The primary hydrological influence of harvesting and 

thinning is increased water yield due to decreased evapotranspiration that typically in harvest 

treatments is 69 to 210 mm/year (Beasley and Granillo, 1982; Williams et al., 1999; McBroom et 

al., 2002; Grace et al., 2003). This change in hydrology may ultimately homogenize 

microhabitats and exclude invertebrates that prefer slow flow. 

 Clearcut watersheds typically have large sediment yields, potentially clogging fish gills 

and smothering invertebrate habitat.  Gurtz and Wallace (1984) found that abundance of many 

invertebrate taxa in habitats susceptible to sediment deposition (i.e., pools and sandy reaches) 

declined in a stream draining a recently clear-cut watershed, whereas those taxa in less 

susceptible habitats (i.e. steep-gradient, boulder outcrops) increased.  This emphasizes the need 

for proper management of riparian zones in coastal plain streams as they are primarily low 

gradient systems dominated by extensive sandy reaches, with few outcroppings.  In addition, 

creation of buffer zones decreases potential for sediment movement by promoting sheet flow 

rather than channelized flow across the landscape.  

Harvest related changes in nutrient export affect the abundance and diversity of aquatic 

invertebrates.  Macroinvertebrate abundance may initially increase as nutrients fuel algal growth, 

providing food to a typically resource-limited grazer population.  However, Miltner and Rankin 

(1998) found a negative relationship between water quality indices based on macroinvertebrates 

and increased nutrient concentrations, especially in low order streams.  Additionally, harvest-
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related increased nitrogen may accelerate leaf litter decomposition, altering organic matter 

dynamics and potentially limiting resources available for detritivore populations (Bormann et al., 

1974; Likens et al., 1978; Martin et al., 2000; Swank et al., 2001).   

However, these changes tend to be short-lived, with water chemical parameters 

recovering within one to two years (Corbett et al., 1978; Martin and Pierce, 1980; Arthur et al., 

1998).  Vowell (2001) did not find any change in water chemistry in Florida when Best 

Management Practices (BMPs) were utilized nor did Adams (1995) in South Carolina.  

However, neither study connected long-term pre or post harvest data, nor did they selectively 

harvest within the buffer zone, an acceptable practice in Florida and Georgia (Georgia Forestry 

Commission, 1999).   

Current Status of Riparian Zone Management in the Southeastern U.S. 

Regulations for Stream Management Zone (SMZ) width vary among states, however, most 

rely on watershed slope as a predictor of sediment inputs following harvest. Although Georgia 

recommends a buffer width for a perennial stream beginning at 12.2 meters (40 feet), with 

increases as slope of the adjacent watershed increases (Georgia Forestry Commission, 1999), 

current regulations allow for limited harvest within the SMZ. Such harvest, known as thinning or 

partial harvesting, may be conducted until either there is a minimum of 11.5 square meters of 

basal area per hectare (50 square feet of basal area per acre) or 50% canopy cover remaining.  

Aust and Blinn (2004) examined published research on the effects of forest practices on water 

quality in the southeastern U.S. for the previous 20 years. They concluded that forestry BMPs 

were effective for minimizing potentially negative effects of forest practices on water quality, but 

needed to be refined to reflect site specific conditions in the southeast. Impacts of logging on 

stream biota have been well studied in high gradient streams in the northwest and the eastern 

Appalachians of the U.S., but little emphasis has been placed on small, low gradient streams in 
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the southeastern part of the country.  Furthermore, the effects of partial harvest within SMZs on 

water quality are not well documented.  More research is ncessary to fill in gaps that currently 

exist regarding BMP effectiveness in the coastal plain and effects of partial harvesting within 

SMZs.   

Habitat Fragmentation and Forestry Practices 

Forestry practices potentially have adverse effects on communities by limiting dispersal 

between watersheds, eliminating suitable environmental conditions, and altering predator-prey 

dynamics.  Even with current regulations for stream water quality, clear cutting of a watershed 

down to the buffer zone commonly occurs.  Although this can maintain local biodiversity, 

dispersal across this newly created, potentially hostile landscape may be difficult for small 

organisms such as invertebrates and amphibians (Hughes et al., 1996; Fagan, 2002; Briers et al., 

2004).   

Although distance between watersheds can serve as a template for determining 

population structure and species composition (e.g., Harding, 2003), locally influenced 

microhabitats may be the strongest drivers of community structure at the reach and microhabitat 

scales.  Indirect effects of logging or riparian zone modification lead to changes in microhabitat 

structure in streams.  This was clearly demonstrated in afforested agricultural streams that 

displayed an 87 % reduction in the leaf litter storage compared to forested streams (Benstead and 

Pringle, 2004).  Similarly, Noel et al.(1986) found that 50% of logged streams were covered by 

macrophytes, while unlogged reference streams had only 10% macrophyte cover.  Thus, a 

gradient of tree removal from the riparian zone should change the physical and biotic structure of 

the stream in a predictable manner. 

In logged streams, leaf pack formation is often slow, resulting in increased patch isolation 

and fragmentation.  Rooted macrophytes, however, become more abundant in logged streams 
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and are more stable, contributing to a less dynamic streambed landscape.  Thus, macrophytes 

may support more permanent coexisting species, while leaf packs may support more transient, 

inferior competitors.  Colonization of streambeds by macrophytes, coupled with decreased 

allochthonous input to logged streams, may alter the availability patches for stream biota.   

Key gaps in the current literature lie primarily within their temporal and spatial scales.  

Most studies have limited data on pre-harvest conditions in the watershed, especially true of 

studies in the southern coastal plain (Smock et al., 2001).  Water chemistry and biotic 

communities may vary significantly on a temporal scale, knowledge of which is required to 

determine whether changes following logging are related to natural or anthropogenically related 

disturbance.   

Many studies focus on changes in taxonomic structure of the biotic community.  

However, changes may be linked more to biological traits that are sensitive to changes in habitat 

structure (e.g., habitat templet sensu Southwood, 1978; Townsend and Hildrew, 1994).  Studies 

also are limited to the reach scale, whereas organisms disturbed in the riparian zone may be 

affected at the microhabitat scale. Thus, the objectives of this study were to: 

1) Determine the impact of two logging regimes considered acceptable in the Georgia BMP 
manual on stream communities through changes in water quality, taxonomic and trait 
composition, and the role of natural variation (e.g., drought) on the recovery process 
(Chapters 2 and 3). 

 
2) Link changes in habitat-scale, community composition to changes in patch availability at 

the microhabitat scale (Chapter 4). 
 

 
3) Relate small scale patterns of dispersal for instream habitat fragmentation in a habitat 

specialist and generalist invertebrate species (Chapter 5)    
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CHAPTER 2 
IMPACTS OF CLIMATIC STABILITY ON THE STRUCTURAL AND 

FUNCTIONAL ASPECTS OF MACROINVERTEBRATE COMMUNITIES AFTER 
SEVERE DROUGHT 

Introduction  

Natural disturbances regulate community structure and ecosystem function, and 

thus play a crucial role in shaping aquatic and terrestrial communities (Sousa, 1984; Resh 

et al., 1988). Aquatic ecosystems are especially vulnerable to extreme climatic changes, 

such as drought, because these disturbances alter flow regimes, water chemistry, and 

ultimately, the biotic community (Wood and Petts, 1999). The long-term effects of 

drought on the economy, wildlife habitat, and recreation occur as ramp disturbances over 

periods of years (sensu Lake, 2003), as opposed to the effects of flooding events, which 

subside after weeks or months. The frequency and predictability of droughts are generally 

low. However, when drought does occur, it can potentially act as a destabilizing agent for 

aquatic communities. The forecast for climate change suggests increased frequency of 

extreme events, particularly drought, over the next century (Wetherald and Manabe, 

2002; Kundzewicz et al., 2007). Increased intensity and frequency of natural disturbances 

will ultimately affect ecosystem stability and influence organisms’ resistance and 

resilience to change. 

 During extreme drought, streams typically form a series of disconnected pools 

and lose evidence of surficial flow over time, a response that can potentially reset the 

aquatic community. Furthermore, toxic accumulation of nutrients and waste (Towns 

1985, 1991; Closs and Lake 1995; Dahm et al., 2003), coupled with increased 

temperature (Matthews, 1998) and lowered dissolved oxygen (Stanley, 1997; Golladay 

and Battle, 2002), add stress to the remaining species pools. Species survival after 
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drought depends on specific life history traits, including resistance to desiccation and an 

ability to colonize habitats rapidly through drift and aerial migration or oviposition 

(Williams, 1987, 1996; Boulton, 1989). Further colonization reflects subsequent changes in 

water chemistry, habitat availability, and resource base following flow resumption.  

Biological traits are more informative indicators of ecosystem function than are 

changes in abundance of individual species, and they are expected to change across a 

gradient of anthropogenic and natural disturbances (Charvet et al., 2000; Dole´dec et al., 

1999; Statzner, Hildrew and Resh, 2001). However, species loss decreases the ability of 

ecosystems to resist disturbances and leads to lowered stability (Hooper et al., 2005). 

Therefore, an integrative approach should utilize both species composition and biological 

traits to predict community responses to disturbances (Richards et al., 1997) Biological 

traits are regulated at a hierarchy of scales, with environmental filters (e.g., climate and 

geology) creating a template for traits that are present in a specific region (Townsend and 

Hildrew, 1994; Poff, 1997). Thus, a subset of traits is expected to respond to disturbances 

within a certain region. For example, species that are resilient to disturbance display a 

series of traits, including small size and multiple generations per year, that allow them to 

expand their population densities rapidly (Townsend and Hildrew, 1994). As functional 

redundancy is common among stream invertebrates, biological traits can be compared 

across large regions to understand the large-scale impacts of anthropogenic change 

(Statzner et al., 2004).  

This study utilized a six-year (2001-2007) dataset of macroinvertebrates from 

headwater streams after an intense drought in the southeastern U.S. (1998 to 2002) to 

characterize inter-year successional patterns following flow restoration relative to water 
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quality and climatic parameters, biological traits and taxonomic composition, and 

community stability. Biological traits were expected to respond similarly in the two 

streams because they are adjacent headwater streams in the same basin and have access to 

the same species pool. Additionally, traits were anticipated to respond primarily to local 

environmental variation (e.g., water quality parameters) as a reflection of large-scale 

environmental filters. However, changes in regional climatic data are expected to 

structure the overall successional pattern of the community.  

Materials and Methods 

Site Description 

The two study streams were located in southwestern Georgia (30°49'N / 

84°37'W), approximately 16 km south of Bainbridge in the Coastal Plain physiographic 

province. They lie within the Dry Creek watershed, which discharges to the Flint River 

approximately 22 km upstream of the Jim Woodruff Dam of Lake Seminole. Surface 

water flow in this basin is lowest from September to November and peaks during January 

to April due to higher rainfall and decreased evapotranspiration (Couch et al., 1996). 

Streams and rivers in the Coastal Plain receive substantial amounts of groundwater 

because they are typically deeply incised into underlying aquifers (Couch et al., 1996). 

These streams were first order (width ~ 1.25m), perennial, groundwater-influenced, low 

to medium gradient, with sand-dominated substrate (D50WF = 0.54mm, D50SF = 

0.71mm). The wetland-fed stream (WF) has a broader, flatter valley floor with several 

lateral wetlands and drained a catchment of 26.2 ha with a gradient of 1.96%. The seep-

fed stream (SF) was more incised with a steeper, v-shaped valley, a 43.9 ha drainage 

basin and a 2.11% gradient (Summer et al., 2003). Both watersheds are forested with WF 

dominated by Nyssa biflora, Liriodendron tulipifera, Pinus taeda, and Quercus alba, and 
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SF dominated by Pinus glabra, Fagus grandifolia, Liriodendron tulipifera, and Quercus 

nigra. 

Hydrologic and Environmental Variables 

The climate of the region is characterized by warm, humid summers, and mild 

winters. Average temperatures in January, the coldest month of the year, range from 

2.8ºC to 16.3ºC. July is the hottest month, with average temperatures ranging from 

21.5ºC to 33.5ºC (SERCC, 2004). Mean annual precipitation is 1412 mm, with June 

having the highest mean rainfall (152.1 mm) and October the lowest (77.5 mm) (SERCC, 

2004). Summer rains are usually short, with high intensity events giving way to low 

intensity frontal events from late fall to early spring. Due to close proximity to the Gulf 

of Mexico, heavy rainfall associated with hurricanes and tropical storms is not unusual in 

late summer. 

Drought characteristics were based on regional precipitation data and flow data 

from both study streams. Flow data were obtained from in-stream parshal flumes and 

ISCO (Teledyne Isco, Lincoln, NE, USA) samplers (Summer et al., 2003) beginning in 

2001. A standardized precipitation index (SPI) (McKee et al., 1995) was calculated to 

assess the frequency and duration of droughts in the region based on monthly 

precipitation averages for southwest Georgia (National Climatic Data Center, 2007). This 

index is preferable over the Palmer drought severity index because it is easier to interpret, 

more realistic over the long-term, and does not depend on a normal distribution of 

precipitation (Guttman, 1999). SPI values less than one indicate a water deficit, and those 

above one an excess. SPI values were calculated based on 3-, 12-, and 48-month running 

averages to determine the presence of short-term, intermediate, and long-term droughts, 
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respectively. For example the three-month index for November 2002 is the average of 

August, September, and October 2002.  

Water temperature was measured from October 2001 through February 2007 with 

an Onset HOBO ® temperature logger (Pocasset, MA), programmed to record 

temperature every 15 minutes. Water chemistry and meteorological measurements have 

been collected by other investigators as part of the Dry Creek Study, and these data were 

available for use in this study. Monthly in-situ measurements for dissolved oxygen, 

specific conductance, temperature, pH, and turbidity were made at eight sites (two per 

stream) with portable meters. Grab samples were taken from a midstream location and 

analyzed for inorganic nitrogen, inorganic phosphorus, and ammonium. Specific details 

of data collection and sample analysis are in Jones et al.(2003). Values were ln (X+1) 

transformed prior to analysis to normalize data. 

Invertebrate Sampling 

Benthic macroinvertebrates were collected from four sample reaches (two per 

stream, separated by ~ 50 meters) with a 500-μm-mesh D-frame net (0.3 m wide) in 

December and February for six consecutive years beginning December 2001, which 

marked return of flowing water in both streams. Twenty samples (~ 0.5 m) were taken 

from each reach for a total of ~ 3.1 m2 area sampled from all available habitats and were 

combined into a single sample. Samples were preserved in 95% ethanol and identified to 

genus using regional and national keys(Pescador et al., 1995; Epler, 1995;1996; Merritt 

and Cummins, 1996; Pescador et al., 2000; Gelhaus, 2002; Richardson, 2003). 

Chironomid larvae were quantitatively subsampled, mounted and identified following 

Epler (1995) and Merritt and Cummins (1996). 
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Biological Traits 

Nine biological traits were selected to characterize body morphology (i.e., size, 

body shape, body armoring), life history (i.e., voltinism, resistance to desiccation), 

mobility (i.e., occurrence in drift), and ecology (i.e., rheophily, habits, feeding 

preferences) (Table 1). These were anticipated to vary in response to changes in 

precipitation and display low statistical and phylogenetic dependence (Poff et al., 2006). 

Some desired traits were omitted due to the lack of available information (e.g., 

fecundity), particularly within the chironomid genera. The nine biological traits were 

divided into 30 modalities ranging from two to six levels per trait. Trait information was 

collected from the literature (e.g., Viera et al., 2006), as well as through communication 

with taxonomic experts. Trait information was coded at the generic level, except for some 

Diptera and non-insect taxa, which were coded at the family or order level, respectively. 

Where information on a particular trait could not be obtained for a taxon (in <5 % of 

cases), zero scores were entered for each category so it did not influence overall results 

(Chevenet, Doledec and Chessel, 1994). Individual taxa were then scored for the extent to 

which they displayed the categories of these traits using a ‘fuzzy coding’ procedure 

(Chevenet et al., 1994). Fuzzy coding allows taxa to exhibit trait categories to different 

degrees (Chevenet et al., 1994) to take account of intraspecific variations in trait 

expression (Charvet et al., 2000). The scoring range of 0 to 3 was adopted, with 0 being 

no affinity to a trait category and 3 being high affinity. Traits were rescaled as 

proportions (sum = 1), such that for each trait modality, values ranged from 0 (no affinity 

among individuals for the modality) to 1 (all individuals had exclusive affinity for the 

modality) and modalities summed to 1 for each trait. To describe the functional 

composition of communities in terms of density of individuals, the proportion of each 
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category per trait was multiplied by the invertebrate abundances. This resulted in a trait-

by-site array that contained the density of individuals for each trait category for each site; 

density was transformed (ln(x+1)) to approximate a normal distribution for the statistical 

analyses. 

Statistical Analysis 

Environmental variables 

Environmental variables were analyzed over time with repeated measures 

ANOVA (SAS Institute, 2002). When differences were significant, post-hoc analysis was 

conducted using Tukey’s test and Bonferroni corrections. Additionally, environmental 

stability was assessed by calculating Bray-Curtis distances (Bray and Curtis, 1957) 

between adjacent years. Bray-Curtis distances are a measure of dissimilarity with values 

ranging from 0 to 1. Zero denotes identical samples; thus, higher values denote lower 

compositional stability.  This measure is computed as: 
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where ihD  is the distance between samples i and h. 

Stability  

Compositional stability of invertebrate communities was examined separately for 

the two streams between pairs of successive years. Stability was measured by calculating 

Bray-Curtis distances between adjacent years based on abundance data and biological 

traits. ANOVA was used to examine between year differences in compositional and traits 

stability scores for the streams. The relationship between Bray-Curtis values and flow 

and SPI values were regressed to assess the impact of hydrologic scale on community and 

trait stability. 



 

 27

Ordination: species composition and traits. 

 Nonmetric multidimensional scaling (NMDS; Kruskal, 1964) was used to 

explore temporal patterns in species composition and biological traits. NMDS is an 

ordination method based on ranked distances between samples, and it is highly suitable 

for ecological data that typically contain numerous zero values. First, a distance matrix 

was constructed using Sorensen's metrics. To reduce the chance of local optima 

(Legendre and Legendre, 1998; McCune, Grace and Urban, 2002), an initial ordination 

with 1000 runs was conducted, and the ordination with the lowest stress value was used 

as the starting configuration for NMDS. Stress is the square root of the ratio of the 

squared differences between a monotonic transformation of the calculated 

dissimilarities/distances and the plotted distances and the sum of the plotted distances 

squared.  The number of dimensions retained was evaluated after inspecting the stress 

(goodness of fit) of solutions with dimensions 1 through 6, with values close to 0 being a 

good fit of the data. Significance was assessed by conducting Monte Carlo tests using 

999 runs of randomized data in the final ordination. A P-value was calculated as a 

function of the number randomized runs that resulted in a stress less than or equal to the 

observed stress (McCune and Mefford, 1999). Ordinations were performed separately for 

each stream because preliminary analysis indicated that differences between sites masked 

any temporal effects. Ordinations were performed on species abundances and abundance-

weighted biological traits individually.  

 A multi-response permutation procedure (MRPP; McCune and Grace 2002) was 

used to test for significant differences in taxonomic composition and biological trait 

structure over time at each stream. MRPP is a nonparametric method that examines the 
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null hypothesis of no difference between two or more a priori defined groups. The test 

statistic A describes the degree of within-group homogeneity compared with that 

expected by chance. MRPP was based on ln (x+1) transformed abundance data and the 

Bray-Curtis coefficient. Indicator species analysis (IndVal; Dufrene and Legendre 1997) 

was used to identify significant indicator species discriminating among the time periods 

for the species composition and biological trait data. IndVal is based on a comparison of 

relative abundance and relative frequencies of taxa in different a priori groups. Good 

indicator taxa are those occuring at all sites in a given group and never in any other 

groups (Dufrene and Legendre, 1997). The indicator value ranges from zero to 100 and is 

maximized when all individuals occur within a single group of sites. The significance of 

the indicator values for each taxon was tested by Monte Carlo tests with 1000 

permutations. All ordinations, MRPP, and indicator species analyses were performed in 

PC-Ord ver. 5 (McCune and Mefford, 1999).  

Results 

Hydrologic and Climatic Patterns 

 SPI values ranged from –2.54 to 4.29 during the 50 year period from 1956 to 

2006 in southwest Georgia (Fig. 1). Values greater than 2 are classified as extremely wet 

and values below –2 as extremely dry (Guttman, 1999). Mean values for the 3-, 12-, and 

48-month SPI during the 1998–2002 drought were –0.25 (SD = ±1.06), –0.29 (SD = ± 

1.42), and 0.55 (SD = ±0.86) respectively. The drought prior to the study period (1998–

2002) was the worst of the past 50 years and the third worst of the past 100 years, 

exceeded only by droughts from 1930 to 1935 and 1938 to 1944 (Barber and Stamey, 

2000). The 1998-2002 drought had serious impacts on streams and rivers in the region, 
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with the number of zero-flow days reaching 20–50 year recurrence levels and the Flint 

River displaying record low daily flows (Barber and Stamey, 2000).  

The current study (late 2001 to 2007) occurred during a period of average  

precipitation, with slightly above-average SPI values for months 3 and 12 (i.e., 0.13, SD 

= ±1.02 and 0.14, SD = ± 1.00, respectively) and a slightly below-average SPI value for 

month 48 (i.e., –0.33, SD = ±1.22). Additionally, hydrographs recorded flow throughout 

most of the sampling period (Fig. 2), and the number of zero-flow days progressively 

decreased over time in both streams, indicating a period of stream recovery. However, 

SPI values in 2006–2007 indicate a return to a drought period, an observation supported 

by occurrence of a substantial drought in Georgia in 2007–2008.  

Environmental Variables 

Although highly variable, environmental stability was relatively high throughout 

the study, with Bray-Curtis values ranging from 0.03 to 0.15 (Fig. 3). Most 

environmental parameters fluctuated over time regardless of changes in precipitation or 

discharge (Table 2), however, some parameters changed significantly with time. 

Ammonia remained low throughout most of the study, but doubled in the third year in 

both streams (F5,41 = 2.3, P = 0.05). Values for pH were variable, but were highest 

immediately following drought, decreasing thereafter (F5,41 = 4.7, P < 0.01). 

Additionally, WF remained more acidic than SF throughout the study. Orthophosphate 

decreased over time (F5,41 = 5.4, P = 0.02), but increased again in the 2006–2007 

sampling period. In general, conductivity decreased following flow resumption (F5,41 = 

2.3, P = 0.05) but increased again during the 2006–2007 sampling period. Temperature 

decreased by four degrees over the study period (F5,41 = 5.1, P < 0.001), ranging from 
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12°C to 16° C. Leaf fall peaked in the first year following the drought, but was reduced 

by 50% the following year (F5,41 = 2.6, P = 0.04). 

Benthic Macroinvertebrates 

Community succession 

Although the two streams differed extensively in terms of successional patterns 

following drought, a number of species responded similarly at both sites. A core set of 

taxa were present throughout the six-year sampling period at both sites including 

Ceratopogonidae (Bezzia), Chironomidae (Parametriocnemus, Polypedilum, Tanytarsus, 

Tribelos, Zavrelimyia), Decapoda (Cambaridae), Tabanidae (Chrysops), and Tipulidae 

(Pilaria). Similarities in the second year included Chironomidae (Cantopelopia, 

Orthocladiinae) and Ptychopteridae (Bittacomorpha), while those in the fourth and fifth 

year of sampling included Trichoptera (Lepidostoma), Hemiptera (Microvelia), and 

Odonata (Boyeria). The sixth year was the first year that no additional taxa were found 

(Appendices 1 and 2).  

Taxon richness increased significantly over time (F4,30 = 122.73, P < 0.001), 

primarily during the initial three years of the study (Fig. 2-4A), but was consistently 

lower in WF (F1,30 = 56.65, P < 0.001). However, taxon richness saturated with the same 

number of taxa occurring from the fourth to the sixth year. Temporal progression of 

abundance was more humped shaped, decreasing after the fourth year. Invertebrate 

abundance increased similarly in both streams through time (F4,30 = 8.68, P < 0.001)(Fig. 

4B), but WF consistently had significantly fewer individuals than SF (F1,30 = 19.94, P < 

0.001).  
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Community stability 

 Bray-Curtis values for taxonomic composition decreased progressively from 

2001 to 2006, with increased stability over time at both sites. However, Bray-Curtis 

values decreased during the 2006 to 2007 period, indicating a change in community 

structure to an earlier period (Fig. 2-5). Communities were more stable in wetter than 

drier periods, as indicated by the negative relationship between Bray-Curtis values and 

SPI values (Fig. 2-6). For SF, stability was significantly related to both local and regional 

hydrologic and climatic indicators, however, stronger relationships existed with flow (R2 

= 0.33, P<0.001) and the 48-month SPI (R2 = 0.5, P< 0.001). Only long-term 48-month 

SPI values were related to stability in WF, with a similar negative relationship between 

SPI values and stability. 

Biological traits were relatively stable over time, and low Bray-Curtis values 

suggested that traits were more stable than taxonomic composition (Fig. 2-7), while those 

for WF were only significantly correlated with the intermediate 12-month SPI (R2 = 0.2, 

P = 0.02). Biological traits for SF were not significantly correlated with local hydrologic 

or regional climatic variables. 

Taxonomic Composition  

Wetland-Fed stream (WF)  

NMDS ordination (stress = 10.8, P = 0.001) explained 88.4% of the variance in 

the dataset, with 22%, 36%, and 31% explained by Axis 1, 2, and 3 respectively. Overall, 

the ordination indicated temporal separation of species composition (Fig. 2-8) and was 

supported by significant differences between all time periods (MRPP, A = 0.5, P< 0.001). 

Axis 1 was primarily represented by local variables including pH (r = –0.5), dissolved 

oxygen (r = –0.5), and turbidity (r = –0.4). The genera Calopteryx (r = –0.6), Chironomus 
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(r = 0.6), Chrysops (r = 0.6), Eukiefferiella (r = 0.7), Lepidostoma (r = 0.6), and 

Pycnopsyche (r = 0.7) were most strongly correlated with Axis 1. Axis 2 was most related 

toboth local and large-scale variables including pH (r = –0.4), dissolved oxygen (r = 0.4), 

and the 12-month (r = 0.4) and 48-month SPI (r = 0.7). The genera Agabus (r = 0.7), 

Boyeria (r = 0.66), Conchepelopia (r = 0.6), Erioptera (r = 0.8), Microtendipes (r = 0.7), 

and Orthocladius/Cricotopus (r = 0.7) were most strongly related to Axis 2. Axis 3 was 

correlated with dissolved oxygen (r = –0.5), and 48-month SPI (r = –0.5). The genera 

Caecidiota (r = –0.6), Microvelia (r = –0.8), and Smitia (r = –0.7) were strongly 

correlated with Axis 3. 

No significant indicator species were found in the WF stream for the first three 

years following drought. Taxonomic indicators of temporal change (P < 0.05) included 

genera indicative of the fourth year such as Corethrella, Stenochironomus, Polypedilum, 

Pseudolimnophila, Cordulegaster, Lepidostoma, and Scirtidae. Those having a maximum 

indicator value for the fifth year were primarily predators and included 

Cryptochironomus, Alotanypus, Clinotanypus, Bezzia, Alluadomyia, and Laevapex. 

Those in the last year of the study included Larsia and Erioptera.  

Seep-Fed stream (SF)  

NMDS ordination (stress = 12.9, P = 0.001) explained 90.2% of the variance in 

the SF dataset, with 77% and 13% explained by Axes 1 and 2, respectively. Overall, the 

ordination indicated separation of species composition with time (Fig.9) and was 

supported by significant differences between all time periods (MRPP, A = 0.5, P< 

0.0001). Axis 1 was primarily represented by o-phosphate (r = –0.6), NO2/NO3 (r = –0.4), 

dissolved oxygen (r = 0.8), flow (r = 0.6), 3-month (r = 0.4) and 48-month (r = 0.7) SPI. 
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The genera Alluaudomyia (r = 0.6), Bezzia (r = 0.7), Corynoneura (r = 0.7), 

Stempellinella (r = 0.6), Thienemaniella (r = 0.8), and Zavriella (r = –0.8) were most 

strongly correlated with Axis 1. Axis 2 was most related to pH (r = 0.7), dissolved 

oxygen (r = –0.5), and leaffall (r = 0.5). The genera Neoporus (r = –0.7), 

Parachaetocladius (r = –0.6), Sphaerium (r = –0.6), and Pycnopsyche (r = –0.5) were 

most strongly related to Axis 2.  

 Significant indicator species for the second year included Allocapnia, Helichus, 

Parachaetocladius, and Stenelmis. The third year was mostly represented by shredders 

and scrapers including Anisocentropus, Cordulegaster, Eurylophella, Habrophlebiodes, 

Ophiogomphus, Pseudolimnophila, and Stempellinella. The indicators in the fourth year 

included Baetidae, Psychoda, Scirtidae, Tribelos, and Zavrelimyia. The fifth year was 

represented by Caenis, Calopteryx, Diplectrona, Microvelia, Nippotipula, 

Rheotanytarsus, and Stenonema. The last year of the study was represented by 

Corynoneura.  

Biological Traits 

Wetland-Fed stream 

NMDS ordination (stress = 11.5, P = 0.001) explained 87.2% of the variance in 

the dataset, with 53%, 10%, and 25% explained by Axes 1, 2, and 3 respectively. 

Temporal changes were supported by overall significant differences between time periods 

(MRPP, A = 0.3, P< 0.0001) (Fig. 10). However, pairwise comparisons indicated weak 

changes in traits over time. Axis 1 was primarily represented by specific conductance (r = 

–0.4) and 12-month SPI (r = 0.5) and thus related to intermediate temporal changes. Soft 

bodied (ar1, r=0.9), fast flow preferring (r3, r = 0.6), sprawlers (h4, r = 0.6) with bluff 

and tubular shapes (sh2, r = 0.8) were positively correlated with Axis 1. Sclerotized (ar2, 
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r = –0.9), slow flow preferring (r2, r = –0.6), streamlined traits (sh1, r = –0.8) were 

negatively correlated with Axis 1. Axis 2 was negatively correlated with pH (r = –0.4). 

Burrowers (h2, r = 0.8) were strongly correlated with Axis 2. Axis 3 was most related to 

local, short-term variables including tss (r = –0.6), dissolved oxygen (r = 0.5), 

temperature (r = –0.5), and 3-month SPI (r = 0.4). Collector-gatherers (tr1, r = 0.8) with 

several generations per year (v3, r = 0.6) were positively related to Axis 3. Those with 

one generation a year (v2, r = –0.7), hard shells or cases (ar3, r = –0.7), and a predatory 

lifestyle (tr5, r = –0.8) were negatively related to Axis 3  

Analysis of indicator species showed that early colonizers had sclerotized, tubular 

or bluff bodies and are abundant in drift. Later years were characterized by species that 

cling to the substrate, rarely drift, and are hard shelled or made a case.  

Seep-Fed stream  

NMDS ordination (stress = 7.9, P = 0.001) explained 97% of the variance in the dataset, 

with 80% and 17% explained by Axes 1 and 2, respectively. Overall, the ordination 

indicated separation of species composition with time (Fig. 11) and was supported by 

significant effects of time on trait composition (MRPP, A = 0.4, P< 0.0001). Axis 1 was 

most related to leaf fall (r = 0.5) and the 48-month SPI (r = 0.4). Small (s1, r = 0.8) soft-

bodied (ar1, r = 0.9) bluff or tubular (sh2, r = 0.8) individuals that gather food (tr1, r = 

0.8), with more than one generation per year (v1, r = 0.8), abundant in drift (df1, r = 0.8), 

and sprawled (h4, r = 0.6) or climbed (h6, r = 0.6) over the substrate were positively 

related to Axis 1. Shredders (tr4, r = –0.7) and scrapers/herbivores (tr3, r = -0.7) 

uncommon in drift (df1, –0.8) with medium (s2, r = –0.6) to large (s3, r = –0.5) 

streamlined (sh1, r = –0.8) and with sclerotized (ar2, r = –0.8) or shelled (ar3, r = –0.8) 
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bodies and less than one generation per year (v1, r = –0.8) were negatively related to Axis 

1. Axis 2 was correlated with NO3/NO2 (r = 0.4). Small individuals (s1, r = 0.5) lacking 

resistance to desiccation (d2, r = 0.8) with more than one generation per year (v3, r = 

0.5), are common in drift (df2, r = 0.7), prefer fast flowing water (r3, r = 0.7) and cling to 

substrates (h1, r = 0.8) were positively related to Axis 2. Medium-sized (s2, r = –0.7) 

individuals rare in drift (df1, r = –0.6) resistant to desiccation (d1, r = –0.8) with one 

generation per year (v2, r = –0.5) that prefer slow flowing water (r2, r = –0.5), are 

predators (tr5, r = –0.6), and burrow into the substrate (h2, r = –0.8) were negatively 

related to Axis 2. 

Indicator traits in the first two years included scrapers/herbivores with hard shells 

or cases that climb on substrate. Those in the third year included genera with less than 

one generation per year and not resistant to desiccation. The last two years following the 

drought were represented by predators and skaters preferring fast flowing water.    

Discussion 

Few studies have attempted to dissect the functional and structural responses of 

aquatic communities to a severe, unpredictable drought event (Boulton and Lake, 1992; 

Wood and Petts, 1999; Wright et al., 2001; Churchel and Batzer, 2007). Studies on the 

impacts of short-term wet and dry season cycles have provided insight into predictable 

climatic variation, primarily in Mediterranean and arid climates (Gasith and Resh, 1999; 

Acuna et al., 2005; Beche, McElravy and Resh, 2006; Bonada et al., 2006). In this study, 

regional precipitation indices (SPI) were good predictors of temporal changes in both 

taxonomic composition and biological trait structure in perennial streams. Communities 

became more stable over time and were significantly more stable in wet, rather than dry, 

years. Temporal changes in community composition and trait structure resulted in a 
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rapidly stabilizing community within the first three to four years after drought, producing 

highly stable and persistent communities in the fourth and fifth years.  

Stability was maintained throughout the occurrence of a large discharge event 4–6 

months before collection of the fifth-year samples (Fig. 2). Recolonization after flood 

events is rapid, limiting effects to short-term changes in abundance and community 

composition (Townsend, Doledec and Scarsbrook, 1997). Beche, McElravy and Resh 

(2006) also found that invertebrate communities and trait characteristics were more stable 

in wet, rather than dry, season communities and postulated that droughts have more 

severe long-term consequences than flooding for invertebrate communities.  

Traits changed less with time than taxonomic composition and were more stable. 

This may be a product of the high functional redundancy existing among aquatic 

invertebrates (Poff, 1997; Lamouroux, Doledec and Gayraud, 2004). For example, 

although climatic variation can change species presence, multiple species share similar 

traits, allowing taxa to survive during changing conditions. The role of local and regional 

abiotic filters are discussed below in relation to temporal changes in structural (e.g., 

taxonomic) and functional (e.g., traits) aspects of invertebrate communities as a result of 

a disturbance imposed by a long-term drought. 

Environmental Variation 

Environmental stability was relatively high but highly variable throughout the 

study, with Bray-Curtis values ranging from 0.03 to 0.15 (Fig. 3). However, local water 

chemistry variables did not follow changes in precipitation or flow. This may be linked to 

high connectivity to the floodplain and oxygenation of the hyporheic zone; these 

interactions are typically lost during severe drying events (Boulton, 2003; Lake, 2003)   
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Droughts act on local stream variables by concentrating nutrients and organic 

matter, and potentially increasing temperature (Closs and Lake, 1995; Stanley, Fisher and 

Grimm, 1997; Matthews, 1998; Golladay and Battle, 2002; Dahm, 2003). A decrease in 

o-phosphate following drought reflected flushing of stored nutrients during increased 

flow periods (Dahm, 2003). Ammonia peaked in the third year in both streams, reflecting 

increased microbial activity and organic matter. Massive amounts of organic matter are 

typically stored in the stream channel and floodplain during drought. Initial flushes from 

early flow events may not have been enough to carry organic matter from the floodplain 

into the stream, however, a large flow event in the spring prior to the third sampling 

period likely made a large amount of organic matter available. Baldwin (2005) also 

suggested that peaks in ammonia following drying events might have originated from 

dead bacterial cells. As in other studies, a coupled decrease in water temperature and 

increase in discharge led to higher overall dissolved oxygen values (Stanley, Fisher and 

Grimm, 1997; Matthews, 1998; Golladay and Battle, 2002). Conductivity also decreased 

with time, reflecting dilution of concentrated ions typically found during drought 

(Stanley, Fisher and Grimm, 1997; Caruso, 2002; Line et al., 2006) and may have been 

linked to greater contribution of groundwater versus surface flow found during dry 

periods (Rider and Belish, 1999; Caruso, 2002).  

Limited precipitation and water availability in the riparian zone altered local 

landscape dynamics. Leaf fall within the riparian zone decreased following the drought, 

indicating a recovery period from the drought, as trees often drop their leaves during 

periods of moisture deficit (Escudero and del Arco, 1987). Although this may provide 

more resources for invertebrates, leaf quality may be lower and thus limit decomposition.   
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Temporal Variation and Successional Patterns in Taxonomic Abundance 

Broad-scale measures of macroinvertabrate communities were responsive to 

temporal changes in environmental conditions. Overall abundance was more responsive 

to short-term environmental variation than were taxa richness or stability. Taxa richness 

was lowest immediately following drought, peaking in the 2004–2005 sampling period. 

Changes in taxa richness have been linked to disturbance history in relation to short-term 

and long-term droughts (Beche, 2006). As flow regimes recover, more favorable 

conditions exist including increased habitat availability and heterogeneity, higher 

dissolved oxygen levels, and dilution of nutrients. 

A set of nine core taxa existed in both streams immediately following drought 

forming a regional species pool adapted to extreme conditions. Most either have multiple 

generations per year or a desiccation resistant stage. Crayfish typically respond to 

drought by creating deeper burrows, which may also provide other species a refuge from 

receding water levels (Boulton, 1989). The chironomid genus, Polypedilum makes 

cocoons to resist periods of drying (Hinton, 1960). The presence of coleopteran adults 

and hemipterans in WF immediately following drought reflect their ability to survive 

outside of the stream and rapidly colonize via aerial dispersal (Ortega et al., 1991; 

Wissinger, 1997). 

Changes in taxonomic composition were linked to both local- and large-scale 

environmental variables. Dissolved oxygen and pH were most linked to changes in 

taxonomic conditions for local variables, while long-term 12- and 48-month precipitation 

most influenced overall changes in taxonomic composition in WF. Low pH values in WF 

excluded entire taxonomic groups, including Ephemeroptera and Plecoptera. Dissolved 

oxygen is often posited to be a controlling variable for invertebrate communities in 
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streams and is closely related to water quality. The relationship of this variable with long-

term SPI values indicates the advantage of incorporating regional climatic data into 

bioassessment protocols. 

Temporal Variation in Traits 

 Traits were more related to local abiotic variables than to flow or long-term 

precipitation indices. Initially, traits may be filtered by large-scale factors, including 

climate and geology (Poff, 1997); thus at the smaller scale of two adjacent watersheds, 

traits may vary locally. Across small, physiographically homogeneous regions (e.g., 

watersheds, ecoregions), sites are likely to be located within a single regional species 

pool (Zobel, 1997). Thus, as predicted by the habitat templet model (Southwood, 1977; 

1988; Townsend and Hildrew 1994), local characteristics at the reach scale directly 

influence biological traits. 

Traits responded predictably to changes in local environmental conditions. As pH 

increased and nutrients decreased, species less likely to drift became more common in the 

stream reaches. Initial availability of nitrogen and phosphorous allowed for early 

colonization of scrapers (e.g., Boulton, 1991), as algal sources within the stream 

accumulated on available substrate. However, this effect was not apparent in WF, 

reflecting the lower productivity of grazers typically associated with colored, acidic 

streams (Rosemond et al., 1992). Additionally, shredders became more common in the 

second and third year, as previously exposed patches of organic matter became 

submerged. In addition, species typically classified as detritivores (e.g., nemourid 

stoneflies) may consume algal biomass, assuming the role of scrapers, especially in 

streams with lower pH (Ledger and Hildrew, 2005). In a comparison of rivers affected by 

drought in Italy, Fenoglio et al.(2007) documented an increase in collectors and a 
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decrease in shredders and scrapers with increased drought duration, suggesting a 

predictable cyclic change in feeding habits with drought.  

 After a major disturbance, body size is hypothesized to increase as communities 

stabilize. Accordingly, medium-sized species became more common as the community 

stabilized, while smaller species were more common during the less-stable time periods. 

Small body size is often related to shorter-life cycles, and might therefore serve as a 

resilience trait. However, small body size may also allow for exploitation of refugia such 

as the hyporheic zone during droughts or floods (Townsend, 1989), serving as a potential 

source of colonizers (Dole-Olivier, Marmonier and Beffy, 1997). Thus, small body size 

may also be useful for resisting impacts of disturbance (e.g., Townsend, Doledec and 

Scarsbrook, 1997).  

 Organisms with longer life cycles require more stable habitat and water 

chemistry. Adaptations to high variability were less common by the third year of 

sampling, when species commonly had uni- or semivoltine life cycles and lacked 

adaptations for resisting desiccation. Additionally, hardening of the exoskeleton reduces 

mortality during periods of drying and floods. Sclerotized and hard-shelled organisms 

were more common during the first two years after drought, while traits favoring soft-

bodied organisms became more common with time. Although there was a general trend 

toward species lacking resistance to desiccation, many species in the streams appeared to 

be adapted to some level of drying through a desiccation-resistant or diapause stage.  

Although many traits responded predictably to the drought, streamlined 

individuals were more common immediately following drought, reflecting the abundance 

of adult dytiscid beetles and amphipods as early colonizers. Dytiscid beetles colonize 
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across large areas via aerial dispersal, while amphipods may persist in refugia by 

aestivating in moist sediments or disperse through underground routes (Wiggins et al., 

1980; Harris and Roosa, 2002). In small coastal plain streams, discharge is lower than in 

many montane headwater streams, thus streamlined bodies may not be necessary to resist 

flow forces. However, within four years, species preferring fast flow, such as clingers, 

became more abundant, suggesting that behavioral rather morphological adaptations to 

flow may be a distinguishing trait of coastal plain streams.   

Drought Prediction 

 A major hurdle that is often encountered when assessing impacts of extreme, 

unpredictable events on aquatic ecosystems is the availability of data prior to the 

disturbance (Lake, 2000; Lake, 2003). Although long-term datasets (>10 years) are 

increasingly common in ecology, many geographical regions lack such data. Long-term 

datasets allow for the prediction of drought via precipitation indices, changes in stability 

and trait composition. The SPI utilized in this study indicated a trend toward a major 

drought prior to the occurrence of such an event (Fig. 1). However, the 24-month SPI 

may bemost relevant since most invertebrate life cycles require months to years. Values 

fell toward 2001 levels in 2006–2007, and a drying period was evident after the last 

sampling period. This observation is further supported by the occurrence of a severe 

drought in the same region during 2007–2008 (U.S. Drought Monitor, 

http://www.drought.unl.edu/dm/archive.html). Thus, use of long-term regional 

precipitation data, which is more widely available than discharge and ecological data, 

may provide a unique opportunity to study pre- and post-recovery aspects of extreme 

events.  
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Stability of species composition decreased in both streams in 2006–2007, 

reflecting the oncoming drought. This change was more striking in WF than SF, likely 

because SF is buffered by groundwater inputs, while WF is dependent on surface water 

inputs from a wetland headwater. Traits were relatively stable over the study period, but 

decreased in the wetland-fed stream from 2005–2007. Additionally, predators and species 

common in drift became more abundant in 2006–2007. Predators are linked to 

disturbance and become more common in disturbed or degraded streams as resources for 

other guilds are patchy (Rawer-Jost et al., 2000). This suggests return to a disturbed 

condition where organisms have the ability to emigrate if environmental conditions 

become suboptimal.  

 Biological traits have been advocated as good indicators of disturbance in aquatic 

ecosystems (i.e. Doledec, Statzner and Bournard, 1999). One associated issue is whether 

they predict changes in disturbance regime more effectively than taxonomic structure or 

they are a complementary aspect that should be examined in disturbance ecology and 

biomonitoring programs (Doledec and Statzner, 2008). The results are unclear, as studies 

across biomes suggest they are more, less or equally as informative than taxonomic 

structure (Stevens et al., 2003; Finn and Poff, 2005; Heino, 2007, Hoeinghaus, 

Winemiller and Birnbaum, 2007). Although less apparent than changes in taxonomic 

structure, stability of biological traits in this study indicated a disturbance during the 

drought period and the potential for another disturbance during the 2006–2007 sampling 

period. Thus, traits may be useful indicators of disturbance that can be compared across 

watersheds. One caveat to this is that functional traits are thought to be relatively 

insensitive to natural variation (Charvet et al., 2000; Statzner et al., 2001; 2005). The 
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current study focused primarily on natural variation in climatic conditions and indicated 

changes in trait composition as a result of this variation. Thus, additional effort should be 

devoted to distinguishing the effects of natural and anthropogenic disturbances when 

devising biological monitoring programs.  

 
 

 

 

 

 

 

Table 2-1. Definition and codes for biological traits and modalities. 
 
Trait Code Modality Trait Code Modality 

Voltinism v1 Semivoltine Habit h1 Clingers 

 v2 Univoltine h2 Burrowers 
 v3 Multivoltine h3 Swimmer 

Drying Resistance d1 Absent h4 Sprawler 
 d2 Present h5 Skater 

Drift df1 Rare h6 Climber 
 df2 Common Trophic tr1 Gatherer 
 df3 Abundant tr2 Filterer 

Armoring ar1 Soft tr3 Scraper/Herbivore 
 ar2 Sclerotized tr4 Shredder 
 ar3 Case/Shell tr5 Predator 

Maximum Size s1 Small (<9mm) Shape sh1 Streamlined 
 s2 Medium (9-16mm) sh2 Not Streamlined 
 s3 Large (>16mm)  (Bluff, Tubular) 

Rheophily r1 Standing   
 r2 Slow  
 r3 Fast  
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Table 2-2. Mean annual values for environmental variables for the wetland-fed (WF) and seep-fed (SF) streams 
 
 

 

 Year Flow 
(L/s) 

TSS 
(g/L) 

NH4 
(µg/L) 

o-
phosphate 

(µg/L) 

NO2/NO3 
(µg/L) 

Total 
Phosphorous 

(µg/L) 

Total 
Nitrogen 

(µg/L) 

pH SC 
(uS/cm) 

DO 
(mg/L) 

Turbidity 
(NTU) 

Temperature   
( C) 

Leaffall 
(g/m2) 

               
WF 2001-

2002 
0.99 0.015 2.48 2.73 1.08 8.22 238.00 5.53 42.28 4.47 1.78 16.13 34.29 

 2002-
2003 

2.52 0.001 6.28 1.75 0.00 3.69 278.28 4.73 30.60 7.34 0.19 12.15 12.29 

 2003-
2004 

1.04 0.017 11.97 1.85 0.00 13.26 345.87 5.03 35.95 4.51 1.18 16.08 19.26 

 2004-
2005 

1.76 0.003 2.88 2.49 2.34 4.90 233.30 4.87 24.90 7.62 1.23 12.00 21.26 

 2005-
2006 

1.47 0.013 6.20 1.78 0.00 16.94 343.30 5.35 26.85 6.87 1.10 13.63 30.19 

 2006-
2007 

2.58 0.008 3.93 3.01 0.00 9.61 291.87 5.11 33.68 8.99 0.63 13.05 24.55 

               
               

SF 2001-
2002 

0.02 0.004 4.54 45.46 9.42 77.00 212.46 7.23 84.03 5.25 4.03 15.68 38.25 

 2002-
2003 

2.74 0.004 0.00 27.24 7.85 51.25 285.97 5.88 94.85 7.85 2.95 12.73 16.23 

 2003-
2004 

3.07 0.008 7.65 23.74 4.41 51.75 237.73 6.85 70.90 6.82 4.03 15.90 22.18 

 2004-
2005 

3.39 0.003 1.68 18.86 3.00 39.00 232.05 6.61 74.98 9.39 2.98 11.73 26.06 

 2005-
2006 

5.36 0.016 6.59 12.43 9.40 30.25 218.54 7.12 60.93 8.79 4.51 13.05 29.76 

 2006-
2007 

3.90 0.001 4.85 25.69 2.38 27.36 203.76 7.09 82.80 9.88 2.61 12.05 25.84 
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Figure 2-1.  Plot of Standardized Precipitation Index (SPI) values for southwestern Georgia, 

from 1956 to 2007. A) 3-month, B) 12-month, and C) 48-month. Values above 2 
indicate an extremely wet year, while values below –2 indicate an extremely dry year. 
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(a)A(a)A

(b)B(b)B

 

 
Figure 2-2.  Hydrograph based on mean daily discharge (m3/s) for each stream. A) stream with 

wetland headwater (WF) and B) stream with seep headwater (SF). 
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Figure 2-3.  Temporal variability of Bray-Curtis stability values for environmental variables in 

WF and SF (± SE). 
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Figure 2-4.  Temporal changes in taxon richness and invertebrate abundance. A) taxon richness 

and B) abundance values (per ~ 3.1m2) (±SE) for individual years. 
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Figure 2-5.  Changes in compositional stability (Bray-Curtis distance) in WF and SF (± SE). 
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Figure 2-6.  Linear regression of SPI values versus taxonomic stability. A) Wetland-Fed (WF) 

and B) Seep-Fed streams.  
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Figure 2-7.  Changes in trait stability (Bray-Curtis distance) in WF and SF (± SE). 
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Figure 2-8.  NMDS ordinations of log10-abundance in site-year space and taxon-space for WF. 

Time periods are indicated by different symbols. Ordination plots of taxa are based on 
weighted-averaging. 
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Figure 2-9.  NMDS ordinations of log10-abundance in site-year space and taxon-space for SF. 

Time periods are indicated by different symbols. Ordination plots of taxa are based on 
weighted-averaging. 
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Figure 2-10.  NMDS ordinations of biological traits in site-year space and trait-space for WF. 

Time periods are indicated by different symbols. Ordination plots of taxa are based on 
weighted-averaging. 
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Figure 2-11.  NMDS ordinations of biological traits in site-year space and trait-space for SF. 

Time periods are indicated by different symbols. Ordination plots of taxa are based on 
weighted-averaging. 
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CHAPTER 3 
TESTING BMP EFFECTIVENESS FOR SMALL COASTAL PLAIN STREAMS 

USING MACROINVERTEBRATES AS BIOINDICATORS 

Introduction 

Headwater streams are tightly coupled with the surrounding riparian landscape. 

Thus, changes in the structure of the riparian zone can affect water quality of larger 

streams and rivers, since they are heavily influenced by headwater streams that feed them 

(Meyer and Wallace, 2001). Headwater streams make up a majority of channel length 

within stream networks and serve important ecological and biological functions by 

delivering water, sediment, organic material, prey items, and nutrients to downstream 

reaches (Sidle et al., 2000; Gomi et al., 2001; Meyer and Wallace, 2001; Wipfli and 

Gregovich, 2002).  As the importance of ecosystem services, such as water quality and 

biodiversity, becomes more widely recognized, the need to protect aquatic resources 

increases.  Thus, proper management of terrestrial landscapes must take into account 

needs of aquatic organisms and communities. 

Numerous studies have found significant impacts of logging on physical and 

chemical aspects of streams, including reduced large woody debris in streams (Golladay, 

Webster and Benfield, 1987), increased sediment input (Beschta, 1978), discharge 

(Hartman and Scrivener, 1990), nutrient inputs (Likens et al., 1969; McClurkin et al., 

1985), and decreased shading resulting in higher water temperature (Swift and Messer, 

1971; Webster and Waide, 1982). Elevated light, temperature and nutrient concentration 

can increase algal biomass within the stream, shifting the base of the food web from 

allochthonous to autochthonous sources (Likens et al., 1970; Wallace and Gurtz, 1986; 

Bilby and Bisson, 1992).  The extent and impact of these effects are influenced by 
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geology, soils and vegetation of the catchment, the extent to which the riparian buffer 

strip remains after logging, stream discharge, and channel gradient and morphology.    

Changes in abiotic characteristics of a stream following logging can affect the 

structure and function of the stream community, including periphyton (Lowe, Golladay 

and Webster, 1986), fish (Garman and Moring, 1993) and macroinvertebrates. Logging 

activities can disrupt stream invertebrate communities, but the magnitude and trajectory 

of effects vary. Increased light penetration and warmer temperatures from canopy 

removal, and nutrient enrichment in runoff from ground disturbance, increase aquatic 

invertebrate density and/or biomass in streams (Newbold et al., 1980; Murphy et al., 

1981; Hawkins et al., 1982; Wallace and Gurtz, 1986; Campbell and Doeg, 1989; Brown 

et al., 1997). Fine sediment loading, particularly in watersheds with steep slopes, can 

reduce invertebrate populations following logging (Growns and Davis 1994, Waters 

1995, Wood and Armitage 1997), clogging tracheal gills, and burying food sources. In 

many cases, invertebrate communities shift from shredders to grazers (algae consumer) or 

detritivores (collector-gatherer) (Haefner and Wallace 1981; Gurtz and Wallace, 1984; 

Webster et al., 1992).  

Although Stone and Wallace (1998) found shifts in dominance of taxa, there was 

no loss of taxa in logged versus unlogged sites.  They posited that measures of taxon 

richness may be useful for indicating presence of pollutants, but not for more discrete 

disturbances.  Long-term impacts of clear cutting were documented decades later, 

stemming from recovery of riparian vegetation and canopy cover (Growns and Davis, 

1991; Stout et al., 1993; Stone and Wallace 1998).   
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 Although there are exceptions (e.g., Wallace and Gurtz, 1986), most studies 

examining effects of riparian zone management on streams last only a few years, with 

only a year of pre-harvest data, limiting the predictive power of post-harvest data.  

Perhaps the assumption is that management activities are only important if they 

supercede natural variation in environmental conditions.  However, catastrophic 

disturbances such as hurricanes and droughts potentially alter impacts of human induced 

disturbances.  Thus, it is important to incorporate natural disturbances into studies of 

anthropogenic disturbances in aquatic ecosystems to generate more general predictions of 

disturbance (Ward, 1998).  

The impacts of forest management activities on aquatic ecosystems have been 

well studied in the Northwest and Mid-Atlantic U.S., where there are steep slopes and 

high-gradient streams, but little effort has been placed on streams in the Southeast coastal 

plain (Stone and Wallace 1998; Kedzierski and Smock, 2001).  These low-gradient 

streams have shallow slopes and finer sediment (sand and silt) than montane streams and 

thus are likely to respond differently to logging.  Even fewer studies have investigated the 

impact of logging within buffer zones (e.g, Kreutzweiser et al., 2005) even though this is 

an acceptable practice throughout the Southeast (e.g., Georgia Forestry Commission, 

1999).  Additionally, it appears that no study has utilized biological traits, other than 

feeding guilds, to understand impacts of forestry practices. The goal of this study was to 

test the effectiveness of Georgia’s best management practices for forestry along streams.  

This was assessed through multiple years of pre and post-harvest sampling of 

macroinvertebrates, water quality parameters, and invertebrate food sources.       
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Materials and Methods 

 
Site Description 

Four study watersheds were located within International Paper’s Southlands 

experimental forest in southwestern Georgia within the Dry Creek watershed, which 

discharges to the Flint River. The first order headwater streams were labeled from A to D 

(Fig. 3-1) since they did not have official nomenclature.  Watersheds A and B were 

shallow, floodplain influenced, wetland-fed streams, while C and D were incised, seep-

fed streams.  

Geology 

The watersheds were located on the Pelham escarpment between the Tifton 

upland and Dougherty plain. Soils of the study sites were dominated by Ultisols. Riparian 

soils were comprised of Chiefland and Esto series, which feature well drained fine sands 

over clay loams. The lower slopes comprised Eustis series soils, which were loamy sands 

over sandy loams and classified as somewhat excessively well drained. Upland soils were 

Wagram, Norfolk, Lakeland, Orangeburg, and Lucy series, which are generally well 

drained loamy sands over sandy clay loams, with the exception of the Lakeland Unit, 

which has a sandy texture throughout and is characterized as excessively well drained 

(USDA, 1939).  This transitional area has bluffs and deep ravines that create cool 

microclimates supporting rare plant species with northern affinities (Wharton, 1978). 

Vegetation 

Species composition of the vegetation was similar among watersheds. The upland 

consisted of mature, planted pine, and the riparian areas were mixed pine and hardwoods. 
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Species dominating the overstory in riparian areas were: Nyssa biflora, Liriodendron 

tulipifera, Pinus glabra, Magnolia virginiana, Fagus grandifolia, Liquidambar 

styraciflua, Quercus nigra, and Quercus michauxii. Magnolia grandiflora was most 

common in watersheds C and D (International Paper unpublished data). The upland of 

each watershed was dominated by Pinus taeda, which was established at varying times 

by hand planting. The midstory of all watersheds was generally composed of Carpinus 

caroliniana, Ostrya virginiana, Acer rubrum, Acer barbatum, and Oxydendrum 

arboretum. Magnolia pyramidata occurred in riparian areas and midslopes of watersheds 

C and D.  

Climate 

The climate of the region is characterized by warm, humid summers and mild 

winters with average annual precipitation of 1412 mm (SERCC, 2007). Temperatures 

range from an average maximum of 33.5ºC to a minimum of 2.8 ºC.  June has the highest 

mean rainfall (152.1 mm) and October the lowest (77.5 mm) (SERCC, 2007). Summer 

rains are usually short, high intensity events giving way to low intensity frontal events 

from late fall to early spring. Due to proximity to the Gulf of Mexico, spin-off from 

hurricanes and tropical storms in late summer is not unusual.  Drought conditions 

occurred during 1998-2002 and resulted in an accumulated rainfall deficit of 711-1270 

mm in parts of southwestern Georgia (see Chapter 2). 

Hydrology 

Surface water flow in the Apalachicola-Chattahoochee-Flint river basin is lowest 

from September to November and peaks during January to April due to higher rainfall 

and decreased evapotranspiration (Couch et al., 1996). Streams and rivers in the Coastal 

Plain receive substantial groundwater because they are typically deeply incised into 
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underlying aquifers (Couch et al., 1996). The study streams are first order, groundwater-

influenced, low to medium gradient, and have sand-dominated substrate. In-stream 

habitat includes coarse woody debris, undercut banks, leaf packs, and fine roots. 

Fiberglass parshall flumes (Tracom Inc., Atlanta, GA) were placed at the downstream 

end of each reach.  The four study watersheds average 39 ha, with average annual 

discharge of 1.5 L/s prior to harvest (Summer et al., 2003; Summer unpublished data).  

Experimental Harvest 

The statistical design was BACI (Before After Control Impact) using a paired 

watershed design, with two treatment and two reference first-order watersheds varying in 

area from 24 to 44 ha. Watershed pairs were determined based on landscape morphology 

and vegetative community, and treatment watersheds were randomly selected within each 

pair. Watersheds A and B formed the first pair, with Watershed B selected for treatment. 

Watersheds C and D formed the second pair, with Watershed C selected for treatment. 

Each watershed was divided into an upstream and downstream reach, separated by at 

least 50 m. 

The reference watersheds did not receive silviculture treatments during the study 

period. The remaining two watersheds were clearcut after 27 months of baseline data 

collection (June 2001 to September 2003). Post harvest data collection continued until 

February 2007.  In treatment watersheds, the SMZ in the upstream reach was left intact 

(intact SMZ), while 50% basal area was removed in the downstream portion (thinned 

SMZ).  SMZ widths were determined according to minimum recommendations in 

Georgia BMP manual(Georgia Forestry Commission, 1999). Slopes less than 20% 

received a 40 foot (12m) buffer and while those greater than 20% received a 70 foot 

(21m) buffer. 
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Physical and Biological Measurements 

Eight 50m sample reaches, two per watershed, were established 30.8 m 

upstream of hydrology flumes. Three transects were established perpendicular to the 

thalweg within each reach at 15, 30, and 45m to serve as in-stream data collection points 

for physical measurements including channel cross-sections, canopy cover, and percent 

cover of in-stream habitat. A survey of habitat unit and channel characteristics was 

conducted longitudinally within established macroinvertebrate sample reaches once 

before harvest (December 2001) and once after (October 2004). A 50 m fiberglass tape 

was placed in the thalweg of the stream, along which boundaries between habitat unit 

types (riffle, run, glide, pool, backwater pool, step, and undercut bank) were determined 

and physical characteristics recorded. A backwater pool was defined as being slower and 

deeper than a glide but lacking characteristics of a pool, such as scouring, deposition, and 

presence of a deep section followed by a shallow tail downstreeam (i.e. measurable 

residual pool depth). For each unit type, length, wetted width, and maximum water depth 

were recorded. For steps and pools, a step height and residual pool depth were taken. The 

length and diameter of  channel obstructions (e.g., wood, roots) were recorded when the 

object was primarily responsible for pool formation. The number of functional (e.g., 

ability to change stream morphology) and non-functional wood pieces greater than 10 cm 

in diameter was recorded, and texture of the streambed (e.g., sand, silty-sand) was 

visually assessed. 

Habitat data were converted into percent cover, to define major habitat types to be 

sampled for macroinvertebrates. Canopy photos were taken at each transect once before 

and once after harvest with a digital camera fitted with a 180º hemispherical fisheye lens 

to calculate % canopy cover.  
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Physical measurements 

Water temperature was measured from October 2001 through February 2007 with 

an Onset HOBO ® temperature logger (Pocasset, MA), programmed to 

record temperature at 15 minute intervals. Stream flow, water chemistry, and 

meteorological measurements were collected by other investigators and technicians as 

part of the Dry Creek Study, and these data were available for use in this study. Stream 

stage and discharge were recorded every 15 minutes by Isco Model 4320 Bubbler Flow 

Meters at six sites: one in the stream at the outlet of watersheds A, B, C, D, and one in the 

upstream portion of watersheds B and C (Summer, 2003). Monthly in-situ measurements 

for dissolved oxygen, specific conductance, temperature, pH, and turbidity were made at 

the downstream portion of each reach with portable meters. Grab samples of water were 

also taken and analyzed for inorganic nitrogen, inorganic phosphorus, and ammonium 

(Jones et al., 2003). 

Energy sources 

Sixteen leaf litter traps (surface area 0.26 m2 each) were positioned within the 

riparian area: streambank (6), 10 m from the stream (6), and 20 m from the stream (4).  

Following harvest, leaf litter traps 20 m from the stream were beyond the SMZ, while the 

10 m samples were within but near the edge of the SMZ.  Leaf litter was collected 

monthly and dried at 60°C for 48 hours and sorted into pine, hardwood, small woody 

debris, and mast.  A subsample of leaf litter from riparian zone samples was used for 

nutrient analysis.  Three samples were combined from each reach on a quarterly basis 

(May, September, December, and February) and ground to a fine powder.  A 3-5 mg 

subsample was then analyzed for C:N ratios using a Carlo-Erba CNS analyzer. 
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Within each stream reach, ten randomly selected locations were sampled monthly 

following harvest for periphyton, benthic organic matter (BOM), and macrophytes from 

2003-2007.  At each sampling point, a 0.25 m2 sampling quadrat was randomly tossed 

onto the streambed. Periphyton and BOM samples were collected by inserting petri 

dishes (17.34 cm2) into the streambed (Tett et al., 1978). Chlorophyll a was analyzed 

spectrophotometrically (Sartory and Grobbekaar, 1984) to estimate periphyton biomass.  

The contents of addistional petri dishes were dried at 60°C for at least 48 hours, weighed, 

burned at 550°C for five hours, and reweighed for ash-free dry weight determination after 

cooling. Macrophytes were sampled by removing all vegetation above the sediment 

surface that existed within a 0.25 m2
 quadrat. These were then rinsed and dried at 60ºC.  

BOM was square root transformed, and chlorophyll a was log-transformed prior to 

statistical analysis. 

Macroinvertebrates 

Benthic macroinvertebrates were collected within established sample reaches with 

a 500-µm-mesh D-frame net (0.3 m wide) using a multi-habitat sampling procedure 

(Barbour et al., 1999) during December and February from 2001 to 2007.  Within each 

reach, 20 sampling sweeps (~3.1 m2) were made through all habitat types including sand, 

woody debris, fine roots, and leaf packs. Samples were placed in 1 L bottles, preserved in 

95 % Ethanol and returned to the lab for processing.  Macrophytes were included after 

2003 because they became a significant habitat type in the treatment watersheds.  All 

samples were processed by washing organic debris (leaves and woody debris) with water 

onto a 500-µm-mesh sieve. Larval Chironomidae were subsampled (randomly selected 

100 individuals) and mounted in CMC mounting media for both voucher specimens and 

identification to genus.  Macroinvertebrates were enumerated and identified to genus or 
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species using local and regional keys (Pescador et al., 1995; Epler, 1995;1996; Merritt 

and Cummins, 1996; Pescador et al., 2000; Gelhaus, 2002; Richardson, 2003).   

Biological Traits 

Fourteen biological traits were selected to characterize body morphology (size, 

body shape, body armoring, respiration), life history (voltinism, resistance to desiccation, 

eggs cemented to substrate, and development and hatch times), mobility (occurrence in 

drift), and ecology (rheophily, behavior, feeding preferences, microhabitat preference) 

(Table 3-1) to delineate responses to changes in disturbance regime (Poff et al., 2006). 

Some desired traits were omitted due to the lack of available information (e.g., 

fecundity), particularly for chironomid genera. The fourteen biological traits were divided 

into 49 modalities ranging from two to seven levels per trait. Trait information was 

collected from literature (Viera et al., 2006), as well as through communication with 

taxonomic experts in the United States. Traits were coded and analyzed as in Chapter 2. 

Data Analysis 

Energy sources 

 Changes in leaf fall C:N ratios, periphyton, and BOM with time and treatment 

were analyzed with repeated measures ANOVA (SAS Institute, 2002).  Seasonal impacts 

of harvest on periphyton biomass were assessed by grouping time periods into by wet or 

dry seasons. The wet season was defined as May – September, while the dry season was 

October – April.  Multiple regressions were utilized to relate changes in BOM and 

chlorophyll a in relation to environmental variables for each treatment.  To reduce 

impacts of multicollinearity on the regression model, Pearson’s correlations were 

calculated for each pair of environmental variable, and values greater than 0.6 were 

removed. This resulted in pH and orthophosphate being removed from the dataset.      
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Environmental variables 

Environmental variables were analyzed over time with repeated measures 

ANOVA (SAS Institute, 2002). Since macroinvertebrate samples were taken during the 

winter/spring period, only environmental data from this period were analyzed.  When 

differences were significant, post-hoc analysis was conducted using Tukey’s test and 

Bonferroni corrections. Additionally, environmental stability was assessed by calculating 

Bray-Curtis distances (Bray and Curtis, 1957) between adjacent years. These measure 

dissimilarity with values ranging from 0 to 1. Zero denotes identical samples; thus, higher 

values denote lower stability and unity implies complete turnover. 

Macroinvertebrates 

The Florida Stream Condition Index (SCI) combines metrics that respond to 

changes in human induced disturbance to yield a score reflecting water quality (Florida 

Depatment of Environmetal Protection, 2004).  Higher values indicate better water 

quality.  SCI values were analyzed by time and treatment effects using repeated measures 

ANOVA (SAS Institute, 2002).    

Stability of invertebrate communities 

Compositional stability of invertebrate communities was examined for streams 

between pairs of successive years (e.g., 1 vs 2, 2 vs 3, etc.). Stability was measured by 

calculating Bray-Curtis distances between adjacent years based on abundance data and 

biological traits. ANOVA then was used to examine between year differences in 

compositional and biological trait stability scores for the streams.  

Ordination: species composition and traits  

Nonmetric multidimensional scaling (NMDS; Kruskal, 1964) was used to explore 

temporal patterns in species composition and biological traits as in Chapter 2.  Since the 
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experiment was designed as a paired watershed study (A paired with B and C with D), 

ordinations were performed on the pairs separately.  For comparing treatments, pre-

harvest samples were grouped together and compared with post-harvest reference and 

treatment reaches.  Ordinations were performed on species abundances and abundance 

weighted biological traits individually.  

 A multi-response permutation procedure (MRPP; McCune and Grace, 2002) was 

used to test for significant differences in taxonomic composition and biological trait 

structure over time at each stream.  Indicator species analysis (IndVal; Dufrene and 

Legendre 1997) was used to identify significant indicator species discriminating among 

the time periods for the species composition and biological trait data. All ordinations, 

MRPP, and indicator species analyses were performed in PC-Ord ver. 5 (McCune and 

Mefford, 1999).  

Results 

Energy Source 

 Benthic algal biomass estimated from chlorophyll a differed significantly between 

treatments (F2, 2834 = 102.4, P < 0.001) and seasons (F1,2834 = 40.8, P < 0.001) was twice 

as high in the selective harvest treatment as in the reference and intact treatments during 

the dry season (0.04 vs. 0.08 mg/m2).  In the wet season, chlorophyll a was 50% greater 

in the selective treatment compared to reference and intact treatments (Fig. 3-2).  

Chlorophyll a was best predicted by phosphorous in the reference streams, conductivity 

in the thinned SMZs, and was not predicted by any variable in the intact SMZ streams. 

(Table 3-2). 

BOM differed significantly between treatments (F1, 1992 = 66.5, P < 0.001), 

increasing along a gradient from selective (12.5± 0.5 g/m2) to intact (17.4± 0.7 g/m2) to 
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reference (22.8 ± 0.6 g/m2) treatments.  Significant regressions were found for all 

treatments, but were explained by different predictors.  BOM was best predicted by 

conductivity, oxygen, and turbidity in reference streams, by flow and ammonia in thinned 

SMZs, and by flow and turbidity in intact SMZs (Table 3-2).  

 C:N ratios in leaf fall were generally high, ranging from 40 to 70.  Values were 

similar in the reference streams between pre and post harvest samples, but decreased 

significantly after harvest in the intact (F1, 36 = 12.8, P < 0.01) and thinned (F1, 36 = 4.2, P 

< 0.05) SMZs (Fig. 3-3). 

Environmental Variables 

Ammonia (F2,82 = 31.8, P < 0.001), total nitrogen (F2,82 = 55.8, P < 0.001), and 

total phosphorous (F2,82 = 3.2, P < 0.05) varied significantly with harvest, but not over 

time.  Ammonia peaked three years following harvest, with levels 9 times higher than the 

reference streams in the intact SMZ treatment and 6 times higher in the thinned SMZ 

treatment (Fig. 3-4).  Total nitrogen also peaked in the third year following harvest, with 

values increasing by twenty percent in the harvested watersheds.  Total phosphorous 

peaked in the third year in the harvested watersheds, but was always lower than in the 

reference watersheds (Table 3-3). 

Dissolved oxygen levels increased over time (F4,82 = 13.9, P < 0.001) and ranged 

from values of 5 – 9 mg/L, but were not affected by harvest. Temperature changed 

significantly over time (F4,82 = 11.2, P < 0.001), ranging from 13-18 ºC. Although 

changes relative to harvest were not significant, winter temperatures were 1-2 ºC higher 

in treatment streams following harvest. 

Flow increased over the course of the study (F4,82 = 5.7, P < 0.001) as 

precipitation increased, more so in harvested watersheds than reference watersheds (F2,82 
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= 15.5, P < 0.001) after harvest. Flow ranged from 0.5 to 3.5 L/s in reference streams but 

reached levels of 7.5 and 10 L/s in intact SMZ and thinned SMZ treatments, respectively. 

Turbidity varied significantly over the course of the study (F4,82 = 2.6, P < 0.05), but did 

not have any discernible temporal pattern.  However, values increased significantly 

following harvest (F2,82 = 22.1, P < 0.001), doubling in intact SMZs and tripling in 

thinned SMZs compared with the reference in the first year following harvest (Table 3-3).   

Macroinvertebrates 

SCI values became more positive over time and with more extensive harvest, 

indicating better water quality.  These increases were most notable in selective harvest, 

followed by intact SMZs and reference sites (Fig. 3-5).  

Stability 

Taxonomic stability increased significantly over time in all treatments (F5,88 = 6.7, 

P < 0.001) as Bray-Curtis values decreased (Fig. 3-6).  Trends in trait stability did not 

change significantly with site or treatment over the course of the study. However, higher 

Bray-Curtis values in the intact SMZ indicate higher species turnover (Fig. 3-7).    

Taxonomic composition 

Watersheds A (Reference) and B (Harvested). NMDS ordination (stress = 11.8, 

P = 0.001) explained 89 % of the variance in the dataset, with 38 %, 11 %, and 40 % 

explained by Axes 1, 2, and 3 respectively. Overall, the ordination indicated a distinct 

separation of community composition based on harvest levels (Fig. 3-8) and was 

supported by significant differences between reference and harvest samples (MRPP, A = 

0.3, P< 0.001).  However, post-harvest samples from thinned and intact SMZs were not 

different. Axis 1 was primarily represented by total nitrogen (r = 0.8), ammonia (r = 0.5), 

conductivity (r = 0.8), pH (r = 0.5), flow (r = 0.6), and turbidity (r = 0.8). The genera 
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Alotanypus (r = –0.6), Nippotipula (r = 0.5), Crangonyx (r = -0.8), Habrophlebiodes (r = 

0.6), Helichus (r = 0.6), Stenelmis (r = 0.7), and Sphaerium (r = 0.6) were most strongly 

correlated with Axis 1. Axis 2 was most related to dissolved oxygen (r = 0.5), 

Nanocladius (r = 0.6), Parametriocnemus (r = 0.6), Bezzia (r = 0.6), and Erioptera (r = 

0.5). Axis 3 was correlated with dissolved oxygen (r = 0.6), flow (r = 0.5), leaf fall (r = –

0.5), Cryptochironomous (r = 0.7), Polypedilum (r = 0.5), Conchepelopia (r = 0.6), 

Alluaudomyia (r = 0.6), Simulium (r = 0.6), Sphaerium (r = 0.8), and Tanytarsus (r = 0.7).  

For watersheds A and B, drought impacts separated along axis 3 of the NMDS, with 

positive values leading to a recovery from disturbance.  Harvest effects separated along 

Axis 1, with positive values indicating the harvest induced disturbance. 

Only one chironomid species, Parachaetocladius, was a significant species for 

pre-harvest samples.  By contrast, seven species were significant indicators for reference 

streams after harvest.  These were primarily predators or those consuming organic matter 

and included Alotanypus, Caecidiota, Corethrella, Crangonyx, Ptilostomis, Sciomyzidae, 

and Stenochironomus.  Thirteen species were indicators for the thinned SMZ treatment.  

They occupied a range of trophic habits and included Ablabesmyia, Calopteryx, 

Cheumatopsyche, Cryptochironomous, Habrophlebiodes, Hemerodromia, Orthocladius, 

Paralauterborniella, Peltodytes, Sphaerium, Stenelmis, Tanytarsus, and Theinemaniella.  

Indicator species reflective of the intact SMZ treatment were primarily predators and 

shredders including, Anisocentropus, Procladius, and Hexatoma (Table 3-4).    

Watersheds C (Harvested) and D (Reference). NMDS ordination (stress = 12.9, 

P = 0.001) explained 88 % of variance in the dataset, with 39 %, 31 % and 18 % 

explained by Axes 1, 2, and 3, respectively. Overall, the ordination indicated separation 
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of the  invertebrate communities by harvest regime (Fig. 3-9) and was supported by 

significant differences between reference and harvest sites, but not between thinned and 

intacts SMZs. Axis 1 was primarily represented by ammonia (r = 0.5), total phosphorous 

(r = –0.5), dissolved oxygen (r = 0.6), flow (r = 0.7), and leaf fall (r = -0.4).  Polypedilum 

(r = 0.5), Tanytarsus (r = 0.5), Tribelos (r = 0.8), Simulium (r = 0.5), Habrophlebiodes (r 

= 0.6), and Diplectrona (r = 0.5) were most strongly correlated with Axis 1. Axis 2 was 

most related to ammonia (r = -0.5), total nitrogen (r = –0.5), and turbidity (r = -0.6).  

Nippotipula (r = 0.6), Pseudolimnophila (r = 0.7), Bezzia(r = 0.8), Chrysops (r = 0.6), 

Stenelmis (r = 0.6), and Helichus (r = 0.7) were most strongly related to Axis 2.  Axis 3 

was most related to total nitrogen (r = 0.6). Stempellinella (r = -0.6), Tanytarsus (r = -

0.6), Corynoneura (r = -0.6), Thienemaniella (r = -0.7), Stenelmiss (r = 0.6), and Helichus 

(r = 0.7) were most strongly related to Axis 3.  For watersheds C and D, Axis 1 of the 

NMDS appears related to both disturbances, with drought samples having lower values 

than reference, which had lower values than harvest samples.     

Significant indicator taxa for the pre-harvest samples were primarily predators 

and collector-gathers, including Parachaetocladius, Hexatoma, and Leptophlebia.  

Eighteen taxa were significant indicators for the reference streams after the harvest 

occurred, primarily consisting of predators and shredders.  Four taxa were indicators for 

the thinned SMZ treatment.  All were primarily scrapers and collector gatherers and 

included Decapoda (Cambaridae), Brillia, Elimia, and Paracladopelma.  The indicator 

taxa reflective of the intact SMZ treatment were predators, scrapers, filterers, gatherers, 

and shredders, including, Cryptochironomous, Polypedilum, Stenochironomous, 

Tanytarsus, Tribelos, Molanna, Triaenodes, Laevapex, and Hexagenia (Table 3-5).    
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Biological traits 

Watersheds A (Reference) and B (Harvested). NMDS ordination (stress = 14.3, 

P = 0.001) explained 91.1% of the variance in the dataset, with 66 % and 25 % explained 

by Axis 1 and 2 respectively. Overall, the ordination indicated separation of community 

composition with harvest regime (Fig.3-10) and was supported by significant differences 

between reference and harvest sites, but not between thinned and intact harvest 

treatments (MRPP, A = 0.2, P< 0.01). Axis 1 was primarily represented by ammonia (r = 

-0.4), total nitrogen (r = -0.5), dissolved oxygen (r = -0.6), and flow (r = -0.4). Traits 

positively associated with Axis 1 included burrowers (h2, r = 0.7) and collector-gatherers 

(tr1, r = 0.8), with sclerotized bodies (ar2, 0.7) and slow-hatching eggs (ht2, r = 0.8), that 

are abundant in drift (df3, r = 0.6) and live in gravel (mh3, r = -0.7) and woody debris 

(mh6, r = 0.7). Those negatively associated with Axis 1 included medium-sized (s2, r = -

0.7) sprawlers (h4, r = -0.6), filterers (tr2, r = -0.7), and herbivores (tr3, r = -0.6), with 

less than one generation per year (v1, r = -0.6) and fast-hatching (ht1, r = -0.7) cemented 

eggs (ec1, r = -0.6) living in sand (mh1, r = -0.7) or rocks (mh2, r = -0.7). Axis 2 was 

most related to total nitrogen (r = -0.4) and turbidity (-0.5). Traits positively associated 

with Axis 2 included small (s1, r = 0.7), soft-bodied (ar1, r = 0.7) individuals with 

cutaneous respiration (rs1, r = 0.7), and rapid development rates (ds1, r = 0.7). Those 

negatively associated with axis 2 included large (s3, r = -0.6) shredders (tr4, r = -0.6) 

with tracheal gills (rs2, r = -0.8), slow development (ds2, r = -0.6) less than one 

generation per year (v1, r = -0.6), and cemented eggs (ec1, r = - 0.6).  

Traits indicative of pre-harvest samples included sclerotized (ar2) collector-

gatherers (tr1) and swimmers (h3) common in drift (df3), with long hatching (ht2) and 

development (ds2) times.  Those indicative of the reference streams in the post-harvest 
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period included bluff (sh2), soft-bodied (ar1) predators (tr5) with short development 

times (ds1) living in plant matter (mh4).  Species in the thinned SMZ treatment were 

medium-sized (s2) sprawlers (h4), living in sand (mh1) and gravel (mh3) substrate. 

Species in the intact SMZ treatment included filterers (tr2) with semi-voltine life cycles 

(v1) that are rare in drift (df1) (Table 3-6).    

Watersheds C (Harvested) and D (Reference). NMDS ordination (stress = 11.1, 

P = 0.001) explained 95.1% of variance in the dataset, with 81 % and 15 % explained by 

Axes 1 and 2, respectively. Overall, ordination did not indicate separation of community 

composition by harvest (Fig.3-11) although MRPP did indicate significant differences 

between reference and harvest samples. Axis 1 did not strongly relate to any 

environmental variables. Shredders (tr4, r = 0.7) and swimmers (h3, r = 0.7) with tracheal 

gills (rs2, r = 0.8), cemented eggs (ec1, r = 0.8), long development (ds2, r = 0.8) and 

hatch times (ht2, r = 0.8) in fast turbulent water (r4, r = 0.7) with streamlined (sh1, r = -

0.8), sclerotized (ar2, r = 0.9)  bodies univoltine life cycles (v2, r = 0.5), living in detritus 

(mh5, r = 0.7) were positively related to Axis 1. Collector-gatherers (tr1, r = -0.6) and 

sprawlers (h4, r = -0.6) with cutaneous respiration (rs1, r = -0.9) bluff bodies (sh2, r = 

0.8) multivoltine life cycles (v3, r = -0.6), short development (ds1, r = -0.9) and hatch 

times (ht1, r = -0.9), abundant in drift (df3, r = -0.7), small (s1, r = -0.7), soft-bodies (ar1, 

r = -0.8) were negatively related to Axis 1.  Axis 2 did not relate to any environmental 

variable. Large-bodied (s3, r = 0.8) individuals were positively related to axis 2. Small 

bodied (s1, r = -0.7), burrowers (h2, r = -0.7) not common in drift (df1, r = -0.8) were 

negatively associated with axis 2.  
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Traits indicative of pre-harvest samples included individuals with mid-length 

hatching (ht2) and development times (ds2), semivoltinism (v2), sclerotized bodies (ar2), 

swimmers (h3) and shredders (tr4), residing in silt substrate (mh7). Species in reference 

streams during the post-harvest period included predators (tr5) respiring via spiracles or 

plastrons living in detritus (mh5). Species in the thinned SMZ treatment included 

herbivores (tr3) preferring sandy substrate (mh1). Species in the intact SMZ treatment 

included individuals without cemented eggs living in woody debris (Table 3-7).   

Discussion 

 The need for properly managed watersheds has become clear as estuaries and 

deltas become inundated with sediment, nutrients, and chemical pollutants (Justic et al., 

1993; Long et al., 1994).  Proper management of small streams will contribute 

significantly to reductions in the downstream transport of these materials since headwater 

streams account for ~ 80 % of all stream miles (Gomi et al., 2002).  Historically, logging 

has been the most prominent land use in headwater streams, highlighting the importance 

of protecting these systems during this practice. In this study, the impacts of logging in 

Georgia’s coastal plain had small, but significant impacts on aquatic communities and 

their food sources.  Although strong bottom-up effects occurred in the disturbed streams; 

in general best management practices effectively protected the streams during clearcut 

harvest.  

Energy Sources 

 Terrestrially derived organic matter is the primary resource in many headwater 

streams (e.g., Vannote et al., 1980).  In the southeastern U.S., this food base is available 

throughout the year due to the long growing season and may be less limiting in 

undisturbed streams than in temperate zones (Roberts, 2002).  In this study, leaf fall 
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quantity and quality was altered by harvest as well as natural disturbances.  A severe 

drought prior to the study led to a sharp decline in riparian leaf fall in all streams, likely 

due to physiological responses of vegetation to changes in precipitation regimes.  

Following harvest, a decline in leaf fall occurred in the harvested watersheds, while 

reference sites continued to accumulate litter. Thus, the decrease in habitat and food 

availability was accentuated in response to both the pulse and press disturbances.  

Additionally, lower C:N ratios in rapidly growing herbaceous litter in the thinned SMZs 

may have given invertebrates access to higher quality food.   

The decrease in leaf fall was directly related to less storage of BOM in harvested 

watersheds. As expected, a decrease in canopy in the logged sites decreased organic 

matter inputs and availability, and increased algal and macrophyte biomass.  Studies have 

found logged sites to have significantly lower leaf biomass than reference streams when 

no buffer strip was established (Golladay et al., 1989; Stout et al., 1993).  However, this 

study shows a clear loss in organic matter storage even with the retention of a protected 

buffer zone.  Although leaf fall from riparian vegetation is closely related to BOM, the 

contributing area may depend on watershed characteristics.  Lateral inputs into the stream 

(Fisher and Likens, 1973) emphasize the importance of maintaining a wide buffer zone. 

Additionally, leaves are carried into the stream with surface runoff.  Thus, the extent of 

the buffer zone may influence organic matter, altering food and habitat availability for 

aquatic organisms.  

Although less BOM storage is linked to changes in canopy cover, factors 

affecting decomposition rates may play a role in BOM loss.  In many streams 

microorganisms and invertebrates are primarily responsible for decomposition (Petersen 



 

 76

et al., 1989), but this process is additionally linked to abiotic conditions.  Less BOM was 

stored in the sediment with increases in flow, ammonia, conductivity, and dissolved 

oxygen.  However, these changes were related to factors unique to harvest treatments.  In 

reference streams, a negative relationships with BOM and conductivity, dissolved 

oxygen, and turbidity suggest an interaction between abiotic and biotic factors affecting 

loss.  As dissolved oxygen levels increased, higher decomposition rates may have been 

responsible for decreases in BOM.  This was likely  related to an increase in microbial 

biofilm and invertebrate abundance and diversity typically found at higher dissolved 

oxygen levels (Allan, 1995). Decreases in conductivity were linked to flushing of the 

streams as flow was restored following the drought.  Additionally, drying of the 

streambed releases SO4
2- as reduced sulfur is oxidized, leading to an increase in 

conductivity (Bayley et al., 1986; Devito, 1999). This increase reduces the solubility of 

carbon, thus decreasing decomposition rates (Clark et al., 1005) and potentially reducing 

invertebrate abundance. 

In the harvested watersheds, the strong negative relationship found between BOM 

and flow, suggests the loss of BOM is controlled primarily by physical factors. 

Movement of organic matter and sediment occurs during most storm events in sandy-

bottomed, coastal plain streams and is more pronounced in the clearcut streams due to 

increased runoff and peak flow (Golladay et al., 1987).  Ultimately, this leads to trapping 

of litter in discrete, spatially variable habitats, such as debris dams (Palmer et al., 1996).  

Although flow was an important predictor of BOM storage, ammonia and turbidity also 

played a role.  In the streams with an intact SMZ, BOM increased as the water became 

more turbid.  Reaches draining the intact SMZ retained silt from upstream sections, 
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leading to habitat smothering, clogging biofilm and gills of macroinvertebrates (Allan, 

1995).  In the thinned SMZ, stored BOM decreased with increasing levels of ammonia, 

reflecting the contribution of bacteria to leaf litter decomposition.  Thus, discrete changes 

in the physical structure of the stream due to harvest potentially limit ecosystem function 

and food resources.   

 Although forested headwater streams obtain most of their energy from 

allochthonous sources, periphyton is expected to become the dominant food and habitat 

source as canopy cover is eliminated.  In our study, streams with intact buffer zones did 

not differ from reference streams, however, streams in thinned reaches had periphyton 

biomass nearly double that of reference streams.  Murphy et al.(1986) reported that 

clearcut streams averaged 130% greater periphyton biomass than buffered and old growth 

streams. Additionally, Brosofske et al.(1997) showed that logging practices that affect the 

width of riparian reserves along streams also alter the amount of light reaching the stream 

surface.  

However, other factors may interact with photosynthetically active radiation to 

determine standing stock of periphyton.  In a study examining the impacts of selective 

harvest in Canada, periphyton biomass increased both as light levels and water 

temperature increased and buffer width narrowed (Kiffney et al.2003).  Additionally, 

foodweb structure (Wootton and Power, 1993; Hillet al., 1995) and nutrients (Hillebrand, 

2002) can also be important in controlling algal accrual. In the reference streams, 

chlorophyll a increased with increasing total phosphorous.  In general, small headwater 

streams are nutrient limited (phosphorous and nitrogen) (Elwood et al., 1981) and thus 

periphyton responds rapidly to any increase in the water column. Additionally, Hart and 
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Robinson (1990) found strong bottom-up effect of phosphorous addition in streams 

linking increased scraper abundance with higher periphyton biomass, emphasizing the 

importance of nutrients in changing community structure. However, none of the 

measured variables had a strong relationship with periphyton in the harvested streams, 

indicating increases in light may be the primary factor contributing to periphyton biomass 

in harvested streams. 

Although few variables explained changes in periphyton due to harvest, discharge 

levels in these streams were linked to the the type of primary production established in 

these streams.  Low flow in low-gradient compared to montane streams may allow for 

growth of macrophytes as well as macroalga.  Colonization by the macrophyte, Ludwigia 

repens, in the harvested streams increased attachment surfaces available for algal cells. 

Kedzierski and Smock (2001) found an increase in the macrophyte Sparganium and the 

algal species Chara in response to logging in coastal plain streams in Virginia, which 

they linked to increased macroinvertebrate abundance and biomass.  They found that this 

macrophyte served as an ideal attachment site for filterers (e.g., Simulidae and 

Rheotanytarsus), thus increasing microhabitat diversity in logged reaches. Long-term 

availability of periphyton and macrophytes may influence invertebrate community 

structure years after logging, since overstory canopy cover will take years to decades to 

limit light penetration (Fuchs et al., 2003). 

Environmental Variables 

 Water temperature frequently increases in logged areas and has complex effects 

on life cycles of stream biota (Hogg andWilliams, 1996). For example, it influences the 

rate at which eggs develop and juvenile fish and invertebrates grow, which, in turn, 

determines voltinism, rates of growth, and productivity (Allan, 1995; O'Hop et al., 1984; 
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Wallace and Gurtz 1986).  Both winter and summer temperatures were 1-2 ºC higher in 

treatment than reference streams following harvest, indicating long-term effects on biota.  

While temperatures peaked at 18 ºC during winter sampling periods, temperatures 

exceeding 26ºC were common in the treatment watersheds in the late summer, potentially 

excluding cool-water adapted invertebrates and fish.  However, this did not result in 

lower dissolved oxygen concentrations in the treatment watersheds, in part due to the 

increased growth of macrophytes present throughout the water column.  Additionally, 

since a 1-2ºC is the predicted increase in temperature resulting from climate change 

(Kundzewicz et al., 2007), the long-term effects of this temperature change may be useful 

for predicting changes in temperature on aquatic biota.  

 Buffer zones along streams are expected to retain nutrients (Polyakov et al., 

2005), allowing them to be taken up by vegetation and assimilated into the terrestrial 

ecosystem. However, ammonia levels tripled or quadrupled following harvest, increasing 

from 10-15 µg/L to 30-50 µg/L.  The U.S. EPA standard for ammonia is 27 µg/L 

(USEPA, 1999), the threshold for potential toxicity for aquatic biota.  Surprisingly, 

concentrations were higher in the intact SMZ than in the thinned SMZ. In the intact SMZ, 

runoff may still reach the streams, but is more likely retained with fine particles and 

organic matter, contributing to bacterial production. Additionally, retention of silt in these 

streams likely reduced benthic oxygen, leading to more ammonia.  Ammonia adsorbs to 

silt-clay fractions in streams (Silva and Williams, 2001) and may increase retention in 

these reaches. Additionally, a prescribed burn in the watersheds may have also 

contributed ammonia to the streams (Knoepp and Swank 1993). However, in the thinned 
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SMZs there appeared to be a balance between substrate flushing and inputs from runoff 

so that  benthic silt levels were reduced.   

Macroinvertebrates 

 Both taxonomic and trait composition are expected to change in response to large 

scale disturbances.  The taxonomic similarity within streams increased over time 

regardless of treatment.  This was linked to recovery of the invertebrate community 

following a long term drought (Griswold et al., 2008).  Biological traits were stable over 

the course of the study; however, there were trends related to harvest.  Statzner et 

al.(2004) also found that traits were relatively stable over large temporal and spatial 

scales in Europe.  This stability may be linked to the finite number of traits that are 

available within a region based on climate and geologic features.  However, strong 

changes in environmental conditions are likely to alter stability of trait composition.   

Winter flow values continued to escalate in the harvested watersheds over the final two 

years, nearly doubling the flow rate compared to the reference watersheds.  A decrease in 

trait stability during this period in the treatment watersheds suggests that disturbed sites 

may be less resistant to change.  However, the extension of the study over a longer period 

would be necessary to determine if this is the case.  

Harvest led to a shift in dominant species associated with changes in the food base 

and environmental conditions.  The species responding to harvest in watersheds B and C 

were different taxonomically, but shared similar ecological roles.  For example, species 

responding to harvest consumed benthic periphyton or organic matter present within the 

water column.  In watershed B this included sphaeriid clams, elmid beetles, and mayflies, 

while in watershed C blackflies (Simulium), Tanytarsus midges, and mayflies 

(Habrophlebiodes) increased in abundance.  This shift to from detritus to algae and fine 
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matter is common in streams impacted by forest activities (e.g., Noel et al., 1986).  

Differences in species composition between the harvested watersheds are likely linked to 

habitat stability and flow regime.   

 The greatest structural and functional changes occurred in the thinned SMZs, 

resulting in the lowest BOM and canopy cover, and the highest periphyton biomass.  

Species in the thinned SMZs preferred to live in sand and were larger than in the other 

stream reaches.  This preference for sand reflects the regular scouring and lack of organic 

matter in the thinned treatments.  Additionally, larger body sizes and abundance of 

herbivores are likely related to greater availability of periphyton in these treatments. Most 

studies link herbivore abundance to increased periphyton biomass as a result of logging 

(Gurtz and Wallace 1984).  

The intact SMZ was dominated by filterers (e.g., Simulium), likely linked to 

enhanced transport of organic matter from the clearcut section of this watershed. 

Blackflies require faster flow and a stable source of attachment, conditions provided by 

larger substrate particle size and abundant macrophytes present in watershed C.  The 

sphaeriid clams present in watershed B prefer slow flow and burrow in the fine sediment. 

Fine particulates may enter the stream through bank erosion, or lateral inputs from runoff 

and resuspension providing additional food (Anderson and Sedell, 1979). Harvested 

watersheds typically export significantly more particulate organic matter than 

undisturbed reference watersheds (Webster et al., 1990).  Additionally, species living in 

woody debris were an important component in this treatment.  Windthrow resulting from 

the 2004 hurricanes provided organic matter to this system that may have been flushed 

out in the thinned treatment.  
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Invertebrates in the reference streams shared traits indicative of an undisturbed 

forested headwater coastal plain stream.  In general, species were soft-bodied and bluff, 

indicating lower flow and less scouring.  When left undisturbed, streams in this region 

have riparian zones that limit high peak flows during storm events in these streams.  For 

example, soft-bodied tipulid larvae have limited ability to resist scouring and are easily 

washed downstream.  Thus, species with this trait are adapted to low-gradient, 

undisturbed streams.  Additionally, species in the reference streams were more likely to 

prefer living in plant material derived from the riparian zone and thus are closely linked 

to the riparian zone.  Thus, biological traits were accurate predictors of functional 

changes occurring in watersheds following a logging disturbance. 

   The utility of using biological traits and fuzzy coding for linking trophic habits 

to disturbance lies in the catholic food preferences of many invertebrates. Species 

historically thought to be shredders supplement their diet with algae, especially when this 

food source becomes dominant (Zah et al., 2001).  This flexibility in food choice may 

limit the ability of bioassessment protocols to detect disturbance.  However, many species 

rely heavily on a primary food source, and little is known of their reproductive capacity 

when faced with a less preferred food choice.  Additionally, traits are stable over 

interannual periods, allowing for more flexible sampling protocols (Snook and Milner, 

2002).  Thus, analysis of trophic habitat, combined with fuzzy coding, which allows 

species to be assigned to multiple groups, will ultimately enhance the robustness of 

sampling programs. 

Anthropogenic disturbance in the face of natural disturbances  

Water quality indices derived from ecological and taxonomic information on 

aquatic invertebrates should be responsive to a gradient of disturbances within and 
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between streams.  For instance, many water quality indices were initially derived to 

understand downstream effects of points sources such as sewage (Kolkwitz and Marsson, 

1909).  However, the challenge to create indices that respond to non-point sources as well 

as multiple stressors has brought this approach to the extent of its limits.  In these indices, 

lower values reflect poor water quality (e.g., pollution tolerant organisms), while high 

values indicate good water quality (e.g., pollution sensitive species).  However, the 

Florida SCI was not responsive to the harvest treatments, suggesting the harvest streams  

had better water quality than the reference streams two years after the harvest. The SCI 

was highly responsive to natural disturbances, and values increased from poor water 

quality to excellent water quality as streams responded to restoration of flow and 

precipitation following the 1998-2002 drought..   

A strong relationship existed between SCI scores and both flow and dissolved 

oxygen, the primary factors responsible for recovery of invertebrate communities 

following drought (Chapter 2).  Harvest created a diverse range of microhabitats (e.g., 

light and temperature patches), likely providing more niches for other species.  

Additionally, discharge was greater in the selective harvest treatment, which may have 

buffered these streams from any drying over the course of the study.  Lastly, as 

periphyton levels increased in the selective harvest treatment, increased Ephemeroptera 

abundance drove the SCI scores higher since this group tends to be a good indicator of 

water quality.   

The SCI has not been able to differentiate between reference and disturbed 

streams in other cases.  Vowell (2001) did not find evidence that the SCI was able to 

discriminate between reference and logged sites in Florida.  In a survey of 167 headwater 



 

 84

streams in Oregon, Herlihy et al.(2005) also found that environmental variation was a 

stronger driver of changes in taxonomic composition than logging history.  Further 

support exists for the short-tem impact of harvest on streams.  Kreutzweiser et al.(2005) 

only found an initial peak in scrapers and filterers immediately following harvest in 

watersheds with selective harvest.  They also found that taxonomic structure differed 

among headwater streams with similar characteristics within the same basin, providing 

further support for the use of biological traits in bioassessment.  Given the predicted 

increase in natural disturbances, the value of these indices becomes questionable for 

detecting anthropogenic disturbances.  However, they have been used successfully for 

detecting large disturbances such as urbanization and agricultural practices.    

Describing and understanding variability in stream systems is difficult because 

processes and patterns vary at different spatial and temporal scales (Wiens et al., 1986; 

Roth et al., 1996; Allan and Lammert, 1999). Assemblages can vary at small spatial 

scales, yet appear stable, or at least resilient, at larger scales (Rahel, 1990). This 

phenomenon has been referred to as the shifting mosaic, steady-state model (Clark, 1991; 

Moloney and Levin, 1996). The study streams were exposed to two press disturbances 

and at least one pulse disturbance over a decade.  The former included a drought lasting 

from 1998-2002, logging in 2003, and a hurricane in 2004.  The enhanced discharge 

resulting from the storms did not influence taxonomic composition or trait structure.  

However, the impacts of harvest and drought, discussed here and in Chapter 2, indicate 

that natural variability needs to be taken into account when attempting to link changes in 

land use to changes in structural and functional aspects of aquatic ecosystems. 
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Changes in forestry management practices over the past couple decades have 

driven the need to understand impacts of logging along streams on water quality and 

biodiversity.  The assumption cannot be made that simply leaving a few trees along the 

stream will protect it from land use within the watershed.  Thus, more state management 

programs have incorporated watershed slope into the equation for determining buffer 

width (e.g., Georgia Forestry Commission, 1999).  This study found evidence for long-

term impacts of properly managed SMZs on aquatic biodiversity and basal resources.  

However, these effects were most pronounced in the first year following harvest.  Thus, 

models examining the impacts of SMZ management must incorporate direct and indirect 

effects of forestry activities.      
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Table 3-1. Biological trait definitions and modalities. 
 
Trait Code Modality Trait Code Modality

Life History Ecology
Voltinism v1 Semivoltine Habit h1 Clingers

v2 Univoltine h2 Burrowers
v3 Multivoltine h3 Swimmer

Drying Resistance d1 Absent h4 Sprawler
d2 Present h5 Skater

Eggs cemented to substrate ec1 Yes h6 Climber
ec2 No Trophic tr1 Gatherer

Development Time ds1 < 6 weeks tr2 Filterer
ds2 < 1 year tr3 Scraper/Herbivore
ds3 > 1 year tr4 Shredder

Egg Hatch Time ht1 < 1 week tr5 Predator
ht2 < 1 month Rheophily r1 Standing 
ht3 > 1 month r2 Slow

Mobility r3 Fast Laminar
Drift df1 Rare r4 Fast Turbulent

df2 Common Microhabitat mh1 Sand
df3 Abundant mh2 Rock

Morphology mh3 Gravel
Armoring ar1 Soft mh4 Macrophyte/Algae

ar2 Sclerotized mh5 Detritus
ar3 Case/Shell mh6 Woody debris

Maximum Size s1 Small (<9mm) mh7 Silt
s2 Medium (9-16mm)
s3 Large (>16mm)

Shape sh1 Streamlined
sh2 Not Streamlined

(Bluff, Tubular)
Respiration rs1 Cutaneous

rs2 Tracheal Gills
rs3 Spirales/Plastron
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Table 3-2. Results of multiple regressions for chlorophyll a biomass and benthic organic 

matter (BOM).  Significance of R2 values is given by * (P < 0.05), ** (P < 
0.01), *** (P < 0.001). 

 
Response 
Variable

Treatment Regression Equation R2

Chla Reference streams .02 + 0.005 (TP) 0.27***
Intact SMZ NS NS
Thinned SMZ -0.14 + 0.07 (SC) .36*

BOM Reference streams 2.6 - 0.47(SC) - 0.24 (DO) - 0.18(Turbidity) 0.67***
Intact SMZ 0.55 - 0.39(Flow) + 0.64 (Turbidity) 0.31*
Thinned SMZ -0.21 - .38 (Flow) - 0.2 (Ammonia) 0.50***

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 



 

 

88

 
Table 3-3. Average environmental conditions for winter sampling periods in reference (A,D), thinned SMZs (B1,C1), and intact SMZs 

(B2,C2).  Data are for pre-harvest (2001-2003) and post-harvest (2004-2008). 

Year Flow (L/s) TSS (g/L)
NH4 

(µg/L)
o-phosphate 

(µg/L)
NO2/NO3 

(µg/L)

Total 
Phosphorous 

(µg/L)

Total 
Nitrogen 

(µg/L)
pH

SC 
(uS/cm)

DO 
(mg/L)

Turbidity 
(NTU)

Temperature 
( C)

Leaffall 

(g/m2)

A 2001-2002 0.998 0.015 2.48 2.73 1.08 8.22 238.00 5.53 42.28 4.47 1.78 16.13 34.29
2002-2003 2.520 0.001 6.28 1.75 0.00 3.69 278.28 4.73 30.60 7.34 0.19 12.15 12.29
2003-2004 1.041 0.017 11.97 1.85 0.00 13.26 345.87 5.03 35.95 4.51 1.18 16.08 19.26
2004-2005 1.759 0.003 2.88 2.49 2.34 4.90 233.30 4.87 24.90 7.62 1.23 12.00 21.26
2005-2006 1.472 0.013 6.20 1.78 0.00 16.94 343.30 5.35 26.85 6.87 1.10 13.63 30.19
2006-2007 2.579 0.008 3.93 3.01 0.00 9.61 291.87 5.11 33.68 8.99 0.63 13.05 24.55

D 2001-2002 0.019 0.004 4.54 45.46 9.42 77.00 212.46 7.23 84.03 5.25 4.03 15.68 38.25
2002-2003 2.735 0.004 0.00 27.24 7.85 51.25 285.97 5.88 94.85 7.85 2.95 12.73 16.23
2003-2004 3.068 0.008 7.65 23.74 4.41 51.75 237.73 6.85 70.90 6.82 4.03 15.90 22.18
2004-2005 3.386 0.003 1.68 18.86 3.00 39.00 232.05 6.61 74.98 9.39 2.98 11.73 26.06
2005-2006 5.361 0.016 6.59 12.43 9.40 30.25 218.54 7.12 60.93 8.79 4.51 13.05 29.76
2006-2007 3.900 0.001 4.85 25.69 2.38 27.36 203.76 7.09 82.80 9.88 2.61 12.05 25.84

B1 2001-2002 1.651 0.003 12.090 2.880 366.820 11.810 621.090 6.650 61.650 5.120 3.950 16.400 38.770
2002-2003 3.650 0.006 9.48 2.24 412.53 10.50 78.19 4.85 96.15 6.96 5.65 12.45 11.18
2003-2004 4.050 0.004 19.10 2.12 655.40 4.83 970.00 6.24 89.50 6.32 6.55 17.10 7.53
2004-2005 5.970 0.007 23.41 2.41 891.94 2.57 1165.21 6.15 72.00 8.65 5.18 14.15 8.30
2005-2006 5.410 0.005 31.80 1.90 1041.00 30.68 1256.39 6.61 71.40 8.06 4.55 14.55 9.02
2006-2007 10.370 0.002 17.88 2.27 346.90 6.43 535.03 6.26 87.95 8.40 4.19 13.05 8.75

B2 2001-2002 1.990 0.002 10.78 2.39 835.90 8.42 1058.00 6.50 80.80 4.71 3.40 16.70 51.13
2002-2003 2.650 0.003 1.89 2.56 824.67 4.69 1182.00 5.15 82.65 7.42 3.30 12.60 21.10
2003-2004 2.930 0.007 27.80 1.80 1161.00 6.84 1230.00 6.19 77.00 6.49 3.85 17.55 11.18
2004-2005 4.430 0.004 29.65 2.46 1480.00 4.78 1655.00 5.97 66.75 8.22 4.21 14.25 12.75
2005-2006 4.150 0.005 43.36 1.78 1523.00 5.05 1813.00 6.48 68.40 7.58 4.24 14.60 12.35
2006-2007 7.450 0.003 31.27 2.52 656.20 6.53 866.90 6.22 71.35 8.59 3.15 13.00 11.06

C1 2001-2002 0.088 0.001 6.89 5.61 1099.00 10.11 1344.00 7.80 101.55 8.13 4.15 13.70 39.97
2002-2003 3.730 0.001 0.00 4.28 1189.00 8.52 1580.00 5.80 106.30 9.17 3.15 12.30 14.15
2003-2004 5.280 0.005 13.05 4.97 900.80 15.77 1075.00 6.79 88.70 7.63 9.20 17.15 13.73
2004-2005 10.100 0.003 14.70 4.45 816.90 10.80 969.30 6.55 75.20 9.21 5.44 12.75 9.42
2005-2006 9.900 0.008 30.55 4.74 998.90 16.20 1290.00 6.90 78.90 8.19 8.83 14.25 15.57
2006-2007 9.830 0.001 16.58 6.20 818.20 7.94 1004.00 6.74 103.90 9.83 3.30 12.75 11.59

C2 2001-2002 1.630 0.003 14.18 3.89 1386.00 12.37 1541.00 7.45 84.90 6.87 5.15 15.90 24.20
2002-2003 3.290 0.002 14.94 2.56 1541.00 5.93 2062.00 5.95 89.95 8.52 3.05 13.40 16.10
2003-2004 6.190 0.005 16.92 4.26 1204.00 13.05 1413.00 6.57 75.65 7.22 7.40 17.25 10.55
2004-2005 7.450 0.006 26.48 2.82 1094.00 11.35 1267.00 6.32 68.10 8.97 5.93 13.15 21.17
2005-2006 6.760 0.013 48.33 3.42 1338.00 21.10 1653.00 6.78 70.90 7.70 8.08 14.95 19.70
2006-2007 7.610 0.002 16.75 2.40 1277.00 7.86 1410.00 6.46 91.50 8.71 4.62 13.20 17.30  
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Table 3-4. Indicator values for watersheds A and B based on taxonomic composition.  Groups 
are defined as pre-harvest all sites (1), post-harvest reference (2), post-harvest thinned 
SMZ (3), and post-harvest intact SMZs (4).  

 

Group Indicator Value p-value

Parachaetocladius 1 37.5 0.007
Alotanypus 2 44.3 0.000
Caecidiota 2 39.5 0.012
Corethrella 2 27.8 0.040
Crangonyx 2 38.6 0.000
Ptilostomis 2 43.7 0.001

Sciomyzidae 2 44.7 0.005
Stenochironomus 2 39.8 0.008

Ablabesmyia 3 44.2 0.004
Calopteryx 3 36.6 0.012

Cheumatopsyche 3 26.4 0.042
Cryptochironomus 3 41.8 0.008
Habrophlebiodes 3 35.5 0.020
Hemerodromia 3 25 0.045
Orthocladius 3 30.3 0.039

Paralauterborniella 3 42.3 0.005
Peltodytes 3 30 0.016
Sphaerium 3 44.8 0.004
Stenelmis 3 49.6 0.001

Tanytarsus 3 34.5 0.025
Thienemaniella 3 30.3 0.040
Anisocentropus 4 32.4 0.020

Hexatoma 4 34.2 0.016
Procladius 4 37.1 0.019  
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Table 3-5. Indicator values for watersheds C and D based on taxonomic composition.  Groups 
are defined as pre-harvest all sites (1), post-harvest reference (2), post-harvest thinned 
SMZ (3), and post-harvest intact SMZs (4). 

 
Group Indicator Value p-value

Parachaetocladius 1 31.2 0.023
Hexatoma 1 31.6 0.034

Leptophlebia 1 35.7 0.019
Corynoneura 2 34.2 0.049

Thienemaniella 2 44.3 0.003
Nippotipula 2 39.5 0.002

Pseudolimnophila 2 34 0.002
Bezzia 2 36.4 0.001

Alluaudomyia 2 35.4 0.038
Dixella 2 48.9 0.001

Psychoda 2 50 0.001
Sciomyzidae 2 37.5 0.010

Ophiogomphus 2 54.9 0.000
Cordulegaster 2 42.6 0.005
Amphinemura 2 36.7 0.027

Perlesta 2 42.5 0.006
Allocapnia 2 38 0.018

Anisocentropus 2 37.1 0.028
Helichus 2 41.8 0.009
Neoporus 2 36.1 0.035
Microvelia 2 46.7 0.002

Paracladopelma 3 41.1 0.004
Brillia 3 34.8 0.006

Cambaridae 3 45.6 0.001
Elimia 3 38.4 0.005

Cryptochironomus 4 33.5 0.022
Polypedilum 4 30.4 0.039

Stenochironomus 4 42.1 0.008
Tanytarsus 4 33.6 0.026

Tribelos 4 36.2 0.019
Hexagenia 4 34.6 0.033
Molanna 4 24.2 0.031

Triaenodes 4 27.6 0.043
Laevapex 4 39.8 0.005  
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Table 3-6. Indicator values for watersheds A and B based on biological traits.  Groups are 
defined as pre-harvest all sites (1), post-harvest reference (2), post-harvest thinned 
SMZ (3), and post-harvest intact SMZs (4). 

 
Trait Group Indicator Value p-value

df3 1 31.3 0.003
ar2 1 31.9 0.014
h3 1 38 0.000
tr1 1 29.9 0.007

mh2 1 28.5 0.015
ds2 1 28.3 0.036
ht2 1 32.1 0.003
ar1 2 26.6 0.005
tr5 2 29.4 0.007
sh2 2 26.2 0.008
mh4 2 29.7 0.002
ds1 2 29 0.004
s2 3 32.1 0.034
h4 3 28.8 0.030

mh1 3 30 0.040
mh3 3 32.2 0.014
v1 4 36.5 0.026
df1 4 27 0.042
tr2 4 33.8 0.007  
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Table 3-7. Indicator values for watersheds C and D based on biological traits.  Groups are 
defined as pre-harvest all sites (1), post-harvest reference (2), post-harvest thinned 
SMZ (3), and post-harvest intact SMZs (4). 

 
Trait Group Indicator Value p-value

v2 1 27.1 0.012
ar2 1 29.9 0.013
h3 1 32.7 0.023
tr4 1 33.1 0.001
mh7 1 30.9 0.002
ds2 1 30.3 0.001
ht2 1 29.5 0.007
h5 2 44.7 0.003
mh5 2 32 0.003
rs3 2 33.3 0.009
tr3 3 29.9 0.010
mh1 3 28.9 0.023
mh6 4 30.3 0.022
ec2 4 26.3 0.047  
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Figure 3-1.  Topographic map and aerial photo of the four study watersheds (A-D). 
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Figure 3-2.  Average chlorophyll a biomass (±SE) during the wet (May-September) and dry 

season (October-April) from 2004-2008 in reference, thinned SMZs, and intact SMZ 
streams after harvest. 
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Figure 3-3.  C:N ratios of leaf fall from the riparian zone in reference and harvested watersheds 
before (2001-2003) and after (2004-2007) harvest. 
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Figure 3-4.  Average ammonia (NH4) concentrations (±SE) in reference, thinned SMZs, and 

intact SMZ streams.  Harvest treatments were applied prior to the third sampling 
period.    
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Figure 3-5.  Stream condition index (SCI) scores (±SE) for reference, thinned SMZs, and intact 

SMZ streams. Samples below the red line indicate poor water quality, those above the 
red line, fair water quality, and those above the blue line, good water quality. 
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Figure 3-6.  Taxonomic stability (±SE) for reference, thinned SMZs, and intact SMZ streams. 
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Figure 3-7.  Trait stability (±SE) for reference, thinned SMZs, and intact SMZ streams. 
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Figure 3-8.  NMDS of taxonomic composition in watersheds A and B in pre-harvest (1) and in 

post-harvest reference (2), thinned SMZs (3), and intact SMZ treatments (4). 
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Figure 3-9.  NMDS of taxonomic composition in watersheds C and D in pre-harvest (1) and in 

post-harvest reference (2), thinned SMZs (3), and intact SMZ treatments (4). 
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Figure 3-10.  NMDS of biological traits in watersheds A and B in pre-harvest (1) and in post-

harvest reference (2), thinned SMZs (3), and intact SMZ treatments (4). 
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Figure 3-11.  NMDS of biological traits in watersheds C and D in pre-harvest (1) and in post-

harvest reference (2), thinned SMZs (3), and intact SMZ treatments (4). 
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CHAPTER 4 
EFFECTS OF PATCH TYPE, QUALITY, AND SIZE ON MACROINVERTEBRATE 

COMMUNITY STRUCTURE 

Introduction 

 Spatial heterogeneity in landscapes strongly affects community structure (Bond et. al 

2000) and population dynamics (Kareiva 1990).  In the simplest case, increasing either habitat 

types or patches provides more potential niches, allowing increased species diversity and 

abundance. However, certain habitat types may be better suited for a species or group of species, 

resulting in preferential habitat selections.  Physical characteristics, environmental conditions 

(e.g., oxygen, temperature), food resources and predation risk are important factors determining 

patch suitability, and spatial aspects of food webs are key to understanding community structure 

and dynamics (Holt 1977, 1996). 

Low gradient, headwater streams in the southeastern coastal plain are typically dominated 

by sandy substrate, yet they also have patches of leaf packs, woody debris, and root mats.  Two 

important habitat patch types in logged streams are leaf packs and macrophyte beds, both of 

which vary in quality and quantity over space and time.  Thus, streambed heterogeneity results 

from seasonal inputs of organic matter and the rearrangement of these patches in shifting 

mosaics (Stout et al., 1985; Hildrew and Giller, 1994; Wallace et al., 1995).Leaf packs can peak 

in  autumn after leaf senescence, while macrophytes peak in the late spring and summer during 

the growing season. However, both are present at some level throughout the year.  Thus, patch 

size and location will be highly variable and depend on changes in canopy cover and 

allocthonous leaf input.  Colonization of streambeds by macrophytes, coupled with decreased 

allochthonous input in logged streams, can alter the number of patches available for stream biota.   

Temporal and spatial changes in stream landscapes lead to changes in size, isolation and 

structure of habitat patches.  Leaf packs and macrophytes potentially differ in their temporal and 
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spatial dynamics.  Depending on stream bed stability and flashiness of flow, the structure of leaf 

packs can change greatly with time (Palmer 1996, Velasquez 2003).  In logged streams, the rate 

of leaf pack formation is often slow, resulting in increased patch isolation and fragmentation.  

Leaf pack formation occurs primarily in autumn as leaves senesce and fall into the stream. They 

then become smaller and are rearranged within the stream as invertebrates process leaves and 

increased flow scours the channel bottom.  Unlike leaf packs, rooted macrophytes are more 

stable in streams and contribute to a less dynamic streambed landscape.  Thus, macrophytes may 

support superior competitors, while leaf packs may support more transient, inferior competitors.    

Differences in patch quality and size drive habitat selection by stream invertebrates.  Leaf 

packs vary in suitability as habitat and food, with fast decomposing leaves acting more as a 

resource, and slow decomposing leaves acting more as habitat (Dangles et al.2001).  Essafi 

(1994) found that invertebrate biomass did not decrease in leaf packs after leaves lost most of 

their nutritional value, suggesting that leaf packs act as habitat and potential refugia in addition 

to being a consumable resource.  Leaf packs may also enter the hyporheic zone and provide 

resources for subsurface biota (Strommer and Smock 1989).  Although few invertebrates 

consume macrophytes, high quality resources for invertebrates exist in macrophyte beds, 

including decaying plants, root exudates, root associated bacteria, epilithic periphyton and 

detritus (Sagova 2002, Tolonen 2003).  

Previous studies of static stream landscapes suggest that small patches support higher 

densities than large aggregated patches (Palmer 2000, Silver 2000). However, these studies 

focused primarily on leaf packs and a small group of organisms (chironomids and copepods).  

Silver et al.(2004b) observed that chironomid density was greater in both fragmented landscapes 

and less stable habitats. 
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Given the current state of knowledge of patch dynamics in streams, the goal of the this 

study was to understand the role of patch type, size, and quality in structuring invertebrate 

communities and colonization dynamics. It was hypothesized that larger macrophyte patches 

provide both more cover and a greater source of food (epiphyton/biofilm) and increase 

invertebrate abundance and diversity.  Invertebrate abundance and diversity should be lower in 

large leaf packs because their interior will offer reduced water velocity and oxygen.  This was 

assessed using a combination of field observations and experimental manipulations of patches. 

Materials and Methods 

Field Sampling of Patches 

Macrophytes and leaf packs were mapped three times over a year at 20 m intervals along 

the length of the study reach (~ 200 m) by establishing transects perpendicular to flow and 

determining percent cover of leaf packs and macrophytes.  Samples were obtained from 

randomly selected patches of macrophytes (Ludwigia repens) and leaf packs four times between 

September 2005 and June 2006.  A net (250 µm mesh) was positioned downstream of the patch, 

and three leaves were taken from each patch and placed in individual vials containing 100 ml of 

deionized water for chlorophyll a analysis.  Three additional leaves were preserved in phospho-

buffered formalin (1%) for bacteria counts.  Leaf samples were kept on ice until returning to the 

lab where they were stored at -20ºC until analyzed.  The remainder of the patch was collected by 

removing only its above-sediment portion and allowing it to drift into the net.  The contents of 

the net were placed in a ziplock bag, placed on ice, and returned to the laboratory for processing. 

 In the laboratory, patch samples were gently rinsed through nested sieves of 1mm 

(CPOM) and 0.250 µm (FPOM).  Macroinvertebrates were sorted from the samples and 

preserved in 70% ethanol.  Each sample was then separated into terrestrially derived CPOM, 

FPOM, and macrophytes.  Patch size was determined by placing each sample in a 500ml glass 



 

107 

cylinder with water to determine the volume of the patch by water displaced.  Each portion 

(CPOM, FPOM, and macrophytes) was then dried at 60ºC for at least 48 hours and weighed to 

compare dry weights to volume for a given area.  FPOM samples were ashed at 550ºC for five 

hours to determine organic content.   

Since many invertebrates consume bacteria and periphyton, chlorophyll a, ash-free dry 

weight (AFDW), and bacteria counts were used as indicators of patch quality. Chlorophyll a and 

AFDW were analyzed as in Chapter 3.  Leaves for chlorophyll and AFDW measurement were 

vigorously shaken in 50 mL of deionized water for 30s, after which leaves were removed to 

measure surface area.  Water samples were filtered through 45 µm GFF filters, and bacteria on 

the filters were stained with SYBR Green and counted under an epiflourescent microscope. 

Leaves were photographed, and Scion Image (Scion Corp., Frederick, MD, U.S.A.) was used to 

calculate total surface area.  

Bacteria enumeration followed the protocol outlined in Buesing (2005).  A 0.2 µm, 

25mm aluminum oxide membrane filter (Whatman Anodisc) was placed on top of a wetted 0.45 

µm, 25 mm cellulose nitrate filter on a glass filter manifold. Leaves for bacteria counts were 

thawed and sonicated for one minute at 80 W while on ice.  Then, the sample was vortexed, and 

a 100 µl aliquot was removed after 10s.  The sample and one ml nanopure water was added to 

the filter manifold to ensure mixing and a homogeneous slide mount and pressure applied using a 

vacuum.   

The Anodisc filter was removed and gently dried using a Kimwipe. Filters were placed 

face-up on a 100ul drop of SYBR Green II fluorescent stain diluted 400 fold (Molecular Probes, 

Eugene, Oregon, USA) on labelled petri dishes.  Filters were stained in the dark for 15 minutes, 

then  dried and placed face-up on a glass slide. A 30-uL drop of antifade mounting solution (50% 
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glycerol, 0.1% p-phenylenediamine, 50% PBS: 120 mM NaCl, 10 mM NaH2PO4, pH 7.5) was 

added, and a cover slip was placed on top.  Slides were then counted or stored frozen at -20ºC for 

up to six weeks.   

 An  Epifluorescence microscope equipped with a high-pressure mercury lamp (HPO 100 

W), with a Chroma filter set (no. 41001; excitation filter 480 nm, beam splitter 505 nm, emission 

filter 530 nm) was used to count bacteria.  Cell numbers were counted from at least 10 fields 

until a total of 400 bacterial cells was reached (Kirchman 1993).  Preliminary counts from ~ 25 

slides were used to determine a size class distribution with a calibrated micrometer and placed in 

the following classes: cocci (< 0.5 µm, > 0.5 µm diameter), vibrio, filamentous, and rod (< 0.35 

µm, > 0.35 µm).  In subsequent slides, at least 15 cells from each size class were measured.   

 Volumes (V) of individual cells were calculated under the assumption that cells are 

cylindrical with hemispheric ends (Fry, 1988), which works for both rods and cocci. The total 

biovolume (BV) of bacterial cells per g of leaf material was calculated as:  

lcf

fsi

i DMAS

AVb

DM

BV 
)(

 

where bi is the biovolume of an individual bacteria cell, Vs the sample volume, Af the total 

filtration area, Sf the volume of the subsample passed over the filter, Ac the filtration area, in 

which bacteria were counted, and DMl the litter dry mass.  

Bacterial dry mass or carbon was calculated from bacteria BV based on empirically determined 

conversion factors. For pelagic freshwater bacteria, Loferer- Krößbacher et al.(1998) established 

the following relationship:  

bvdmb 435 0.86 

where dmb is the dry mass and bv the biovolume of a bacteria cell.  
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Field Experiment 

The goal of the field experiment was to control for leaf species, patch size, and patch age 

to examine initial macroinvertebrate colonization patterns. Leaf packs consisted of dominant tree 

species shared among watersheds B and C; Liriodendron tulipifera, Quercus nigra, and Pinus 

spp.  Leaves were collected in August 2006 prior to abcission and air dried for seven days.  

Macrophytes were collected from seeps along the stream, washed thoroughly in distilled water, 

and examined for invertebrates and biofilm before use.  The macrophytes and leaf species were 

used to create patches of 1, 2, or 4 g.  A separate set of ten macrophyte samples were dried at 

60ºC to determine a wet to dry mass regression and create an equivalent to the leaf packs prior to 

the beginning of the experiment.   

The three size classes were crossed with two levels of stability and four species in a 

randomized block design.  Blocks were created in a 10-20 m stretch of stream and replicated 

three times along at 70 m length of each reach in the intact and thinned SMZ treatements in 

watersheds B and C.  Leaf packs were created by loosely tying leaves together using nylon line.  

Macrophyte patches were anchored in the sediment using mesh produce bags (10” Vexar bags, 

Avis Bag Co.).  Leaf packs and macrophytes were tethered to pvc pipe driven into the streambed.  

Stable patches were left undisturbed for 15 days, while unstable patches were disturbed once on 

day 7 by rinsing the patch through the water column for one minute.  Patches were then collected 

after 7 and 15 days to determine colonization patterns.   

Velocity, oxygen, and canopy cover were measured at each patch as potential 

determinants of patch quality.  Canopy cover was measured by taking four measurements using a 

densitometer.  Velocity was measured using a Marsh McBirney Flowmate 2000 (Frederick,MD).  

Oxygen samples were taken by first removing a 10ml water sample from the patch with a 10 ml 
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syringe.  Then, dissolved oxygen was measured using the micro winkler technique (Peck and 

Uglow, 1990).  Samples were fixed within two hours and returned to the lab for processing.  

 Leaf packs were rinsed through a 250 µm mesh sieve, and invertebrates were sorted from 

the sample and identified.  CPOM and FPOM trapped in the patch were separated, dried at 60ºC 

for 48 hours, and weighed.  Additionally, subsamples were taken and ashed at 550ºC to correct 

for inorganic accumulation on leaf litter.  

Data Analysis 

Field obervations 

Independent and dependent variables were transformed to meet assumptions of normality 

and independence.  Analysis of covariance (ANCOVA) was utilized to determine the 

relationship between invertebrates and patch type using size as a covariate.  Multiple regression 

was used to relate invertebrate metrics to patch size, epiphyton biomass, and bacteria abundance 

and biomass.    

Experimental manipulation of patches 

 A three-way ANOVA was utilized to relate changes in macroinvertebrate metrics to 

initial leaf mass, species, and disturbance.  Rarefaction was used to compare taxon richness 

across samples after standardizing for patch size.  Linear regression was used to relate the 

expected number of species to the patch size.  Multiple regressions were used to examine the 

influence of canopy cover, dissolved oxygen, trapped FPOM and CPOM, and velocity on 

macroinvertebrates.   

Results 

Field Observations 

The total biomass of epiphyton (chlorophyll a) was not related to patch type or size.  

Values were lower during autumn/winter than in spring/summer (F3,122 = 4.2, P<0.01) (Fig. 4-1).  
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Differences in total bacterial abundance related to patch type were dependent on patch size 

(F1,115 = 4.6, P<0.05).  Overall, abundance increased with linearly with patch size, but the slope 

was greater for leaf packs than macrophytes.  Temporally the number of bacteria cells decreased 

from fall to winter and increased from spring to summer (F3,119 = 5.6, P<0.01), but did not 

depend on patch size (Fig. 4-2). Total bacterial biomass was higher in leaf packs than on 

macrophytes (F1,118 = 11.8, P<0.001), but was not influenced by patch size.  Total biomass per 

patch changed with date, but was related to the size of the patch (F3,114 = 4.0, P<0.01).  In  

general, biomass increased with patch size, but an outlier led to high biomass in a small 

macrophyte patch.  FPOM trapped within patches increased in both patch types from fall to 

summer (F3,122 = 15.0, P<0.0001). FPOM changed with patch type, but was dependent on patch 

size (F1,1118 = 25.8, P<0.0001).  FPOM in leaf packs increased with patch size, but did not 

change with patch size of macrophytes.  Further, the volume of FPOM trapped in leaf packs was 

significantly higher than that in macrophytes (29.4 vs. 21.2 cm3). 

Patch quality parameters were weighted for patch size.  Bacterial biomass/cm3 changed 

with date (F3,116 = 10.2, P<0.0001), but depended on patch type (F3,116 = 3.7, P<0.02).  Biomass 

was greatest in November for both leaf packs and macrophytes, but was higher in leaf packs 

(Fig. 4-3).  Bacterial abundance/cm3 changed with date (F3,116 = 12.4, P<0.0001), but depended 

on patch type (F3,116 = 10.0, P<0.0001).  Abundance was lowest in April for both patch types 

(Fig. 4-4). Chla/cm3 changed with date (F3,122 = 4.0, P<0.001) and patch type (F1,122 = 6.4, 

P<0.02) and was higher for macrophytes on all dates except November (Fig. 4-5). 

Changes in taxon richness with date (F3,118 = 6.0, P<0.01)  and patch type (F1,118 = 6.7, 

P<0.001)  were dependent on patch size. Taxon richness increased with patch size for leaf packs, 

but did not have any relationship to patch size for macrophytes.  After adjusting taxon richness 
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based on taxa/cm3, there was a significant effect of patch type (F1,116 = 53.8, P<0.001) , date 

(F3,116 = 12.6, P<0.001) , and their interaction (F3,116 = 19.2, P<0.001) on taxon richness. Taxon 

richness was higher in Ludwigia and greatest in the winter sampling period (Fig. 4-6).  Changes 

in invertebrate abundance with date (F3,116 = 7.1, P<0.001)  and patch type (F1,116 = 17.5, 

P<0.001)  were dependent on patch size.  There was a positive relationship between patch size 

and leaf packs, but no relationship between patch size and macrophytes.  After adjusting 

abundance based on individuals/cm3, patch type (F1,116 = 43.8, P<0.001) , date (F3,116 = 10.8, 

P<0.001) , and their interaction (F3,116 = 13.3, P<0.001) significantly affected abundance. In 

general, invertebrates were more abundant in Ludwigia, peaking during winter (Fig. 4-7).  

Changes in the proportion of shredders did not depend on patch size, but were different 

between patch types (F1,122 = 8.3, P<0.01) and over time (F3,122 = 3.5, P<0.02). Shredders were 

more common in leaf packs moreso in the winter than in the summer. Differences in filterers 

with patch type depended on patch size (F1,118 = 12.9, P<0.001). Filterers were positively related 

to patch size in leaf packs, but did not display any relationship to patch size in macrophytes, and 

they  were more abundant in summer than fall and winter (F3,122 = 5.9, P<0.01) (Fig. 4-8).  

Predators did not change significantly over time, but differences between patches depended on 

patch size (F1,118 = 10.1, P<0.001).  Predators increased with patch size in leaf packs, but 

decreased with size in macrophytes.  However, predators were more abundant in macrophytes 

than in leaf packs ( 25 vs. 20 percent of community composition). Collector-gatherers did not 

change over time, but the effects of patch type differed by patch size (F3,118 = 2.7, P<0.05). They 

increased with patch size in macrophytes, but decreased with size in leaf packs.  Overall, 

collector-gatherers comprised a larger proportion in leaf packs than in macrophytes (34 vs 23 

percent). 
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Regressions.  Invertebrate abundance had a positive relationship with both bacterial 

biomass and FPOM for leaf packs, but was only related to FPOM for macrophytes.  Taxon 

richness was positively related to bacterial biomass and FPOM for leaf packs and FPOM for 

macrophytes.  The proportion of shredders was positively related to patch size and negatively to 

bacterial abundance for leaf packs and did not relate to any parameter for macrophytes.  Scrapers 

were positively related to patch size, chlorophyll a , and bacterial abundance for macrophytes.  

Filterers were positively related to bacterial abundance, biomass, and FPOM for leaf packs and 

to FPOM and chlorophyll a for macrophytes.  Collector-gatherers were related to chlorophyll a 

and FPOM for macrophytes (Tables 4-1, 4-2).   

Field Experiment 

C:N ratios varied among leaf species with Pinus (40.29) having the highest and Ludwigia 

(14.7) have the lowest ratio.  Quercus and Liriodendron were similar with ratios of 30.5 and 

26.6, respectively. Leaf mass decomposition over time was dependent on leaf species (F2,273 = 

148.4, P<0.001), disturbance (F2,273 = 9.9, P<0.001), and mass (F2,273 = 205.5, P<0.001).  Pinus 

and Liriodendron lost two to three times more mass than Quercus patches (Fig. 4-9).  The 

percent of leaf mass loss increased with time, but did not differ between disturbance treatments.  

Larger leaf packs lost more mass over time than smaller leaf packs, with 4-gram packs losing 

five times more than 1-gram packs (Fig. 4-10). However, when corrected for percent loss over 

time, mass was not significant. On average, leaves lost twenty five percent of their mass, 

regardless of initial mass.   

 Changes in velocity due to disturbance depended on mass (F4,408 = 5.8, P<0.001) and leaf 

species (F6,408 = 2.2, P<0.04).  Average velocity ranged from 0.04 to 0.06 cm/s.  In general 

velocities were lower in Liriodendron and higher in larger leaf packs.  CPOM trapped within 

patches was related to leaf species (F3,372 = 50.8, P <0.001), disturbance (F2,372 = 4.7, P<0.01), 
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and mass (F2,372 = 5.9, P<0.01).  More CPOM was trapped in the 4 g patches than the 1 and 2 g 

patches (Fig. 4-11).  The amount of CPOM trapped in patches ranged from 0.2 to 1.7 grams. The 

most CPOM was trapped in Ludwigia and the least in Pinus (Fig. 4-12).  Additionally, more 

CPOM was trapped in patches that were collected after fifteen days and were not disturbed (Fig. 

4-13).  FPOM trapped within patches was related to leaf species (F3,406 = 40.9, P<0.0001), 

disturbance (F2,406 = 5.7, P<0.01), and mass (F2,406 = 11.1, P<0.0001).  More FPOM was trapped 

over time and with increasing patch size (Fig. 4-14).The amount of FPOM ranged from 0.05 to 

0.3 g and was greatest in Ludwigia and least in Pinus and Quercus (Fig. 4-15).  Oxygen within 

patches was not different between any treatment.   

Invertebrate abundance changed significantly between leaf species (F3,402 = 5.3, P<0.01) 

and initial leaf mass (F2,402 = 12.6, P<0.001).  Abundance was lowest in Ludwigia with an 

average of 15 individuals and highest in Pinus and Liriodendron with an average of 30 

individuals (Fig. 4-16).  Invertebrate abundance increased with increasing patch size, from 20 to 

44 individuals (Fig. 4-17).  However, there was no apparent evidence for a relationship between 

patch size and expected species richness whe sample size was accounted for. Taxon richness 

changed significantly between leaf species (F3,402 = 6.6, P<0.001) and initial leaf mass (F2,402 = 

19.5, P<0.001).  In general, the number of taxa did not differ greatly, averaging between 3 and 5, 

with Quercus patches having the least number of taxa (Fig. 4-18).   

 The proportion of predators did not differ between treatments.  The proportion of scrapers 

was dependent on initial leaf mass (F2,402 = 4.3, P<0.02) and was higher in the 4 g than 1 g 

patches (Fig. 4-19).  The proportion of shredders changed in response to mass (F2,402 = 3.1, 

P<0.05), leaf type (F3,402 = 3.4, P<0.02), and disturbance (F2,402 = 5.6, P<0.01), however, the 

effect of leaf type depended on disturbance treatment (F6,402 = 2.5, P<0.03).  In general, 
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shredders became more common over time, more so in the undisturbed treatments, while more 

abundant in the largest patches, they were not abundant overall and only ranged from 0-6 percent 

of the community (Figs. 4-20,4-21). The proportion of filterers changed in response to mass 

(F2,402 = 5.9, P < 0.01 and leaf type (F3,402 = 10.4, P<0.0001) and were twice as common in 

Ludwigia than any other patch type and were more abundant in larger patches (Fig. 4-22,4-23).  

Collector-gatherers were the dominant feeding group in all patches, ranging from 40-60 percent 

of the community.  Collector-gatherers differed between leaf species (F3,402 = 6.02, P<0.001) and 

were least abundant in Ludwigia (Fig. 4-24). 

Regressions  

  Invertebrate abundance was positively related to CPOM, velocity, and canopy cover and 

negatively related to FPOM.  Taxon richness had a positive relationship with velocity and 

CPOM. The proportion of scrapers was negatively related to increased canopy cover and 

positively related to velocity.  Filterers were positively related to FPOM and oxygen within the 

patch.  Shredders were not predicted by any environmental variable.  Collector-gatherers were 

negatively related to FPOM and positively related to canopy cover (Table 4-3).    

Discussion 

 Stream invertebrate communities are structured by a mosaic of habitats ranging from 

macrophytes and substrate diversity to small-scale changes in flow patterns.  Community 

composition is related to the quantity, quality, and distribution of detritus on the streambed in 

headwater streams (Arsuffi and Suberkropp, 1985; Murphy et al., 1998), and plays a significant 

role in the distribution, species composition, and total biomass of benthic invertebrates 

(Hearnden and Pearson, 1991; Reice 1974).  Thus, patch size and quality are two key factors 

affecting colonization patterns of patches.  In the current study, invertebrate density and 
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community structure were determined by complex interactions among patch size, type, quality, 

and abiotic variables.   

Patch Complexity 

 Patches with greater structural complexity generally support more species and higher 

abundances as potential niches increase (Dean and Connell, 1987; Douglas and 

Lake, 1994; Downes et al., 1998, Downes et al., 2000).  In the study streams, Ludwigia typically 

fills the entire water column, providing habitat for benthic species, swimmers, and clingers, 

while leaf packs rest on the surface of the streambed.  Submerged macrophytes increase the 

physical complexity of aquatic environments, providing habitat for colonisation by invertebrates 

(Heck and Westone, 1977; Crowder and Cooper, 1982; Gregg and Rose, 1982; Tokeshi and 

Pinder, 1985; Lodge, 1991; Newman, 1991). Additionally, macrophyte architecture has a 

influences food supply through detritus trapping (Rooke, 1984) and growth of epiphytic algae 

(Dudley, 1988), leading in some cases to distinct invertebrate communities on different 

macrophytes (Minshall, 1984; Rooke, 1986). As a result, macrophytes in the current study 

supported higher densities and taxon richness on a per volume basis than did leaf packs.  

However, in the short-term experimental study, they supported the lowest invertebrate density.  

Macrophyte leaves are not consumed by invertebrates, but the epilithon and biofilm matrix is in 

most cases (Newman, 1991).  Additionally, since macrophytes are growing within the stream, 

they may exude less nutrients than decomposing allocthonous leaf litter. Thus, macrophytes may 

need more time than terrestrially derived leaves both to attract invertebrates and be to 

conditioned with suitable biofilm, as seen in the current study.   

Structural complexity may also enhance resources available within habitat patches (Diehl 

and Kornijow, 1998).  FPOM trapped within patches provided the basis for higher invertebrate 

abundance and taxon richness in the observational study.  Higher amounts of FPOM provide 
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more surface area for bacteria and fungi, thus providing more food for invertebrates.  

Additionally, since FPOM is easily flushed from habitats during storm events, higher FPOM 

may indicate greater stability of the patch, providing more reliable habitat for invertebrates.  

Ludwigia patches trapped the most CPOM and FPOM in the short-term experimental study.  

This ultimately increased diversity of niches available to invertebrates and improved suitability 

for colonization.  Since macrophytes are anchored in sediment, they may act like debris dams, 

trapping and holding organic matter during storm events.  Thus, macrophytes have the potential 

to take over some of the function of woody debris typically absent in logged streams.  Although 

macrophytes became abundant following logging, inputs of pine needles will likely increase over 

the next decade since the watershed was planted with a monoculture of pine.  As expected, pine 

patches created the least heterogeneity and trapped little if any organic matter.  Many timber 

operations in the southern U.S. utilize pine plantations, which could have a negative impact on 

invertebrates by decreasing structural complexity and overall storage of organic matter.      

Patch Stability 

In addition to structural complexity, habitat stability plays a large role in determining the 

composition of patch inhabitants. Although the southern coastal plain does not typically receive 

high-energy flows such as those present in snow-melt, relatively large events may occur during 

hurricanes and smaller events with storm events common during summer.  Thus, more stable 

habitats are likley to be more attractive to invertebrates.  Stability provided by Ludwigia 

enhanced colonization by filtering invertebrates.  Additionally, sandy-bottomed streams in the 

coastal plain do not provide relatively immobile substrates such as cobble and boulders present 

in the piedmont.  Thus, invertebrates depend on availability of organic substrate introduced from 

the riparian zone or growing within the stream including woody debris, rootwads, macrophytes, 

and leaf packs.  However, leaf packs are ephemeral, rapidly decomposing, and are subject to 
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being scoured from the streambed during storms.  In addition, Ludwigia patches provide multiple 

food sources for filterers, such as Simuliidae, by allowing them access to the water column and 

by trapping large amounts of organic matter. Thus, Ludwigia can sustain filterers even at low 

flows, when only small amounts of FPOM and bacteria are present in the water column.   

Hydrologic disturbance can create a mosaic of stable and unstable patches within 

streams.  Olsen et al.(2007) found that invertebrate densities were greatest in stable patches 

following an experimental simulation of flooding in streams.  However, this difference only 

existed for 14 days following the disturbance.  In the current study, a small scale disturbance had 

little impact on colonization patterns of invertebrates. The expectation was that disturbed 

samples would be more similar to the seven-day samples than the undisturbed fifteen-day 

samples.  The disturbed samples appeared to resemble the fifteen-day samples in most cases and 

were even higher than the undisturbed in some cases.  This may be linked to the size of the 

disturbance and presence of source populations nearby.  Colonization is a rapid process in 

streams, and most areas recover in 10-30 days following localized disturbances (Mackay, 1992).  

Melo and Froelich (2001) found that invertebrates recolonized overturned stones within 4 days, 

and densities became higher than those on control stones within a month.  Thus, 7 days between 

sampling may have been too long to see any differences.  Although not significant, total 

abundance and mass-weighted abundance were higher in disturbed than in seven day or 

undisturbed samples.  This may be linked to higher amounts of FPOM trapped in disturbed 

samples, and an increase in collector-gatherers.  Additionally, small scale disturbances that leave 

biofilm intact are less likely to have long lasting impacts on habitat occupancy (Miyake, 2003).  

Patch Quality 

 The quality of leaves as food affects the performance (i.e. growth rates and densities) of 

benthic macroinvertebrates (Cummins and Klug, 1979; Sweeney and Vannote, 1986) and is 
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determined by the leaf composition and attached biofilms (Lock et al., 1984; Hax and Golladay, 

1993), which consist of autotrophic and heterotrophic components. In this study, patch quality 

based on biofilm composition was influenced by temporal changes in environmental parameters.  

Bacterial biomass was highest in autumn, while chlorophyll a was highest in spring.  This 

reflects changes in canopy cover typical in headwater streams since light is a primary factor 

limiting primary production (Hill and Knight, 1988; Hepinstall and Fuller, 1994; Hill et al., 

1995) and consequently influences the development and biomass of biofilms (Ledger and 

Hildrew, 1998).  Higher bacterial biomass is likely linked to the greater surface area provided by 

decaying organic matter derived from the riparian zone, as well as decaying algae and 

macrophytes present in the spring and summer samples.  Additionally, higher bacterial biomass 

in autumn may fuel algal growth in spring. Several studies have indicated the existence of a link 

between algae and bacteria (Rounick and Winterbourn, 1983; Hepinstall and Fuller, 1994; 

Ledger and Hildrew, 1998) whereby bacteria benefit from algal exudates for an energy source, or 

as a substratum for colonisation (Rier and Stevenson, 2002). 

Historically the primary energy source in headwater streams was thought to be 

terrestrially-dervived leaf litter and the bacteria and fungi associated with it (e.g., Vannote et al., 

1980).  However, more current research found sufficient algal growth even in streams with high 

canopy cover (Mayer and Likens, 1987).  Though epiphyton is typically associated with 

macrophytes, the present study found similar chlorophyll a for leaf packs and macrophytes, 

except during periods of maximum irradiance (e.g., spring).  Thus, both habitats have the 

potential to support diverse macroinvertebrate communities.  However, bacterial biomass was 

higher on leaf packs, suggesting these are a higher quality food source.  This was not supported 
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by the data since abundance and taxon richness of invertebrates were higher in macrophyte 

patches.   

In the observational study, filterers were best predicted by chlorophyll a in macrophytes 

and bacteria in leaf packs.  This supports recent findings that many invertebrates exhibit 

plasticity when selecting resources (Friberg and Jacobsen, 1994).  In addition to organic matter 

sloughing from epiphyton, the structure provided by algae will aid in development of a biofilm 

matrix.  Additionally, filterers were positively related to dissolved oxygen within the patch, 

which was higher in macrophytes since they extend into the water column and release oxygen 

during photosynthesis. Switching feeding behavior has also been observed in shredders, mixing 

algal and detritus based carbon sources (Friberg and Jacobsen, 1994).  

Patch quality is also linked to refractory compounds in leaves that may alter biofilm 

structure, decomposition rates, and nutrient availability for colonizing species (Ostrofsky, 1993, 

1997).  This may be especially true for shredding invertebrates that depend on biofilm as well as 

leaf properties (e.g., Lignin content).   Habitat selection by shredders was apparent in the short- 

term experiment in relation to leaf palatability.  After seven days, shredders were more common 

in Pinus and Liriodendron than in the less palatable Quercus and Ludwigia.  However, shredders 

became similar among all treatments after fifteen days and were similar between macrophytes 

and leaf packs in the observational study.  This indicates that although shredders initially select 

more suitable habitat, accumulation of organic matter in other patches creates adequate habitat 

for this group.  Bastian (2007) found that shredders were distributed across a broad range of leaf 

species in a stream, with no leaf species being preferentially colonized by shredders. However, 

most studies find that shredder species exhibit clear leaf preferences (Anderson and Sedell, 1979; 

Mackay and Kalff, 1973; Nolen and Pearson, 1993), and selectively feed on food resources of 
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different palatability or quality (Arsuffi and Suberkropp, 1985, Campbell and Fuchshuber, 1995).  

Although shredders are implicated in breakdown of organic matter in streams, they usually 

colonize leaf packs later than other feeding groups.  Shredders usually select leaves at advanced 

stages of conditioning (Arsuffi and Suberkropp 1984, 1985; Mackay and Kalff, 1973, Petersen 

and Cummins, 1974) due to increased microbial biomass and fungal degradative enzymes and, 

thus, increased leaf palatability (Suberkropp, 1998). Thus, Quercus leaves may not be colonized 

as fast due to their refractory properties, but still may provide more than adequate habitat.  In 

addition, a case-making caddisfly, Anisocentropus, was commonly found in cases made from 

Quercus.  This is likely due to its resistance to breakdown, to provide long term protection.    

Patch Size 

Increased patch size potentially creates more niches, providing a diversity of resources 

and refugia from predators. Although the amount of mass lost from patches increased with patch 

size, breakdown rates were similar when comparing initial masses.  Contrary to my hypothesis, 

this indicates that conditions inside larger leaf packs do not necessarily become less suitable for 

decomposition and provide equal opportunity for biofilm formation.  In the observational study, 

bacterial biomass increased with patch size for Ludwigia, but not for leaf packs.   However, 

invertebrates did not respond positively to this increased resource base and niche availability.  In 

the observational study, the expected species richness was not related to patch size.  This 

suggests a lack of differences in resources with larger patches.   

Patch size was a determinant of feeding guild structure.  Scrapers did not select habitat 

based on leaf type and were most abundant in larger patches.  Most scrapers are classified as 

clingers and thus need habitat that will support their mass and provide a substantial food. Larger 

patches should support more mass and protect this group from moderate flow events.  In 

addition, many grazing invertebrates quickly deplete their resources (McAuliffe, 1984), thus 
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emphasizing the need for great surface areas to support a significant community.  In the 

observational study, scrapers increased with patch size, bacterial abundance, and chlorophyll a, 

but only in Ludwigia.  Higher bacterial abundance may provide additional resources for scrapers, 

since many invertebrates have flexible feeding habits.  However, in the observational study, there 

was no link between patch size and scraper abundance in leaf packs.  Many of the larger leaf 

patches in the observational study were multi-tiered, and much of the surface area was not 

exposed to light, thus limiting primary productivity.   

In the observational study, multiple confounding factors limited interpretation of 

relationships between patch size and invertebrate communities.  Leaf packs were diverse, multi 

species assemblages in varying stages of decomposition.  To control for this, the field experiment 

used freshly abcissed leaves and only created single species patches.  Liriodendron and Pinus 

patches decomposed more rapidly than Quercus.  Liriodendron leaves are soft and pliable with 

lower C:N ratios than Quercus.  However, pine needles had much higher C:N ratios, but 

provided a larger exposed surface area for bacteria colonization. Nitrogen content, C:N ratio, 

total phenolics, percentage lignin and lignin:N ratio explain much of the variability in leaf 

processing rates (Taylor, Parkinson and Parsons, 1989; Ostrofsky, 1997).  

 Patch occupancy may be related to interactions between biotic and abiotic factors.  

Collector gatherers are bottom-feeders in streams and tend to consume any type of small organic 

particle.  They are also the most abundant group in sandy-bottomed streams (Smock et. al, 1985).  

However, this group was more abundant in leaf packs than in macrophytes, increasing with patch 

size in macrophytes, but decreasing in leaf packs.  An opposite relationship was found for 

predatory invertebrates, suggesting predation on this group.  This is supported by the higher 

abundance of predators in macrophytes even though trapped organic matter was similar between 
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the patch types for the observational study.  Although streams are thought to be primarily 

structured by abiotic factors, biotic factors are likely to influence community structure 

effectively at smaller scales (e.g., Peckarsky, 1983). 

The proportion of shredders was negatively related to bacterial abundance for leaf packs.  

This potentially suggests that competitive interactions may exist between these groups, since 

both consume leaf organic carbon.  This may explain the lack of a relationship between 

shredders and bacteria in macrophytes. Interactions between shredders, organic matter 

decomposition and microbes (bacteria and fungi) are complex.  For example, fungi and bacteria 

convert a portion of detrital organic matter into microbial biomass, transforming the detrital 

substrate into a more nutritious food source for detritus feeders (Barlocher and Kendrick, 1975; 

Suberkropp, 1992). At the same time, shredder fragmentation of the detrital matrix promotes 

microbial activity, increasing available detrital surface for colonisation (Hargrave, 1970; Howe 

and Suberkropp, 1994) and spreading microfungal spores (Rossi, 1985).  

 The results of this study support the expected response of invertebrates to changes in 

habitat type and quality as logging reduces leaf packs and increases primary productivity.  

Typically, headwater streams would lose shredders and gain more scrapers.  However, in warm 

temperate coastal plain systems, collector gatherers may be the dominant consumer of organic 

matter. This may explain the decrease in collector-gatherers with the subsequent increase in 

scrapers.  In addition, scrapers were negatively related to canopy cover, while collector-gatherers 

were positively related. This indicates that collectors may be the more natural feeding group in 

occuring in undisturbed, sandy-bottomed streams.  Since much of the substrate is highly mobile, 

scouring of leaf packs may act as the initial decomposition mechanism, creating smaller particles 

available for collectors, work usually done by shredders. 
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Table 4-1. Multiple regressions for leaf packs averaged over all time periods for the 
observational study. 

Dependent Variable Parameter Estimate SE t P

Size 0.28 0.23 0.05 0.96
Chlorophyll a -17.7 50.4 -0.35 0.72

Bacteria Abundance 0.08 0.14 0.57 0.57
Bacteria Biomass 0.33 0.1 3.2 0.003

FPOM 0.38 0.13 2.9 0.005

Size 0.13 0.14 0.9 0.37
Chlorophyll a -26.8 30.4 -0.88 0.38

Bacteria Abundance 0.05 0.08 0.56 0.58
Bacteria Biomass 0.12 0.06 1.9 0.06

FPOM 0.17 0.08 2.2 0.03

Size 0.86 0.35 2.5 0.02
Chlorophyll a -134.6 76.2 -1.77 0.08

Bacteria Abundance -0.52 0.21 -2.51 0.01
Bacteria Biomass -0.13 0.16 -0.8 0.13

FPOM -0.17 0.2 -0.87 0.39

Size -0.29 0.27 -1.1 0.28
Chlorophyll a 72.2 58.8 1.23 0.22

Bacteria Abundance 0.38 0.16 2.3 0.02
Bacteria Biomass 0.24 0.12 2 0.04

FPOM 0.46 0.15 3 0.005

Invertebrate Abundance (F4,59=15.0, P < 0.0001, R2 = 0.58)

Taxon Richness (F4,59=7.7, P < 0.0001, R2 = 0.42)

Shredders (F4,59=2.0, P = 0.08, R2 = 0.16)

Filterers (F4,59=8.9, P < 0.0001, R2 = 0.45)
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Table 4-2. Multiple regressions for Ludwigia averaged over all time periods for the observational 
study. 

 
Dependent Variable Parameter Estimate SE t P

Size 0.15 0.17 0.9 0.37
Chlorophyll a 20.6 13.9 1.6 0.12
Bacteria Abundance 0.12 0.15 0.17 0.44
Bacteria Biomass -0.04 0.13 -0.28 0.78
FPOM 0.28 0.1 2.8 0.007

Size 0.11 0.08 1.5 0.14
Chlorophyll a 9.7 5.8 1.7 0.1
Bacteria Abundance -0.02 0.07 -0.28 0.78
Bacteria Biomass -0.04 0.06 -0.67 0.51
FPOM 0.08 0.04 1.9 0.06

Size 0.62 0.25 2.5 0.01
Chlorophyll a -42.7 19.3 -2.2 0.03
Bacteria Abundance -0.56 0.22 -2.5 0.01
Bacteria Biomass 0.08 0.2 0.39 0.7
FPOM -0.21 0.15 -1.4 0.16

Size -0.11 0.21 -0.52 0.61
Chlorophyll a 31.9 16.6 1.9 0.06
Bacteria Abundance 0.35 0.19 1.8 0.07
Bacteria Biomass -0.17 0.17 -0.99 0.33
FPOM 0.29 0.12 2.3 0.02

Size 0.25 0.21 1.22 0.23
Chlorophyll a -46 15.9 -2.9 0.005
Bacteria Abundance -0.29 0.18 -1.57 0.11
Bacteria Biomass 0.25 0.16 1.55 0.13
FPOM -0.29 0.12 -2.4 0.02

Filterers (F4,63=2.9, P = 0.02, R2 = 0.20)

Collector-gatherers (F4,63=4.5, P = 0.002, R2 = 0.28)

Invertebrate Abundance (F4,61=3.5, P = 0.008, R2 = 0.24)

Taxon Richness (F4,63=2.7, P = 0.03, R2 = 0.19)

Scrapers (F4,63=2.6, P = 0.04, R2 = 0.20)
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Table 4-3. Multiple regressions for the field experiment averaged over all treatments for each 
invertebrate metric. 

 
Dependent Variable Parameter Estimate SE t P

CPOM 0.45 0.15 3.6 0.0004
FPOM -0.99 0.5 -2 0.04
Velocity 5.9 1.52 3.9 0.0001

Canopy Cover 0.67 0.11 6.1 <0.0001
Oxygen -0.52 0.35 -1.5 0.14

CPOM 0.48 0.19 2.5 0.01
FPOM -0.28 0.63 -0.45 0.65
Velocity 8.6 1.92 4.45 <0.0001

Canopy Cover 0.12 0.14 0.84 0.4
Oxygen -0.07 0.44 -0.15 0.88

CPOM -0.03 0.24 -0.14 0.89
FPOM 0.29 0.78 0.37 0.71
Velocity 5.02 2.41 2.08 0.04

Canopy Cover -0.87 0.17 -5.05 <0.0001
Oxygen -0.25 0.55 -0.45 0.65

CPOM 0.32 0.19 1.65 0.1
FPOM 2.22 0.62 3.57 0.0004
Velocity -0.39 1.91 -0.21 0.84

Canopy Cover -0.09 0.14 -0.68 0.5
Oxygen 1 0.43 2.3 0.02

CPOM 0.01 0.1 0.12 0.9
FPOM -1.18 0.33 -3.58 0.0004

Velocity -0.55 1.02 -0.55 0.59
Canopy Cover 0.46 0.07 6.3 <0.0001

Oxygen -0.26 0.23 -1.12 0.26

Filterers (F5,255=6.9, P < 0.0001, R2 = 0.12)

Collector-gatherers (F5,255=11.0, P < 0.0001, R2 = 0.18)

Invertebrate Abundance (F5,255=15.0, P < 0.001, R2 = 0.23)

Taxon Richness (F5,255=6.2, P < 0.0001, R2 = 0.11)

Scrapers (F5,255=6.1, P < 0.0001, R2 = 0.11)
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Figure 4-1.  Total biomass of chlorophyll a (mg) (± SE) in each patch type.  
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Figure 4-2.  Total number of bacterial cells (1 X 106) (± SE) in each patch type. 
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Figure 4-3.  Bacterial biomass (pg C/cm3) (± SE) in each patch type.  
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Figure 4-4.  Number of bacterial cells per cm3 (1 X 106) (± SE) in each patch type. 
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Figure 4-5.  Chlorophyll a biomass (mg/cm3) (± SE) in each patch type. 
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Figure 4-6.  Volume-weighted taxon richness (Taxa/cm3) (± SE) in each patch type. 
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Figure 4-7.  Volume weighted invertebrate density (Individuals/cm3) (± SE) in each patch type. 
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Figure 4-8.  Proportion of filtering invertebrates (± SE) in each patch type. 

 

 

 

 

 

 

 

 

 

 

 



 

135 

0

0.05

0.1

0.15

0.2

0.25

0.3

0.35

0.4

0.45

Pinus Liriodendron Quercus

P
ro

p
o

rt
io

n
 L

ea
f 

M
as

s 
L

o
ss

Day 7

Day 15 Disturbed

Day 15 Undisturbed

 
 
Figure 4-9.  Proportion of leaf mass decomposed (± SE) in relation to patch type and disturbance. 
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Figure 4-10.  Amount of leaf mass decomposed (g) (± SE) in relation to initial patch mass. 
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Figure 4-11.  CPOM trapped in patches (± SE) in relation to patch size. 
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Figure 4-12.  Average amount of coarse particulate organic matter (g) (± SE) trapped in each  

patch type. 
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Figure 4-13.  Average amount of coarse particulate organic matter (g) (± SE) trapped in patches 

by disturbance type. 
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Figure 4-14.  Average amount of fine particulate organic matter (g) (± SE) trapped in each  patch 

based on disturbance. 
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Figure 4-15.  Average amount of fine particulate organic matter (g) (± SE) trapped in each  patch 

type. 
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Figure 4-16.  Average number of invertebrate individuals (± SE) in each  patch type. 
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Figure 4-17.  Average number of invertebrate individuals (± SE) in each  patch based on initial 

patch mass. 
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Figure 4-18.  Average number of taxa (± SE) in each  patch in relation to initial patch mass. 
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Figure 4-19.  Proportion of scrapers (± SE) in each patch based on initial patch mass. 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 



 

146 

0

0.005

0.01

0.015

0.02

0.025

0.03

1 2 4

Mass

P
ro

p
o

rt
io

n
 S

h
re

d
d

er
s

 
 
Figure 4-20.  Proportion of shredders (± SE) in each patch based on initial patch mass. 
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Figure 4-21.  Proportion of shredders (± SE) in each patch based on patch type and disturbance. 
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Figue 4-22.  Proportion of filterers (± SE) in each patch based on initial patch mass. 
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Figure 4-23.  Proportion of filterers (± SE) in each patch type. 

 

 

 

 

 

 

 

 

 

 

 



 

150 

0

0.1

0.2

0.3

0.4

0.5

0.6

0.7

Pinus Liriodendron Ludwigia Quercus

Mass

P
ro

p
o

rt
io

n
 C

o
ll

ec
to

r-
G

at
h

er
er

s

 
 
Figure 4-24.  Proportion of collector-gatherers (± SE) in each patch type. 
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CHAPTER 5 
HABITAT SELECTION IN FRAGMENTED LANDSCAPES: COMPARING GENERALISTS 

TO SPECIALISTS  

Introduction 

Dispersal of individuals relative to patch variability has important implications for 

ecological processes, including population dispersal and redistribution, local population and 

metapopulation dynamics, and intensity of species’ interactions (Hanksi, 1998; Gilliam and 

Fraser 2001). Habitat patch arrangement, amount, and perimeter:area ratio (e.g., edge) strongly 

influence both community structure and interpatch dispersal both in terrestrial and aquatic 

systems (Wiens, 1997; Pither and Taylor, 1998; Hanski, 1999; McIntyre and Wiens, 1999; 

Jonsen and Taylor, 2000; Palmer, 2000).  The importance of patches, and especially isolation 

between patches, depends on  dispersal ability of focal organism(s) (Kareiva andWennergren, 

1995).   

Since invertebrates respond to patches at a smaller scale than other groups, they are an 

ideal model group for testing hypotheses related to habitat fragmentation (Bowne and Bowers, 

2004).  For instance, insects residing in patchy habitats display higher density when resources are 

dispersed among many small patches as opposed to large, aggregated patches (Hanski, 1994; 

Remer, 1998; Roitberg, 1997; Heard, 1998; Silver, 2004a).  In this way, habitat connectivity 

increases with increased habitat fragmentation (Tischendorf and Fahrig, 2000).   

Both natural and anthropogenic forces leading to habitat loss and fragmentation have 

been considered in debates over the relative importance of habitat amount versus arrangement in 

determining community response to habitat fragmentation (Sih, 2000).  Flather (2002) argued 

that habitat amount is a more plausible explanation for population size, but arrangement becomes 

important when total habitat cover declines to ~ 30-50 %, emphasizing the need to study 

processes over a range of total cover.  Additionally, patches may be highly dynamic, changing in 
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shape and size over time (Pickett and Thompson, 1978) in response to disturbance and 

succession.   

Movement is a primary factor determining the effect of spatial heterogeneity on 

ecological processes (Diffendorfer et al., 2000).  Movement and dispersal provide escape from 

competitors, predators and parasites. Risks associated with dispersal include increased mortality 

due to predation and an inability to find suitable sites (Bilton et al., 2001).  Interactions between 

dispersal and landscape structure determine the ability of an organism to move through the 

landscape (Merriam, 1984).  Thus, the colonization rate of new patches by individuals is 

influenced by emigration rate, mean dispersal distance relative to patch distance, mortality 

incurred during dispersal, and mean number of potential dispersers (Johnst, 2002).  The idea that 

animal movement and dispersal occur as a result of behavioral choices made in response to 

environmental heterogeneity across spatial and temporal scales emphasizes the importance of 

linking behavioral and landscape ecology (Lima and Zollner, 1996). 

Studies of movement across heterogenous landscapes are necessary to determine impacts 

of habitat loss for management and conservation (Olden et al., 2004).  Movement patterns in the 

landscape are central to connectivity, patch and boundary dynamics, spread of disturbances, 

source-sink and metapopulation dynamics (Ims, 1995).  Dispersal is considered active when 

attributed to behavioral decisions and passive when due to displacement. Biased flow in streams 

emphasizes the importance of both passive and active dispersal.  Movement of an individual 

through a heterogeneous landscape is influenced by a number of abiotic (flow, temperature, light 

levels) and biotic cues (food, predation risk).  Movement between patches also depends on the 

proportion of different habitat types, as well as spatial configuration of the landscape (Moilanen 

and Hanski, 1998).  Connectivity within a landscape depends on the spatial configuration of 
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patches and movement patterns of the organism.  Thus, connectivity based on movement links 

behavior and landscape structure (Goodwin and Fahrig, 2002).   

Movement of invertebrates in streams is influenced by available habitat amount and type 

(e.g., Palmer, 2000).  In many cases, leaf packs and macrophytes share similar 

macroinvertebrates, including Ephemeroptera, Chironomidae, Trichoptera, and Simuliidae 

(Velasquez, 2003), making them useful for studying movement across different patch types.  

However, they differ in the composition of other invertebrate fauna, suggesting that these patch 

types are somewhat unique.  Interpatch movement and ability to find patches of suitable quality 

are key factors influencing species persistence.  The ability of dispersing invertebrates to find 

and settle in patches may be influenced by patch quality (Palmer, 1996) and physical 

arrangement of patches on the stream bed (Silver, 2000). 

The goal of this study was to determine implications of changing habitat availability and 

type on invertebrate movement, focusing specifically on how patch type and amount affect 

habitat selection. I hypothesized that reduction of available patches and increased isolation will 

negatively affect the ability of habitat specialists to locate patches.  Additionally, habitat 

specialists should be more efficient at finding the next patch and will follow a relatively straight 

path to it, while habitat generalists will choose a random, tortuous path.    

Materials and Methods 

Study Organisms 

The habitat specialist, Anisocentropus pyraloides (Trichoptera: Calamoceratidae) is a 

slow-moving detritivore that inhabits small streams flowing through deciduous forest throughout 

the eastern U.S. (Wiggins, 1996). Larvae construct notched, oblong cases made of two leaves 

sealed together with silk.  Additionally, its diet consists primarily of organic matter and thus 

depends on leaf packs for food and its case. This species is semivoltine and emerges in the spring 
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(Wiggins, 1996).  Although dorso-ventrally flattened, the case likely creates drag while the 

organism is crawling over the streambed.   

The habitat generalist used in experiments was the snail, Elimia sp.(Gastropoda: 

Pleuroceridae), which commonly occurs in all landscape units including macrophytes, leaf packs, 

and the sandy matrix (personal observation, Chapter 4).  This genus occurs throughout the 

southern U.S. and is abundant in the study streams, with densities as high as 25 individuals/m2. 

Elimia produces more than one generation per year and is parthenogenic, which contributes to its 

abundance in the streams (Viera et al., 2006).  Elimia is conical, limiting its drag as it moves 

across the streambed.    

Behavioral Observations 

The effects of habitat type and amount on movement were examined using short-term 

behavioral exeriments within the stream.  During the experiment, conditions were consistent with 

average conditions thoughout the stream. Over the seven day period, average water temperature 

was 18.5º C, velocity was 0.13 cm/s, and canopy cover was 79 %.  Leaf packs (Liriodendron 

tulipifera) and macrophytes (Ludwigia repens) were collected as described in Chapter 4.  Habitat 

mosaics were created in a 5 m2 section of the channel in watershed C by adding leaf 

packs:macrophytes at 1:0, 1:1, or 0:1 ratios, with total percent cover of 10, 30 and 50 percent of 

the entire landscape (Fig. 1).  Macrophytes and leaf packs were arranged randomly since effects 

of patch configuration were not being addressed. Each leaf pack or macrophyte patch had a 

surface area of 16 cm2.  The sediment in the selected reach was raked to a depth of 0.75 m to 

remove organic matter and invertebrates, then was smoothed to create a landscape completely 

dominated by sand.  A 3 X 3 grid composed of colored nylon was attached to pvc pipes at the 

perimeter of the landscape and was placed 15 cm above the water as a reference point for 
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movement distances. A drift net was placed at the end of the landscape to trap emigrating 

individuals.   

Experimental organisms were collected from the stream each morning from the 

streambed and naturally occuring leaf packs.  Individuals were placed in separate flow-through 

trays and allowed to acclimate to the stream reach for at least an hour.  A video camera was set 

up on a tripod to record movement of individuals.  During each trial, individuals were placed at 

the center of the landscape, facing downstream.  Behavior was recorded for 30 minutes, with the 

observer leaving the reach while trials were occuring.  After 30 minutes, the length and width of 

each individual was measured, removed from the landscape, and released downstream.  On 

average, Anisocentropus individuals were 4.2 cm long (± 0.2 SE) and 2 cm wide (± 0.1 SE), 

while Elimia individuals were 4.3 cm long (± 0.1 SE) and 1.7 cm wide (± 0.1 SE).  No individual 

was used more than once, and trials were repeated for at least four individuals (more for Elimia 

due to availability). After each trial, the streambed was gently scoured to remove any traces of 

the individual path.  Trials were run between 7 AM and 4 PM daily for a period of seven days 

beginning 7 March, 2007.  The grid was left in place each night, and pvc pipes were inserted into 

the streambed as placeholders for the tripod.     

Videos were digitized and manually analyzed on a computer screen with coordinates 

(x,y) recorded every 10 s to determine movement parameters.  For each path, total path length, 

correlations between turning angles, mean cosine of turning angle, mean path length, and net 

squared displacement were calculated to assess distance covered (Turchin et al.1991).  The 

above parameters were used for correlated random walk models, which are useful for making 

inter-specific comparisons (Kareiva and Shigesada 1983; Cain 1985; Crist et al.1992).  Each path 
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was compared to the correlated random walk model of Nams and Bourgeois (2004) by 

calculating Rdiff: 
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where E(R2
n) is the expected net squared displacement (Kareiva and Shigesada 1983), n is the 

number of moves, and R2
n is the mean net squared displacement.  Positive values of Rdiff 

indicate that the path is longer than predicted by correlated random walk models and negative 

values indicate shorter paths. 

An individual’s overall rate of movement across a landscape is contingent upon its 

tendency to move (or remain sedentary), movement velocity, and path tortuosity (Russell et 

al.2003). Tortuosity of movement was assessed by calculating the fractal dimension (D) of each 

movement path, whereby estimates near 1 indicate highly linear movement and near 2 suggest 

approximate Brownian (plane-filling) movement (Hastings and Sugihara 1993). Fractal 

dimensions were estimated with Fractal 4.0 software 

(http://www.nsac.ns.ca/envsci/staff/vnams/Fractal.htm). The fractal mean method was used, 

which is based on the traditional dividers method (Mandelbrot 1967, Sugihara and May 1990), 

but corrects for estimation errors created when the last divider step does not fall exactly on the 

end of the path (Nams and Bourgeois 2004). Fractal dimensions were estimated based on the 

entire recorded movement path of each individual. Paths of four moves or less were not used in 

the analyses because estimates of their fractal dimension sometimes fell below the theoretical 

limit of 1.  

To test whether the above movement behaviors differed among habitats, ANOVA was 

used after normalizing the data.  Where significant effects were observed, differences among 
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treatment–factor combinations were tested using post hoc Tukey’s honest significant difference 

(HSD) tests (α = 0.05). 

Colonization  

 Habitat selection based on patch amount and type was examined in a short term 

colonization study.  Microlandscapes were created along an ~75 m stretch of stream, separated 

by at least 3 m.  Landscapes were the same as those used in the short-term behavioral 

experiment, but were half the size (45.7 cm W X 50.8 cm L), and were replicated three times in a 

randomized block using each replicate as a block.  Prior to creation of the landscape, the 

streambed was raked to 0.5 m to remove any apparent organic matter or habitat and allowed to 

settle for four hours.  Drift nets were placed at the end of the landscape to trap emigrating 

invertebrates.  Macrophyte and leaf patches were anchored to the sediment in the appropriate 

configuration (Fig. 1).   

 Invertebrates for the experiment were collected from the streambed and, leaf packs and 

lengths of individuals were measured.  Due to low abundance of Anisocentropus, only one 

individual was used for each replicate, however, six individuals of Elimia were used.  The shell 

or case of the individual was blotted dry and marked with a drop of paint and the number of 

landscape (from 1 to 27).  Individuals were released at the center of the landscape after the paint 

dried (~ 5 minutes).  After 24 hours, all patches were collected and placed in individually 

labelled bags.  Velocity was measured at the upstream and downstream end of the landscape with 

a Flomate 2000 (Marsh McBirney).  In addition, drift nets were collected and any marked 

individuals in the matrix (sand) were collected. A surber sample was also taken from the 

landscape to determine recolonization by other invertebrates.   
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Results 

Movement 

Anisocentropus 

 Mean step length did not differ for any of the microlandscapes, averaging 0.7 cm (± 0.3 

SE) per step. Deviation from the correlated random walk between the leaf species depended on 

amount of patch cover (F4,37 = 3.1, P = 0.03) (Fig. 2).  Paths became more random (closer to the 

CRW) with increased cover for single species landscapes, but were shorter than a CRW for 

mixed landscapes. The probability of turning in the same direction differed by leaf type, but 

depended on total amount of cover (F4,37 = 4.6, P = 0.004).  This parameter increased with 

increasing cover in Ludwigia dominated landscapes, but decreased in mixed landscapes (Fig. 3).  

Correlation between adjacent angles differed by leaf type, but depended on total amount of cover 

(F4,37 = 2.6, P = 0.04).  In general, correlations between angles were negative, but became more 

negative with increasing cover in mixed landscapes (Fig. 4).  Net squared displacement differed 

by leaf type, but depended on total amount of cover (F4,37 = 4.5, P = 0.004). Displacement 

increased with increasing cover in Liriodendron dominated landscapes, but decreased in mixed 

landscapes (Fig. 5).  Mean D did not differ between leaf species or percent of habitat cover, 

averaging 1.15 (± 0.02 SE).  

Elimia 

 Changes in mean step length for leaf species depended on percent cover in the landscape 

(F4,39 = 3.7, P = 0.01).  Step length increased with increasing cover in Liriodendron landscapes 

from 0.1 cm to 0.7 cm per step. It was higher in Ludwigia landscapes with 30 % cover, 

increasing from 0.5 to 0.8 cm (Fig. 6). Deviation from CRW differed between leaf types (F2,38 = 

4.4, P = 0.02) and total amount of cover (F2,38 = 4.8, P = 0.01). In general, paths were greater 

than expected by CRW at 20 % cover, with the lowest values in Liriodendron (Fig. 7).  The 
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mean cosine differed between the percent cover treatments, but depended on leaf type (F4,39 = 

3.4, P = 0.01). Probability of turning in the same direction did not differ between treatments and 

ranged from 0.25 to 0.45.  Correlation between adjacent angles did not differ between treatments, 

and ranged between 0.5 and -0.5.  Net squared displacement did not differ between any of the 

landscapes and ranged from 50 to 780 cm. Mean D did not differ between leaf species or percent 

of habitat cover and averaged 1.03 (± 0.004 SE).   

Colonization 

 Neither effects of patch type or amount significantly influenced the probability of Elimia 

or Anisocentropus staying in the microlandscape.  However, general trends existed, indicating 

that the amount of cover affects the likelihood of these species remaining in the landscape.  Both 

invertebrate species were less likely to leave the landscape as the proportion of cover increased 

in mixed habitats.  The proportion of Elimia leaving the landscape decreased from 90 % to 40 % 

with increasing cover.  The proportion of Anisocentropus leaving the landscape decreased with 

increasing cover in all patch types, and no individuals left the landscape in the mixed species 

treatment with 30 % cover. 

Discussion 

Habitat fragmentation is typically viewed at a scale of kilometers; however, the scale at 

which fragmentation alters local population dynamics likely lies at a much smaller scale, 

particularly for invertebrates.  This is one of a few studies to examine individual movement 

patterns of aquatic invertebrates in response to patch structure (Olden 2004, Lancaster 2006; 

Drew and Eggleston, 2006).  In logged streams, the amount of habitat may be more important 

than spatial configuration since reduced canopy cover limits overall leaf inputs.  In the study 

streams, invertebrate communities differed greatly between four adjacent streams, suggesting 
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effects of local filters on invertebrate communities.  Thus, the quality of the riparian and 

availability of instream habitat create a filter to limit presence of certain species.   

Results from this study support the idea that instream habitat availability controls small 

scale community composition.  The habitat specialist, Anisocentropus, left landscapes without 

preferred leaf litter habitat.  In streams with little organic matter storage, this species may be 

driven locally extirpated.  Although it may be supported where riparian zones are left 

undisturbed, this species prefers small streams and may be driven out of entire headwater 

streams if they are logged along their length. 

Logging limits the amount and quality of habitat available for aquatic invertebrates in 

streams. This is accomplished by reducing leaf fall, as well as through an increase in peak flow 

with increasing surface runoff (Beasley and Granillo, 1982; Williams et al., 1999; McBroom et 

al., 2002; Grace et al., 2003).  Thus, any leaf fall that does reach the stream is easily washed 

downstream during storm events.   

The results of this study suggest that increased habitat cover decreases emigration rates, 

regardless of habitat configuration.  Very few Anisocentropus individuals were able to colonize 

patches successfully, but when successful, they remained there for the duration of the trial.  This 

suggests that, although small, patches were able to be used as refugia from flow and exposure.  

Both Elimia and Anisocentropus were likely to remain in the microlandscapes with 30% cover.   

Changes in landscape structure, such as reduction of the proportion of one or more patch 

types or increased patch isolation, will alter the ability of organisms to disperse (Merriam 1984; 

Fahrig and Merriam 1985). Species that can not disperse effectively as a result of a change in 

structure will suffer reductions in regional population sizes (Fahrig and Merriam 1994).  As a 

result, relative abundances of Anisocentropus decreased in treatment watersheds following 
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harvest.  In addition to decreased food availability with increasing isolation, availability of 

refugia decreases.  Landscapes in this study were in a particularly inhospitable matrix of sand, 

with little heterogeneity.  In addition, Anisocentropus individuals were commonly displaced 

from the streambed in landscapes with low or no habitat available.     

Habitat loss may also lead to more time being expended searching for suitable habitats, 

potentially contributing to lowered survival rates and decreased fecundity.  Correlation between 

turning angles was always negative for Anisocentropus, leading to a wobbly path.  It was a 

clumsy crawler and appeared to have limited capacity for crawling over a sand dominated 

streambed with little structure to cling to. Thus, it is likely this species is washed downstream 

easily during storm events.  However, this increased with increasing cover in mixed landscapes, 

suggesting a search strategy.   

Elimia took larger steps with increasing amount of cover in the microlandscape.  This 

may be related to the perceptual range of the organism, as it may not perceive patches as habitat 

when they are farther apart as in the 10 percent cover treatment.  This suggests that the scale of 

the study may be larger than the scale of perceived habitat, but potentially defines this scale as 

lying between the isolation found in the 10 and 30 percent cover treatments.  

Perceptual range differs greatly among species (Zollner, 2000), regarding the ability of 

the species to visualize a three dimensional landscape, and it ultimately determines the 

individual’s movement behavior, search strategy, and response to fragmentation (Lima and 

Zollner, 1996; With and Crist, 1996).  However, perceptual range may be dynamic even for 

individuals of the same species and it changes with environmental conditions, such as flow 

variability in streams. For example, downstream flow bias may increase perceptual distance to an 

upstream patch, increasing isolation (Olden, 2004).  However, in general, increased habitat 
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amount lengthens the time spent within the landscape and may provide protection from scouring 

and predators.      

Although habitat amount was a good predictor of emigration rates and movement rates, 

habitat heterogeneity also played a role.  Anisocentropus remained in landscapes longer when 

both macrophytes and leaf packs were available, suggesting that habitat diversity leads to higher 

abundances.  Bronmark (1985) found that freshwater snails were more diverse in ponds with 

more macrophyte species, reflecting the presence of different niches and refugia from predators.  

In larger, agricultural landscapes, Jonsen and Fahrig (1997) found that more species and 

individuals colonized landscapes with higher diversity.  This suggests a scale-independent 

relationship between the probability of colonization and diversity of patches in a landscape.  The 

latter increases the number of potential refuges and resources available in a landscape. However, 

I did not expect  this to act at a scale independent of resources.  Anisocentropus was more likely 

to remain within the microlandscape in the presence of Ludwigia.  This suggests a preference for 

this habitat, possibly due to increased three dimensional area and protection from flow provided 

from Ludwigia.   

In streams, even species considered specialists may display flexibility in feeding 

preferences.  Thus, both species considered to be generalists and specialists may be able to 

supplement their diet with alternative food sources, enhancing the actual connectivity of the 

landscape in contrast to the perceived connectivity (Dunning et al., 1992). Additionally, 

Ludwigia traps organic matter faster than newly formed leaf packs (Chapter 4), creating a higher 

quality resource.  Thus, macrophytes may provide adequate resoures for dispersing detritivores 

living in patchy landscapes. 
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Upstream movement has been proposed as one part of the solution to the drift paradox, 

whereby species need to recolonize upstream habitats to account for downstream drift.  

Displacement along the longitudinal axis is of particular interest to stream ecologists, partly 

because of its relevance to concepts such as Muller’s colonisation cycle and the paradox of 

upstream– downstream movement (e.g., Muller, 1982; Hershey et al., 1993; Anholt, 1995). In 

essence, there needs to be a balance between downstream movement (both passive and active) 

and upstream migration by larvae and adults to maintain position in suitable stream habitats (e.g., 

Elliott, 1971b; Soderstrom, 1987).  In this study, most Elimia individuals (90 %) moved 

upstream, regardless of landscape type,  suggesting that this is a compensation mechanism for 

potential disturbances such as floods. However, Anisocentropus did not exhibit a significant 

displacement direction.  Although this species spent much of its time attempting to move 

upstream, the shape of its case made it susceptible to downstream drift.  

 Field studies of up- versus downstream movement of individually marked invertebrates 

(i.e. at larger spatial and temporal scales than this study) provide contrasting results with regard 

to directional movement. Among cased caddisflies, Jackson et al.(1999) recorded no directional 

bias in net displacement at low discharge, but there was a downstream bias at higher discharges; 

Erman (1986) reported some seasonal dependence but, generally, a net downstream 

displacement. However, Hart and Resh (1980) reported no bias in net displacement direction, but 

did not report displacement distance along the longitudinal axis. As in this study, upstream 

displacement occurs commonly in snails (Schneider and Lyons, 1993; Huryn and Denny, 1997). 

Although species capable of upstream flight, such as stoneflies, tend to move downstream 

(Freilich, 1999). 
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Clearly, multiple factors can influence displacement at the stream scale (e.g., body shape, 

temperature, discharge, life history stage and food availability), and generalizations are difficult.  

Although discharge remained fairly unifrom during this study, there is strong evidence from 

other studies suggesting that discharge is a primary determinant of movement rates and direction 

(Olden, 2004; Lancaster, 2006).  Thus, response to landscape structure may differ between 

logged and unlogged streams. 

Studies attempting to understand the role of patch structure and arrangement in streams 

lag far behind those in terrestrial systems. However, it has become clear that both spatial 

arrangement and habitat amount are determinants of community structure stemming from 

changes in emigration and immigration rates (Palmer, 2000; Olden, 2004; Lancaster, 2006; 

Olden, 2007).  Additional studies are needed to determine if generalities exist in streams, 

including long-term mark-recapture studies across life stages.  Aquatic invertebrates are unique 

in that they spend their larval period in the water and their adult stages on land.  Thus, dispersal 

studies will need to account for small scale movements in streams as well as the response of 

adults to spatial structure in the terrestrial landscape.  Clearcut watersheds may limit this 

dispersal, creating streams that act as isolated islands.  This is particularly important in 

headwater streams since some species are dependent on specicific environmental conditions only 

available in small, forested headwater systems (Lowe, 2002; Meyer et al., 2007).    
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Figure 5-1.  Microlandscape designs used in the behavioral and colonization experiments.  

Liriodendron leaf packs (brown squares) and Ludwigia macrophyte patches at A) 10 , 
B) 20, and C) 30 percent cover. The same configuration was used for landscapes with 
a single patch type. 
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Figure 5-2.  Average deviation from a correlated random walk (± SE) (CRW) (Rdiff) for 

Anisocentropus. 
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Figure 5-3.  Average probability (± SE) of each turn being in the same direction for 

Anisocentropus. 
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Figure 5-4.  Average correlation (± SE) between turning angles for Anisocentropus. 
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Figure 5-5.  Average net squared displacement (± SE) of Anisocentropus in microlandscapes. 
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Figure 5-6.  Mean step length (± SE) in each landscape for Elimia. 
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Figure 5-7.  Average deviation (± SE) from a correlated random walk (Rdiff) for Elimia. 
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CHAPTER 6 
CONCLUSIONS 

Best management practices for forestry in the U.S. clearly depend on the geographic 

region under review.  For example, coastal plain streams in the southern U.S. are 

characteristically low-gradient, sandy-bottomed systems with dynamically changing instream 

habitat.  In contrast, those managed for forestry in the western U.S. are typically high-gradient 

montane streams with high habitat and substrate diversity and are susceptible to mass-wasting as 

vegetation removal reduces bank stability.  Although forestry practices in the Northwest can lead 

to drastic reductions in water quality, evidence from the coastal plain indicates limited changes 

in water quality and biotic diversity in streams impacted by logging, as long as stream 

management zones are left intact.   

 Although there were few changes in biotic community structure following logging, this 

does not discount use of aquatic invertebrates as indicators of water quality.  Many biotic indices 

weigh heavily upon the use of EPTs (Ephemeroptera, Plecoptera, and Trichoptera) in their 

formation (e.g., Lenat, 1993).  However, logging ultimately increases primary productivity in 

streams, leading to higher densities of Baetid/Leptophlebiid ephemeropterans (Chapter 3; Stone 

and Wallace, 1998).  As a result, the FLSCI biotic index is inflated, suggesting an increase in 

water quality with logging.  One short-coming of local management organizations is the long-

term fascination with EPTs, sometimes leading to redundant use of this group by utilizing 

metrics on the number of EPT taxa, % EPT, number of Trichoptera, and number of 

Ephemeroptera, to name a few (e.g., Maxted et al., 2000).   

 As an alternative, use of biological traits has recently been advocated as a potential tool 

for assessing aquatic ecosystems by academia and the federal government (Poff et al., 2006).  

Biological traits are more informative indicators of ecosystem function than are changes in 



 

173 

abundance of individual species, and they are expected to change across a gradient of 

anthropogenic and natural disturbances (Charvet et al., 2000; Dole´dec et al., 1999; Statzner et 

al., 2001). Additionally, biological traits are regulated at a hierarchy of scales, with 

environmental filters (e.g., climate and geology) creating a template for traits present in a 

specific region (Townsend and Hildrew, 1994; Poff, 1997). Thus, a subset of traits is expected to 

respond to disturbances within a certain region.  In the logged streams, traits were consistent 

with changes in the stream and were represented by species preferring algae and organic matter 

in the water column, as well as those preferring to live in sandy habitat, reflecting reduction in 

other habitat types (e.g., leaf litter). 

 The ability of the Florida Stream Condition Index to indicate the impacts of drought 

effectively, but not forestry impacts, emphasizes the need to incorporate natural disturbances into 

bioassessment programs. Most programs determine the condition of streams based on a single 

sample.  Even when multiple sampling time periods are included, they typically are 3-4 years 

apart and occur in different locations than the first sample, since many large scale surveys are 

probability based (Stoddard et al., 2005).  Thus, predictive models need to be developed based 

on current environmental conditions in the region as compared to historical conditions (e.g., 

amount of precipitation).  The standardized precipitation index was a good indicator of changes 

in water quality and thus could be incorporated into such a model.     

 Another confounding feature for predicting impacts of logging was related to habitat 

availability and quality.  Logged streams were colonized by the macrophyte, Ludwigia repens, 

which was able to support higher densities and a more diverse invertebrate community. This was 

accomplished through the stability provided by this habitat and its role in trapping organic matter 

as compared to less stable leaf packs.  Trapping of organic matter creates patches similar to 
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debris dams, and the addition of this habitat was preferred to landscapes with only leaf packs by 

a specialist detritivore (Anisocentropus pyraloides). This situation may be unique to coastal plain 

streams, where fine substrate is often entrained in storm events, creating a dynamically changing 

landscape. This is in stark contrast to mountain streams with higher substrate diversity and 

stability in the form of boulders and cobble. 

 Testing of any best management practice ultimately requires an understanding of 

mechanisms behind changes in stream communities, as well as long-term monitoring data.  

Results from this study provide information on the mechanisms leading to apparent improved 

water quality in streams impacted by logging.  Thus, additional effort should be placed on 

developing assessments specific to coastal plain streams, since most are based upon expected 

habitat diversity and channel structure found in Piedmont streams.      
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	Riparian zones filter nutrients, sediment, and provide food and habitat for terrestrial and aquatic organisms.  Georgia’s forestry practices were evaluated in coastal plain streams by manipulating harvest regimes in headwater streams.  Macroinvertebrate and their food sources were sampled before and after harvest. 
	A drought occurring prior to the study degraded streams, depressing invertebrate abundance and diversity.  A core set of species appeared immediately following drought, displaying short life cycles and resistance to desiccation, allowing for rapid recovery from disturbance. Communities shifted from small, sclerotized individuals abundant in drift, to those that were larger, soft-bodied, and rare in drift, indicating more favorable habitat.
	In response to harvest, communities shifted from detritivores to herbivores, following shifts in food availability from organic matter to algae and macrophytes.  This was most apparent immediately following harvest and followed a trajectory of recovery over the next four years.  Interestingly, multimetric indices of water quality based on macroinvertebrates suggested more favorable conditions in the most disturbed treatment.  This relates to increases in food quality, due to an increase in algae and macrophytes, and a decrease in C:N ratios in terrestrially derived leaves.  However, invertebrates in the thinned SMZ were represented by species preferring to live in sand, highlighting the increased isolation of patches apparent in these reaches.    
	At the microhabitat scale, macrophyte patches were more complex, stable, and trapped higher quantities of organic matter; attracting more diverse invertebrate communities than leaf packs.  Shredders were more common in large leaf packs and scrapers more common in large macrophytes.  This reflected the higher biomass of chlorophyll a in macrophytes and bacteria in leaf packs.  This was supported during a behavioral study utilizing a habitat specialist and generalist where the availability of both macrophytes and leaf packs was preferred by both groups and decreased emigration rates from landscapes.  Increased diversity of habitats created by harvest potentially balanced the effects of habitat fragmentation and isolation.  
	Evidence from this study indicates that properly managed riparian zones effectively maintain water quality in small coastal plain streams.  However, managers should consider the consequences of reducing habitat specialists and its potential effects on food-web structure.
	CHAPTER 1
	INTRODUCTION
	Overview of forestry practices in southeastern U.S.

	Managed forests practices comprise a significant land area within the U.S., thus their proper management has broad scale consequences for biodiversity and ecosystem functions. Previous disregard for these ecosystems resulted in loss of nearly 120 million hectares of forested land in the U.S. from 1630-2005, of which 40 million was lost in the southeastern U.S. (Alvarez, 2007).  Currently, approximately 59 % of land in the southeastern U. S. is forested, with 98% managed for timber (Alvarez, 2007), representing more than 10% of timberland in the U.S.  In Georgia alone, there are 9.5 million hectares of commercial forest land, comprising an area covering nearly 67% of the state (Georgia Forestry Commission, 1999).  Additionally, the Coastal Plain is extremely productive, with the fastest pine growth rates in the country, thus attracting forestry operations. (Demmon, 1951).
	Historically, logging has occurred along rivers and streams, in part to facilitate downstream transport of timber, with little regard for preserving stream habitat or biota.  However, following enactment of the Clean Water Act in 1972, land managers recognized the importance of protecting water quality.  In recent years, nonpoint-source (NPS) pollution has become one of the greatest threats to U.S. water quality as point sources were eliminated or controlled (USEPA, 2003). Silviculture accounts for 5,900 km of impaired rivers and streams in the U.S. and is ranked 9th of the 10 leading sources of nonpoint pollution of rivers and streams in the South (West, 2002). Currently, two percent of all assessed stream kilometers (7% of all impaired kilometers) are considered degraded through forestry activities (US EPA, 2000).  In addition, 53 % of the freshwater supply, originates on forestlands (e.g., headwaters) (Alvarez, 2007), and proper management strategies are necessary to protect local and downstream water quality. 
	Buffer Zones and Aquatic Ecosystems
	Buffer Zones and Water Quality


	Riparian buffer zones (streamside management zones) are forested areas along streams meant to protect biotic integrity and water quality.  Riparian zones act as important ecotones for aquatic systems, providing food for aquatic (e.g., organic matter and terrestrial insects) and terrestrial organisms (e.g., emerging aquatic adults) (Nakano et al., 1999), shading, temperature regulation, and woody debris; providing the basis for invertebrate community structure (Kiffney et al., 2003). Small headwater streams are closely linked to the riparian zone since they are relatively narrow and shaded by forest canopy (Cummins, 1974; Hynes, 1975; Vannote, 1980; Moore and Richardson, 2003).  They account for 70-80 % of total watershed area in the U.S. and export organic matter (OM), sediment, prey items, and nutrients downstream (Meyer and Wallace, 2001; Kiffney et al., 2003).
	Logging and thinning of vegetation in the riparian zone reduce detrital input to streams over time.  The extent of this reduction is influenced by the remaining canopy cover in the riparian buffer zone.  Decreased canopy cover leads to increased light and temperature (e.g., Swift and Messer, 1971) in stream channels, and may increase primary productivity, shifting production from heterotrophic to autotrophic processes (Hartman and Scrivener,1990; Fuchs et al., 2003). In faster high gradient streams this process leads to dominance by algal communities, while in low-gradient, coastal plain streams it results in a mix of macrophyte and algal growth (Noel et al., 1986; Kedzierski and Smock, 2001).  This change typically results in increased density, biomass and diversity of macroinvertebrates and can shift macroinvertebrate dominance from shredders to grazers (Jackson et al., 2001; Kedzierski and Smock, 2001; Fuchs et al., 2003).  Such a shift in foodweb structure potentially alters ecosystem function (e.g., decomposition) and higher trophic levels, limiting food availability for detritivores.
	Watershed-level disturbances alter runoff regimes and evapotranspiration rates.  Logging potentially alters the hydrologic regime, such that increased surface runoff contributes sediment and nutrients to the affected streams.  The primary hydrological influence of harvesting and thinning is increased water yield due to decreased evapotranspiration that typically in harvest treatments is 69 to 210 mm/year (Beasley and Granillo, 1982; Williams et al., 1999; McBroom et al., 2002; Grace et al., 2003). This change in hydrology may ultimately homogenize microhabitats and exclude invertebrates that prefer slow flow.
	Clearcut watersheds typically have large sediment yields, potentially clogging fish gills and smothering invertebrate habitat.  Gurtz and Wallace (1984) found that abundance of many invertebrate taxa in habitats susceptible to sediment deposition (i.e., pools and sandy reaches) declined in a stream draining a recently clear-cut watershed, whereas those taxa in less susceptible habitats (i.e. steep-gradient, boulder outcrops) increased.  This emphasizes the need for proper management of riparian zones in coastal plain streams as they are primarily low gradient systems dominated by extensive sandy reaches, with few outcroppings.  In addition, creation of buffer zones decreases potential for sediment movement by promoting sheet flow rather than channelized flow across the landscape. 
	Harvest related changes in nutrient export affect the abundance and diversity of aquatic invertebrates.  Macroinvertebrate abundance may initially increase as nutrients fuel algal growth, providing food to a typically resource-limited grazer population.  However, Miltner and Rankin (1998) found a negative relationship between water quality indices based on macroinvertebrates and increased nutrient concentrations, especially in low order streams.  Additionally, harvest-related increased nitrogen may accelerate leaf litter decomposition, altering organic matter dynamics and potentially limiting resources available for detritivore populations (Bormann et al., 1974; Likens et al., 1978; Martin et al., 2000; Swank et al., 2001).  
	However, these changes tend to be short-lived, with water chemical parameters recovering within one to two years (Corbett et al., 1978; Martin and Pierce, 1980; Arthur et al., 1998).  Vowell (2001) did not find any change in water chemistry in Florida when Best Management Practices (BMPs) were utilized nor did Adams (1995) in South Carolina.  However, neither study connected long-term pre or post harvest data, nor did they selectively harvest within the buffer zone, an acceptable practice in Florida and Georgia (Georgia Forestry Commission, 1999).  
	Current Status of Riparian Zone Management in the Southeastern U.S.

	Regulations for Stream Management Zone (SMZ) width vary among states, however, most rely on watershed slope as a predictor of sediment inputs following harvest. Although Georgia recommends a buffer width for a perennial stream beginning at 12.2 meters (40 feet), with increases as slope of the adjacent watershed increases (Georgia Forestry Commission, 1999), current regulations allow for limited harvest within the SMZ. Such harvest, known as thinning or partial harvesting, may be conducted until either there is a minimum of 11.5 square meters of basal area per hectare (50 square feet of basal area per acre) or 50% canopy cover remaining. 
	Aust and Blinn (2004) examined published research on the effects of forest practices on water quality in the southeastern U.S. for the previous 20 years. They concluded that forestry BMPs were effective for minimizing potentially negative effects of forest practices on water quality, but needed to be refined to reflect site specific conditions in the southeast. Impacts of logging on stream biota have been well studied in high gradient streams in the northwest and the eastern Appalachians of the U.S., but little emphasis has been placed on small, low gradient streams in the southeastern part of the country.  Furthermore, the effects of partial harvest within SMZs on water quality are not well documented.  More research is ncessary to fill in gaps that currently exist regarding BMP effectiveness in the coastal plain and effects of partial harvesting within SMZs.  
	Habitat Fragmentation and Forestry Practices

	Forestry practices potentially have adverse effects on communities by limiting dispersal between watersheds, eliminating suitable environmental conditions, and altering predator-prey dynamics.  Even with current regulations for stream water quality, clear cutting of a watershed down to the buffer zone commonly occurs.  Although this can maintain local biodiversity, dispersal across this newly created, potentially hostile landscape may be difficult for small organisms such as invertebrates and amphibians (Hughes et al., 1996; Fagan, 2002; Briers et al., 2004).  
	Although distance between watersheds can serve as a template for determining population structure and species composition (e.g., Harding, 2003), locally influenced microhabitats may be the strongest drivers of community structure at the reach and microhabitat scales.  Indirect effects of logging or riparian zone modification lead to changes in microhabitat structure in streams.  This was clearly demonstrated in afforested agricultural streams that displayed an 87 % reduction in the leaf litter storage compared to forested streams (Benstead and Pringle, 2004).  Similarly, Noel et al.(1986) found that 50% of logged streams were covered by macrophytes, while unlogged reference streams had only 10% macrophyte cover.  Thus, a gradient of tree removal from the riparian zone should change the physical and biotic structure of the stream in a predictable manner.
	In logged streams, leaf pack formation is often slow, resulting in increased patch isolation and fragmentation.  Rooted macrophytes, however, become more abundant in logged streams and are more stable, contributing to a less dynamic streambed landscape.  Thus, macrophytes may support more permanent coexisting species, while leaf packs may support more transient, inferior competitors.  Colonization of streambeds by macrophytes, coupled with decreased allochthonous input to logged streams, may alter the availability patches for stream biota.  
	Key gaps in the current literature lie primarily within their temporal and spatial scales.  Most studies have limited data on pre-harvest conditions in the watershed, especially true of studies in the southern coastal plain (Smock et al., 2001).  Water chemistry and biotic communities may vary significantly on a temporal scale, knowledge of which is required to determine whether changes following logging are related to natural or anthropogenically related disturbance.  
	Many studies focus on changes in taxonomic structure of the biotic community.  However, changes may be linked more to biological traits that are sensitive to changes in habitat structure (e.g., habitat templet sensu Southwood, 1978; Townsend and Hildrew, 1994).  Studies also are limited to the reach scale, whereas organisms disturbed in the riparian zone may be affected at the microhabitat scale. Thus, the objectives of this study were to:
	1) Determine the impact of two logging regimes considered acceptable in the Georgia BMP manual on stream communities through changes in water quality, taxonomic and trait composition, and the role of natural variation (e.g., drought) on the recovery process (Chapters 2 and 3).
	2) Link changes in habitat-scale, community composition to changes in patch availability at the microhabitat scale (Chapter 4).
	3) Relate small scale patterns of dispersal for instream habitat fragmentation in a habitat specialist and generalist invertebrate species (Chapter 5)   
	CHAPTER 2
	IMPACTS OF CLIMATIC STABILITY ON THE STRUCTURAL AND FUNCTIONAL ASPECTS OF MACROINVERTEBRATE COMMUNITIES AFTER SEVERE DROUGHT
	Introduction 

	Natural disturbances regulate community structure and ecosystem function, and thus play a crucial role in shaping aquatic and terrestrial communities (Sousa, 1984; Resh et al., 1988). Aquatic ecosystems are especially vulnerable to extreme climatic changes, such as drought, because these disturbances alter flow regimes, water chemistry, and ultimately, the biotic community (Wood and Petts, 1999). The long-term effects of drought on the economy, wildlife habitat, and recreation occur as ramp disturbances over periods of years (sensu Lake, 2003), as opposed to the effects of flooding events, which subside after weeks or months. The frequency and predictability of droughts are generally low. However, when drought does occur, it can potentially act as a destabilizing agent for aquatic communities. The forecast for climate change suggests increased frequency of extreme events, particularly drought, over the next century (Wetherald and Manabe, 2002; Kundzewicz et al., 2007). Increased intensity and frequency of natural disturbances will ultimately affect ecosystem stability and influence organisms’ resistance and resilience to change.
	During extreme drought, streams typically form a series of disconnected pools and lose evidence of surficial flow over time, a response that can potentially reset the aquatic community. Furthermore, toxic accumulation of nutrients and waste (Towns 1985, 1991; Closs and Lake 1995; Dahm et al., 2003), coupled with increased temperature (Matthews, 1998) and lowered dissolved oxygen (Stanley, 1997; Golladay and Battle, 2002), add stress to the remaining species pools. Species survival after drought depends on specific life history traits, including resistance to desiccation and an ability to colonize habitats rapidly through drift and aerial migration or oviposition (Williams, 1987, 1996; Boulton, 1989). Further colonization reflects subsequent changes in water chemistry, habitat availability, and resource base following flow resumption. 
	Biological traits are more informative indicators of ecosystem function than are changes in abundance of individual species, and they are expected to change across a gradient of anthropogenic and natural disturbances (Charvet et al., 2000; Dole´dec et al., 1999; Statzner, Hildrew and Resh, 2001). However, species loss decreases the ability of ecosystems to resist disturbances and leads to lowered stability (Hooper et al., 2005). Therefore, an integrative approach should utilize both species composition and biological traits to predict community responses to disturbances (Richards et al., 1997) Biological traits are regulated at a hierarchy of scales, with environmental filters (e.g., climate and geology) creating a template for traits that are present in a specific region (Townsend and Hildrew, 1994; Poff, 1997). Thus, a subset of traits is expected to respond to disturbances within a certain region. For example, species that are resilient to disturbance display a series of traits, including small size and multiple generations per year, that allow them to expand their population densities rapidly (Townsend and Hildrew, 1994). As functional redundancy is common among stream invertebrates, biological traits can be compared across large regions to understand the large-scale impacts of anthropogenic change (Statzner et al., 2004). 
	This study utilized a six-year (2001-2007) dataset of macroinvertebrates from headwater streams after an intense drought in the southeastern U.S. (1998 to 2002) to characterize inter-year successional patterns following flow restoration relative to water quality and climatic parameters, biological traits and taxonomic composition, and community stability. Biological traits were expected to respond similarly in the two streams because they are adjacent headwater streams in the same basin and have access to the same species pool. Additionally, traits were anticipated to respond primarily to local environmental variation (e.g., water quality parameters) as a reflection of large-scale environmental filters. However, changes in regional climatic data are expected to structure the overall successional pattern of the community. 
	Materials and Methods
	Site Description


	The two study streams were located in southwestern Georgia (30°49'N / 84°37'W), approximately 16 km south of Bainbridge in the Coastal Plain physiographic province. They lie within the Dry Creek watershed, which discharges to the Flint River approximately 22 km upstream of the Jim Woodruff Dam of Lake Seminole. Surface water flow in this basin is lowest from September to November and peaks during January to April due to higher rainfall and decreased evapotranspiration (Couch et al., 1996). Streams and rivers in the Coastal Plain receive substantial amounts of groundwater because they are typically deeply incised into underlying aquifers (Couch et al., 1996). These streams were first order (width ~ 1.25m), perennial, groundwater-influenced, low to medium gradient, with sand-dominated substrate (D50WF = 0.54mm, D50SF = 0.71mm). The wetland-fed stream (WF) has a broader, flatter valley floor with several lateral wetlands and drained a catchment of 26.2 ha with a gradient of 1.96%. The seep-fed stream (SF) was more incised with a steeper, v-shaped valley, a 43.9 ha drainage basin and a 2.11% gradient (Summer et al., 2003). Both watersheds are forested with WF dominated by Nyssa biflora, Liriodendron tulipifera, Pinus taeda, and Quercus alba, and SF dominated by Pinus glabra, Fagus grandifolia, Liriodendron tulipifera, and Quercus nigra.
	Hydrologic and Environmental Variables

	The climate of the region is characterized by warm, humid summers, and mild winters. Average temperatures in January, the coldest month of the year, range from 2.8ºC to 16.3ºC. July is the hottest month, with average temperatures ranging from 21.5ºC to 33.5ºC (SERCC, 2004). Mean annual precipitation is 1412 mm, with June having the highest mean rainfall (152.1 mm) and October the lowest (77.5 mm) (SERCC, 2004). Summer rains are usually short, with high intensity events giving way to low intensity frontal events from late fall to early spring. Due to close proximity to the Gulf of Mexico, heavy rainfall associated with hurricanes and tropical storms is not unusual in late summer.
	Drought characteristics were based on regional precipitation data and flow data from both study streams. Flow data were obtained from in-stream parshal flumes and ISCO (Teledyne Isco, Lincoln, NE, USA) samplers (Summer et al., 2003) beginning in 2001. A standardized precipitation index (SPI) (McKee et al., 1995) was calculated to assess the frequency and duration of droughts in the region based on monthly precipitation averages for southwest Georgia (National Climatic Data Center, 2007). This index is preferable over the Palmer drought severity index because it is easier to interpret, more realistic over the long-term, and does not depend on a normal distribution of precipitation (Guttman, 1999). SPI values less than one indicate a water deficit, and those above one an excess. SPI values were calculated based on 3-, 12-, and 48-month running averages to determine the presence of short-term, intermediate, and long-term droughts, respectively. For example the three-month index for November 2002 is the average of August, September, and October 2002. 
	Water temperature was measured from October 2001 through February 2007 with an Onset HOBO ® temperature logger (Pocasset, MA), programmed to record temperature every 15 minutes. Water chemistry and meteorological measurements have been collected by other investigators as part of the Dry Creek Study, and these data were available for use in this study. Monthly in-situ measurements for dissolved oxygen, specific conductance, temperature, pH, and turbidity were made at eight sites (two per stream) with portable meters. Grab samples were taken from a midstream location and analyzed for inorganic nitrogen, inorganic phosphorus, and ammonium. Specific details of data collection and sample analysis are in Jones et al.(2003). Values were ln (X+1) transformed prior to analysis to normalize data.
	Invertebrate Sampling

	Benthic macroinvertebrates were collected from four sample reaches (two per stream, separated by ~ 50 meters) with a 500-μm-mesh D-frame net (0.3 m wide) in December and February for six consecutive years beginning December 2001, which marked return of flowing water in both streams. Twenty samples (~ 0.5 m) were taken from each reach for a total of ~ 3.1 m2 area sampled from all available habitats and were combined into a single sample. Samples were preserved in 95% ethanol and identified to genus using regional and national keys(Pescador et al., 1995; Epler, 1995;1996; Merritt and Cummins, 1996; Pescador et al., 2000; Gelhaus, 2002; Richardson, 2003). Chironomid larvae were quantitatively subsampled, mounted and identified following Epler (1995) and Merritt and Cummins (1996).
	Biological Traits

	Nine biological traits were selected to characterize body morphology (i.e., size, body shape, body armoring), life history (i.e., voltinism, resistance to desiccation), mobility (i.e., occurrence in drift), and ecology (i.e., rheophily, habits, feeding preferences) (Table 1). These were anticipated to vary in response to changes in precipitation and display low statistical and phylogenetic dependence (Poff et al., 2006). Some desired traits were omitted due to the lack of available information (e.g., fecundity), particularly within the chironomid genera. The nine biological traits were divided into 30 modalities ranging from two to six levels per trait. Trait information was collected from the literature (e.g., Viera et al., 2006), as well as through communication with taxonomic experts. Trait information was coded at the generic level, except for some Diptera and non-insect taxa, which were coded at the family or order level, respectively. Where information on a particular trait could not be obtained for a taxon (in <5 % of cases), zero scores were entered for each category so it did not influence overall results (Chevenet, Doledec and Chessel, 1994). Individual taxa were then scored for the extent to which they displayed the categories of these traits using a ‘fuzzy coding’ procedure (Chevenet et al., 1994). Fuzzy coding allows taxa to exhibit trait categories to different degrees (Chevenet et al., 1994) to take account of intraspecific variations in trait expression (Charvet et al., 2000). The scoring range of 0 to 3 was adopted, with 0 being no affinity to a trait category and 3 being high affinity. Traits were rescaled as proportions (sum = 1), such that for each trait modality, values ranged from 0 (no affinity among individuals for the modality) to 1 (all individuals had exclusive affinity for the modality) and modalities summed to 1 for each trait. To describe the functional composition of communities in terms of density of individuals, the proportion of each category per trait was multiplied by the invertebrate abundances. This resulted in a trait-by-site array that contained the density of individuals for each trait category for each site; density was transformed (ln(x+1)) to approximate a normal distribution for the statistical analyses.
	Statistical Analysis

	Environmental variables were analyzed over time with repeated measures ANOVA (SAS Institute, 2002). When differences were significant, post-hoc analysis was conducted using Tukey’s test and Bonferroni corrections. Additionally, environmental stability was assessed by calculating Bray-Curtis distances (Bray and Curtis, 1957) between adjacent years. Bray-Curtis distances are a measure of dissimilarity with values ranging from 0 to 1. Zero denotes identical samples; thus, higher values denote lower compositional stability.  This measure is computed as:
	where is the distance between samples i and h.
	Stability 
	Compositional stability of invertebrate communities was examined separately for the two streams between pairs of successive years. Stability was measured by calculating Bray-Curtis distances between adjacent years based on abundance data and biological traits. ANOVA was used to examine between year differences in compositional and traits stability scores for the streams. The relationship between Bray-Curtis values and flow and SPI values were regressed to assess the impact of hydrologic scale on community and trait stability.
	Ordination: species composition and traits.
	 Nonmetric multidimensional scaling (NMDS; Kruskal, 1964) was used to explore temporal patterns in species composition and biological traits. NMDS is an ordination method based on ranked distances between samples, and it is highly suitable for ecological data that typically contain numerous zero values. First, a distance matrix was constructed using Sorensen's metrics. To reduce the chance of local optima (Legendre and Legendre, 1998; McCune, Grace and Urban, 2002), an initial ordination with 1000 runs was conducted, and the ordination with the lowest stress value was used as the starting configuration for NMDS. Stress is the square root of the ratio of the squared differences between a monotonic transformation of the calculated dissimilarities/distances and the plotted distances and the sum of the plotted distances squared.  The number of dimensions retained was evaluated after inspecting the stress (goodness of fit) of solutions with dimensions 1 through 6, with values close to 0 being a good fit of the data. Significance was assessed by conducting Monte Carlo tests using 999 runs of randomized data in the final ordination. A P-value was calculated as a function of the number randomized runs that resulted in a stress less than or equal to the observed stress (McCune and Mefford, 1999). Ordinations were performed separately for each stream because preliminary analysis indicated that differences between sites masked any temporal effects. Ordinations were performed on species abundances and abundance-weighted biological traits individually. 
	A multi-response permutation procedure (MRPP; McCune and Grace 2002) was used to test for significant differences in taxonomic composition and biological trait structure over time at each stream. MRPP is a nonparametric method that examines the null hypothesis of no difference between two or more a priori defined groups. The test statistic A describes the degree of within-group homogeneity compared with that expected by chance. MRPP was based on ln (x+1) transformed abundance data and the Bray-Curtis coefficient. Indicator species analysis (IndVal; Dufrene and Legendre 1997) was used to identify significant indicator species discriminating among the time periods for the species composition and biological trait data. IndVal is based on a comparison of relative abundance and relative frequencies of taxa in different a priori groups. Good indicator taxa are those occuring at all sites in a given group and never in any other groups (Dufrene and Legendre, 1997). The indicator value ranges from zero to 100 and is maximized when all individuals occur within a single group of sites. The significance of the indicator values for each taxon was tested by Monte Carlo tests with 1000 permutations. All ordinations, MRPP, and indicator species analyses were performed in PC-Ord ver. 5 (McCune and Mefford, 1999). 
	Results
	Hydrologic and Climatic Patterns


	SPI values ranged from –2.54 to 4.29 during the 50 year period from 1956 to 2006 in southwest Georgia (Fig. 1). Values greater than 2 are classified as extremely wet and values below –2 as extremely dry (Guttman, 1999). Mean values for the 3-, 12-, and 48-month SPI during the 1998–2002 drought were –0.25 (SD = ±1.06), –0.29 (SD = ± 1.42), and 0.55 (SD = ±0.86) respectively. The drought prior to the study period (1998–2002) was the worst of the past 50 years and the third worst of the past 100 years, exceeded only by droughts from 1930 to 1935 and 1938 to 1944 (Barber and Stamey, 2000). The 1998-2002 drought had serious impacts on streams and rivers in the region, with the number of zero-flow days reaching 20–50 year recurrence levels and the Flint River displaying record low daily flows (Barber and Stamey, 2000). 
	The current study (late 2001 to 2007) occurred during a period of average  precipitation, with slightly above-average SPI values for months 3 and 12 (i.e., 0.13, SD = ±1.02 and 0.14, SD = ± 1.00, respectively) and a slightly below-average SPI value for month 48 (i.e., –0.33, SD = ±1.22). Additionally, hydrographs recorded flow throughout most of the sampling period (Fig. 2), and the number of zero-flow days progressively decreased over time in both streams, indicating a period of stream recovery. However, SPI values in 2006–2007 indicate a return to a drought period, an observation supported by occurrence of a substantial drought in Georgia in 2007–2008. 
	Environmental Variables

	Although highly variable, environmental stability was relatively high throughout the study, with Bray-Curtis values ranging from 0.03 to 0.15 (Fig. 3). Most environmental parameters fluctuated over time regardless of changes in precipitation or discharge (Table 2), however, some parameters changed significantly with time. Ammonia remained low throughout most of the study, but doubled in the third year in both streams (F5,41 = 2.3, P = 0.05). Values for pH were variable, but were highest immediately following drought, decreasing thereafter (F5,41 = 4.7, P < 0.01). Additionally, WF remained more acidic than SF throughout the study. Orthophosphate decreased over time (F5,41 = 5.4, P = 0.02), but increased again in the 2006–2007 sampling period. In general, conductivity decreased following flow resumption (F5,41 = 2.3, P = 0.05) but increased again during the 2006–2007 sampling period. Temperature decreased by four degrees over the study period (F5,41 = 5.1, P < 0.001), ranging from 12°C to 16° C. Leaf fall peaked in the first year following the drought, but was reduced by 50% the following year (F5,41 = 2.6, P = 0.04).
	Benthic Macroinvertebrates

	Although the two streams differed extensively in terms of successional patterns following drought, a number of species responded similarly at both sites. A core set of taxa were present throughout the six-year sampling period at both sites including Ceratopogonidae (Bezzia), Chironomidae (Parametriocnemus, Polypedilum, Tanytarsus, Tribelos, Zavrelimyia), Decapoda (Cambaridae), Tabanidae (Chrysops), and Tipulidae (Pilaria). Similarities in the second year included Chironomidae (Cantopelopia, Orthocladiinae) and Ptychopteridae (Bittacomorpha), while those in the fourth and fifth year of sampling included Trichoptera (Lepidostoma), Hemiptera (Microvelia), and Odonata (Boyeria). The sixth year was the first year that no additional taxa were found (Appendices 1 and 2). 
	Taxon richness increased significantly over time (F4,30 = 122.73, P < 0.001), primarily during the initial three years of the study (Fig. 2-4A), but was consistently lower in WF (F1,30 = 56.65, P < 0.001). However, taxon richness saturated with the same number of taxa occurring from the fourth to the sixth year. Temporal progression of abundance was more humped shaped, decreasing after the fourth year. Invertebrate abundance increased similarly in both streams through time (F4,30 = 8.68, P < 0.001)(Fig. 4B), but WF consistently had significantly fewer individuals than SF (F1,30 = 19.94, P < 0.001). 
	 Bray-Curtis values for taxonomic composition decreased progressively from 2001 to 2006, with increased stability over time at both sites. However, Bray-Curtis values decreased during the 2006 to 2007 period, indicating a change in community structure to an earlier period (Fig. 2-5). Communities were more stable in wetter than drier periods, as indicated by the negative relationship between Bray-Curtis values and SPI values (Fig. 2-6). For SF, stability was significantly related to both local and regional hydrologic and climatic indicators, however, stronger relationships existed with flow (R2 = 0.33, P<0.001) and the 48-month SPI (R2 = 0.5, P< 0.001). Only long-term 48-month SPI values were related to stability in WF, with a similar negative relationship between SPI values and stability.
	Biological traits were relatively stable over time, and low Bray-Curtis values suggested that traits were more stable than taxonomic composition (Fig. 2-7), while those for WF were only significantly correlated with the intermediate 12-month SPI (R2 = 0.2, P = 0.02). Biological traits for SF were not significantly correlated with local hydrologic or regional climatic variables.
	Taxonomic Composition 

	NMDS ordination (stress = 10.8, P = 0.001) explained 88.4% of the variance in the dataset, with 22%, 36%, and 31% explained by Axis 1, 2, and 3 respectively. Overall, the ordination indicated temporal separation of species composition (Fig. 2-8) and was supported by significant differences between all time periods (MRPP, A = 0.5, P< 0.001). Axis 1 was primarily represented by local variables including pH (r = –0.5), dissolved oxygen (r = –0.5), and turbidity (r = –0.4). The genera Calopteryx (r = –0.6), Chironomus (r = 0.6), Chrysops (r = 0.6), Eukiefferiella (r = 0.7), Lepidostoma (r = 0.6), and Pycnopsyche (r = 0.7) were most strongly correlated with Axis 1. Axis 2 was most related toboth local and large-scale variables including pH (r = –0.4), dissolved oxygen (r = 0.4), and the 12-month (r = 0.4) and 48-month SPI (r = 0.7). The genera Agabus (r = 0.7), Boyeria (r = 0.66), Conchepelopia (r = 0.6), Erioptera (r = 0.8), Microtendipes (r = 0.7), and Orthocladius/Cricotopus (r = 0.7) were most strongly related to Axis 2. Axis 3 was correlated with dissolved oxygen (r = –0.5), and 48-month SPI (r = –0.5). The genera Caecidiota (r = –0.6), Microvelia (r = –0.8), and Smitia (r = –0.7) were strongly correlated with Axis 3.
	No significant indicator species were found in the WF stream for the first three years following drought. Taxonomic indicators of temporal change (P < 0.05) included genera indicative of the fourth year such as Corethrella, Stenochironomus, Polypedilum, Pseudolimnophila, Cordulegaster, Lepidostoma, and Scirtidae. Those having a maximum indicator value for the fifth year were primarily predators and included Cryptochironomus, Alotanypus, Clinotanypus, Bezzia, Alluadomyia, and Laevapex. Those in the last year of the study included Larsia and Erioptera. 
	NMDS ordination (stress = 12.9, P = 0.001) explained 90.2% of the variance in the SF dataset, with 77% and 13% explained by Axes 1 and 2, respectively. Overall, the ordination indicated separation of species composition with time (Fig.9) and was supported by significant differences between all time periods (MRPP, A = 0.5, P< 0.0001). Axis 1 was primarily represented by o-phosphate (r = –0.6), NO2/NO3 (r = –0.4), dissolved oxygen (r = 0.8), flow (r = 0.6), 3-month (r = 0.4) and 48-month (r = 0.7) SPI. The genera Alluaudomyia (r = 0.6), Bezzia (r = 0.7), Corynoneura (r = 0.7), Stempellinella (r = 0.6), Thienemaniella (r = 0.8), and Zavriella (r = –0.8) were most strongly correlated with Axis 1. Axis 2 was most related to pH (r = 0.7), dissolved oxygen (r = –0.5), and leaffall (r = 0.5). The genera Neoporus (r = –0.7), Parachaetocladius (r = –0.6), Sphaerium (r = –0.6), and Pycnopsyche (r = –0.5) were most strongly related to Axis 2. 
	Significant indicator species for the second year included Allocapnia, Helichus, Parachaetocladius, and Stenelmis. The third year was mostly represented by shredders and scrapers including Anisocentropus, Cordulegaster, Eurylophella, Habrophlebiodes, Ophiogomphus, Pseudolimnophila, and Stempellinella. The indicators in the fourth year included Baetidae, Psychoda, Scirtidae, Tribelos, and Zavrelimyia. The fifth year was represented by Caenis, Calopteryx, Diplectrona, Microvelia, Nippotipula, Rheotanytarsus, and Stenonema. The last year of the study was represented by Corynoneura. 
	Biological Traits

	NMDS ordination (stress = 11.5, P = 0.001) explained 87.2% of the variance in the dataset, with 53%, 10%, and 25% explained by Axes 1, 2, and 3 respectively. Temporal changes were supported by overall significant differences between time periods (MRPP, A = 0.3, P< 0.0001) (Fig. 10). However, pairwise comparisons indicated weak changes in traits over time. Axis 1 was primarily represented by specific conductance (r = –0.4) and 12-month SPI (r = 0.5) and thus related to intermediate temporal changes. Soft bodied (ar1, r=0.9), fast flow preferring (r3, r = 0.6), sprawlers (h4, r = 0.6) with bluff and tubular shapes (sh2, r = 0.8) were positively correlated with Axis 1. Sclerotized (ar2, r = –0.9), slow flow preferring (r2, r = –0.6), streamlined traits (sh1, r = –0.8) were negatively correlated with Axis 1. Axis 2 was negatively correlated with pH (r = –0.4). Burrowers (h2, r = 0.8) were strongly correlated with Axis 2. Axis 3 was most related to local, short-term variables including tss (r = –0.6), dissolved oxygen (r = 0.5), temperature (r = –0.5), and 3-month SPI (r = 0.4). Collector-gatherers (tr1, r = 0.8) with several generations per year (v3, r = 0.6) were positively related to Axis 3. Those with one generation a year (v2, r = –0.7), hard shells or cases (ar3, r = –0.7), and a predatory lifestyle (tr5, r = –0.8) were negatively related to Axis 3 
	Analysis of indicator species showed that early colonizers had sclerotized, tubular or bluff bodies and are abundant in drift. Later years were characterized by species that cling to the substrate, rarely drift, and are hard shelled or made a case. 
	NMDS ordination (stress = 7.9, P = 0.001) explained 97% of the variance in the dataset, with 80% and 17% explained by Axes 1 and 2, respectively. Overall, the ordination indicated separation of species composition with time (Fig. 11) and was supported by significant effects of time on trait composition (MRPP, A = 0.4, P< 0.0001). Axis 1 was most related to leaf fall (r = 0.5) and the 48-month SPI (r = 0.4). Small (s1, r = 0.8) soft-bodied (ar1, r = 0.9) bluff or tubular (sh2, r = 0.8) individuals that gather food (tr1, r = 0.8), with more than one generation per year (v1, r = 0.8), abundant in drift (df1, r = 0.8), and sprawled (h4, r = 0.6) or climbed (h6, r = 0.6) over the substrate were positively related to Axis 1. Shredders (tr4, r = –0.7) and scrapers/herbivores (tr3, r = -0.7) uncommon in drift (df1, –0.8) with medium (s2, r = –0.6) to large (s3, r = –0.5) streamlined (sh1, r = –0.8) and with sclerotized (ar2, r = –0.8) or shelled (ar3, r = –0.8) bodies and less than one generation per year (v1, r = –0.8) were negatively related to Axis 1. Axis 2 was correlated with NO3/NO2 (r = 0.4). Small individuals (s1, r = 0.5) lacking resistance to desiccation (d2, r = 0.8) with more than one generation per year (v3, r = 0.5), are common in drift (df2, r = 0.7), prefer fast flowing water (r3, r = 0.7) and cling to substrates (h1, r = 0.8) were positively related to Axis 2. Medium-sized (s2, r = –0.7) individuals rare in drift (df1, r = –0.6) resistant to desiccation (d1, r = –0.8) with one generation per year (v2, r = –0.5) that prefer slow flowing water (r2, r = –0.5), are predators (tr5, r = –0.6), and burrow into the substrate (h2, r = –0.8) were negatively related to Axis 2.
	Indicator traits in the first two years included scrapers/herbivores with hard shells or cases that climb on substrate. Those in the third year included genera with less than one generation per year and not resistant to desiccation. The last two years following the drought were represented by predators and skaters preferring fast flowing water.   
	Discussion

	Few studies have attempted to dissect the functional and structural responses of aquatic communities to a severe, unpredictable drought event (Boulton and Lake, 1992; Wood and Petts, 1999; Wright et al., 2001; Churchel and Batzer, 2007). Studies on the impacts of short-term wet and dry season cycles have provided insight into predictable climatic variation, primarily in Mediterranean and arid climates (Gasith and Resh, 1999; Acuna et al., 2005; Beche, McElravy and Resh, 2006; Bonada et al., 2006). In this study, regional precipitation indices (SPI) were good predictors of temporal changes in both taxonomic composition and biological trait structure in perennial streams. Communities became more stable over time and were significantly more stable in wet, rather than dry, years. Temporal changes in community composition and trait structure resulted in a rapidly stabilizing community within the first three to four years after drought, producing highly stable and persistent communities in the fourth and fifth years. 
	Stability was maintained throughout the occurrence of a large discharge event 4–6 months before collection of the fifth-year samples (Fig. 2). Recolonization after flood events is rapid, limiting effects to short-term changes in abundance and community composition (Townsend, Doledec and Scarsbrook, 1997). Beche, McElravy and Resh (2006) also found that invertebrate communities and trait characteristics were more stable in wet, rather than dry, season communities and postulated that droughts have more severe long-term consequences than flooding for invertebrate communities. 
	Traits changed less with time than taxonomic composition and were more stable. This may be a product of the high functional redundancy existing among aquatic invertebrates (Poff, 1997; Lamouroux, Doledec and Gayraud, 2004). For example, although climatic variation can change species presence, multiple species share similar traits, allowing taxa to survive during changing conditions. The role of local and regional abiotic filters are discussed below in relation to temporal changes in structural (e.g., taxonomic) and functional (e.g., traits) aspects of invertebrate communities as a result of a disturbance imposed by a long-term drought.
	Environmental Variation

	Environmental stability was relatively high but highly variable throughout the study, with Bray-Curtis values ranging from 0.03 to 0.15 (Fig. 3). However, local water chemistry variables did not follow changes in precipitation or flow. This may be linked to high connectivity to the floodplain and oxygenation of the hyporheic zone; these interactions are typically lost during severe drying events (Boulton, 2003; Lake, 2003)  
	Droughts act on local stream variables by concentrating nutrients and organic matter, and potentially increasing temperature (Closs and Lake, 1995; Stanley, Fisher and Grimm, 1997; Matthews, 1998; Golladay and Battle, 2002; Dahm, 2003). A decrease in o-phosphate following drought reflected flushing of stored nutrients during increased flow periods (Dahm, 2003). Ammonia peaked in the third year in both streams, reflecting increased microbial activity and organic matter. Massive amounts of organic matter are typically stored in the stream channel and floodplain during drought. Initial flushes from early flow events may not have been enough to carry organic matter from the floodplain into the stream, however, a large flow event in the spring prior to the third sampling period likely made a large amount of organic matter available. Baldwin (2005) also suggested that peaks in ammonia following drying events might have originated from dead bacterial cells. As in other studies, a coupled decrease in water temperature and increase in discharge led to higher overall dissolved oxygen values (Stanley, Fisher and Grimm, 1997; Matthews, 1998; Golladay and Battle, 2002). Conductivity also decreased with time, reflecting dilution of concentrated ions typically found during drought (Stanley, Fisher and Grimm, 1997; Caruso, 2002; Line et al., 2006) and may have been linked to greater contribution of groundwater versus surface flow found during dry periods (Rider and Belish, 1999; Caruso, 2002). 
	Limited precipitation and water availability in the riparian zone altered local landscape dynamics. Leaf fall within the riparian zone decreased following the drought, indicating a recovery period from the drought, as trees often drop their leaves during periods of moisture deficit (Escudero and del Arco, 1987). Although this may provide more resources for invertebrates, leaf quality may be lower and thus limit decomposition.  
	Temporal Variation and Successional Patterns in Taxonomic Abundance

	Broad-scale measures of macroinvertabrate communities were responsive to temporal changes in environmental conditions. Overall abundance was more responsive to short-term environmental variation than were taxa richness or stability. Taxa richness was lowest immediately following drought, peaking in the 2004–2005 sampling period. Changes in taxa richness have been linked to disturbance history in relation to short-term and long-term droughts (Beche, 2006). As flow regimes recover, more favorable conditions exist including increased habitat availability and heterogeneity, higher dissolved oxygen levels, and dilution of nutrients.
	A set of nine core taxa existed in both streams immediately following drought forming a regional species pool adapted to extreme conditions. Most either have multiple generations per year or a desiccation resistant stage. Crayfish typically respond to drought by creating deeper burrows, which may also provide other species a refuge from receding water levels (Boulton, 1989). The chironomid genus, Polypedilum makes cocoons to resist periods of drying (Hinton, 1960). The presence of coleopteran adults and hemipterans in WF immediately following drought reflect their ability to survive outside of the stream and rapidly colonize via aerial dispersal (Ortega et al., 1991; Wissinger, 1997).
	Changes in taxonomic composition were linked to both local- and large-scale environmental variables. Dissolved oxygen and pH were most linked to changes in taxonomic conditions for local variables, while long-term 12- and 48-month precipitation most influenced overall changes in taxonomic composition in WF. Low pH values in WF excluded entire taxonomic groups, including Ephemeroptera and Plecoptera. Dissolved oxygen is often posited to be a controlling variable for invertebrate communities in streams and is closely related to water quality. The relationship of this variable with long-term SPI values indicates the advantage of incorporating regional climatic data into bioassessment protocols.
	Temporal Variation in Traits

	Traits were more related to local abiotic variables than to flow or long-term precipitation indices. Initially, traits may be filtered by large-scale factors, including climate and geology (Poff, 1997); thus at the smaller scale of two adjacent watersheds, traits may vary locally. Across small, physiographically homogeneous regions (e.g., watersheds, ecoregions), sites are likely to be located within a single regional species pool (Zobel, 1997). Thus, as predicted by the habitat templet model (Southwood, 1977; 1988; Townsend and Hildrew 1994), local characteristics at the reach scale directly influence biological traits.
	Traits responded predictably to changes in local environmental conditions. As pH increased and nutrients decreased, species less likely to drift became more common in the stream reaches. Initial availability of nitrogen and phosphorous allowed for early colonization of scrapers (e.g., Boulton, 1991), as algal sources within the stream accumulated on available substrate. However, this effect was not apparent in WF, reflecting the lower productivity of grazers typically associated with colored, acidic streams (Rosemond et al., 1992). Additionally, shredders became more common in the second and third year, as previously exposed patches of organic matter became submerged. In addition, species typically classified as detritivores (e.g., nemourid stoneflies) may consume algal biomass, assuming the role of scrapers, especially in streams with lower pH (Ledger and Hildrew, 2005). In a comparison of rivers affected by drought in Italy, Fenoglio et al.(2007) documented an increase in collectors and a decrease in shredders and scrapers with increased drought duration, suggesting a predictable cyclic change in feeding habits with drought. 
	After a major disturbance, body size is hypothesized to increase as communities stabilize. Accordingly, medium-sized species became more common as the community stabilized, while smaller species were more common during the less-stable time periods. Small body size is often related to shorter-life cycles, and might therefore serve as a resilience trait. However, small body size may also allow for exploitation of refugia such as the hyporheic zone during droughts or floods (Townsend, 1989), serving as a potential source of colonizers (Dole-Olivier, Marmonier and Beffy, 1997). Thus, small body size may also be useful for resisting impacts of disturbance (e.g., Townsend, Doledec and Scarsbrook, 1997). 
	Organisms with longer life cycles require more stable habitat and water chemistry. Adaptations to high variability were less common by the third year of sampling, when species commonly had uni- or semivoltine life cycles and lacked adaptations for resisting desiccation. Additionally, hardening of the exoskeleton reduces mortality during periods of drying and floods. Sclerotized and hard-shelled organisms were more common during the first two years after drought, while traits favoring soft-bodied organisms became more common with time. Although there was a general trend toward species lacking resistance to desiccation, many species in the streams appeared to be adapted to some level of drying through a desiccation-resistant or diapause stage. 
	Although many traits responded predictably to the drought, streamlined individuals were more common immediately following drought, reflecting the abundance of adult dytiscid beetles and amphipods as early colonizers. Dytiscid beetles colonize across large areas via aerial dispersal, while amphipods may persist in refugia by aestivating in moist sediments or disperse through underground routes (Wiggins et al., 1980; Harris and Roosa, 2002). In small coastal plain streams, discharge is lower than in many montane headwater streams, thus streamlined bodies may not be necessary to resist flow forces. However, within four years, species preferring fast flow, such as clingers, became more abundant, suggesting that behavioral rather morphological adaptations to flow may be a distinguishing trait of coastal plain streams.  
	Drought Prediction

	A major hurdle that is often encountered when assessing impacts of extreme, unpredictable events on aquatic ecosystems is the availability of data prior to the disturbance (Lake, 2000; Lake, 2003). Although long-term datasets (>10 years) are increasingly common in ecology, many geographical regions lack such data. Long-term datasets allow for the prediction of drought via precipitation indices, changes in stability and trait composition. The SPI utilized in this study indicated a trend toward a major drought prior to the occurrence of such an event (Fig. 1). However, the 24-month SPI may bemost relevant since most invertebrate life cycles require months to years. Values fell toward 2001 levels in 2006–2007, and a drying period was evident after the last sampling period. This observation is further supported by the occurrence of a severe drought in the same region during 2007–2008 (U.S. Drought Monitor, http://www.drought.unl.edu/dm/archive.html). Thus, use of long-term regional precipitation data, which is more widely available than discharge and ecological data, may provide a unique opportunity to study pre- and post-recovery aspects of extreme events. 
	Stability of species composition decreased in both streams in 2006–2007, reflecting the oncoming drought. This change was more striking in WF than SF, likely because SF is buffered by groundwater inputs, while WF is dependent on surface water inputs from a wetland headwater. Traits were relatively stable over the study period, but decreased in the wetland-fed stream from 2005–2007. Additionally, predators and species common in drift became more abundant in 2006–2007. Predators are linked to disturbance and become more common in disturbed or degraded streams as resources for other guilds are patchy (Rawer-Jost et al., 2000). This suggests return to a disturbed condition where organisms have the ability to emigrate if environmental conditions become suboptimal. 
	Biological traits have been advocated as good indicators of disturbance in aquatic ecosystems (i.e. Doledec, Statzner and Bournard, 1999). One associated issue is whether they predict changes in disturbance regime more effectively than taxonomic structure or they are a complementary aspect that should be examined in disturbance ecology and biomonitoring programs (Doledec and Statzner, 2008). The results are unclear, as studies across biomes suggest they are more, less or equally as informative than taxonomic structure (Stevens et al., 2003; Finn and Poff, 2005; Heino, 2007, Hoeinghaus, Winemiller and Birnbaum, 2007). Although less apparent than changes in taxonomic structure, stability of biological traits in this study indicated a disturbance during the drought period and the potential for another disturbance during the 2006–2007 sampling period. Thus, traits may be useful indicators of disturbance that can be compared across watersheds. One caveat to this is that functional traits are thought to be relatively insensitive to natural variation (Charvet et al., 2000; Statzner et al., 2001; 2005). The current study focused primarily on natural variation in climatic conditions and indicated changes in trait composition as a result of this variation. Thus, additional effort should be devoted to distinguishing the effects of natural and anthropogenic disturbances when devising biological monitoring programs. 
	Table 2-1. Definition and codes for biological traits and modalities.
	Trait
	Code
	Modality
	Trait
	Code
	Modality
	Voltinism
	v1
	Semivoltine
	Habit
	h1
	Clingers
	v2
	Univoltine
	h2
	Burrowers
	v3
	Multivoltine
	h3
	Swimmer
	Drying Resistance
	d1
	Absent
	h4
	Sprawler
	d2
	Present
	h5
	Skater
	Drift
	df1
	Rare
	h6
	Climber
	df2
	Common
	Trophic
	tr1
	Gatherer
	df3
	Abundant
	tr2
	Filterer
	Armoring
	ar1
	Soft
	tr3
	Scraper/Herbivore
	ar2
	Sclerotized
	tr4
	Shredder
	ar3
	Case/Shell
	tr5
	Predator
	Maximum Size
	s1
	Small (<9mm)
	Shape
	sh1
	Streamlined
	s2
	Medium (9-16mm)
	sh2
	Not Streamlined
	s3
	Large (>16mm)
	(Bluff, Tubular)
	Rheophily
	r1
	Standing 
	r2
	Slow
	r3
	Fast
	Table 2-2. Mean annual values for environmental variables for the wetland-fed (WF) and seep-fed (SF) streams
	Figure 2-1.  Plot of Standardized Precipitation Index (SPI) values for southwestern Georgia, from 1956 to 2007. A) 3-month, B) 12-month, and C) 48-month. Values above 2 indicate an extremely wet year, while values below –2 indicate an extremely dry year.
	Figure 2-2.  Hydrograph based on mean daily discharge (m3/s) for each stream. A) stream with wetland headwater (WF) and B) stream with seep headwater (SF).
	Figure 2-3.  Temporal variability of Bray-Curtis stability values for environmental variables in WF and SF (± SE).
	Figure 2-4.  Temporal changes in taxon richness and invertebrate abundance. A) taxon richness and B) abundance values (per ~ 3.1m2) (±SE) for individual years.
	Figure 2-5.  Changes in compositional stability (Bray-Curtis distance) in WF and SF (± SE).
	Figure 2-6.  Linear regression of SPI values versus taxonomic stability. A) Wetland-Fed (WF) and B) Seep-Fed streams. 
	Figure 2-7.  Changes in trait stability (Bray-Curtis distance) in WF and SF (± SE).
	Figure 2-8.  NMDS ordinations of log10-abundance in site-year space and taxon-space for WF. Time periods are indicated by different symbols. Ordination plots of taxa are based on weighted-averaging.
	Figure 2-9.  NMDS ordinations of log10-abundance in site-year space and taxon-space for SF. Time periods are indicated by different symbols. Ordination plots of taxa are based on weighted-averaging.
	Figure 2-10.  NMDS ordinations of biological traits in site-year space and trait-space for WF. Time periods are indicated by different symbols. Ordination plots of taxa are based on weighted-averaging.
	Figure 2-11.  NMDS ordinations of biological traits in site-year space and trait-space for SF. Time periods are indicated by different symbols. Ordination plots of taxa are based on weighted-averaging.
	CHAPTER 3
	TESTING BMP EFFECTIVENESS FOR SMALL COASTAL PLAIN STREAMS USING MACROINVERTEBRATES AS BIOINDICATORS
	Introduction

	Headwater streams are tightly coupled with the surrounding riparian landscape. Thus, changes in the structure of the riparian zone can affect water quality of larger streams and rivers, since they are heavily influenced by headwater streams that feed them (Meyer and Wallace, 2001). Headwater streams make up a majority of channel length within stream networks and serve important ecological and biological functions by delivering water, sediment, organic material, prey items, and nutrients to downstream reaches (Sidle et al., 2000; Gomi et al., 2001; Meyer and Wallace, 2001; Wipfli and Gregovich, 2002).  As the importance of ecosystem services, such as water quality and biodiversity, becomes more widely recognized, the need to protect aquatic resources increases.  Thus, proper management of terrestrial landscapes must take into account needs of aquatic organisms and communities.
	Numerous studies have found significant impacts of logging on physical and chemical aspects of streams, including reduced large woody debris in streams (Golladay, Webster and Benfield, 1987), increased sediment input (Beschta, 1978), discharge (Hartman and Scrivener, 1990), nutrient inputs (Likens et al., 1969; McClurkin et al., 1985), and decreased shading resulting in higher water temperature (Swift and Messer, 1971; Webster and Waide, 1982). Elevated light, temperature and nutrient concentration can increase algal biomass within the stream, shifting the base of the food web from allochthonous to autochthonous sources (Likens et al., 1970; Wallace and Gurtz, 1986; Bilby and Bisson, 1992).  The extent and impact of these effects are influenced by geology, soils and vegetation of the catchment, the extent to which the riparian buffer strip remains after logging, stream discharge, and channel gradient and morphology.   
	Changes in abiotic characteristics of a stream following logging can affect the structure and function of the stream community, including periphyton (Lowe, Golladay and Webster, 1986), fish (Garman and Moring, 1993) and macroinvertebrates. Logging activities can disrupt stream invertebrate communities, but the magnitude and trajectory of effects vary. Increased light penetration and warmer temperatures from canopy removal, and nutrient enrichment in runoff from ground disturbance, increase aquatic invertebrate density and/or biomass in streams (Newbold et al., 1980; Murphy et al., 1981; Hawkins et al., 1982; Wallace and Gurtz, 1986; Campbell and Doeg, 1989; Brown et al., 1997). Fine sediment loading, particularly in watersheds with steep slopes, can reduce invertebrate populations following logging (Growns and Davis 1994, Waters 1995, Wood and Armitage 1997), clogging tracheal gills, and burying food sources. In many cases, invertebrate communities shift from shredders to grazers (algae consumer) or detritivores (collector-gatherer) (Haefner and Wallace 1981; Gurtz and Wallace, 1984; Webster et al., 1992). 
	Although Stone and Wallace (1998) found shifts in dominance of taxa, there was no loss of taxa in logged versus unlogged sites.  They posited that measures of taxon richness may be useful for indicating presence of pollutants, but not for more discrete disturbances.  Long-term impacts of clear cutting were documented decades later, stemming from recovery of riparian vegetation and canopy cover (Growns and Davis, 1991; Stout et al., 1993; Stone and Wallace 1998).  
	Although there are exceptions (e.g., Wallace and Gurtz, 1986), most studies examining effects of riparian zone management on streams last only a few years, with only a year of pre-harvest data, limiting the predictive power of post-harvest data.  Perhaps the assumption is that management activities are only important if they supercede natural variation in environmental conditions.  However, catastrophic disturbances such as hurricanes and droughts potentially alter impacts of human induced disturbances.  Thus, it is important to incorporate natural disturbances into studies of anthropogenic disturbances in aquatic ecosystems to generate more general predictions of disturbance (Ward, 1998). 
	The impacts of forest management activities on aquatic ecosystems have been well studied in the Northwest and Mid-Atlantic U.S., where there are steep slopes and high-gradient streams, but little effort has been placed on streams in the Southeast coastal plain (Stone and Wallace 1998; Kedzierski and Smock, 2001).  These low-gradient streams have shallow slopes and finer sediment (sand and silt) than montane streams and thus are likely to respond differently to logging.  Even fewer studies have investigated the impact of logging within buffer zones (e.g, Kreutzweiser et al., 2005) even though this is an acceptable practice throughout the Southeast (e.g., Georgia Forestry Commission, 1999).  Additionally, it appears that no study has utilized biological traits, other than feeding guilds, to understand impacts of forestry practices. The goal of this study was to test the effectiveness of Georgia’s best management practices for forestry along streams.  This was assessed through multiple years of pre and post-harvest sampling of macroinvertebrates, water quality parameters, and invertebrate food sources.      
	Materials and Methods
	Site Description


	Four study watersheds were located within International Paper’s Southlands experimental forest in southwestern Georgia within the Dry Creek watershed, which discharges to the Flint River. The first order headwater streams were labeled from A to D (Fig. 3-1) since they did not have official nomenclature.  Watersheds A and B were shallow, floodplain influenced, wetland-fed streams, while C and D were incised, seep-fed streams. 
	Geology

	The watersheds were located on the Pelham escarpment between the Tifton upland and Dougherty plain. Soils of the study sites were dominated by Ultisols. Riparian soils were comprised of Chiefland and Esto series, which feature well drained fine sands over clay loams. The lower slopes comprised Eustis series soils, which were loamy sands over sandy loams and classified as somewhat excessively well drained. Upland soils were Wagram, Norfolk, Lakeland, Orangeburg, and Lucy series, which are generally well drained loamy sands over sandy clay loams, with the exception of the Lakeland Unit, which has a sandy texture throughout and is characterized as excessively well drained (USDA, 1939).  This transitional area has bluffs and deep ravines that create cool microclimates supporting rare plant species with northern affinities (Wharton, 1978).
	Vegetation

	Species composition of the vegetation was similar among watersheds. The upland consisted of mature, planted pine, and the riparian areas were mixed pine and hardwoods. Species dominating the overstory in riparian areas were: Nyssa biflora, Liriodendron tulipifera, Pinus glabra, Magnolia virginiana, Fagus grandifolia, Liquidambar styraciflua, Quercus nigra, and Quercus michauxii. Magnolia grandiflora was most common in watersheds C and D (International Paper unpublished data). The upland of each watershed was dominated by Pinus taeda, which was established at varying times by hand planting. The midstory of all watersheds was generally composed of Carpinus caroliniana, Ostrya virginiana, Acer rubrum, Acer barbatum, and Oxydendrum arboretum. Magnolia pyramidata occurred in riparian areas and midslopes of watersheds C and D. 
	Climate

	The climate of the region is characterized by warm, humid summers and mild winters with average annual precipitation of 1412 mm (SERCC, 2007). Temperatures range from an average maximum of 33.5ºC to a minimum of 2.8 ºC.  June has the highest mean rainfall (152.1 mm) and October the lowest (77.5 mm) (SERCC, 2007). Summer rains are usually short, high intensity events giving way to low intensity frontal events from late fall to early spring. Due to proximity to the Gulf of Mexico, spin-off from hurricanes and tropical storms in late summer is not unusual.  Drought conditions occurred during 1998-2002 and resulted in an accumulated rainfall deficit of 711-1270 mm in parts of southwestern Georgia (see Chapter 2).
	Hydrology

	Surface water flow in the Apalachicola-Chattahoochee-Flint river basin is lowest from September to November and peaks during January to April due to higher rainfall and decreased evapotranspiration (Couch et al., 1996). Streams and rivers in the Coastal Plain receive substantial groundwater because they are typically deeply incised into underlying aquifers (Couch et al., 1996). The study streams are first order, groundwater-influenced, low to medium gradient, and have sand-dominated substrate. In-stream habitat includes coarse woody debris, undercut banks, leaf packs, and fine roots. Fiberglass parshall flumes (Tracom Inc., Atlanta, GA) were placed at the downstream end of each reach.  The four study watersheds average 39 ha, with average annual discharge of 1.5 L/s prior to harvest (Summer et al., 2003; Summer unpublished data). 
	Experimental Harvest

	The statistical design was BACI (Before After Control Impact) using a paired watershed design, with two treatment and two reference first-order watersheds varying in area from 24 to 44 ha. Watershed pairs were determined based on landscape morphology and vegetative community, and treatment watersheds were randomly selected within each pair. Watersheds A and B formed the first pair, with Watershed B selected for treatment. Watersheds C and D formed the second pair, with Watershed C selected for treatment. Each watershed was divided into an upstream and downstream reach, separated by at least 50 m.
	The reference watersheds did not receive silviculture treatments during the study period. The remaining two watersheds were clearcut after 27 months of baseline data collection (June 2001 to September 2003). Post harvest data collection continued until February 2007.  In treatment watersheds, the SMZ in the upstream reach was left intact (intact SMZ), while 50% basal area was removed in the downstream portion (thinned SMZ).  SMZ widths were determined according to minimum recommendations in Georgia BMP manual(Georgia Forestry Commission, 1999). Slopes less than 20% received a 40 foot (12m) buffer and while those greater than 20% received a 70 foot (21m) buffer.
	Physical and Biological Measurements

	Eight 50m sample reaches, two per watershed, were established 30.8 m
	upstream of hydrology flumes. Three transects were established perpendicular to the thalweg within each reach at 15, 30, and 45m to serve as in-stream data collection points for physical measurements including channel cross-sections, canopy cover, and percent cover of in-stream habitat. A survey of habitat unit and channel characteristics was conducted longitudinally within established macroinvertebrate sample reaches once before harvest (December 2001) and once after (October 2004). A 50 m fiberglass tape was placed in the thalweg of the stream, along which boundaries between habitat unit types (riffle, run, glide, pool, backwater pool, step, and undercut bank) were determined and physical characteristics recorded. A backwater pool was defined as being slower and deeper than a glide but lacking characteristics of a pool, such as scouring, deposition, and presence of a deep section followed by a shallow tail downstreeam (i.e. measurable residual pool depth). For each unit type, length, wetted width, and maximum water depth were recorded. For steps and pools, a step height and residual pool depth were taken. The length and diameter of  channel obstructions (e.g., wood, roots) were recorded when the object was primarily responsible for pool formation. The number of functional (e.g., ability to change stream morphology) and non-functional wood pieces greater than 10 cm in diameter was recorded, and texture of the streambed (e.g., sand, silty-sand) was visually assessed.
	Habitat data were converted into percent cover, to define major habitat types to be sampled for macroinvertebrates. Canopy photos were taken at each transect once before and once after harvest with a digital camera fitted with a 180º hemispherical fisheye lens to calculate % canopy cover. 
	Physical measurements

	Water temperature was measured from October 2001 through February 2007 with an Onset HOBO ® temperature logger (Pocasset, MA), programmed to
	record temperature at 15 minute intervals. Stream flow, water chemistry, and
	meteorological measurements were collected by other investigators and technicians as part of the Dry Creek Study, and these data were available for use in this study. Stream stage and discharge were recorded every 15 minutes by Isco Model 4320 Bubbler Flow Meters at six sites: one in the stream at the outlet of watersheds A, B, C, D, and one in the upstream portion of watersheds B and C (Summer, 2003). Monthly in-situ measurements for dissolved oxygen, specific conductance, temperature, pH, and turbidity were made at
	the downstream portion of each reach with portable meters. Grab samples of water were also taken and analyzed for inorganic nitrogen, inorganic phosphorus, and ammonium (Jones et al., 2003).
	Energy sources

	Sixteen leaf litter traps (surface area 0.26 m2 each) were positioned within the riparian area: streambank (6), 10 m from the stream (6), and 20 m from the stream (4).  Following harvest, leaf litter traps 20 m from the stream were beyond the SMZ, while the 10 m samples were within but near the edge of the SMZ.  Leaf litter was collected monthly and dried at 60°C for 48 hours and sorted into pine, hardwood, small woody debris, and mast.  A subsample of leaf litter from riparian zone samples was used for nutrient analysis.  Three samples were combined from each reach on a quarterly basis (May, September, December, and February) and ground to a fine powder.  A 3-5 mg subsample was then analyzed for C:N ratios using a Carlo-Erba CNS analyzer.
	Within each stream reach, ten randomly selected locations were sampled monthly following harvest for periphyton, benthic organic matter (BOM), and macrophytes from 2003-2007.  At each sampling point, a 0.25 m2 sampling quadrat was randomly tossed onto the streambed. Periphyton and BOM samples were collected by inserting petri dishes (17.34 cm2) into the streambed (Tett et al., 1978). Chlorophyll a was analyzed spectrophotometrically (Sartory and Grobbekaar, 1984) to estimate periphyton biomass.  The contents of addistional petri dishes were dried at 60°C for at least 48 hours, weighed, burned at 550°C for five hours, and reweighed for ash-free dry weight determination after cooling. Macrophytes were sampled by removing all vegetation above the sediment surface that existed within a 0.25 m2 quadrat. These were then rinsed and dried at 60ºC.  BOM was square root transformed, and chlorophyll a was log-transformed prior to statistical analysis.
	Macroinvertebrates

	Benthic macroinvertebrates were collected within established sample reaches with a 500-µm-mesh D-frame net (0.3 m wide) using a multi-habitat sampling procedure (Barbour et al., 1999) during December and February from 2001 to 2007.  Within each reach, 20 sampling sweeps (~3.1 m2) were made through all habitat types including sand, woody debris, fine roots, and leaf packs. Samples were placed in 1 L bottles, preserved in 95 % Ethanol and returned to the lab for processing.  Macrophytes were included after 2003 because they became a significant habitat type in the treatment watersheds.  All samples were processed by washing organic debris (leaves and woody debris) with water onto a 500-µm-mesh sieve. Larval Chironomidae were subsampled (randomly selected 100 individuals) and mounted in CMC mounting media for both voucher specimens and identification to genus.  Macroinvertebrates were enumerated and identified to genus or species using local and regional keys (Pescador et al., 1995; Epler, 1995;1996; Merritt and Cummins, 1996; Pescador et al., 2000; Gelhaus, 2002; Richardson, 2003).  
	Biological Traits

	Fourteen biological traits were selected to characterize body morphology (size, body shape, body armoring, respiration), life history (voltinism, resistance to desiccation, eggs cemented to substrate, and development and hatch times), mobility (occurrence in drift), and ecology (rheophily, behavior, feeding preferences, microhabitat preference) (Table 3-1) to delineate responses to changes in disturbance regime (Poff et al., 2006). Some desired traits were omitted due to the lack of available information (e.g., fecundity), particularly for chironomid genera. The fourteen biological traits were divided into 49 modalities ranging from two to seven levels per trait. Trait information was collected from literature (Viera et al., 2006), as well as through communication with taxonomic experts in the United States. Traits were coded and analyzed as in Chapter 2.
	Data Analysis
	Energy sources


	Changes in leaf fall C:N ratios, periphyton, and BOM with time and treatment were analyzed with repeated measures ANOVA (SAS Institute, 2002).  Seasonal impacts of harvest on periphyton biomass were assessed by grouping time periods into by wet or dry seasons. The wet season was defined as May – September, while the dry season was October – April.  Multiple regressions were utilized to relate changes in BOM and chlorophyll a in relation to environmental variables for each treatment.  To reduce impacts of multicollinearity on the regression model, Pearson’s correlations were calculated for each pair of environmental variable, and values greater than 0.6 were removed. This resulted in pH and orthophosphate being removed from the dataset.     
	Environmental variables

	Environmental variables were analyzed over time with repeated measures ANOVA (SAS Institute, 2002). Since macroinvertebrate samples were taken during the winter/spring period, only environmental data from this period were analyzed.  When differences were significant, post-hoc analysis was conducted using Tukey’s test and Bonferroni corrections. Additionally, environmental stability was assessed by calculating Bray-Curtis distances (Bray and Curtis, 1957) between adjacent years. These measure dissimilarity with values ranging from 0 to 1. Zero denotes identical samples; thus, higher values denote lower stability and unity implies complete turnover.
	Macroinvertebrates

	The Florida Stream Condition Index (SCI) combines metrics that respond to changes in human induced disturbance to yield a score reflecting water quality (Florida Depatment of Environmetal Protection, 2004).  Higher values indicate better water quality.  SCI values were analyzed by time and treatment effects using repeated measures ANOVA (SAS Institute, 2002).   
	Stability of invertebrate communities
	Compositional stability of invertebrate communities was examined for streams between pairs of successive years (e.g., 1 vs 2, 2 vs 3, etc.). Stability was measured by calculating Bray-Curtis distances between adjacent years based on abundance data and biological traits. ANOVA then was used to examine between year differences in compositional and biological trait stability scores for the streams. 
	Ordination: species composition and traits 
	Nonmetric multidimensional scaling (NMDS; Kruskal, 1964) was used to explore temporal patterns in species composition and biological traits as in Chapter 2.  Since the experiment was designed as a paired watershed study (A paired with B and C with D), ordinations were performed on the pairs separately.  For comparing treatments, pre-harvest samples were grouped together and compared with post-harvest reference and treatment reaches.  Ordinations were performed on species abundances and abundance weighted biological traits individually. 
	A multi-response permutation procedure (MRPP; McCune and Grace, 2002) was used to test for significant differences in taxonomic composition and biological trait structure over time at each stream.  Indicator species analysis (IndVal; Dufrene and Legendre 1997) was used to identify significant indicator species discriminating among the time periods for the species composition and biological trait data. All ordinations, MRPP, and indicator species analyses were performed in PC-Ord ver. 5 (McCune and Mefford, 1999). 
	Results
	Energy Source


	Benthic algal biomass estimated from chlorophyll a differed significantly between treatments (F2, 2834 = 102.4, P < 0.001) and seasons (F1,2834 = 40.8, P < 0.001) was twice as high in the selective harvest treatment as in the reference and intact treatments during the dry season (0.04 vs. 0.08 mg/m2).  In the wet season, chlorophyll a was 50% greater in the selective treatment compared to reference and intact treatments (Fig. 3-2).  Chlorophyll a was best predicted by phosphorous in the reference streams, conductivity in the thinned SMZs, and was not predicted by any variable in the intact SMZ streams. (Table 3-2).
	BOM differed significantly between treatments (F1, 1992 = 66.5, P < 0.001), increasing along a gradient from selective (12.5± 0.5 g/m2) to intact (17.4± 0.7 g/m2) to reference (22.8 ± 0.6 g/m2) treatments.  Significant regressions were found for all treatments, but were explained by different predictors.  BOM was best predicted by conductivity, oxygen, and turbidity in reference streams, by flow and ammonia in thinned SMZs, and by flow and turbidity in intact SMZs (Table 3-2). 
	C:N ratios in leaf fall were generally high, ranging from 40 to 70.  Values were similar in the reference streams between pre and post harvest samples, but decreased significantly after harvest in the intact (F1, 36 = 12.8, P < 0.01) and thinned (F1, 36 = 4.2, P < 0.05) SMZs (Fig. 3-3).
	Environmental Variables

	Ammonia (F2,82 = 31.8, P < 0.001), total nitrogen (F2,82 = 55.8, P < 0.001), and total phosphorous (F2,82 = 3.2, P < 0.05) varied significantly with harvest, but not over time.  Ammonia peaked three years following harvest, with levels 9 times higher than the reference streams in the intact SMZ treatment and 6 times higher in the thinned SMZ treatment (Fig. 3-4).  Total nitrogen also peaked in the third year following harvest, with values increasing by twenty percent in the harvested watersheds.  Total phosphorous peaked in the third year in the harvested watersheds, but was always lower than in the reference watersheds (Table 3-3).
	Dissolved oxygen levels increased over time (F4,82 = 13.9, P < 0.001) and ranged from values of 5 – 9 mg/L, but were not affected by harvest. Temperature changed significantly over time (F4,82 = 11.2, P < 0.001), ranging from 13-18 ºC. Although changes relative to harvest were not significant, winter temperatures were 1-2 ºC higher in treatment streams following harvest.
	Flow increased over the course of the study (F4,82 = 5.7, P < 0.001) as precipitation increased, more so in harvested watersheds than reference watersheds (F2,82 = 15.5, P < 0.001) after harvest. Flow ranged from 0.5 to 3.5 L/s in reference streams but reached levels of 7.5 and 10 L/s in intact SMZ and thinned SMZ treatments, respectively. Turbidity varied significantly over the course of the study (F4,82 = 2.6, P < 0.05), but did not have any discernible temporal pattern.  However, values increased significantly following harvest (F2,82 = 22.1, P < 0.001), doubling in intact SMZs and tripling in thinned SMZs compared with the reference in the first year following harvest (Table 3-3).  
	Macroinvertebrates

	SCI values became more positive over time and with more extensive harvest, indicating better water quality.  These increases were most notable in selective harvest, followed by intact SMZs and reference sites (Fig. 3-5). 
	Stability

	Taxonomic stability increased significantly over time in all treatments (F5,88 = 6.7, P < 0.001) as Bray-Curtis values decreased (Fig. 3-6).  Trends in trait stability did not change significantly with site or treatment over the course of the study. However, higher Bray-Curtis values in the intact SMZ indicate higher species turnover (Fig. 3-7).   
	Taxonomic composition

	Watersheds A (Reference) and B (Harvested). NMDS ordination (stress = 11.8, P = 0.001) explained 89 % of the variance in the dataset, with 38 %, 11 %, and 40 % explained by Axes 1, 2, and 3 respectively. Overall, the ordination indicated a distinct separation of community composition based on harvest levels (Fig. 3-8) and was supported by significant differences between reference and harvest samples (MRPP, A = 0.3, P< 0.001).  However, post-harvest samples from thinned and intact SMZs were not different. Axis 1 was primarily represented by total nitrogen (r = 0.8), ammonia (r = 0.5), conductivity (r = 0.8), pH (r = 0.5), flow (r = 0.6), and turbidity (r = 0.8). The genera Alotanypus (r = –0.6), Nippotipula (r = 0.5), Crangonyx (r = -0.8), Habrophlebiodes (r = 0.6), Helichus (r = 0.6), Stenelmis (r = 0.7), and Sphaerium (r = 0.6) were most strongly correlated with Axis 1. Axis 2 was most related to dissolved oxygen (r = 0.5), Nanocladius (r = 0.6), Parametriocnemus (r = 0.6), Bezzia (r = 0.6), and Erioptera (r = 0.5). Axis 3 was correlated with dissolved oxygen (r = 0.6), flow (r = 0.5), leaf fall (r = –0.5), Cryptochironomous (r = 0.7), Polypedilum (r = 0.5), Conchepelopia (r = 0.6), Alluaudomyia (r = 0.6), Simulium (r = 0.6), Sphaerium (r = 0.8), and Tanytarsus (r = 0.7).  For watersheds A and B, drought impacts separated along axis 3 of the NMDS, with positive values leading to a recovery from disturbance.  Harvest effects separated along Axis 1, with positive values indicating the harvest induced disturbance.
	Only one chironomid species, Parachaetocladius, was a significant species for pre-harvest samples.  By contrast, seven species were significant indicators for reference streams after harvest.  These were primarily predators or those consuming organic matter and included Alotanypus, Caecidiota, Corethrella, Crangonyx, Ptilostomis, Sciomyzidae, and Stenochironomus.  Thirteen species were indicators for the thinned SMZ treatment.  They occupied a range of trophic habits and included Ablabesmyia, Calopteryx, Cheumatopsyche, Cryptochironomous, Habrophlebiodes, Hemerodromia, Orthocladius, Paralauterborniella, Peltodytes, Sphaerium, Stenelmis, Tanytarsus, and Theinemaniella.  Indicator species reflective of the intact SMZ treatment were primarily predators and shredders including, Anisocentropus, Procladius, and Hexatoma (Table 3-4).   
	Watersheds C (Harvested) and D (Reference). NMDS ordination (stress = 12.9, P = 0.001) explained 88 % of variance in the dataset, with 39 %, 31 % and 18 % explained by Axes 1, 2, and 3, respectively. Overall, the ordination indicated separation of the  invertebrate communities by harvest regime (Fig. 3-9) and was supported by significant differences between reference and harvest sites, but not between thinned and intacts SMZs. Axis 1 was primarily represented by ammonia (r = 0.5), total phosphorous (r = –0.5), dissolved oxygen (r = 0.6), flow (r = 0.7), and leaf fall (r = -0.4).  Polypedilum (r = 0.5), Tanytarsus (r = 0.5), Tribelos (r = 0.8), Simulium (r = 0.5), Habrophlebiodes (r = 0.6), and Diplectrona (r = 0.5) were most strongly correlated with Axis 1. Axis 2 was most related to ammonia (r = -0.5), total nitrogen (r = –0.5), and turbidity (r = -0.6).  Nippotipula (r = 0.6), Pseudolimnophila (r = 0.7), Bezzia(r = 0.8), Chrysops (r = 0.6), Stenelmis (r = 0.6), and Helichus (r = 0.7) were most strongly related to Axis 2.  Axis 3 was most related to total nitrogen (r = 0.6). Stempellinella (r = -0.6), Tanytarsus (r = -0.6), Corynoneura (r = -0.6), Thienemaniella (r = -0.7), Stenelmiss (r = 0.6), and Helichus (r = 0.7) were most strongly related to Axis 3.  For watersheds C and D, Axis 1 of the NMDS appears related to both disturbances, with drought samples having lower values than reference, which had lower values than harvest samples.    
	Significant indicator taxa for the pre-harvest samples were primarily predators and collector-gathers, including Parachaetocladius, Hexatoma, and Leptophlebia.  Eighteen taxa were significant indicators for the reference streams after the harvest occurred, primarily consisting of predators and shredders.  Four taxa were indicators for the thinned SMZ treatment.  All were primarily scrapers and collector gatherers and included Decapoda (Cambaridae), Brillia, Elimia, and Paracladopelma.  The indicator taxa reflective of the intact SMZ treatment were predators, scrapers, filterers, gatherers, and shredders, including, Cryptochironomous, Polypedilum, Stenochironomous, Tanytarsus, Tribelos, Molanna, Triaenodes, Laevapex, and Hexagenia (Table 3-5).   
	Biological traits

	Watersheds A (Reference) and B (Harvested). NMDS ordination (stress = 14.3, P = 0.001) explained 91.1% of the variance in the dataset, with 66 % and 25 % explained by Axis 1 and 2 respectively. Overall, the ordination indicated separation of community composition with harvest regime (Fig.3-10) and was supported by significant differences between reference and harvest sites, but not between thinned and intact harvest treatments (MRPP, A = 0.2, P< 0.01). Axis 1 was primarily represented by ammonia (r = -0.4), total nitrogen (r = -0.5), dissolved oxygen (r = -0.6), and flow (r = -0.4). Traits positively associated with Axis 1 included burrowers (h2, r = 0.7) and collector-gatherers (tr1, r = 0.8), with sclerotized bodies (ar2, 0.7) and slow-hatching eggs (ht2, r = 0.8), that are abundant in drift (df3, r = 0.6) and live in gravel (mh3, r = -0.7) and woody debris (mh6, r = 0.7). Those negatively associated with Axis 1 included medium-sized (s2, r = -0.7) sprawlers (h4, r = -0.6), filterers (tr2, r = -0.7), and herbivores (tr3, r = -0.6), with less than one generation per year (v1, r = -0.6) and fast-hatching (ht1, r = -0.7) cemented eggs (ec1, r = -0.6) living in sand (mh1, r = -0.7) or rocks (mh2, r = -0.7). Axis 2 was most related to total nitrogen (r = -0.4) and turbidity (-0.5). Traits positively associated with Axis 2 included small (s1, r = 0.7), soft-bodied (ar1, r = 0.7) individuals with cutaneous respiration (rs1, r = 0.7), and rapid development rates (ds1, r = 0.7). Those negatively associated with axis 2 included large (s3, r = -0.6) shredders (tr4, r = -0.6) with tracheal gills (rs2, r = -0.8), slow development (ds2, r = -0.6) less than one generation per year (v1, r = -0.6), and cemented eggs (ec1, r = - 0.6). 
	Traits indicative of pre-harvest samples included sclerotized (ar2) collector-gatherers (tr1) and swimmers (h3) common in drift (df3), with long hatching (ht2) and development (ds2) times.  Those indicative of the reference streams in the post-harvest period included bluff (sh2), soft-bodied (ar1) predators (tr5) with short development times (ds1) living in plant matter (mh4).  Species in the thinned SMZ treatment were medium-sized (s2) sprawlers (h4), living in sand (mh1) and gravel (mh3) substrate. Species in the intact SMZ treatment included filterers (tr2) with semi-voltine life cycles (v1) that are rare in drift (df1) (Table 3-6).   
	Watersheds C (Harvested) and D (Reference). NMDS ordination (stress = 11.1, P = 0.001) explained 95.1% of variance in the dataset, with 81 % and 15 % explained by Axes 1 and 2, respectively. Overall, ordination did not indicate separation of community composition by harvest (Fig.3-11) although MRPP did indicate significant differences between reference and harvest samples. Axis 1 did not strongly relate to any environmental variables. Shredders (tr4, r = 0.7) and swimmers (h3, r = 0.7) with tracheal gills (rs2, r = 0.8), cemented eggs (ec1, r = 0.8), long development (ds2, r = 0.8) and hatch times (ht2, r = 0.8) in fast turbulent water (r4, r = 0.7) with streamlined (sh1, r = -0.8), sclerotized (ar2, r = 0.9)  bodies univoltine life cycles (v2, r = 0.5), living in detritus (mh5, r = 0.7) were positively related to Axis 1. Collector-gatherers (tr1, r = -0.6) and sprawlers (h4, r = -0.6) with cutaneous respiration (rs1, r = -0.9) bluff bodies (sh2, r = 0.8) multivoltine life cycles (v3, r = -0.6), short development (ds1, r = -0.9) and hatch times (ht1, r = -0.9), abundant in drift (df3, r = -0.7), small (s1, r = -0.7), soft-bodies (ar1, r = -0.8) were negatively related to Axis 1.  Axis 2 did not relate to any environmental variable. Large-bodied (s3, r = 0.8) individuals were positively related to axis 2. Small bodied (s1, r = -0.7), burrowers (h2, r = -0.7) not common in drift (df1, r = -0.8) were negatively associated with axis 2. 
	Traits indicative of pre-harvest samples included individuals with mid-length hatching (ht2) and development times (ds2), semivoltinism (v2), sclerotized bodies (ar2), swimmers (h3) and shredders (tr4), residing in silt substrate (mh7). Species in reference streams during the post-harvest period included predators (tr5) respiring via spiracles or plastrons living in detritus (mh5). Species in the thinned SMZ treatment included herbivores (tr3) preferring sandy substrate (mh1). Species in the intact SMZ treatment included individuals without cemented eggs living in woody debris (Table 3-7).  
	Discussion

	The need for properly managed watersheds has become clear as estuaries and deltas become inundated with sediment, nutrients, and chemical pollutants (Justic et al., 1993; Long et al., 1994).  Proper management of small streams will contribute significantly to reductions in the downstream transport of these materials since headwater streams account for ~ 80 % of all stream miles (Gomi et al., 2002).  Historically, logging has been the most prominent land use in headwater streams, highlighting the importance of protecting these systems during this practice. In this study, the impacts of logging in Georgia’s coastal plain had small, but significant impacts on aquatic communities and their food sources.  Although strong bottom-up effects occurred in the disturbed streams; in general best management practices effectively protected the streams during clearcut harvest. 
	Energy Sources

	Terrestrially derived organic matter is the primary resource in many headwater streams (e.g., Vannote et al., 1980).  In the southeastern U.S., this food base is available throughout the year due to the long growing season and may be less limiting in undisturbed streams than in temperate zones (Roberts, 2002).  In this study, leaf fall quantity and quality was altered by harvest as well as natural disturbances.  A severe drought prior to the study led to a sharp decline in riparian leaf fall in all streams, likely due to physiological responses of vegetation to changes in precipitation regimes.  Following harvest, a decline in leaf fall occurred in the harvested watersheds, while reference sites continued to accumulate litter. Thus, the decrease in habitat and food availability was accentuated in response to both the pulse and press disturbances.  Additionally, lower C:N ratios in rapidly growing herbaceous litter in the thinned SMZs may have given invertebrates access to higher quality food.  
	The decrease in leaf fall was directly related to less storage of BOM in harvested watersheds. As expected, a decrease in canopy in the logged sites decreased organic matter inputs and availability, and increased algal and macrophyte biomass.  Studies have found logged sites to have significantly lower leaf biomass than reference streams when no buffer strip was established (Golladay et al., 1989; Stout et al., 1993).  However, this study shows a clear loss in organic matter storage even with the retention of a protected buffer zone.  Although leaf fall from riparian vegetation is closely related to BOM, the contributing area may depend on watershed characteristics.  Lateral inputs into the stream (Fisher and Likens, 1973) emphasize the importance of maintaining a wide buffer zone. Additionally, leaves are carried into the stream with surface runoff.  Thus, the extent of the buffer zone may influence organic matter, altering food and habitat availability for aquatic organisms. 
	Although less BOM storage is linked to changes in canopy cover, factors affecting decomposition rates may play a role in BOM loss.  In many streams microorganisms and invertebrates are primarily responsible for decomposition (Petersen et al., 1989), but this process is additionally linked to abiotic conditions.  Less BOM was stored in the sediment with increases in flow, ammonia, conductivity, and dissolved oxygen.  However, these changes were related to factors unique to harvest treatments.  In reference streams, a negative relationships with BOM and conductivity, dissolved oxygen, and turbidity suggest an interaction between abiotic and biotic factors affecting loss.  As dissolved oxygen levels increased, higher decomposition rates may have been responsible for decreases in BOM.  This was likely  related to an increase in microbial biofilm and invertebrate abundance and diversity typically found at higher dissolved oxygen levels (Allan, 1995). Decreases in conductivity were linked to flushing of the streams as flow was restored following the drought.  Additionally, drying of the streambed releases SO42- as reduced sulfur is oxidized, leading to an increase in conductivity (Bayley et al., 1986; Devito, 1999). This increase reduces the solubility of carbon, thus decreasing decomposition rates (Clark et al., 1005) and potentially reducing invertebrate abundance.
	In the harvested watersheds, the strong negative relationship found between BOM and flow, suggests the loss of BOM is controlled primarily by physical factors. Movement of organic matter and sediment occurs during most storm events in sandy-bottomed, coastal plain streams and is more pronounced in the clearcut streams due to increased runoff and peak flow (Golladay et al., 1987).  Ultimately, this leads to trapping of litter in discrete, spatially variable habitats, such as debris dams (Palmer et al., 1996).  Although flow was an important predictor of BOM storage, ammonia and turbidity also played a role.  In the streams with an intact SMZ, BOM increased as the water became more turbid.  Reaches draining the intact SMZ retained silt from upstream sections, leading to habitat smothering, clogging biofilm and gills of macroinvertebrates (Allan, 1995).  In the thinned SMZ, stored BOM decreased with increasing levels of ammonia, reflecting the contribution of bacteria to leaf litter decomposition.  Thus, discrete changes in the physical structure of the stream due to harvest potentially limit ecosystem function and food resources.  
	Although forested headwater streams obtain most of their energy from allochthonous sources, periphyton is expected to become the dominant food and habitat source as canopy cover is eliminated.  In our study, streams with intact buffer zones did not differ from reference streams, however, streams in thinned reaches had periphyton biomass nearly double that of reference streams.  Murphy et al.(1986) reported that clearcut streams averaged 130% greater periphyton biomass than buffered and old growth streams. Additionally, Brosofske et al.(1997) showed that logging practices that affect the width of riparian reserves along streams also alter the amount of light reaching the stream surface. 
	However, other factors may interact with photosynthetically active radiation to determine standing stock of periphyton.  In a study examining the impacts of selective harvest in Canada, periphyton biomass increased both as light levels and water temperature increased and buffer width narrowed (Kiffney et al.2003).  Additionally, foodweb structure (Wootton and Power, 1993; Hillet al., 1995) and nutrients (Hillebrand, 2002) can also be important in controlling algal accrual. In the reference streams, chlorophyll a increased with increasing total phosphorous.  In general, small headwater streams are nutrient limited (phosphorous and nitrogen) (Elwood et al., 1981) and thus periphyton responds rapidly to any increase in the water column. Additionally, Hart and Robinson (1990) found strong bottom-up effect of phosphorous addition in streams linking increased scraper abundance with higher periphyton biomass, emphasizing the importance of nutrients in changing community structure. However, none of the measured variables had a strong relationship with periphyton in the harvested streams, indicating increases in light may be the primary factor contributing to periphyton biomass in harvested streams.
	Although few variables explained changes in periphyton due to harvest, discharge levels in these streams were linked to the the type of primary production established in these streams.  Low flow in low-gradient compared to montane streams may allow for growth of macrophytes as well as macroalga.  Colonization by the macrophyte, Ludwigia repens, in the harvested streams increased attachment surfaces available for algal cells. Kedzierski and Smock (2001) found an increase in the macrophyte Sparganium and the algal species Chara in response to logging in coastal plain streams in Virginia, which they linked to increased macroinvertebrate abundance and biomass.  They found that this macrophyte served as an ideal attachment site for filterers (e.g., Simulidae and Rheotanytarsus), thus increasing microhabitat diversity in logged reaches. Long-term availability of periphyton and macrophytes may influence invertebrate community structure years after logging, since overstory canopy cover will take years to decades to limit light penetration (Fuchs et al., 2003).
	Environmental Variables

	Water temperature frequently increases in logged areas and has complex effects on life cycles of stream biota (Hogg andWilliams, 1996). For example, it influences the rate at which eggs develop and juvenile fish and invertebrates grow, which, in turn, determines voltinism, rates of growth, and productivity (Allan, 1995; O'Hop et al., 1984; Wallace and Gurtz 1986).  Both winter and summer temperatures were 1-2 ºC higher in treatment than reference streams following harvest, indicating long-term effects on biota.  While temperatures peaked at 18 ºC during winter sampling periods, temperatures exceeding 26ºC were common in the treatment watersheds in the late summer, potentially excluding cool-water adapted invertebrates and fish.  However, this did not result in lower dissolved oxygen concentrations in the treatment watersheds, in part due to the increased growth of macrophytes present throughout the water column.  Additionally, since a 1-2ºC is the predicted increase in temperature resulting from climate change (Kundzewicz et al., 2007), the long-term effects of this temperature change may be useful for predicting changes in temperature on aquatic biota. 
	Buffer zones along streams are expected to retain nutrients (Polyakov et al., 2005), allowing them to be taken up by vegetation and assimilated into the terrestrial ecosystem. However, ammonia levels tripled or quadrupled following harvest, increasing from 10-15 µg/L to 30-50 µg/L.  The U.S. EPA standard for ammonia is 27 µg/L (USEPA, 1999), the threshold for potential toxicity for aquatic biota.  Surprisingly, concentrations were higher in the intact SMZ than in the thinned SMZ. In the intact SMZ, runoff may still reach the streams, but is more likely retained with fine particles and organic matter, contributing to bacterial production. Additionally, retention of silt in these streams likely reduced benthic oxygen, leading to more ammonia.  Ammonia adsorbs to silt-clay fractions in streams (Silva and Williams, 2001) and may increase retention in these reaches. Additionally, a prescribed burn in the watersheds may have also contributed ammonia to the streams (Knoepp and Swank 1993). However, in the thinned SMZs there appeared to be a balance between substrate flushing and inputs from runoff so that  benthic silt levels were reduced.  
	Macroinvertebrates

	Both taxonomic and trait composition are expected to change in response to large scale disturbances.  The taxonomic similarity within streams increased over time regardless of treatment.  This was linked to recovery of the invertebrate community following a long term drought (Griswold et al., 2008).  Biological traits were stable over the course of the study; however, there were trends related to harvest.  Statzner et al.(2004) also found that traits were relatively stable over large temporal and spatial scales in Europe.  This stability may be linked to the finite number of traits that are available within a region based on climate and geologic features.  However, strong changes in environmental conditions are likely to alter stability of trait composition.   Winter flow values continued to escalate in the harvested watersheds over the final two years, nearly doubling the flow rate compared to the reference watersheds.  A decrease in trait stability during this period in the treatment watersheds suggests that disturbed sites may be less resistant to change.  However, the extension of the study over a longer period would be necessary to determine if this is the case. 
	Harvest led to a shift in dominant species associated with changes in the food base and environmental conditions.  The species responding to harvest in watersheds B and C were different taxonomically, but shared similar ecological roles.  For example, species responding to harvest consumed benthic periphyton or organic matter present within the water column.  In watershed B this included sphaeriid clams, elmid beetles, and mayflies, while in watershed C blackflies (Simulium), Tanytarsus midges, and mayflies (Habrophlebiodes) increased in abundance.  This shift to from detritus to algae and fine matter is common in streams impacted by forest activities (e.g., Noel et al., 1986).  Differences in species composition between the harvested watersheds are likely linked to habitat stability and flow regime.  
	The greatest structural and functional changes occurred in the thinned SMZs, resulting in the lowest BOM and canopy cover, and the highest periphyton biomass.  Species in the thinned SMZs preferred to live in sand and were larger than in the other stream reaches.  This preference for sand reflects the regular scouring and lack of organic matter in the thinned treatments.  Additionally, larger body sizes and abundance of herbivores are likely related to greater availability of periphyton in these treatments. Most studies link herbivore abundance to increased periphyton biomass as a result of logging (Gurtz and Wallace 1984). 
	The intact SMZ was dominated by filterers (e.g., Simulium), likely linked to enhanced transport of organic matter from the clearcut section of this watershed. Blackflies require faster flow and a stable source of attachment, conditions provided by larger substrate particle size and abundant macrophytes present in watershed C.  The sphaeriid clams present in watershed B prefer slow flow and burrow in the fine sediment. Fine particulates may enter the stream through bank erosion, or lateral inputs from runoff and resuspension providing additional food (Anderson and Sedell, 1979). Harvested watersheds typically export significantly more particulate organic matter than undisturbed reference watersheds (Webster et al., 1990).  Additionally, species living in woody debris were an important component in this treatment.  Windthrow resulting from the 2004 hurricanes provided organic matter to this system that may have been flushed out in the thinned treatment. 
	Invertebrates in the reference streams shared traits indicative of an undisturbed forested headwater coastal plain stream.  In general, species were soft-bodied and bluff, indicating lower flow and less scouring.  When left undisturbed, streams in this region have riparian zones that limit high peak flows during storm events in these streams.  For example, soft-bodied tipulid larvae have limited ability to resist scouring and are easily washed downstream.  Thus, species with this trait are adapted to low-gradient, undisturbed streams.  Additionally, species in the reference streams were more likely to prefer living in plant material derived from the riparian zone and thus are closely linked to the riparian zone.  Thus, biological traits were accurate predictors of functional changes occurring in watersheds following a logging disturbance.
	  The utility of using biological traits and fuzzy coding for linking trophic habits to disturbance lies in the catholic food preferences of many invertebrates. Species historically thought to be shredders supplement their diet with algae, especially when this food source becomes dominant (Zah et al., 2001).  This flexibility in food choice may limit the ability of bioassessment protocols to detect disturbance.  However, many species rely heavily on a primary food source, and little is known of their reproductive capacity when faced with a less preferred food choice.  Additionally, traits are stable over interannual periods, allowing for more flexible sampling protocols (Snook and Milner, 2002).  Thus, analysis of trophic habitat, combined with fuzzy coding, which allows species to be assigned to multiple groups, will ultimately enhance the robustness of sampling programs.
	Anthropogenic disturbance in the face of natural disturbances 

	Water quality indices derived from ecological and taxonomic information on aquatic invertebrates should be responsive to a gradient of disturbances within and between streams.  For instance, many water quality indices were initially derived to understand downstream effects of points sources such as sewage (Kolkwitz and Marsson, 1909).  However, the challenge to create indices that respond to non-point sources as well as multiple stressors has brought this approach to the extent of its limits.  In these indices, lower values reflect poor water quality (e.g., pollution tolerant organisms), while high values indicate good water quality (e.g., pollution sensitive species).  However, the Florida SCI was not responsive to the harvest treatments, suggesting the harvest streams  had better water quality than the reference streams two years after the harvest. The SCI was highly responsive to natural disturbances, and values increased from poor water quality to excellent water quality as streams responded to restoration of flow and precipitation following the 1998-2002 drought..  
	A strong relationship existed between SCI scores and both flow and dissolved oxygen, the primary factors responsible for recovery of invertebrate communities following drought (Chapter 2).  Harvest created a diverse range of microhabitats (e.g., light and temperature patches), likely providing more niches for other species.  Additionally, discharge was greater in the selective harvest treatment, which may have buffered these streams from any drying over the course of the study.  Lastly, as periphyton levels increased in the selective harvest treatment, increased Ephemeroptera abundance drove the SCI scores higher since this group tends to be a good indicator of water quality.  
	The SCI has not been able to differentiate between reference and disturbed streams in other cases.  Vowell (2001) did not find evidence that the SCI was able to discriminate between reference and logged sites in Florida.  In a survey of 167 headwater streams in Oregon, Herlihy et al.(2005) also found that environmental variation was a stronger driver of changes in taxonomic composition than logging history.  Further support exists for the short-tem impact of harvest on streams.  Kreutzweiser et al.(2005) only found an initial peak in scrapers and filterers immediately following harvest in watersheds with selective harvest.  They also found that taxonomic structure differed among headwater streams with similar characteristics within the same basin, providing further support for the use of biological traits in bioassessment.  Given the predicted increase in natural disturbances, the value of these indices becomes questionable for detecting anthropogenic disturbances.  However, they have been used successfully for detecting large disturbances such as urbanization and agricultural practices.   
	Describing and understanding variability in stream systems is difficult because processes and patterns vary at different spatial and temporal scales (Wiens et al., 1986; Roth et al., 1996; Allan and Lammert, 1999). Assemblages can vary at small spatial scales, yet appear stable, or at least resilient, at larger scales (Rahel, 1990). This phenomenon has been referred to as the shifting mosaic, steady-state model (Clark, 1991; Moloney and Levin, 1996). The study streams were exposed to two press disturbances and at least one pulse disturbance over a decade.  The former included a drought lasting from 1998-2002, logging in 2003, and a hurricane in 2004.  The enhanced discharge resulting from the storms did not influence taxonomic composition or trait structure.  However, the impacts of harvest and drought, discussed here and in Chapter 2, indicate that natural variability needs to be taken into account when attempting to link changes in land use to changes in structural and functional aspects of aquatic ecosystems.
	Changes in forestry management practices over the past couple decades have driven the need to understand impacts of logging along streams on water quality and biodiversity.  The assumption cannot be made that simply leaving a few trees along the stream will protect it from land use within the watershed.  Thus, more state management programs have incorporated watershed slope into the equation for determining buffer width (e.g., Georgia Forestry Commission, 1999).  This study found evidence for long-term impacts of properly managed SMZs on aquatic biodiversity and basal resources.  However, these effects were most pronounced in the first year following harvest.  Thus, models examining the impacts of SMZ management must incorporate direct and indirect effects of forestry activities.     
	Table 3-1. Biological trait definitions and modalities.
	Table 3-2. Results of multiple regressions for chlorophyll a biomass and benthic organic matter (BOM).  Significance of R2 values is given by * (P < 0.05), ** (P < 0.01), *** (P < 0.001).
	Table 3-3. Average environmental conditions for winter sampling periods in reference (A,D), thinned SMZs (B1,C1), and intact SMZs (B2,C2).  Data are for pre-harvest (2001-2003) and post-harvest (2004-2008).
	Table 3-4. Indicator values for watersheds A and B based on taxonomic composition.  Groups are defined as pre-harvest all sites (1), post-harvest reference (2), post-harvest thinned SMZ (3), and post-harvest intact SMZs (4). 
	Table 3-5. Indicator values for watersheds C and D based on taxonomic composition.  Groups are defined as pre-harvest all sites (1), post-harvest reference (2), post-harvest thinned SMZ (3), and post-harvest intact SMZs (4).
	Table 3-6. Indicator values for watersheds A and B based on biological traits.  Groups are defined as pre-harvest all sites (1), post-harvest reference (2), post-harvest thinned SMZ (3), and post-harvest intact SMZs (4).
	Table 3-7. Indicator values for watersheds C and D based on biological traits.  Groups are defined as pre-harvest all sites (1), post-harvest reference (2), post-harvest thinned SMZ (3), and post-harvest intact SMZs (4).
	Figure 3-1.  Topographic map and aerial photo of the four study watersheds (A-D).
	Figure 3-2.  Average chlorophyll a biomass (±SE) during the wet (May-September) and dry season (October-April) from 2004-2008 in reference, thinned SMZs, and intact SMZ streams after harvest.
	Figure 3-3.  C:N ratios of leaf fall from the riparian zone in reference and harvested watersheds before (2001-2003) and after (2004-2007) harvest.
	Figure 3-4.  Average ammonia (NH4) concentrations (±SE) in reference, thinned SMZs, and intact SMZ streams.  Harvest treatments were applied prior to the third sampling period.   
	Figure 3-5.  Stream condition index (SCI) scores (±SE) for reference, thinned SMZs, and intact SMZ streams. Samples below the red line indicate poor water quality, those above the red line, fair water quality, and those above the blue line, good water quality.
	Figure 3-6.  Taxonomic stability (±SE) for reference, thinned SMZs, and intact SMZ streams.
	Figure 3-7.  Trait stability (±SE) for reference, thinned SMZs, and intact SMZ streams.
	Figure 3-8.  NMDS of taxonomic composition in watersheds A and B in pre-harvest (1) and in post-harvest reference (2), thinned SMZs (3), and intact SMZ treatments (4).
	Figure 3-9.  NMDS of taxonomic composition in watersheds C and D in pre-harvest (1) and in post-harvest reference (2), thinned SMZs (3), and intact SMZ treatments (4).
	Figure 3-10.  NMDS of biological traits in watersheds A and B in pre-harvest (1) and in post-harvest reference (2), thinned SMZs (3), and intact SMZ treatments (4).
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	Figure 3-11.  NMDS of biological traits in watersheds C and D in pre-harvest (1) and in post-harvest reference (2), thinned SMZs (3), and intact SMZ treatments (4).
	CHAPTER 4
	EFFECTS OF PATCH TYPE, QUALITY, AND SIZE ON MACROINVERTEBRATE COMMUNITY STRUCTURE
	Introduction

	Spatial heterogeneity in landscapes strongly affects community structure (Bond et. al 2000) and population dynamics (Kareiva 1990).  In the simplest case, increasing either habitat types or patches provides more potential niches, allowing increased species diversity and abundance. However, certain habitat types may be better suited for a species or group of species, resulting in preferential habitat selections.  Physical characteristics, environmental conditions (e.g., oxygen, temperature), food resources and predation risk are important factors determining patch suitability, and spatial aspects of food webs are key to understanding community structure and dynamics (Holt 1977, 1996).
	Low gradient, headwater streams in the southeastern coastal plain are typically dominated by sandy substrate, yet they also have patches of leaf packs, woody debris, and root mats.  Two important habitat patch types in logged streams are leaf packs and macrophyte beds, both of which vary in quality and quantity over space and time.  Thus, streambed heterogeneity results from seasonal inputs of organic matter and the rearrangement of these patches in shifting mosaics (Stout et al., 1985; Hildrew and Giller, 1994; Wallace et al., 1995).Leaf packs can peak in  autumn after leaf senescence, while macrophytes peak in the late spring and summer during the growing season. However, both are present at some level throughout the year.  Thus, patch size and location will be highly variable and depend on changes in canopy cover and allocthonous leaf input.  Colonization of streambeds by macrophytes, coupled with decreased allochthonous input in logged streams, can alter the number of patches available for stream biota.  
	Temporal and spatial changes in stream landscapes lead to changes in size, isolation and structure of habitat patches.  Leaf packs and macrophytes potentially differ in their temporal and spatial dynamics.  Depending on stream bed stability and flashiness of flow, the structure of leaf packs can change greatly with time (Palmer 1996, Velasquez 2003).  In logged streams, the rate of leaf pack formation is often slow, resulting in increased patch isolation and fragmentation.  Leaf pack formation occurs primarily in autumn as leaves senesce and fall into the stream. They then become smaller and are rearranged within the stream as invertebrates process leaves and increased flow scours the channel bottom.  Unlike leaf packs, rooted macrophytes are more stable in streams and contribute to a less dynamic streambed landscape.  Thus, macrophytes may support superior competitors, while leaf packs may support more transient, inferior competitors.   
	Differences in patch quality and size drive habitat selection by stream invertebrates.  Leaf packs vary in suitability as habitat and food, with fast decomposing leaves acting more as a resource, and slow decomposing leaves acting more as habitat (Dangles et al.2001).  Essafi (1994) found that invertebrate biomass did not decrease in leaf packs after leaves lost most of their nutritional value, suggesting that leaf packs act as habitat and potential refugia in addition to being a consumable resource.  Leaf packs may also enter the hyporheic zone and provide resources for subsurface biota (Strommer and Smock 1989).  Although few invertebrates consume macrophytes, high quality resources for invertebrates exist in macrophyte beds, including decaying plants, root exudates, root associated bacteria, epilithic periphyton and detritus (Sagova 2002, Tolonen 2003). 
	Previous studies of static stream landscapes suggest that small patches support higher densities than large aggregated patches (Palmer 2000, Silver 2000). However, these studies focused primarily on leaf packs and a small group of organisms (chironomids and copepods).  Silver et al.(2004b) observed that chironomid density was greater in both fragmented landscapes and less stable habitats.
	Given the current state of knowledge of patch dynamics in streams, the goal of the this study was to understand the role of patch type, size, and quality in structuring invertebrate communities and colonization dynamics. It was hypothesized that larger macrophyte patches provide both more cover and a greater source of food (epiphyton/biofilm) and increase invertebrate abundance and diversity.  Invertebrate abundance and diversity should be lower in large leaf packs because their interior will offer reduced water velocity and oxygen.  This was assessed using a combination of field observations and experimental manipulations of patches.
	Materials and Methods
	Field Sampling of Patches


	Macrophytes and leaf packs were mapped three times over a year at 20 m intervals along the length of the study reach (~ 200 m) by establishing transects perpendicular to flow and determining percent cover of leaf packs and macrophytes.  Samples were obtained from randomly selected patches of macrophytes (Ludwigia repens) and leaf packs four times between September 2005 and June 2006.  A net (250 µm mesh) was positioned downstream of the patch, and three leaves were taken from each patch and placed in individual vials containing 100 ml of deionized water for chlorophyll a analysis.  Three additional leaves were preserved in phospho-buffered formalin (1%) for bacteria counts.  Leaf samples were kept on ice until returning to the lab where they were stored at -20ºC until analyzed.  The remainder of the patch was collected by removing only its above-sediment portion and allowing it to drift into the net.  The contents of the net were placed in a ziplock bag, placed on ice, and returned to the laboratory for processing.
	In the laboratory, patch samples were gently rinsed through nested sieves of 1mm (CPOM) and 0.250 µm (FPOM).  Macroinvertebrates were sorted from the samples and preserved in 70% ethanol.  Each sample was then separated into terrestrially derived CPOM, FPOM, and macrophytes.  Patch size was determined by placing each sample in a 500ml glass cylinder with water to determine the volume of the patch by water displaced.  Each portion (CPOM, FPOM, and macrophytes) was then dried at 60ºC for at least 48 hours and weighed to compare dry weights to volume for a given area.  FPOM samples were ashed at 550ºC for five hours to determine organic content.  
	Since many invertebrates consume bacteria and periphyton, chlorophyll a, ash-free dry weight (AFDW), and bacteria counts were used as indicators of patch quality. Chlorophyll a and AFDW were analyzed as in Chapter 3.  Leaves for chlorophyll and AFDW measurement were vigorously shaken in 50 mL of deionized water for 30s, after which leaves were removed to measure surface area.  Water samples were filtered through 45 µm GFF filters, and bacteria on the filters were stained with SYBR Green and counted under an epiflourescent microscope. Leaves were photographed, and Scion Image (Scion Corp., Frederick, MD, U.S.A.) was used to calculate total surface area. 
	Bacteria enumeration followed the protocol outlined in Buesing (2005).  A 0.2 µm, 25mm aluminum oxide membrane filter (Whatman Anodisc) was placed on top of a wetted 0.45 µm, 25 mm cellulose nitrate filter on a glass filter manifold. Leaves for bacteria counts were thawed and sonicated for one minute at 80 W while on ice.  Then, the sample was vortexed, and a 100 µl aliquot was removed after 10s.  The sample and one ml nanopure water was added to the filter manifold to ensure mixing and a homogeneous slide mount and pressure applied using a vacuum.  
	The Anodisc filter was removed and gently dried using a Kimwipe. Filters were placed face-up on a 100ul drop of SYBR Green II fluorescent stain diluted 400 fold (Molecular Probes, Eugene, Oregon, USA) on labelled petri dishes.  Filters were stained in the dark for 15 minutes, then  dried and placed face-up on a glass slide. A 30-uL drop of antifade mounting solution (50% glycerol, 0.1% p-phenylenediamine, 50% PBS: 120 mM NaCl, 10 mM NaH2PO4, pH 7.5) was added, and a cover slip was placed on top.  Slides were then counted or stored frozen at -20ºC for up to six weeks.  
	An  Epifluorescence microscope equipped with a high-pressure mercury lamp (HPO 100 W), with a Chroma filter set (no. 41001; excitation filter 480 nm, beam splitter 505 nm, emission filter 530 nm) was used to count bacteria.  Cell numbers were counted from at least 10 fields until a total of 400 bacterial cells was reached (Kirchman 1993).  Preliminary counts from ~ 25 slides were used to determine a size class distribution with a calibrated micrometer and placed in the following classes: cocci (< 0.5 µm, > 0.5 µm diameter), vibrio, filamentous, and rod (< 0.35 µm, > 0.35 µm).  In subsequent slides, at least 15 cells from each size class were measured.  
	Volumes (V) of individual cells were calculated under the assumption that cells are cylindrical with hemispheric ends (Fry, 1988), which works for both rods and cocci. The total biovolume (BV) of bacterial cells per g of leaf material was calculated as: 
	where bi is the biovolume of an individual bacteria cell, Vs the sample volume, Af the total filtration area, Sf the volume of the subsample passed over the filter, Ac the filtration area, in which bacteria were counted, and DMl the litter dry mass. 
	Bacterial dry mass or carbon was calculated from bacteria BV based on empirically determined conversion factors. For pelagic freshwater bacteria, Loferer- Krößbacher et al.(1998) established the following relationship: 
	0.86
	where dmb is the dry mass and bv the biovolume of a bacteria cell. 
	Field Experiment

	The goal of the field experiment was to control for leaf species, patch size, and patch age to examine initial macroinvertebrate colonization patterns. Leaf packs consisted of dominant tree species shared among watersheds B and C; Liriodendron tulipifera, Quercus nigra, and Pinus spp.  Leaves were collected in August 2006 prior to abcission and air dried for seven days.  Macrophytes were collected from seeps along the stream, washed thoroughly in distilled water, and examined for invertebrates and biofilm before use.  The macrophytes and leaf species were used to create patches of 1, 2, or 4 g.  A separate set of ten macrophyte samples were dried at 60ºC to determine a wet to dry mass regression and create an equivalent to the leaf packs prior to the beginning of the experiment.  
	The three size classes were crossed with two levels of stability and four species in a randomized block design.  Blocks were created in a 10-20 m stretch of stream and replicated three times along at 70 m length of each reach in the intact and thinned SMZ treatements in watersheds B and C.  Leaf packs were created by loosely tying leaves together using nylon line.  Macrophyte patches were anchored in the sediment using mesh produce bags (10” Vexar bags, Avis Bag Co.).  Leaf packs and macrophytes were tethered to pvc pipe driven into the streambed.  Stable patches were left undisturbed for 15 days, while unstable patches were disturbed once on day 7 by rinsing the patch through the water column for one minute.  Patches were then collected after 7 and 15 days to determine colonization patterns.  
	Velocity, oxygen, and canopy cover were measured at each patch as potential determinants of patch quality.  Canopy cover was measured by taking four measurements using a densitometer.  Velocity was measured using a Marsh McBirney Flowmate 2000 (Frederick,MD).  Oxygen samples were taken by first removing a 10ml water sample from the patch with a 10 ml syringe.  Then, dissolved oxygen was measured using the micro winkler technique (Peck and Uglow, 1990).  Samples were fixed within two hours and returned to the lab for processing. 
	Leaf packs were rinsed through a 250 µm mesh sieve, and invertebrates were sorted from the sample and identified.  CPOM and FPOM trapped in the patch were separated, dried at 60ºC for 48 hours, and weighed.  Additionally, subsamples were taken and ashed at 550ºC to correct for inorganic accumulation on leaf litter. 
	Data Analysis
	Field obervations


	Independent and dependent variables were transformed to meet assumptions of normality and independence.  Analysis of covariance (ANCOVA) was utilized to determine the relationship between invertebrates and patch type using size as a covariate.  Multiple regression was used to relate invertebrate metrics to patch size, epiphyton biomass, and bacteria abundance and biomass.   
	Experimental manipulation of patches

	A three-way ANOVA was utilized to relate changes in macroinvertebrate metrics to initial leaf mass, species, and disturbance.  Rarefaction was used to compare taxon richness across samples after standardizing for patch size.  Linear regression was used to relate the expected number of species to the patch size.  Multiple regressions were used to examine the influence of canopy cover, dissolved oxygen, trapped FPOM and CPOM, and velocity on macroinvertebrates.  
	Results
	Field Observations


	The total biomass of epiphyton (chlorophyll a) was not related to patch type or size.  Values were lower during autumn/winter than in spring/summer (F3,122 = 4.2, P<0.01) (Fig. 4-1).  Differences in total bacterial abundance related to patch type were dependent on patch size (F1,115 = 4.6, P<0.05).  Overall, abundance increased with linearly with patch size, but the slope was greater for leaf packs than macrophytes.  Temporally the number of bacteria cells decreased from fall to winter and increased from spring to summer (F3,119 = 5.6, P<0.01), but did not depend on patch size (Fig. 4-2). Total bacterial biomass was higher in leaf packs than on macrophytes (F1,118 = 11.8, P<0.001), but was not influenced by patch size.  Total biomass per patch changed with date, but was related to the size of the patch (F3,114 = 4.0, P<0.01).  In  general, biomass increased with patch size, but an outlier led to high biomass in a small macrophyte patch.  FPOM trapped within patches increased in both patch types from fall to summer (F3,122 = 15.0, P<0.0001). FPOM changed with patch type, but was dependent on patch size (F1,1118 = 25.8, P<0.0001).  FPOM in leaf packs increased with patch size, but did not change with patch size of macrophytes.  Further, the volume of FPOM trapped in leaf packs was significantly higher than that in macrophytes (29.4 vs. 21.2 cm3).
	Patch quality parameters were weighted for patch size.  Bacterial biomass/cm3 changed with date (F3,116 = 10.2, P<0.0001), but depended on patch type (F3,116 = 3.7, P<0.02).  Biomass was greatest in November for both leaf packs and macrophytes, but was higher in leaf packs (Fig. 4-3).  Bacterial abundance/cm3 changed with date (F3,116 = 12.4, P<0.0001), but depended on patch type (F3,116 = 10.0, P<0.0001).  Abundance was lowest in April for both patch types (Fig. 4-4). Chla/cm3 changed with date (F3,122 = 4.0, P<0.001) and patch type (F1,122 = 6.4, P<0.02) and was higher for macrophytes on all dates except November (Fig. 4-5).
	Changes in taxon richness with date (F3,118 = 6.0, P<0.01)  and patch type (F1,118 = 6.7, P<0.001)  were dependent on patch size. Taxon richness increased with patch size for leaf packs, but did not have any relationship to patch size for macrophytes.  After adjusting taxon richness based on taxa/cm3, there was a significant effect of patch type (F1,116 = 53.8, P<0.001) , date (F3,116 = 12.6, P<0.001) , and their interaction (F3,116 = 19.2, P<0.001) on taxon richness. Taxon richness was higher in Ludwigia and greatest in the winter sampling period (Fig. 4-6).  Changes in invertebrate abundance with date (F3,116 = 7.1, P<0.001)  and patch type (F1,116 = 17.5, P<0.001)  were dependent on patch size.  There was a positive relationship between patch size and leaf packs, but no relationship between patch size and macrophytes.  After adjusting abundance based on individuals/cm3, patch type (F1,116 = 43.8, P<0.001) , date (F3,116 = 10.8, P<0.001) , and their interaction (F3,116 = 13.3, P<0.001) significantly affected abundance. In general, invertebrates were more abundant in Ludwigia, peaking during winter (Fig. 4-7). 
	Changes in the proportion of shredders did not depend on patch size, but were different between patch types (F1,122 = 8.3, P<0.01) and over time (F3,122 = 3.5, P<0.02). Shredders were more common in leaf packs moreso in the winter than in the summer. Differences in filterers with patch type depended on patch size (F1,118 = 12.9, P<0.001). Filterers were positively related to patch size in leaf packs, but did not display any relationship to patch size in macrophytes, and they  were more abundant in summer than fall and winter (F3,122 = 5.9, P<0.01) (Fig. 4-8).  Predators did not change significantly over time, but differences between patches depended on patch size (F1,118 = 10.1, P<0.001).  Predators increased with patch size in leaf packs, but decreased with size in macrophytes.  However, predators were more abundant in macrophytes than in leaf packs ( 25 vs. 20 percent of community composition). Collector-gatherers did not change over time, but the effects of patch type differed by patch size (F3,118 = 2.7, P<0.05). They increased with patch size in macrophytes, but decreased with size in leaf packs.  Overall, collector-gatherers comprised a larger proportion in leaf packs than in macrophytes (34 vs 23 percent).
	Regressions.  Invertebrate abundance had a positive relationship with both bacterial biomass and FPOM for leaf packs, but was only related to FPOM for macrophytes.  Taxon richness was positively related to bacterial biomass and FPOM for leaf packs and FPOM for macrophytes.  The proportion of shredders was positively related to patch size and negatively to bacterial abundance for leaf packs and did not relate to any parameter for macrophytes.  Scrapers were positively related to patch size, chlorophyll a , and bacterial abundance for macrophytes.  Filterers were positively related to bacterial abundance, biomass, and FPOM for leaf packs and to FPOM and chlorophyll a for macrophytes.  Collector-gatherers were related to chlorophyll a and FPOM for macrophytes (Tables 4-1, 4-2).  
	Field Experiment

	C:N ratios varied among leaf species with Pinus (40.29) having the highest and Ludwigia (14.7) have the lowest ratio.  Quercus and Liriodendron were similar with ratios of 30.5 and 26.6, respectively. Leaf mass decomposition over time was dependent on leaf species (F2,273 = 148.4, P<0.001), disturbance (F2,273 = 9.9, P<0.001), and mass (F2,273 = 205.5, P<0.001).  Pinus and Liriodendron lost two to three times more mass than Quercus patches (Fig. 4-9).  The percent of leaf mass loss increased with time, but did not differ between disturbance treatments.  Larger leaf packs lost more mass over time than smaller leaf packs, with 4-gram packs losing five times more than 1-gram packs (Fig. 4-10). However, when corrected for percent loss over time, mass was not significant. On average, leaves lost twenty five percent of their mass, regardless of initial mass.  
	Changes in velocity due to disturbance depended on mass (F4,408 = 5.8, P<0.001) and leaf species (F6,408 = 2.2, P<0.04).  Average velocity ranged from 0.04 to 0.06 cm/s.  In general velocities were lower in Liriodendron and higher in larger leaf packs.  CPOM trapped within patches was related to leaf species (F3,372 = 50.8, P <0.001), disturbance (F2,372 = 4.7, P<0.01), and mass (F2,372 = 5.9, P<0.01).  More CPOM was trapped in the 4 g patches than the 1 and 2 g patches (Fig. 4-11).  The amount of CPOM trapped in patches ranged from 0.2 to 1.7 grams. The most CPOM was trapped in Ludwigia and the least in Pinus (Fig. 4-12).  Additionally, more CPOM was trapped in patches that were collected after fifteen days and were not disturbed (Fig. 4-13).  FPOM trapped within patches was related to leaf species (F3,406 = 40.9, P<0.0001), disturbance (F2,406 = 5.7, P<0.01), and mass (F2,406 = 11.1, P<0.0001).  More FPOM was trapped over time and with increasing patch size (Fig. 4-14).The amount of FPOM ranged from 0.05 to 0.3 g and was greatest in Ludwigia and least in Pinus and Quercus (Fig. 4-15).  Oxygen within patches was not different between any treatment.  
	Invertebrate abundance changed significantly between leaf species (F3,402 = 5.3, P<0.01) and initial leaf mass (F2,402 = 12.6, P<0.001).  Abundance was lowest in Ludwigia with an average of 15 individuals and highest in Pinus and Liriodendron with an average of 30 individuals (Fig. 4-16).  Invertebrate abundance increased with increasing patch size, from 20 to 44 individuals (Fig. 4-17).  However, there was no apparent evidence for a relationship between patch size and expected species richness whe sample size was accounted for. Taxon richness changed significantly between leaf species (F3,402 = 6.6, P<0.001) and initial leaf mass (F2,402 = 19.5, P<0.001).  In general, the number of taxa did not differ greatly, averaging between 3 and 5, with Quercus patches having the least number of taxa (Fig. 4-18).  
	The proportion of predators did not differ between treatments.  The proportion of scrapers was dependent on initial leaf mass (F2,402 = 4.3, P<0.02) and was higher in the 4 g than 1 g patches (Fig. 4-19).  The proportion of shredders changed in response to mass (F2,402 = 3.1, P<0.05), leaf type (F3,402 = 3.4, P<0.02), and disturbance (F2,402 = 5.6, P<0.01), however, the effect of leaf type depended on disturbance treatment (F6,402 = 2.5, P<0.03).  In general, shredders became more common over time, more so in the undisturbed treatments, while more abundant in the largest patches, they were not abundant overall and only ranged from 0-6 percent of the community (Figs. 4-20,4-21). The proportion of filterers changed in response to mass (F2,402 = 5.9, P < 0.01 and leaf type (F3,402 = 10.4, P<0.0001) and were twice as common in Ludwigia than any other patch type and were more abundant in larger patches (Fig. 4-22,4-23).  Collector-gatherers were the dominant feeding group in all patches, ranging from 40-60 percent of the community.  Collector-gatherers differed between leaf species (F3,402 = 6.02, P<0.001) and were least abundant in Ludwigia (Fig. 4-24).
	Regressions 

	  Invertebrate abundance was positively related to CPOM, velocity, and canopy cover and negatively related to FPOM.  Taxon richness had a positive relationship with velocity and CPOM. The proportion of scrapers was negatively related to increased canopy cover and positively related to velocity.  Filterers were positively related to FPOM and oxygen within the patch.  Shredders were not predicted by any environmental variable.  Collector-gatherers were negatively related to FPOM and positively related to canopy cover (Table 4-3).   
	Discussion

	Stream invertebrate communities are structured by a mosaic of habitats ranging from macrophytes and substrate diversity to small-scale changes in flow patterns.  Community composition is related to the quantity, quality, and distribution of detritus on the streambed in headwater streams (Arsuffi and Suberkropp, 1985; Murphy et al., 1998), and plays a significant role in the distribution, species composition, and total biomass of benthic invertebrates (Hearnden and Pearson, 1991; Reice 1974).  Thus, patch size and quality are two key factors affecting colonization patterns of patches.  In the current study, invertebrate density and community structure were determined by complex interactions among patch size, type, quality, and abiotic variables.  
	Patch Complexity

	Patches with greater structural complexity generally support more species and higher abundances as potential niches increase (Dean and Connell, 1987; Douglas and
	Lake, 1994; Downes et al., 1998, Downes et al., 2000).  In the study streams, Ludwigia typically fills the entire water column, providing habitat for benthic species, swimmers, and clingers, while leaf packs rest on the surface of the streambed.  Submerged macrophytes increase the physical complexity of aquatic environments, providing habitat for colonisation by invertebrates (Heck and Westone, 1977; Crowder and Cooper, 1982; Gregg and Rose, 1982; Tokeshi and Pinder, 1985; Lodge, 1991; Newman, 1991). Additionally, macrophyte architecture has a influences food supply through detritus trapping (Rooke, 1984) and growth of epiphytic algae (Dudley, 1988), leading in some cases to distinct invertebrate communities on different macrophytes (Minshall, 1984; Rooke, 1986). As a result, macrophytes in the current study supported higher densities and taxon richness on a per volume basis than did leaf packs.  However, in the short-term experimental study, they supported the lowest invertebrate density.  Macrophyte leaves are not consumed by invertebrates, but the epilithon and biofilm matrix is in most cases (Newman, 1991).  Additionally, since macrophytes are growing within the stream, they may exude less nutrients than decomposing allocthonous leaf litter. Thus, macrophytes may need more time than terrestrially derived leaves both to attract invertebrates and be to conditioned with suitable biofilm, as seen in the current study.  
	Structural complexity may also enhance resources available within habitat patches (Diehl and Kornijow, 1998).  FPOM trapped within patches provided the basis for higher invertebrate abundance and taxon richness in the observational study.  Higher amounts of FPOM provide more surface area for bacteria and fungi, thus providing more food for invertebrates.  Additionally, since FPOM is easily flushed from habitats during storm events, higher FPOM may indicate greater stability of the patch, providing more reliable habitat for invertebrates.  Ludwigia patches trapped the most CPOM and FPOM in the short-term experimental study.  This ultimately increased diversity of niches available to invertebrates and improved suitability for colonization.  Since macrophytes are anchored in sediment, they may act like debris dams, trapping and holding organic matter during storm events.  Thus, macrophytes have the potential to take over some of the function of woody debris typically absent in logged streams.  Although macrophytes became abundant following logging, inputs of pine needles will likely increase over the next decade since the watershed was planted with a monoculture of pine.  As expected, pine patches created the least heterogeneity and trapped little if any organic matter.  Many timber operations in the southern U.S. utilize pine plantations, which could have a negative impact on invertebrates by decreasing structural complexity and overall storage of organic matter.     
	Patch Stability

	In addition to structural complexity, habitat stability plays a large role in determining the composition of patch inhabitants. Although the southern coastal plain does not typically receive high-energy flows such as those present in snow-melt, relatively large events may occur during hurricanes and smaller events with storm events common during summer.  Thus, more stable habitats are likley to be more attractive to invertebrates.  Stability provided by Ludwigia enhanced colonization by filtering invertebrates.  Additionally, sandy-bottomed streams in the coastal plain do not provide relatively immobile substrates such as cobble and boulders present in the piedmont.  Thus, invertebrates depend on availability of organic substrate introduced from the riparian zone or growing within the stream including woody debris, rootwads, macrophytes, and leaf packs.  However, leaf packs are ephemeral, rapidly decomposing, and are subject to being scoured from the streambed during storms.  In addition, Ludwigia patches provide multiple food sources for filterers, such as Simuliidae, by allowing them access to the water column and by trapping large amounts of organic matter. Thus, Ludwigia can sustain filterers even at low flows, when only small amounts of FPOM and bacteria are present in the water column.  
	Hydrologic disturbance can create a mosaic of stable and unstable patches within streams.  Olsen et al.(2007) found that invertebrate densities were greatest in stable patches following an experimental simulation of flooding in streams.  However, this difference only existed for 14 days following the disturbance.  In the current study, a small scale disturbance had little impact on colonization patterns of invertebrates. The expectation was that disturbed samples would be more similar to the seven-day samples than the undisturbed fifteen-day samples.  The disturbed samples appeared to resemble the fifteen-day samples in most cases and were even higher than the undisturbed in some cases.  This may be linked to the size of the disturbance and presence of source populations nearby.  Colonization is a rapid process in streams, and most areas recover in 10-30 days following localized disturbances (Mackay, 1992).  Melo and Froelich (2001) found that invertebrates recolonized overturned stones within 4 days, and densities became higher than those on control stones within a month.  Thus, 7 days between sampling may have been too long to see any differences.  Although not significant, total abundance and mass-weighted abundance were higher in disturbed than in seven day or undisturbed samples.  This may be linked to higher amounts of FPOM trapped in disturbed samples, and an increase in collector-gatherers.  Additionally, small scale disturbances that leave biofilm intact are less likely to have long lasting impacts on habitat occupancy (Miyake, 2003). 
	Patch Quality

	The quality of leaves as food affects the performance (i.e. growth rates and densities) of benthic macroinvertebrates (Cummins and Klug, 1979; Sweeney and Vannote, 1986) and is determined by the leaf composition and attached biofilms (Lock et al., 1984; Hax and Golladay, 1993), which consist of autotrophic and heterotrophic components. In this study, patch quality based on biofilm composition was influenced by temporal changes in environmental parameters.  Bacterial biomass was highest in autumn, while chlorophyll a was highest in spring.  This reflects changes in canopy cover typical in headwater streams since light is a primary factor limiting primary production (Hill and Knight, 1988; Hepinstall and Fuller, 1994; Hill et al., 1995) and consequently influences the development and biomass of biofilms (Ledger and Hildrew, 1998).  Higher bacterial biomass is likely linked to the greater surface area provided by decaying organic matter derived from the riparian zone, as well as decaying algae and macrophytes present in the spring and summer samples.  Additionally, higher bacterial biomass in autumn may fuel algal growth in spring. Several studies have indicated the existence of a link between algae and bacteria (Rounick and Winterbourn, 1983; Hepinstall and Fuller, 1994; Ledger and Hildrew, 1998) whereby bacteria benefit from algal exudates for an energy source, or as a substratum for colonisation (Rier and Stevenson, 2002).
	Historically the primary energy source in headwater streams was thought to be terrestrially-dervived leaf litter and the bacteria and fungi associated with it (e.g., Vannote et al., 1980).  However, more current research found sufficient algal growth even in streams with high canopy cover (Mayer and Likens, 1987).  Though epiphyton is typically associated with macrophytes, the present study found similar chlorophyll a for leaf packs and macrophytes, except during periods of maximum irradiance (e.g., spring).  Thus, both habitats have the potential to support diverse macroinvertebrate communities.  However, bacterial biomass was higher on leaf packs, suggesting these are a higher quality food source.  This was not supported by the data since abundance and taxon richness of invertebrates were higher in macrophyte patches.  
	In the observational study, filterers were best predicted by chlorophyll a in macrophytes and bacteria in leaf packs.  This supports recent findings that many invertebrates exhibit plasticity when selecting resources (Friberg and Jacobsen, 1994).  In addition to organic matter sloughing from epiphyton, the structure provided by algae will aid in development of a biofilm matrix.  Additionally, filterers were positively related to dissolved oxygen within the patch, which was higher in macrophytes since they extend into the water column and release oxygen during photosynthesis. Switching feeding behavior has also been observed in shredders, mixing algal and detritus based carbon sources (Friberg and Jacobsen, 1994). 
	Patch quality is also linked to refractory compounds in leaves that may alter biofilm structure, decomposition rates, and nutrient availability for colonizing species (Ostrofsky, 1993, 1997).  This may be especially true for shredding invertebrates that depend on biofilm as well as leaf properties (e.g., Lignin content).   Habitat selection by shredders was apparent in the short- term experiment in relation to leaf palatability.  After seven days, shredders were more common in Pinus and Liriodendron than in the less palatable Quercus and Ludwigia.  However, shredders became similar among all treatments after fifteen days and were similar between macrophytes and leaf packs in the observational study.  This indicates that although shredders initially select more suitable habitat, accumulation of organic matter in other patches creates adequate habitat for this group.  Bastian (2007) found that shredders were distributed across a broad range of leaf species in a stream, with no leaf species being preferentially colonized by shredders. However, most studies find that shredder species exhibit clear leaf preferences (Anderson and Sedell, 1979; Mackay and Kalff, 1973; Nolen and Pearson, 1993), and selectively feed on food resources of different palatability or quality (Arsuffi and Suberkropp, 1985, Campbell and Fuchshuber, 1995).  Although shredders are implicated in breakdown of organic matter in streams, they usually colonize leaf packs later than other feeding groups.  Shredders usually select leaves at advanced stages of conditioning (Arsuffi and Suberkropp 1984, 1985; Mackay and Kalff, 1973, Petersen and Cummins, 1974) due to increased microbial biomass and fungal degradative enzymes and, thus, increased leaf palatability (Suberkropp, 1998). Thus, Quercus leaves may not be colonized as fast due to their refractory properties, but still may provide more than adequate habitat.  In addition, a case-making caddisfly, Anisocentropus, was commonly found in cases made from Quercus.  This is likely due to its resistance to breakdown, to provide long term protection.   
	Patch Size

	Increased patch size potentially creates more niches, providing a diversity of resources and refugia from predators. Although the amount of mass lost from patches increased with patch size, breakdown rates were similar when comparing initial masses.  Contrary to my hypothesis, this indicates that conditions inside larger leaf packs do not necessarily become less suitable for decomposition and provide equal opportunity for biofilm formation.  In the observational study, bacterial biomass increased with patch size for Ludwigia, but not for leaf packs.   However, invertebrates did not respond positively to this increased resource base and niche availability.  In the observational study, the expected species richness was not related to patch size.  This suggests a lack of differences in resources with larger patches.  
	Patch size was a determinant of feeding guild structure.  Scrapers did not select habitat based on leaf type and were most abundant in larger patches.  Most scrapers are classified as clingers and thus need habitat that will support their mass and provide a substantial food. Larger patches should support more mass and protect this group from moderate flow events.  In addition, many grazing invertebrates quickly deplete their resources (McAuliffe, 1984), thus emphasizing the need for great surface areas to support a significant community.  In the observational study, scrapers increased with patch size, bacterial abundance, and chlorophyll a, but only in Ludwigia.  Higher bacterial abundance may provide additional resources for scrapers, since many invertebrates have flexible feeding habits.  However, in the observational study, there was no link between patch size and scraper abundance in leaf packs.  Many of the larger leaf patches in the observational study were multi-tiered, and much of the surface area was not exposed to light, thus limiting primary productivity.  
	In the observational study, multiple confounding factors limited interpretation of relationships between patch size and invertebrate communities.  Leaf packs were diverse, multi species assemblages in varying stages of decomposition.  To control for this, the field experiment used freshly abcissed leaves and only created single species patches.  Liriodendron and Pinus patches decomposed more rapidly than Quercus.  Liriodendron leaves are soft and pliable with lower C:N ratios than Quercus.  However, pine needles had much higher C:N ratios, but provided a larger exposed surface area for bacteria colonization. Nitrogen content, C:N ratio, total phenolics, percentage lignin and lignin:N ratio explain much of the variability in leaf processing rates (Taylor, Parkinson and Parsons, 1989; Ostrofsky, 1997). 
	Patch occupancy may be related to interactions between biotic and abiotic factors.  Collector gatherers are bottom-feeders in streams and tend to consume any type of small organic particle.  They are also the most abundant group in sandy-bottomed streams (Smock et. al, 1985).  However, this group was more abundant in leaf packs than in macrophytes, increasing with patch size in macrophytes, but decreasing in leaf packs.  An opposite relationship was found for predatory invertebrates, suggesting predation on this group.  This is supported by the higher abundance of predators in macrophytes even though trapped organic matter was similar between the patch types for the observational study.  Although streams are thought to be primarily structured by abiotic factors, biotic factors are likely to influence community structure effectively at smaller scales (e.g., Peckarsky, 1983).
	The proportion of shredders was negatively related to bacterial abundance for leaf packs.  This potentially suggests that competitive interactions may exist between these groups, since both consume leaf organic carbon.  This may explain the lack of a relationship between shredders and bacteria in macrophytes. Interactions between shredders, organic matter decomposition and microbes (bacteria and fungi) are complex.  For example, fungi and bacteria convert a portion of detrital organic matter into microbial biomass, transforming the detrital substrate into a more nutritious food source for detritus feeders (Barlocher and Kendrick, 1975; Suberkropp, 1992). At the same time, shredder fragmentation of the detrital matrix promotes microbial activity, increasing available detrital surface for colonisation (Hargrave, 1970; Howe and Suberkropp, 1994) and spreading microfungal spores (Rossi, 1985). 
	The results of this study support the expected response of invertebrates to changes in habitat type and quality as logging reduces leaf packs and increases primary productivity.  Typically, headwater streams would lose shredders and gain more scrapers.  However, in warm temperate coastal plain systems, collector gatherers may be the dominant consumer of organic matter. This may explain the decrease in collector-gatherers with the subsequent increase in scrapers.  In addition, scrapers were negatively related to canopy cover, while collector-gatherers were positively related. This indicates that collectors may be the more natural feeding group in occuring in undisturbed, sandy-bottomed streams.  Since much of the substrate is highly mobile, scouring of leaf packs may act as the initial decomposition mechanism, creating smaller particles available for collectors, work usually done by shredders.
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	CHAPTER 5
	HABITAT SELECTION IN FRAGMENTED LANDSCAPES: COMPARING GENERALISTS TO SPECIALISTS 
	Introduction

	Dispersal of individuals relative to patch variability has important implications for ecological processes, including population dispersal and redistribution, local population and metapopulation dynamics, and intensity of species’ interactions (Hanksi, 1998; Gilliam and Fraser 2001). Habitat patch arrangement, amount, and perimeter:area ratio (e.g., edge) strongly influence both community structure and interpatch dispersal both in terrestrial and aquatic systems (Wiens, 1997; Pither and Taylor, 1998; Hanski, 1999; McIntyre and Wiens, 1999; Jonsen and Taylor, 2000; Palmer, 2000).  The importance of patches, and especially isolation between patches, depends on  dispersal ability of focal organism(s) (Kareiva andWennergren, 1995).  
	Since invertebrates respond to patches at a smaller scale than other groups, they are an ideal model group for testing hypotheses related to habitat fragmentation (Bowne and Bowers, 2004).  For instance, insects residing in patchy habitats display higher density when resources are dispersed among many small patches as opposed to large, aggregated patches (Hanski, 1994; Remer, 1998; Roitberg, 1997; Heard, 1998; Silver, 2004a).  In this way, habitat connectivity increases with increased habitat fragmentation (Tischendorf and Fahrig, 2000).  
	Both natural and anthropogenic forces leading to habitat loss and fragmentation have been considered in debates over the relative importance of habitat amount versus arrangement in determining community response to habitat fragmentation (Sih, 2000).  Flather (2002) argued that habitat amount is a more plausible explanation for population size, but arrangement becomes important when total habitat cover declines to ~ 30-50 %, emphasizing the need to study processes over a range of total cover.  Additionally, patches may be highly dynamic, changing in shape and size over time (Pickett and Thompson, 1978) in response to disturbance and succession.  
	Movement is a primary factor determining the effect of spatial heterogeneity on ecological processes (Diffendorfer et al., 2000).  Movement and dispersal provide escape from competitors, predators and parasites. Risks associated with dispersal include increased mortality due to predation and an inability to find suitable sites (Bilton et al., 2001).  Interactions between dispersal and landscape structure determine the ability of an organism to move through the landscape (Merriam, 1984).  Thus, the colonization rate of new patches by individuals is influenced by emigration rate, mean dispersal distance relative to patch distance, mortality incurred during dispersal, and mean number of potential dispersers (Johnst, 2002).  The idea that animal movement and dispersal occur as a result of behavioral choices made in response to environmental heterogeneity across spatial and temporal scales emphasizes the importance of linking behavioral and landscape ecology (Lima and Zollner, 1996).
	Studies of movement across heterogenous landscapes are necessary to determine impacts of habitat loss for management and conservation (Olden et al., 2004).  Movement patterns in the landscape are central to connectivity, patch and boundary dynamics, spread of disturbances, source-sink and metapopulation dynamics (Ims, 1995).  Dispersal is considered active when attributed to behavioral decisions and passive when due to displacement. Biased flow in streams emphasizes the importance of both passive and active dispersal.  Movement of an individual through a heterogeneous landscape is influenced by a number of abiotic (flow, temperature, light levels) and biotic cues (food, predation risk).  Movement between patches also depends on the proportion of different habitat types, as well as spatial configuration of the landscape (Moilanen and Hanski, 1998).  Connectivity within a landscape depends on the spatial configuration of patches and movement patterns of the organism.  Thus, connectivity based on movement links behavior and landscape structure (Goodwin and Fahrig, 2002).  
	Movement of invertebrates in streams is influenced by available habitat amount and type (e.g., Palmer, 2000).  In many cases, leaf packs and macrophytes share similar macroinvertebrates, including Ephemeroptera, Chironomidae, Trichoptera, and Simuliidae (Velasquez, 2003), making them useful for studying movement across different patch types.  However, they differ in the composition of other invertebrate fauna, suggesting that these patch types are somewhat unique.  Interpatch movement and ability to find patches of suitable quality are key factors influencing species persistence.  The ability of dispersing invertebrates to find and settle in patches may be influenced by patch quality (Palmer, 1996) and physical arrangement of patches on the stream bed (Silver, 2000).
	The goal of this study was to determine implications of changing habitat availability and type on invertebrate movement, focusing specifically on how patch type and amount affect habitat selection. I hypothesized that reduction of available patches and increased isolation will negatively affect the ability of habitat specialists to locate patches.  Additionally, habitat specialists should be more efficient at finding the next patch and will follow a relatively straight path to it, while habitat generalists will choose a random, tortuous path.   
	Materials and Methods
	Study Organisms


	The habitat specialist, Anisocentropus pyraloides (Trichoptera: Calamoceratidae) is a slow-moving detritivore that inhabits small streams flowing through deciduous forest throughout the eastern U.S. (Wiggins, 1996). Larvae construct notched, oblong cases made of two leaves sealed together with silk.  Additionally, its diet consists primarily of organic matter and thus depends on leaf packs for food and its case. This species is semivoltine and emerges in the spring (Wiggins, 1996).  Although dorso-ventrally flattened, the case likely creates drag while the organism is crawling over the streambed.  
	The habitat generalist used in experiments was the snail, Elimia sp.(Gastropoda: Pleuroceridae), which commonly occurs in all landscape units including macrophytes, leaf packs, and the sandy matrix (personal observation, Chapter 4).  This genus occurs throughout the southern U.S. and is abundant in the study streams, with densities as high as 25 individuals/m2. Elimia produces more than one generation per year and is parthenogenic, which contributes to its abundance in the streams (Viera et al., 2006).  Elimia is conical, limiting its drag as it moves across the streambed.   
	Behavioral Observations

	The effects of habitat type and amount on movement were examined using short-term behavioral exeriments within the stream.  During the experiment, conditions were consistent with average conditions thoughout the stream. Over the seven day period, average water temperature was 18.5º C, velocity was 0.13 cm/s, and canopy cover was 79 %.  Leaf packs (Liriodendron tulipifera) and macrophytes (Ludwigia repens) were collected as described in Chapter 4.  Habitat mosaics were created in a 5 m2 section of the channel in watershed C by adding leaf packs:macrophytes at 1:0, 1:1, or 0:1 ratios, with total percent cover of 10, 30 and 50 percent of the entire landscape (Fig. 1).  Macrophytes and leaf packs were arranged randomly since effects of patch configuration were not being addressed. Each leaf pack or macrophyte patch had a surface area of 16 cm2.  The sediment in the selected reach was raked to a depth of 0.75 m to remove organic matter and invertebrates, then was smoothed to create a landscape completely dominated by sand.  A 3 X 3 grid composed of colored nylon was attached to pvc pipes at the perimeter of the landscape and was placed 15 cm above the water as a reference point for movement distances. A drift net was placed at the end of the landscape to trap emigrating individuals.  
	Experimental organisms were collected from the stream each morning from the streambed and naturally occuring leaf packs.  Individuals were placed in separate flow-through trays and allowed to acclimate to the stream reach for at least an hour.  A video camera was set up on a tripod to record movement of individuals.  During each trial, individuals were placed at the center of the landscape, facing downstream.  Behavior was recorded for 30 minutes, with the observer leaving the reach while trials were occuring.  After 30 minutes, the length and width of each individual was measured, removed from the landscape, and released downstream.  On average, Anisocentropus individuals were 4.2 cm long (± 0.2 SE) and 2 cm wide (± 0.1 SE), while Elimia individuals were 4.3 cm long (± 0.1 SE) and 1.7 cm wide (± 0.1 SE).  No individual was used more than once, and trials were repeated for at least four individuals (more for Elimia due to availability). After each trial, the streambed was gently scoured to remove any traces of the individual path.  Trials were run between 7 AM and 4 PM daily for a period of seven days beginning 7 March, 2007.  The grid was left in place each night, and pvc pipes were inserted into the streambed as placeholders for the tripod.    
	Videos were digitized and manually analyzed on a computer screen with coordinates (x,y) recorded every 10 s to determine movement parameters.  For each path, total path length, correlations between turning angles, mean cosine of turning angle, mean path length, and net squared displacement were calculated to assess distance covered (Turchin et al.1991).  The above parameters were used for correlated random walk models, which are useful for making inter-specific comparisons (Kareiva and Shigesada 1983; Cain 1985; Crist et al.1992).  Each path was compared to the correlated random walk model of Nams and Bourgeois (2004) by calculating Rdiff:
	where E(R2n) is the expected net squared displacement (Kareiva and Shigesada 1983), n is the number of moves, and R2n is the mean net squared displacement.  Positive values of Rdiff indicate that the path is longer than predicted by correlated random walk models and negative values indicate shorter paths.
	An individual’s overall rate of movement across a landscape is contingent upon its tendency to move (or remain sedentary), movement velocity, and path tortuosity (Russell et al.2003). Tortuosity of movement was assessed by calculating the fractal dimension (D) of each movement path, whereby estimates near 1 indicate highly linear movement and near 2 suggest approximate Brownian (plane-filling) movement (Hastings and Sugihara 1993). Fractal dimensions were estimated with Fractal 4.0 software (http://www.nsac.ns.ca/envsci/staff/vnams/Fractal.htm). The fractal mean method was used, which is based on the traditional dividers method (Mandelbrot 1967, Sugihara and May 1990), but corrects for estimation errors created when the last divider step does not fall exactly on the end of the path (Nams and Bourgeois 2004). Fractal dimensions were estimated based on the entire recorded movement path of each individual. Paths of four moves or less were not used in the analyses because estimates of their fractal dimension sometimes fell below the theoretical limit of 1. 
	To test whether the above movement behaviors differed among habitats, ANOVA was used after normalizing the data.  Where significant effects were observed, differences among treatment–factor combinations were tested using post hoc Tukey’s honest significant difference (HSD) tests (α = 0.05).
	Colonization 

	Habitat selection based on patch amount and type was examined in a short term colonization study.  Microlandscapes were created along an ~75 m stretch of stream, separated by at least 3 m.  Landscapes were the same as those used in the short-term behavioral experiment, but were half the size (45.7 cm W X 50.8 cm L), and were replicated three times in a randomized block using each replicate as a block.  Prior to creation of the landscape, the streambed was raked to 0.5 m to remove any apparent organic matter or habitat and allowed to settle for four hours.  Drift nets were placed at the end of the landscape to trap emigrating invertebrates.  Macrophyte and leaf patches were anchored to the sediment in the appropriate configuration (Fig. 1).  
	Invertebrates for the experiment were collected from the streambed and, leaf packs and lengths of individuals were measured.  Due to low abundance of Anisocentropus, only one individual was used for each replicate, however, six individuals of Elimia were used.  The shell or case of the individual was blotted dry and marked with a drop of paint and the number of landscape (from 1 to 27).  Individuals were released at the center of the landscape after the paint dried (~ 5 minutes).  After 24 hours, all patches were collected and placed in individually labelled bags.  Velocity was measured at the upstream and downstream end of the landscape with a Flomate 2000 (Marsh McBirney).  In addition, drift nets were collected and any marked individuals in the matrix (sand) were collected. A surber sample was also taken from the landscape to determine recolonization by other invertebrates.  
	Results
	Movement
	Anisocentropus



	Mean step length did not differ for any of the microlandscapes, averaging 0.7 cm (± 0.3 SE) per step. Deviation from the correlated random walk between the leaf species depended on amount of patch cover (F4,37 = 3.1, P = 0.03) (Fig. 2).  Paths became more random (closer to the CRW) with increased cover for single species landscapes, but were shorter than a CRW for mixed landscapes. The probability of turning in the same direction differed by leaf type, but depended on total amount of cover (F4,37 = 4.6, P = 0.004).  This parameter increased with increasing cover in Ludwigia dominated landscapes, but decreased in mixed landscapes (Fig. 3).  Correlation between adjacent angles differed by leaf type, but depended on total amount of cover (F4,37 = 2.6, P = 0.04).  In general, correlations between angles were negative, but became more negative with increasing cover in mixed landscapes (Fig. 4).  Net squared displacement differed by leaf type, but depended on total amount of cover (F4,37 = 4.5, P = 0.004). Displacement increased with increasing cover in Liriodendron dominated landscapes, but decreased in mixed landscapes (Fig. 5).  Mean D did not differ between leaf species or percent of habitat cover, averaging 1.15 (± 0.02 SE). 
	Elimia

	Changes in mean step length for leaf species depended on percent cover in the landscape (F4,39 = 3.7, P = 0.01).  Step length increased with increasing cover in Liriodendron landscapes from 0.1 cm to 0.7 cm per step. It was higher in Ludwigia landscapes with 30 % cover, increasing from 0.5 to 0.8 cm (Fig. 6). Deviation from CRW differed between leaf types (F2,38 = 4.4, P = 0.02) and total amount of cover (F2,38 = 4.8, P = 0.01). In general, paths were greater than expected by CRW at 20 % cover, with the lowest values in Liriodendron (Fig. 7).  The mean cosine differed between the percent cover treatments, but depended on leaf type (F4,39 = 3.4, P = 0.01). Probability of turning in the same direction did not differ between treatments and ranged from 0.25 to 0.45.  Correlation between adjacent angles did not differ between treatments, and ranged between 0.5 and -0.5.  Net squared displacement did not differ between any of the landscapes and ranged from 50 to 780 cm. Mean D did not differ between leaf species or percent of habitat cover and averaged 1.03 (± 0.004 SE).  
	Colonization

	Neither effects of patch type or amount significantly influenced the probability of Elimia or Anisocentropus staying in the microlandscape.  However, general trends existed, indicating that the amount of cover affects the likelihood of these species remaining in the landscape.  Both invertebrate species were less likely to leave the landscape as the proportion of cover increased in mixed habitats.  The proportion of Elimia leaving the landscape decreased from 90 % to 40 % with increasing cover.  The proportion of Anisocentropus leaving the landscape decreased with increasing cover in all patch types, and no individuals left the landscape in the mixed species treatment with 30 % cover.
	Discussion

	Habitat fragmentation is typically viewed at a scale of kilometers; however, the scale at which fragmentation alters local population dynamics likely lies at a much smaller scale, particularly for invertebrates.  This is one of a few studies to examine individual movement patterns of aquatic invertebrates in response to patch structure (Olden 2004, Lancaster 2006; Drew and Eggleston, 2006).  In logged streams, the amount of habitat may be more important than spatial configuration since reduced canopy cover limits overall leaf inputs.  In the study streams, invertebrate communities differed greatly between four adjacent streams, suggesting effects of local filters on invertebrate communities.  Thus, the quality of the riparian and availability of instream habitat create a filter to limit presence of certain species.  
	Results from this study support the idea that instream habitat availability controls small scale community composition.  The habitat specialist, Anisocentropus, left landscapes without preferred leaf litter habitat.  In streams with little organic matter storage, this species may be driven locally extirpated.  Although it may be supported where riparian zones are left undisturbed, this species prefers small streams and may be driven out of entire headwater streams if they are logged along their length.
	Logging limits the amount and quality of habitat available for aquatic invertebrates in streams. This is accomplished by reducing leaf fall, as well as through an increase in peak flow with increasing surface runoff (Beasley and Granillo, 1982; Williams et al., 1999; McBroom et al., 2002; Grace et al., 2003).  Thus, any leaf fall that does reach the stream is easily washed downstream during storm events.  
	The results of this study suggest that increased habitat cover decreases emigration rates, regardless of habitat configuration.  Very few Anisocentropus individuals were able to colonize patches successfully, but when successful, they remained there for the duration of the trial.  This suggests that, although small, patches were able to be used as refugia from flow and exposure.  Both Elimia and Anisocentropus were likely to remain in the microlandscapes with 30% cover.  
	Changes in landscape structure, such as reduction of the proportion of one or more patch types or increased patch isolation, will alter the ability of organisms to disperse (Merriam 1984; Fahrig and Merriam 1985). Species that can not disperse effectively as a result of a change in structure will suffer reductions in regional population sizes (Fahrig and Merriam 1994).  As a result, relative abundances of Anisocentropus decreased in treatment watersheds following harvest.  In addition to decreased food availability with increasing isolation, availability of refugia decreases.  Landscapes in this study were in a particularly inhospitable matrix of sand, with little heterogeneity.  In addition, Anisocentropus individuals were commonly displaced from the streambed in landscapes with low or no habitat available.    
	Habitat loss may also lead to more time being expended searching for suitable habitats, potentially contributing to lowered survival rates and decreased fecundity.  Correlation between turning angles was always negative for Anisocentropus, leading to a wobbly path.  It was a clumsy crawler and appeared to have limited capacity for crawling over a sand dominated streambed with little structure to cling to. Thus, it is likely this species is washed downstream easily during storm events.  However, this increased with increasing cover in mixed landscapes, suggesting a search strategy.  
	Elimia took larger steps with increasing amount of cover in the microlandscape.  This may be related to the perceptual range of the organism, as it may not perceive patches as habitat when they are farther apart as in the 10 percent cover treatment.  This suggests that the scale of the study may be larger than the scale of perceived habitat, but potentially defines this scale as lying between the isolation found in the 10 and 30 percent cover treatments. 
	Perceptual range differs greatly among species (Zollner, 2000), regarding the ability of the species to visualize a three dimensional landscape, and it ultimately determines the individual’s movement behavior, search strategy, and response to fragmentation (Lima and Zollner, 1996; With and Crist, 1996).  However, perceptual range may be dynamic even for individuals of the same species and it changes with environmental conditions, such as flow variability in streams. For example, downstream flow bias may increase perceptual distance to an upstream patch, increasing isolation (Olden, 2004).  However, in general, increased habitat amount lengthens the time spent within the landscape and may provide protection from scouring and predators.     
	Although habitat amount was a good predictor of emigration rates and movement rates, habitat heterogeneity also played a role.  Anisocentropus remained in landscapes longer when both macrophytes and leaf packs were available, suggesting that habitat diversity leads to higher abundances.  Bronmark (1985) found that freshwater snails were more diverse in ponds with more macrophyte species, reflecting the presence of different niches and refugia from predators.  In larger, agricultural landscapes, Jonsen and Fahrig (1997) found that more species and individuals colonized landscapes with higher diversity.  This suggests a scale-independent relationship between the probability of colonization and diversity of patches in a landscape.  The latter increases the number of potential refuges and resources available in a landscape. However, I did not expect  this to act at a scale independent of resources.  Anisocentropus was more likely to remain within the microlandscape in the presence of Ludwigia.  This suggests a preference for this habitat, possibly due to increased three dimensional area and protection from flow provided from Ludwigia.  
	In streams, even species considered specialists may display flexibility in feeding preferences.  Thus, both species considered to be generalists and specialists may be able to supplement their diet with alternative food sources, enhancing the actual connectivity of the landscape in contrast to the perceived connectivity (Dunning et al., 1992). Additionally, Ludwigia traps organic matter faster than newly formed leaf packs (Chapter 4), creating a higher quality resource.  Thus, macrophytes may provide adequate resoures for dispersing detritivores living in patchy landscapes.
	Upstream movement has been proposed as one part of the solution to the drift paradox, whereby species need to recolonize upstream habitats to account for downstream drift.  Displacement along the longitudinal axis is of particular interest to stream ecologists, partly because of its relevance to concepts such as Muller’s colonisation cycle and the paradox of upstream– downstream movement (e.g., Muller, 1982; Hershey et al., 1993; Anholt, 1995). In essence, there needs to be a balance between downstream movement (both passive and active) and upstream migration by larvae and adults to maintain position in suitable stream habitats (e.g., Elliott, 1971b; Soderstrom, 1987).  In this study, most Elimia individuals (90 %) moved upstream, regardless of landscape type,  suggesting that this is a compensation mechanism for potential disturbances such as floods. However, Anisocentropus did not exhibit a significant displacement direction.  Although this species spent much of its time attempting to move upstream, the shape of its case made it susceptible to downstream drift. 
	 Field studies of up- versus downstream movement of individually marked invertebrates (i.e. at larger spatial and temporal scales than this study) provide contrasting results with regard to directional movement. Among cased caddisflies, Jackson et al.(1999) recorded no directional bias in net displacement at low discharge, but there was a downstream bias at higher discharges; Erman (1986) reported some seasonal dependence but, generally, a net downstream displacement. However, Hart and Resh (1980) reported no bias in net displacement direction, but did not report displacement distance along the longitudinal axis. As in this study, upstream displacement occurs commonly in snails (Schneider and Lyons, 1993; Huryn and Denny, 1997). Although species capable of upstream flight, such as stoneflies, tend to move downstream (Freilich, 1999).
	Clearly, multiple factors can influence displacement at the stream scale (e.g., body shape, temperature, discharge, life history stage and food availability), and generalizations are difficult.  Although discharge remained fairly unifrom during this study, there is strong evidence from other studies suggesting that discharge is a primary determinant of movement rates and direction (Olden, 2004; Lancaster, 2006).  Thus, response to landscape structure may differ between logged and unlogged streams.
	Studies attempting to understand the role of patch structure and arrangement in streams lag far behind those in terrestrial systems. However, it has become clear that both spatial arrangement and habitat amount are determinants of community structure stemming from changes in emigration and immigration rates (Palmer, 2000; Olden, 2004; Lancaster, 2006; Olden, 2007).  Additional studies are needed to determine if generalities exist in streams, including long-term mark-recapture studies across life stages.  Aquatic invertebrates are unique in that they spend their larval period in the water and their adult stages on land.  Thus, dispersal studies will need to account for small scale movements in streams as well as the response of adults to spatial structure in the terrestrial landscape.  Clearcut watersheds may limit this dispersal, creating streams that act as isolated islands.  This is particularly important in headwater streams since some species are dependent on specicific environmental conditions only available in small, forested headwater systems (Lowe, 2002; Meyer et al., 2007).   
	Figure 5-1.  Microlandscape designs used in the behavioral and colonization experiments.  Liriodendron leaf packs (brown squares) and Ludwigia macrophyte patches at A) 10 , B) 20, and C) 30 percent cover. The same configuration was used for landscapes with a single patch type.
	Figure 5-2.  Average deviation from a correlated random walk (± SE) (CRW) (Rdiff) for Anisocentropus.
	Figure 5-3.  Average probability (± SE) of each turn being in the same direction for Anisocentropus.
	Figure 5-4.  Average correlation (± SE) between turning angles for Anisocentropus.
	Figure 5-5.  Average net squared displacement (± SE) of Anisocentropus in microlandscapes.
	Figure 5-6.  Mean step length (± SE) in each landscape for Elimia.
	Figure 5-7.  Average deviation (± SE) from a correlated random walk (Rdiff) for Elimia.
	CHAPTER 6
	CONCLUSIONS
	Best management practices for forestry in the U.S. clearly depend on the geographic region under review.  For example, coastal plain streams in the southern U.S. are characteristically low-gradient, sandy-bottomed systems with dynamically changing instream habitat.  In contrast, those managed for forestry in the western U.S. are typically high-gradient montane streams with high habitat and substrate diversity and are susceptible to mass-wasting as vegetation removal reduces bank stability.  Although forestry practices in the Northwest can lead to drastic reductions in water quality, evidence from the coastal plain indicates limited changes in water quality and biotic diversity in streams impacted by logging, as long as stream management zones are left intact.  
	Although there were few changes in biotic community structure following logging, this does not discount use of aquatic invertebrates as indicators of water quality.  Many biotic indices weigh heavily upon the use of EPTs (Ephemeroptera, Plecoptera, and Trichoptera) in their formation (e.g., Lenat, 1993).  However, logging ultimately increases primary productivity in streams, leading to higher densities of Baetid/Leptophlebiid ephemeropterans (Chapter 3; Stone and Wallace, 1998).  As a result, the FLSCI biotic index is inflated, suggesting an increase in water quality with logging.  One short-coming of local management organizations is the long-term fascination with EPTs, sometimes leading to redundant use of this group by utilizing metrics on the number of EPT taxa, % EPT, number of Trichoptera, and number of Ephemeroptera, to name a few (e.g., Maxted et al., 2000).  
	As an alternative, use of biological traits has recently been advocated as a potential tool for assessing aquatic ecosystems by academia and the federal government (Poff et al., 2006).  Biological traits are more informative indicators of ecosystem function than are changes in abundance of individual species, and they are expected to change across a gradient of anthropogenic and natural disturbances (Charvet et al., 2000; Dole´dec et al., 1999; Statzner et al., 2001). Additionally, biological traits are regulated at a hierarchy of scales, with environmental filters (e.g., climate and geology) creating a template for traits present in a specific region (Townsend and Hildrew, 1994; Poff, 1997). Thus, a subset of traits is expected to respond to disturbances within a certain region.  In the logged streams, traits were consistent with changes in the stream and were represented by species preferring algae and organic matter in the water column, as well as those preferring to live in sandy habitat, reflecting reduction in other habitat types (e.g., leaf litter).
	The ability of the Florida Stream Condition Index to indicate the impacts of drought effectively, but not forestry impacts, emphasizes the need to incorporate natural disturbances into bioassessment programs. Most programs determine the condition of streams based on a single sample.  Even when multiple sampling time periods are included, they typically are 3-4 years apart and occur in different locations than the first sample, since many large scale surveys are probability based (Stoddard et al., 2005).  Thus, predictive models need to be developed based on current environmental conditions in the region as compared to historical conditions (e.g., amount of precipitation).  The standardized precipitation index was a good indicator of changes in water quality and thus could be incorporated into such a model.    
	Another confounding feature for predicting impacts of logging was related to habitat availability and quality.  Logged streams were colonized by the macrophyte, Ludwigia repens, which was able to support higher densities and a more diverse invertebrate community. This was accomplished through the stability provided by this habitat and its role in trapping organic matter as compared to less stable leaf packs.  Trapping of organic matter creates patches similar to debris dams, and the addition of this habitat was preferred to landscapes with only leaf packs by a specialist detritivore (Anisocentropus pyraloides). This situation may be unique to coastal plain streams, where fine substrate is often entrained in storm events, creating a dynamically changing landscape. This is in stark contrast to mountain streams with higher substrate diversity and stability in the form of boulders and cobble.
	Testing of any best management practice ultimately requires an understanding of mechanisms behind changes in stream communities, as well as long-term monitoring data.  Results from this study provide information on the mechanisms leading to apparent improved water quality in streams impacted by logging.  Thus, additional effort should be placed on developing assessments specific to coastal plain streams, since most are based upon expected habitat diversity and channel structure found in Piedmont streams.     
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