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Habitat restoration and augmentation are two common management strategies 

for aquatic systems. Advancing these approaches have often been mired in false 

dichotomies, such as the attraction-production debate. Seemingly simple questions 

such as how does habitat impact a given species or community remain unclear, greatly 

reducing the effectiveness of habitat augmentation. In this dissertation, I present 

strategies and guiding principles for the use of artificial habitat as the result of an 

experiment testing behavioral strategies of prey and predator across natural densities, a 

natural experiment in Florida lakes and a conceptualization of mechanisms of habitat 

effects across aquatic systems. Experimentally, I show strong local habitat filtering 

effects on fish community from habitat augmentation and discuss the implications 

limiting potential interspecies interactions. I also show evidence for diminishing returns 

for gamefish production as function of existing habitat diversity and coverage. 

Formulating my conceptualization, revealed that habitat structural components and 

location tend to have the strongest density-independent and density-dependent effects 

on population dynamics. Lastly, I discuss the lingering attraction-production debate as 

well as the prevailing ‘if you build it, they will come’ approach in the context of moving 
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the conversation forward to new hypotheses and approaches. I culminate this 

discussion by outlining pathways for effective habitat augmentation depending on 

management objective. 
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CHAPTER 1 
SCALE-DEPENDENT MECHANISMS OF HABITAT MEDIATION ON FISHES 

Introduction.  Ecologists have sought to understand, “the origin and 

mechanisms of interactions of organisms with one another and with the nonliving world” 

Pianka (1974). Of principal interest to the field is describing the patterns and processes 

shaping a species’ occurrence and abundance (Krebs 1972). Intraspecific and 

interspecific organismal interactions strongly shape these collective properties (Salt 

1979). Small changes in interaction rates cascade upwards, changing the locations 

where species can successfully colonize and the population growth rate. This has large 

attendant consequences for the population dynamics, community assemblages, and 

ecosystems that ecologists and natural resource managers are interested in. Therefore, 

it is important to understand how organismal interactions change across prey and 

predator densities as well as environmental conditions. The mechanisms regulating 

these interactions include density-independent and density-dependent processes (also 

termed scenopoetic vs. bionomic variables (Hutchinson 1978), exogenous vs. 

endogenous factors (Turchin 1999), and conditions vs. resources (Begon et al. 2006)). 

The effects of these processes change across an individual’s age or size (Keast 1977, 

Schindler et al. 1997), a population’s density or abundance (Lindberg et al. 2006, White 

and Warner 2007), a community’s species assemblage or location (Hixon and Beets 

1993, Estes and Duggins 1995, Chesson 2000), or any possible combination therein.  

Theoretical and mathematical models have been the most ubiquitous methods 

used to represent our understanding of organisms’ interactions, endogenous and 

exogenous factors, and their collective and emergent properties ascending the 

ecological hierarchy (Allen and Starr 1982). Within this framework, considerable work 
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has been focused on determining whether density independent and density dependent 

effects dominate the changes observed in population abundance (Rosenzweig 1971, 

Shima and Osenberg 2003, Walters and Martell 2004). Density-independent processes 

limit resource availability to populations, either directly through abiotic constraints (e.g. 

temperature, light, turbulence, etc.) or indirectly by limiting primary production 

(Hutchinson 1941, Chesson and Huntly 1997, Hixon et al. 2002, White et al. 2010). 

Density-dependent processes regulate population growth through positive feedbacks on 

mortality (i.e. depensation) or through negative feedbacks (i.e. compensation).  

Depensatory processes arise as an increase in the per capita mortality rate as 

population density decreases and result from passive (attack-abatement) and active 

responses in predator-prey interactions (May 1972, White et al. 2010). Passive 

responses include risk dilution and predator avoidance (e.g., lower detection risk or 

swamping) while active responses include shared vigilance (Lima 1995), quorum 

responses (Ward et al. 2008, 2011), or predator deterrence (Motta 1983). 

Compensatory processes occur when the per capita mortality rate increases as 

population density increases and can be roughly partitioned into aggregative (Hassell 

and May 1974), functional (Holling 1959b, Murdoch 1973, Hunsicker et al. 2011), 

numerical (Holling 1959b, May and Oster 1976, Hörnfeldt 1994, Karell et al. 2009), and 

demographic responses (Murdoch 1971). Temporal compensation can arise from both 

short-term behaviors, namely functional responses (Holling 1959b), in combination with 

long-term population dynamics, namely numerical and demographic responses (Brook 

and Bradshaw 2006). Aggregative responses reflect spatial processes as predators 
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react to the relative density of prey in a patch and vice versa as prey react to the relative 

predation risk of a given patch (Stewart-Oaten and Murdoch 1990, White et al. 2010).  

Habitat can be considered as a direct resource limiter and as density-

independent effects (Verhulst 1838, Smith 1935), but its structuring role in predation, 

competition, and other interactions has lead to numerous treatises on its density-

dependent effects (Ricker 1954, Beverton and Holt 1957, Schoener 1971). Endogenous 

mediation either results through compensation, from limitations in refugia availability or 

foraging arenas (Walters and Juanes 1993, Ahrens et al. 2012), or through 

depensation, for example behavioral strategies (e.g., swarming or schooling, Allee 

1927, 1931, Motta 1983) having minimum density requirements (often termed Allee 

effects, see May 1972 and Stephens et al. 1999). Consequently, considerable study has 

theorized how habitat and associated processes might regulate population growth 

(Holling 1959b, Charnov 1976, Hastings 1980, Abrams and Walters 1996) as well as 

searching for empirical support for these hypotheses (Solow and Steele 1990, Lindberg 

1997, Shenk et al. 1998, Brook and Bradshaw 2006).  

The representation of habitat in predator-prey theory (and other intra- and 

interspecific interactions) has focused on aggregative and functional responses, likely 

due to their short-term nature and the relative ease in quantifying them. An exception is 

density independent effects that are typically represented by simple single parameters 

denoting the aggregate resource cap on population growth, often termed the carrying 

capacity (Verhulst 1838, Berryman 1992). Compensation occurs continuously over 

population sizes with the biggest change in per capita mortality rates occurring as a 

population approaches (or exceeds) this resource limit (Rosenzweig and MacArthur 
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1963). Within fisheries, compensation is often implemented through a stock-recruit 

relationship in population models (Ricker 1954, Beverton and Holt 1957, Walters and 

Martell 2004). Classical mass-action predator-prey models have abstractly accounted 

for habitat-induced density dependence through simple attack rate parameters (Lotka 

1925, Volterra 1931) or through more parameterized representations of predator 

consumption rates (termed functional responses, Solomon 1949), typically represented 

as changes in the predator search rate (Holling 1959b, Hassell and May 1974). 

Depensation has similarly been represented using functional responses (both in terms 

of changes to search and handling times) but also as a numerical response in 

population dynamics, most famously as Allee effects (McCarthy 1997, Courchamp et al. 

1999, Stephens et al. 1999, Stephens and Sutherland 1999). 

Mass-action models and functional responses received criticism from the lack of 

predator density-dependence (intraspecific competition) and gave rise to ratio-

dependent predator-prey theory (Arditi and Ginzburg 1989, Arditi and Berryman 1991, 

Abrams and Ginzburg 2000). This theory states that predation rates vary as a function 

of the prey to predator ratio (thus inducing predator intraspecific competition) and 

resulting in a predator and prey equilibrium determined by prey production (versus 

solely predator densities in Lokta-Volterra derivatives)(Arditi and Ginzburg 1989). Ratio-

dependence incorporates habitat processes in the assumption that spatial heterogeneity 

forces predators to interact through exploitative or interference competition by locally 

depleting prey or antagonistic behaviors (Arditi and Ginzburg 1989, Arditi and Saiah 

1992). A key limitation of this theory is little mechanistic underpinning of these local 
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patch dynamics that would result in ratio-dependence and its inherent functional 

response form (Diehl et al. 1993, Abrams 1994).  

Foraging arena theory is one approach that has sought to remedy the “fallacies” 

(Abrams 1994) of ratio-dependence by positing a mechanistic basis for predator 

density-dependence. It asserts that competition between predators arises from the 

behavioral, spatial, or temporal restriction of prey into arenas where prey are vulnerable 

and invulnerable to predation (Walters and Juanes 1993, Walters and Korman 1999, 

Ahrens et al. 2012). Exchange rates between vulnerable and invulnerable arenas 

dictate system dynamics instead of restrictive responses, which vary inter- and 

intraspecifically. Prey exchange thus “offers” predators opportunities to consume prey 

and where per-capita prey availability is inversely hyperbolic and prey mortality is 

hyperbolic across increasing predator densities (Ahrens et al. 2012). It is simple to 

envision various means that habitat may mediate prey exchange rates, such as acting 

as a refuge (or not) or altering advection/diffusion processes (Werner et al. 1983, Cury 

and Roy 1989, Werner and Anholt 1993, Heithaus et al. 2008). 

Foraging arena theory predicts that arena structures should cascade across food 

webs as a result of changes in the exchange rates of any one species. This tenant is 

shared with many habitat-centric management strategies such as umbrella species 

(critical habitat is maintained from single-species conservation; Lambeck 1997, 

Simberloff 1998), reserves (spatial management intended to protect biodiversity and 

ecosystem functions as well as limiting localized harvest; Roberts et al. 2001, Hilborn et 

al. 2004), and restorations (repairing habitat degradation; Ewel 1987, Lake et al. 2007). 

Habitat augmentation is perhaps the most direct management example reliant on 
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organism-habitat relationships. Augmentation has pervaded aquatic resource 

management in the form of various habitat-centric strategies (e.g., artificial reefs, 

restorations, plantings, etc., Roberts et al. 2001, Tugend et al. 2002, Miranda et al. 

2010, Bortone et al. 2011). The impact of augmentations has been highly variable 

ranging from positive (Brooks et al. 2004, Ahrenstorff et al. 2009), neutral (Bohnsack 

1989, Sass et al. 2012), negative (Grossman et al. 1997), and unintended effects 

(Glasby et al. 2006, Sheehy and Vik 2010) on the species of interest. Without any 

generalized predictions arising from augmentation studies, further evaluation of habitat’s 

role in mediating interactions in stochastic systems is necessary. Thus, further 

experimental and observational study with habitat as a central focus is warranted for 

progressing ecological theory and advancing natural resource management. In 

particular, study of density dependent processes may yield a better understanding of 

organism-habitat relationships and fruitful management strategies based on probable 

outcomes as well as tradeoffs.  

This dissertation links three examinations of habitat-mediated mechanisms 

shaping population regulation with a conceptual framework. The framework was 

developed through a survey of the existing literature to identify commonalities in the 

assumed mechanism of habitat influence. An overview will build off the discussion 

above and construct a conceptual framework to integrate the theoretical and empirical 

outcomes in habitat-centric literature. Each empirical or experimental approach 

represents a different representation of mortality at spatial and temporal scales. At small 

spatial and short time scales, intense competition and predation risk result in foraging 

arena dynamics and rapid variation in organismal behavior (Walters and Korman 1999). 
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Within a population and over seasons or a year, cumulative mortality from competition 

and predation drives local population growth through recruitment of early life history 

stanzas (Walters and Korman 1999, Walters and Martell 2004) and species 

assemblages through habitat selection. This multi-scale approach is desirable as a 

central issue in ecology are changes in the attendant patterns of ecological processes 

across scales (Wiens 1989, Levin 1992, Hunsicker et al. 2011). Scaling from local 

dynamics to populations to communities to ecosystems inherently induces bias as 

nonlinear ecological processes are averaged over space or time (Hunsicker et al. 2011). 

Thus, the role habitat has in alternating predator functional responses are also scale-

dependent. I seek to address two questions regarding habitat’s role and its scale 

dependency: 1) at what spatial or temporal scales can the restructuring of predator 

functional responses by habitat be observed, 2) in what ways does habitat alter the 

expectations of population regulation and community assembly at each scale.  

 At the organismal level, an experiment will be conducted to test the underlying 

ratio-dependent assumptions of foraging arena theory in a simple bass-bluegill 

predator-prey system. Habitat, in this case, establishes a standardized invulnerable 

refuge for prey. Changes in prey and predator densities mediate the exchange rates of 

prey between arenas as well as may manifest behavioral externalities not predicted by 

ratio-dependent theory. These unpredicted behavioral responses have implications in 

the rates that stocks rebuild as modeled by ecosystem models, such as Ecopath with 

Ecosim. At the population level, a lake habitat augmentation experiment will be 

conducted to evaluate the strength of subsequent attractive and productive responses 

of game fish. Historically treated as binary outcomes of augmentation, fish attraction to 
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structure is highly conserved across taxa and an evolutionary stable strategy (Smith 

1972). For attraction to persist, attracted individuals should have an improvement in 

fitness, observed as increases in production. These changes in production are 

invariably linked to foraging arena responses through density-dependent mortality and 

growth as well as resource variation. This study aims to ascertain if production can be 

observed above natural recruitment variation by taking advantage of a small, closed, 

more observable system than previously considered in comparison studies. The degree 

habitat influences population growth rates has implications for the performance of 

habitat-centric management strategies. At the community level, the habitat selection of 

the fish and turtle community for augmented habitat is assessed. The size and location 

of habitat are varied to evaluate changes in the species assemblage as a function of 

distance from existing habitat and size of structure.  
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CHAPTER 2 
ALLEE EFFECTS FROM BEHAVIORAL VARIABLITY IN PREDATOR-PREY 

INTERACTIONS 

Introduction 

Ecologists have long sought generalizable predator-prey models that can flexibly 

describe a wide range of dynamics. These dynamics largely result from the predator’s 

functional response, the per capita predation rate, with many formulations accounting 

for varying degrees of predator interference (Hassell and Varley 1969, Beddington 

1975, DeAngelis et al. 1975, Arditi and Ginzburg 1989) but explicitly ignoring prey 

behavioral variation (Sih 1979, Okuyama 2008). However in the environment, prey and 

predators often adopt behaviors dependent on prey densities, predator densities 

(Werner and Hall 1988, Sih et al. 2003, Stier et al. 2013), and habitat complexity 

(Savino and Stein 1989a, 1989b). Prey antipredator behaviors and predator foraging 

modes may act synergistically or antagonistically with the potential for mortality rates to 

drastically depart from the expectations of a given functional response (Abrams 1993). 

With the ability of predation to regulate populations (Nicholson 1933), shape community 

organization (Holt 1977), and act as a major selective force (Abrams 2000), the effect of 

variable prey and predator behaviors on predation rates is of principal concern.  

Many prey antipredator behaviors lead to reductions in predation risk as density 

increases (Abrams 1990). Passive responses such as risk dilution (dilution effect; 

Williams 1966; Hamilton 1971) and active responses such as shared vigilance (Lima 

and Dill 1990, Lima 1995), quorum responses (Ward et al. 2008, 2011), and predator 

deterrence (Motta 1983) often depend on ‘safety in numbers’ and reduce in 

effectiveness as prey density declines or are abandoned all together for other 

behaviors. As a result, inverse density dependence in the per capita prey mortality 
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arises at the scale of the aggregation (White and Warner 2007, Kramer and Drake 

2010). Predator-prey interactions resulting in inverse density dependence are 

concerning as they can lead to population instability (Allee 1941, Rosenzweig 1971, 

Stephens and Sutherland 1999), i.e. to “Allee effects” (Courchamp et al. 1999, 

Stephens et al. 1999, Hutchings 2014). Allee effects resulting from behavior are often 

presented as a single behavior changing in efficacy as a function of prey density 

(Stephens et al. 1999) and most functional response formulations reflect this. Thus, 

commonly used predator-prey models are unlikely to account for prey and predators 

adopting a multitude of behaviors in response to biotic and abiotic cues.  

All predator-prey models can arise from two rate equations, one for the prey 

population N and the other for the predator population P: 

𝑑𝑁 𝑑𝑡⁄ = 𝑓(𝑁) − 𝑔(𝑁, 𝑃)𝑃 (2-1) 

𝑑𝑃 𝑑𝑡⁄ = 𝜀𝑔(𝑁, 𝑃)𝑃 − 𝜇𝑃 (2-2) 

where 𝑓(𝑁) describes the production of prey, 𝑔(𝑁, 𝑃)𝑃 describes predation, 𝜀𝑔(𝑁, 𝑃)𝑃 

describes the conversion of consumed prey into predator reproduction, and 𝜇𝑃 

describes the mortality rate of predators. Prey production is typically assumed to follow 

logistic growth, but in short-term experiments with no prey reproduction it can be 

assumed to be zero. The prey population can also be assumed to decline through non-

predatory means such as senescence, antagonistic behaviors, starvation, or non-lethal 

predation effects (Fraser and Gilliam 1992), such that Equation 2-1 is modified to 

include the non-predatory survival rate, S: 

𝑑𝑁 𝑑𝑡⁄ = (0 − 𝑔(𝑁, 𝑃)𝑃)𝑆 (2-3) 
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The per capita mortality rate 𝑔(𝑁, 𝑃) in simple two body systems, such as one 

prey and one predator, follows a functional response often one of the Holling functional 

response types (Holling 1959a, 1959b, 1966). The Holling functional responses types 

can be represented continuously using the generalized form developed by Real (1977): 

𝑔(𝑁, 𝑃) = 𝑔(𝑁) =
𝑎𝑇𝑡𝑁𝑛

1+𝑎ℎ𝑁𝑛 (2-4) 

where 𝑎 is the predator search rate, 𝑇𝑡 is the proportion of a predator’s time spent 

foraging or for which prey are available, ℎ is the time spent handling or digesting prey, 

and 𝑛 is the number of encounters a predator must have with its prey before the 

predator is maximally efficient at feeding on that prey item (Real 1977). Typically, the 

predator’s search rate, 𝑎, and the proportion of time foraging, 𝑇𝑡, are combined into a 

single parameter. The generalized form of the Holling functional response can take on 

the Type I form when ℎ = 0 and 𝑛 = 1 (i.e. no handling time or encounter effects), the 

Type II form when ℎ > 0 and 𝑛 = 1 (i.e. no encounter effects), and the Type III form 

when ℎ > 0 and 𝑛 > 1 (i.e. including handling time and encounter effects).  

Predator-prey models that are prey-dependent, including only prey into the 

predator’s functional response (i.e. 𝑔(𝑁, 𝑃) = 𝑔(𝑁)), are the classic Lotka-Volterra 

predator-prey models (Berryman 1992). Criticism of the Lotka-Volterra centers around 

the properties of the independence of equilibrium prey density from predator 

reproduction (Oksanen et al. 1981) and the production of limit cycles through increases 

in primary productivity (paradox of enrichment - Rosenzweig 1971). Fundamentally, the 

Lotka-Volterra models assume prey and predators move in a Brownian fashion akin to 

the behavior of reacting molecules. This assumption is incongruent with the wealth of 
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behaviors prey and predators adopt in their interactions. Additionally, foraging predators 

do not interfere with each other and limit their consumption rates. 

Ratio-dependent predator-prey models were developed in order to include 

predator-dependence in the Lotka-Volterra models and correct its numerical instability 

(Arditi and Ginzburg 1989, Berryman 1992) by modifying the per capita mortality rate 

process to depend on the ratio of prey to predators 𝑔(𝑁
𝑃⁄ ). While the ratio-dependent 

models do relieve the numerical instability of the Lotka-Volterra models, the model 

formulation lacks behavioral mechanisms (Abrams 1994). Cosner et al. (1999) 

specifically derived the Type II ratio-dependent functional response as a predator group 

with constant frontal area foraging on homogeneously distributed prey, an assumption 

incongruent with restrictive prey behaviors. 

An alternative to prey-dependent and ratio-dependent functional responses is 

foraging arena theory (Ahrens et al. 2012). Beginning as a series of experiments and 

models in the 1980s and ‘90s (Werner et al. 1983, Walters and Juanes 1993, Abrams 

and Walters 1996, Walters and Korman 1999), foraging arena has been widely used in 

fisheries and ecosystem models through Ecopath with Ecosim (Christensen and 

Walters 2004). In foraging arena theory, prey exchange from the total population (N) 

seeking to minimize predation risk by remaining invulnerable (Ware 1975), at rates v 

and v’, into and out of the foraging arena, or the vulnerable to predation state (V) where 

predators remove prey at rate aVP (Equation 2-5). 

𝑑𝑉 𝑑𝑡⁄ = 𝑣(𝑁 − 𝑉) − 𝑣′𝑉 − 𝑎𝑉𝑃 (2-5) 

Replacing N with V then modifies the per capita mortality rate in Equation 1-4. 

Predation rates increase asymptotically as a function of prey exchange rates (Ahrens et 
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al. 2012), with predation risk diluted among all vulnerable prey with the P/V chance of 

an individual vulnerable prey being the victim of predation (Lima and Bednekoff 1999). 

The utility of the foraging arena over the Lotka-Volterra or ratio-dependent models lies 

in the ability of the arena structure to represent variable prey behaviors and the models 

pathological flexibility to represent both Lotka-Volterra and ratio-dependence. The latter 

arises from changes in the exchange rate: strong ‘ratio-dependence’ from low exchange 

rates and Lotka-Volterra ‘reaction vat’ dynamics when exchange rates are high (Ahrens 

et al. 2012).  

Here, we present a test of the ability of predator-prey models to describe 

mortality rates resulting from variable prey and predator behaviors. A factorial design of 

low, medium, and high densities of juvenile Lepomis macrochirus (Bluegill) predated by 

Micropterus floridanus (Florida Bass) was used to determine the density-dependence of 

predator-prey behaviors and the ability of predator-prey models to describe the resulting 

mortality rates. We discuss the applicability of each predator-prey model based on our 

results and the implications of variable prey and predator behavior on population 

regulation.  

Materials and Methods 

Experimental Setup  

Experiments were conducted in three experimental 405 m2 (one-tenth acre) 

ponds at the United States Geological Survey Wetland and Aquatic Research Center 

(Gainesville, FL, USA). Ponds were cleared of vegetation, divided into four treatment 

groups using block nets, and filled to ≈1 m deep in the center. This resulted in each 

treatment having two edges of shoreline and two edges of block net, all edges ≈9 m in 

length. Low, medium, and high predator and prey densities were chosen based on 
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empirical field surveys of 59 Florida lakes containing both Florida Bass and Bluegill 

(Hoyer and Canfield 1994). The low, medium, and high densities corresponded to 

oligotrophic, mesotrophic, and eutrophic lake nutrient statuses respectively. Prey 

densities were 20, 100, and 150 individuals while predator densities were one, three, 

and five individuals. Each pond housed three of the nine possible combinations of 

predator-prey densities plus a treatment consisting of a medium density of prey and no 

predators. Treatments were allocated non-randomly to maintain a total of 370 prey and 

9 predators in each pond creating three sets of treatment combinations in that pond. 

This was done to maintain a similar ratio of prey to resources in each pond. Low and 

high prey densities were located catty-corner to one another and the low prey treatment 

was randomly allocated to one of the four treatments in each of the ponds for each 

experimental run. The treatment combinations were moved from pond to pond between 

each experimental run to reduce pond effects on a given treatment and done in a 

manner such that each treatment-pond combination was achieved. Three experimental 

runs were conducted to obtain replicates of the treatment groups. Refuge habitat was 

standardized to a 2 x 1 m 2.5 cm plastic hex mesh mat suspended from the water’s 

surface along a depth gradient of approximately 15 to 60 cm. The mat was adorned with 

strips approximately 15 cm in length of plastic survey tape to simulate a natural grass 

bed.  

Experimental Timeline 

Experimental runs were conducted for seven days of predator-prey interactions 

starting April 20th, May 4th, and May 18th, 2016. Preliminary experimental trials indicated 

that seven days was a sufficient exposure time to ensure contrast in prey mortality rates 

but without complete removal of all prey in most of the treatments. Each pond was 
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emptied for two days before each run then filled and allowed to fallow for five days 

before adding prey. Preliminary experimental trials indicated this emptying-filling regime 

was sufficient to produce prey food resources, primarily benthofauna (midge larvae). 

Florida Bass were electrofished three days prior to the start of the experimental run 

using a 9.0 Generator Powered Pulsator electrofisher (Smith-Root, WA, USA) from 

Lake Santa Fe, FL (29.741165 N, 82.076767 W) with a median length of 350 mm. 

Florida Bass were fin clipped with unique within-treatment patterns, their total length 

measured, and released into their respective treatments for two nights prior to the 

beginning of the run. Juvenile Bluegill were obtained from Shongaloo Fish Hatchery 

(Hampton, FL, USA) the morning of the start of the experimental run with a median total 

length of 51 mm. Hatchery Bluegill were raised in open ponds subject to avian and 

testudine predators but no piscine piscivores. Approximately one-third of the medium 

and high prey densities and all of the low density were tagged with Visible Implant 

Elastomer Tags (Northwest Marine Technology, WA, USA) of a different color for each 

prey density and a unique color for the no predator treatment. Each prey stocking-group 

was observed for 15 minutes prior to stocking and any individuals that died during this 

period were replaced with untagged individuals, to minimize the effects of handling 

mortality. Prey modal length was measured from individuals that died during handling or 

were in excess of the required number to stock the treatments (the lengths of stocked 

individuals were not measured after preliminary experimental trials indicated mortality 

from measuring to be in excess of 50%). Bluegill were added to treatments directly 

along the shoreline and into the suspended mesh habitat structure at the start of the 

experimental run after ensuring the refuge was free of predators. Visual assessments of 
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the location of fish and their behavior were made through a standardized linear transect 

along the two shoreline edges of the pond twice over each experimental run. An 

approximate count and the location-behavior of fish were taken in the morning and in 

the afternoon to account for shading effects. Ponds were drained at the end of one 

week, and linear transects along the pond bottom were walked a minimum of three 

times with additional transects completed, up to six total, if a poor raw depletion signal 

was observed or if few prey were collected on any given transect. Prey modal length of 

each treatment and individual lengths and guts of Florida Bass were taken after 

collection from the drained ponds.  

Mortality Rates 

We modeled the prey mortality (in numbers of prey) as a latent random variable, 

𝑁𝑙𝑜𝑠𝑠,𝑖, described by a Binomial distribution as 𝑁𝑙𝑜𝑠𝑠,𝑖~𝐵𝑖𝑛𝑜𝑚𝑖𝑎𝑙(𝑁𝑠𝑡𝑜𝑐𝑘,𝑖, �̂�𝑖), where 

𝑁𝑠𝑡𝑜𝑐𝑘,𝑖 was the number of prey stocked in each treatment i and �̂�𝑖, assumed to be the 

product of daily mortality events. The prey mortality, 𝑁𝑙𝑜𝑠𝑠,𝑖, was estimated as 1 − 𝑁𝑠𝑢𝑟𝑣,𝑖, 

where 𝑁𝑠𝑢𝑟𝑣,𝑖 was the maximum likelihood estimate of surviving prey using the Gould 

and Pollock depletion method (Gould and Pollock 1997) from the series of depletions 

after each pond was drained. The prey population N was assumed to change as a 

function of the predation rate, 𝑔(𝑁, 𝑃)𝑃, where 𝑔(𝑁, 𝑃) describes predator’s functional 

response and 𝑃 the predator population (prey production was assumed to be zero given 

the short experimental frame and non-reproductive status of the prey). The prey 

population was assumed to also decline through non-predatory means such as 

senescence, antagonistic behaviors, starvation, or non-lethal predation effects (Fraser 

and Gilliam 1992), modeled as the non-predatory survival rate, S using Equation 3. 
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We tested Lokta-Volterra, ratio-dependent, and foraging arena predator-prey 

relationships. A numerical scheme was implemented to predict the integrated 

accumulated predator consumption, 𝑄𝑡,𝑖, and change in prey abundance, 𝑁𝑡,𝑖, over daily 

time steps t = 0…7 as:  

𝑄𝑡,𝑖 = 𝑄𝑡−1,𝑖 + 𝑔(𝑁𝑡,𝑖, 𝑃𝑖)𝑃𝑖 (2-6) 

𝑁𝑡+1,𝑖 = 𝑆𝑖(𝑁𝑡,𝑖 − 𝑔(𝑁𝑡,𝑖, 𝑃𝑖)𝑃𝑖) (2-7) 

where 𝑄0,𝑖 = 0, 𝑁0,𝑖 = 𝑁𝑠𝑡𝑜𝑐𝑘,𝑖, and prey abundance in each subsequent time step, 𝑁𝑡+1,𝑖, 

was assumed to change discretely from predation, 𝑔(𝑁𝑡,𝑖, 𝑃𝑖)𝑃𝑖, and then non-predation 

mortality components affecting the finite survival rate, 𝑆𝑖. Pond and experimental run 

effects for each treatment were incorporated as factors impacting the non-predation 

survival rate Si:  

𝑙𝑜𝑔𝑖𝑡(𝑆𝑖) = 𝑆0 + 𝛽𝑝𝑜𝑛𝑑,𝑖 + 𝛽𝑟𝑢𝑛,𝑖 (2-8) 

where 𝛽𝑥,𝑖 represent additive effects on the base survival rate, 𝑆0, in logit space. The 

total finite mortality rate, �̂�𝑖, was calculated as: 

�̂�𝑖 = 1 − 𝑁7,𝑖 𝑁𝑠𝑡𝑜𝑐𝑘,𝑖⁄  (2-9) 

where 𝑁7,𝑖 was the estimated survivorship after a seven days of predator-prey 

interactions.  

Type I and Type II Holling functional response were tested for each predator-prey 

relationship type by setting the number of encounters a predator must have with its prey 

before maximal efficient 𝑛 to 1 and handling time ℎ to 0 for Type I (Table 2-1). The 

parsimony of each functional response was compared using the corrected Akaike’s 

information criterion (AICc) and model weights were determined after dropping models 

with ∆AICc values > 10 (Cavanaugh 1997, Burnham and Anderson 2002). Likelihood 
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profiles were made for the predator search rate as well as the predator handling time 

and vulnerable exchange rates if necessary from the top three models. Confidence 

intervals were estimated for the parameters using Wilk’s theorem (Wilks 1938), 

assuming the test statistic from likelihood ratio tests between the maximum likelihood 

estimate (MLE) and potential parameter values are asymptotically chi-squared 

distributed and an  = 0.1. Predictions of the expected mortality rate were calculated for 

each treatment level by pond and by experimental run from each functional response 

with model weights at the MLE of the parameters. Residuals between these predictions 

and the empirical data were calculated and visualized. The predicted predator functional 

response across prey densities from one to 150 individuals and for one, three, and five 

predators were also calculated for models with model weights at the MLE of the 

parameters. All models and information criterion calculations were made in program R 

(R Core Team 2015). 

Behavioral Assessment 

Observations on the location and behavior of prey and predators were 

aggregated by day (morning and afternoon transects combined) for each treatment and 

experimental run. Four post-hoc categories were used to score each treatment’s prey 

locations / behaviors: in shoals along the deeper water edge of the provided weed mat 

refuge (in habitat), along the shoreline in shoals greater than 10 individuals (nearshore), 

in the shadows of the block nets (shadows), and immobile, solitary individuals, hidden 

from view (hiding). Bass locations / behaviors were also scored into four categories: 

stationary and high site fidelity (ambush), mobile and low site fidelity (shoaling), 

stationary and in the shadows of the block nets (shadows), as well as immobile and 
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hidden from view (hiding). The locations / behaviors of prey and predators were counted 

for each experimental run with a potential maximum score of three per treatment-

behavior combination. Behavioral scores for each run and treatment were divided by the 

number of behaviors observed, such that if a single behavior was observed the 

treatment-behavior received a score of one and if two or three behaviors were observed 

the treatment-behavior received scores of one-half or one-third, respectively, in each 

treatment-behavior group. Behavior for control treatments were completely similarly but 

the total possible points was out of nine (three control treatments in each run for three 

experimental runs).  

Canonical discriminant analysis (CDA) was applied to the classified prey and 

predator behaviors in order to determine the relative importance of prey abundance, 

predator abundance, or the prey-predator ratio in describing the exhibited behaviors. A 

multivariate analogue to the analysis of variance, CDA seeks to determine discriminant 

functions that maximize the distances between groups, the location / behavior 

categories, by using linear combinations of independent variables, the prey and 

predator abundances as well as the prey-predator ratio. Independent variables were 

standardized between zero and one to calculate standardized discriminant coefficients 

and determine the relative importance of each variable, similar to the effect size in 

regressions. Predictions were made from the resulting discriminant functions across 

prey abundances ranging from one to 150 individuals and for one, three, and five 

predator abundances to visualize the change in prey and predator behavior. The 

package MASS in program R was used to implement all CDAs.  



 

32 

Predator Stomach Contents 

Gut contents of Florida Bass were examined at the end of each trial and the 

presence-absence of Bluegill (bones or whole) was assessed as well as whether the 

stomachs were empty or not. Logistic regressions were used to model the presence-

absence of Bluegill and the presence-absence of empty stomachs. The set of logistic 

regressions used prey abundance, predator abundance, and the prey-predator ratio as 

covariates while the second set was used prey and predator behaviors. All covariates 

were standardized between zero and one. From the resulting logistic regressions using 

prey abundance, predator abundance, and the prey-predator ratio, predictions were 

made across prey abundances ranging from one to 150 individuals and for one, three, 

and five predator abundances to visualize the change in the presence of Bluegill and 

emptiness in Florida Bass stomachs. From the logistic regressions using prey and 

predator behaviors, predictions were made across probabilities of prey and predator 

behaviors ranging from zero to one. 

Results 

Maximum likelihood estimates of 𝑁𝑠𝑢𝑟𝑣,𝑖 showed high total finite prey mortality 

rates for all treatments, ranging from 25 to 100%. Control treatments without Florida 

Bass had mortality rates within the range of the treatments with Florida Bass indicating 

either high natural mortality rates or other predators consuming the bluegill, to which we 

concluded the latter. Numerous Cottonmouth Snakes (189 ha-1, Agkistrodon piscivorus), 

Banded Water Snakes (74 ha-1, Nerodia fasciata), and Bullfrogs (41 ha-1, Lithobates 

catesbeianus) were observed in and adjacent to the ponds during pond preparation, 

and were capable of passing through the chain-link fence surrounding each pond. 



 

33 

Control treatments were not used for subsequent analysis as a result of this likely high 

external predation.  

The top three parsimonious functional responses were all of the Holling Type II 

functional form and were, in order of parsimony: ratio-dependent, Lotka-Volterra, and 

foraging arena (Table 2-1). Respectively, the Holling type I functional form of these 

predator-prey models was 47, 16, and 8 AICc units higher than their Type II form. The 

negative log-likelihood for these Holling Type II models were nearly equal (Table 2-1). 

The predator search rate, a, was 0.148 (0.133, 0.164; 90% CI), 0.035 (0.022, 0.055), 

and 0.677 (0.190, 3.944) while the handling time, h, was 0.059 (0.043, 0.076), 0.688 

(0.411, 1.141), and 0.059 (0.006, 0.124) corresponding to realized handling times of 1.4 

(1.02, 1.82), 16.5 (11.3, 26.9), and 1.4 (0.144, 2.98) hours for the top three 

parsimonious models respectively. The foraging arena functional response had a low 

vulnerable exchange rate, v, of 0.184 (0.162, 0.738) that, using av, gave an effective 

predator search rate of the total prey population MLE of 0.124. The mean finite survival 

rate for the top three models was 0.994, 0.918, and 0.993 respectively with basal 

survival, pond, and run effects all specific to functional response structure. The 

coefficient of variation in the finite survival rate across ponds and runs of the top three 

models was lowest with a Lotka-Volterra functional response (1.28%) and higher with a 

ratio-dependent (1.43%) and the foraging arena functional response (1.58%).  

Predictions of prey mortality rates from the top three models with pond and run 

effects (called full models hereafter) and the corresponding residuals (Figure 2-1A-C) 

showed that the full models had the greatest residual error in the predicted mortality 

rates for the low, then medium, then high prey treatments. The Lotka-Volterra and 
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foraging arena full models predicted 10% higher mortality rates than observed for the 

high prey treatments. The residual error showed that low prey treatments tended to be 

more variable than medium or high prey treatments and that the predator-prey 

formulations we considered were not able to accurately describe the variation.  

The predicted per capita prey mortality rate, 
𝑄𝑡,𝑖

𝑁𝑡,𝑖
⁄ , from submodels without 

pond and run effects shared the characteristic of low prey treatments with the highest 

per capita mortality followed by the medium and then high prey treatments (Figure 2-

1D-F). The shape of the per capita mortality fell into two general forms: wide and small 

disparities in the mortality rates as a function of prey abundance. The Lotka-Volterra 

submodel predictions showed the former and were nearly linear with little change in the 

slope as predator abundance increased (Figure 2-1D). The foraging arena and ratio-

dependent submodel predictions showed the latter. Foraging arena per capita mortality 

rapidly approached the asymptote as a function of predator abundance with the same 

asymptote for each prey treatment (Figure 2-1E). Ratio-dependent per capita mortality 

approached the asymptote slower than foraging arena and had different asymptotes for 

each prey treatment (Figure 2-1F). 

Predictions of the predator functional responses fell into two general forms: wide 

and negligible disparities in the per capita predator consumption as a function of the 

predator abundance (Figure 2-1G-I). Foraging arena and ratio-dependent functional 

responses exhibited wide disparities while Lotka-Volterra responses were negligible. 

The foraging arena and ratio-dependent functional responses were similar with minor 

differences in the asymptotes (Figure 2-1H&I). The highest per capita predator 

consumption occurred with only one predator (≈70 prey per predator) and a two- or 
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three-fold decrease when three or five predators were stocked. The Lotka-Volterra 

functional responses did not have different asymptotes of the per capita predator 

consumption (≈8 prey per predator) between different predator abundances but minor 

differences in the rate at which the asymptote was reached, fastest for one predator and 

slowest for five predators (Figure 2-1G). 

Overall, ratio-dependent and foraging arena Type II predictions were similar 

across prey and predator densities with high finite daily survival rates and short handling 

times implying prey mortality coming largely from predation. The foraging arena Type II 

model had 4.6 and 19.3 times higher predator search rates than ratio-dependent and 

Lotka-Volterra formulations resulting in a rapid depletion of the vulnerable pool offset by 

low vulnerable exchange rates. Effectively, this predicted prey to be strongly spatially or 

behaviorally restricted with high predation risk upon entering the vulnerable pool in the 

foraging arena model. The Lotka-Volterra Type II model had lower finite daily survival 

rates (≈8% lower), lower predator search rate, and higher handling times implying prey 

mortality coming largely from low daily survival due to mortality agents other than 

Florida Bass. The likelihood of the data given the model and adjusted model weights 

was similar for each Type II predator-prey model yielding similar predictive 

performance. 

Prey and Predator Behavior 

Prey locations / behavior were predominantly split between hiding (33%), 

nearshore (38%), and in habitat (25%) with few observations (3%) in the shadows. The 

CDA had three discriminant functions but the majority of the variance in prey behavior 

was accounted for by the first one (>96%). This discriminant function was predominantly 

driven by prey abundance (-3.96), then predator abundance (1.25), and lastly by the 
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prey to predator ratio (0.97) resulting in strong dependence of prey behavior on prey 

density. Predictions of prey behavior from the CDA (Figure 2-2A-D) showed the 

probability of being seen in refuge habitat to be highest in the high prey treatment 

across predator abundances and the probability being seen nearshore to be highest in 

the medium prey treatment, increasing as a function of predator abundance. Low-prey 

treatments across predator abundance had a high probability of exhibiting locations / 

behavior of the hiding type. Control treatments did not exhibit one consistent behavioral 

pattern with nearly equal probability of prey using the weed mat habitat, hiding, or 

occurring in nearshore shoals (Figure 2-2A-D). From the CDA predictions and our 

observations, Bluegill restricted their activity to refuge areas at low densities, shoaled in 

shallow water along the shoreline at medium densities, and utilized deeper water 

habitats along the edge of the weed mat at high densities. Increasing predator densities 

did not drastically change the predictions. 

Predator locations / behavior were observed most frequently in the shoaling 

category (33%) and equally frequent (22%) in the ambush, shadows, and hiding 

categories. The CDA for predator behavior had three discriminant functions with the 

majority of the variance explained by the first one (91.4%). Prey to predator ratio drove 

this discriminant function (-3.21) followed by predator abundance (2.34) and prey 

abundance (1.83) resulting in strong ratio-dependence of predator behavior and weaker 

dependence on predator density. Predictions of predator behavior from the CDA (Figure 

2-2E-H) showed the probability of observing the ambush category was high for the low 

predator treatment and increased as a function of prey abundance (Figure 2-2E). The 

probability of observing the shoaling or shadow category was high only during medium 
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and high predator treatments with the shoaling probability positively correlated with prey 

abundance and with the shadows probability negatively correlated with prey abundance 

(Figure 2-2F-G). For low and medium predator treatments there was a decreasing 

probability with prey abundance of observing the hiding category (Figure 2-2H). 

Predators did appear to interfere with one another because stationary ambush behavior 

with high site fidelity was never exhibited in medium or high predator treatments. 

Antagonistic behaviors among predators were observed as presumably males 

occasionally nipped females in the hopes of spawning. We did not observe any other 

spawning activity and the nipping behavior was observed infrequently (only in the 

second experimental run). 

Predator Stomach Contents  

Florida Bass stomachs were 59% empty and only 10% contained Bluegill. The 

first set of logistic regressions on Bluegill presence-absence and stomach emptiness 

using prey abundance, predator abundance, and the prey to predator ratio were poor 

fits to the data (R2 = 0.047, R2 = 0.026, respectively). Bluegill that were collected in 

Florida Bass Stomachs were most common in medium prey – high predator treatments 

and low prey – medium predator treatments (Table 2-2) but were not significantly 

different using a 𝜒2 test (𝜒2 = 6.56, 𝑝 = 0.16). Empty Florida Bass stomachs were most 

common in high predator treatments (Table 2-2) but were not significantly different 

(𝜒2 = 1.54, 𝑝 = 0.82). The second set of logistic regressions on Bluegill presence-

absence and stomach emptiness using prey and predator behaviors had poor fits to the 

data (R2 = 0.106, R2 = 0.042, respectively). The strongest correlation between Bluegill 



 

38 

presence-absence and prey-predator behaviors had a Pearson’s correlation coefficient 

of 0.09 and between stomach emptiness and prey-predator behaviors had an r of 0.13. 

Discussion 

The role of behavior in predator-prey systems is essential for an understanding of 

the mechanisms of density-dependent processes and the nature of population 

regulation (Nicholson 1933). Here, we showed evidence for Allee effects in Bluegill 

predated by Florida Bass through increasing per capita mortality with decreasing prey 

density as a result of prey antipredator behavior and predator foraging modes 

interacting. Our primary evidence for Allee effects stems from clear support across 

predatory-prey models for Type II functional responses, as mortality asymptotically 

increases as a function of prey density. The mechanism of this Allee effect was likely 

interactions between changes in prey antipredator behavior and predator interference, 

with the result of swapping from an ambush mode to a shoaling foraging mode. Density-

dependent cooperative prey behaviors, principally antipredator behaviors (Allee 1931, 

Courchamp et al. 1999), and predator saturation in the Holling Type II functional 

response, called predator-driven Allee effects (Dennis 1989, Gascoigne and Lipcius 

2004), have been long noted to result in Allee effects (for a review see Kramer et al. 

2009). We cannot claim definitive support for either but found little evidence for predator 

saturation as Florida Bass stomachs (41% with any type of prey item) were less full than 

the estimated mean for North American piscivores (≈68%) in Arrington et al. (2002).  

Often, density-dependent processes are thought to stabilize populations through 

compensation, such as spatial restriction of prey from predators (Werner and Anholt 

1993), with the result of increasing mortality as a population’s size increases. However, 

passive and active responses of prey to predators, such as risk dilution (Williams 1966, 
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Hamilton 1971), shared vigilance (Lima 1995), quorum responses (Ward et al. 2008, 

2011), or deterrence (Motta 1983), are often density-dependent and increase in 

effectiveness as a population’s size increases. This ‘safety in numbers’ is likely 

responsible for the selection pressure behind many cooperative behaviors, one such is 

fish shoaling (Pitcher and Parrish 1993). For example, Sandin and Pacala (2005) found 

predation on aggregating Blue Chromis (Chromis cyanea) to decrease as a function of 

group size and Stier et al. (2013) found a similar pattern in shoaling Bluntnose Wrasse 

(Thalassoma amblycephalum). The degree to which inverse density dependence (Allee 

1941, Neave 1953), leads to population instability depends on the strength of the Allee 

effect (Kramer et al. 2009) as well as co-occurring compensation (White 2011). Kramer 

and Drake (2010) showed evidence for instability with a predator-driven Allee effect in 

Daphnia magnus populations and a subsequent increase in the probability of extinction 

as prey density declined.  

Unto to itself, our conclusion of depensatory mortality is not unusual as Kramer et 

al. (2009) showed an increasing prevalence of studies with evidence of predator-driven 

Allee effects. However, to our knowledge, few studies have explicitly manipulated both 

prey and predator densities to the end of showing the mortality rates from variable prey 

and predator behaviors. While the number of density combinations that we investigated 

was limited, we found prey per capita mortality increased as a function of predator 

density. These results are similar to the proportional scaling of per capita mortality rates 

when doubling the number of predators in Stier et al. (2013) and the increased 

extinction risk of an increased predator attack rate in Kramer and Drake (2010). 

Increasing per capita mortality as a function of predator density should lead to 
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population instability as prey densities become lower and predator densities become 

higher (Oaten and Murdoch 1975, Courchamp et al. 1999). However, Murdoch (1994) 

discusses the opposite phenomena in the California red scale (Aonidiella aurantii) 

parasitized by the Golden Chalcid wasp (Aphytis melinus) with remarkable population 

stability despite red scale densities <1% of those without their parasite-predator. This is 

not an isolated phenomena as other host-parasite systems and some predator-prey 

systems exhibit such behavior (Hassell et al. 1991, Murdoch 1994).  

We must admit one serious caveat about the whole study. The observed 

mortality rates over the seven-day trials were obviously much higher than would lead to 

sustainable Florida Bass – Bluegill dynamics on longer time scales. It is quite possible 

that much of the high mortality was due to using hatchery Bluegill naive to piscine 

predators and did not, at least initially, behave as wild fish would have. Additionally, we 

very likely restricted some of the behavior of the natural Florida Bass – Bluegill system 

that would otherwise stabilized the behavioral-driven Allee effect we observed. 

Redistribution of prey and predators across the landscape would likely occur in 

response to the local decline of prey density as prey seek to reduce predation risk 

through aggregation (Sutherland 1983) and predators seek to reduce mutual 

interference (Kacelnik et al. 1992). White et al. (2010) and White (2011) proposed that 

the “patch” defined by predators may exceed the size of the prey aggregation resulting 

in little effect on predator foraging behavior and stabilization of the effects of inverse 

density dependent mortality. This phenomena may explain the inverse density 

dependence we observed as the predators’ “patch” could have exceeded the size of our 

experimental system and prey were subjugated to concentrated predation pressure that 
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would have otherwise been distributed over other local aggregations. We feel that this 

effect may have been somewhat minimized as Bluegill were often observed forming 

more than one shoal, creating multiple local aggregations, and Florida Bass were 

observed repeatedly occupying the same spatial locations in each treatment, though it 

is worth noting these could be symptoms of concentrated predation pressure rather than 

a lack of.  

Perhaps more importantly than finding Allee effects, variation in prey and 

predator behaviors resulted in departures from expectations in the mortality rate, 

especially at low prey densities. Prey behaviors and spatial arrangements changed as a 

function of their own density, reflecting a switch to active responses rather than passive 

(risk-dilution) ones as prey density increased. For example, extreme spatial restriction of 

prey from predators (to the point that observers had difficulty finding Bluegill in clear 

water with fluorescently marked fish) was observed only in low prey treatments while 

shoaling and movement to deeper water along the edge of the provided habitat 

occurred in medium and high prey treatments, respectively. Predator behavior changed 

as a function of the prey-predator ratio possibly reflecting predator interference. Ambush 

behavior, always exhibited in the low predator treatments, appears to be preferential to 

other behaviors for consuming Bluegill as observed in the Florida Bass stomach 

contents analysis. There are obvious benefits to this strategy, Bluegill use auditory and 

visual cues for proximate detection of predators that a stationary predator foraging 

strategy would impair (Spotte 2007 pp. 19–32) as well as allowing the characteristic 

Florida Bass camouflage to further impede visual detection by prey.  
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As we used prey and predator densities similar to naturally occurring ones, we 

may not have been able to observe the extreme effects of density-dependent prey and 

ratio-dependent predator behaviors would have on the per capita mortality rate. 

However, Tupper and Juanes (2017) recently showed strong effects of predation risk on 

prey mortality as mediated by habitat complexity on natural reefs in young-of-year 

Cunner (Tautogolabrus adsperus). At higher prey densities than our high prey 

treatment, we may have observed the “dilution + detection” effect described in White 

(2011) when an aggregation’s size become so large as to increase their detection by 

predators resulting in survival not montonically decreasing as in risk dilution but the 

formation of a hump shape as detection effects surpass dilution effects as prey density 

increases.  

Variation in prey and predator behavior also indicates a violation of the 

homogeneity assumption in the Lotka-Volterra predator-prey models. While the Lotka-

Volterra Type II model fit nearly as well as the other top models, strong spatial 

restriction of prey suggests that the predator interference models, foraging arena and 

ratio-dependent, were more likely to be representative of the predator-prey interactions 

in our experiment. However, the ratio-dependent predator-prey model may not be 

appropriate as the derivation from mass-action principles by Cosner et al. (1999) 

assumed an explicit spatial arrangement of predator foraging groups (constant frontal 

area) and homogeneously distributed prey which, from our behavioral observations, did 

not occur in our experiment. Additionally between similar prey:predator ratios, we 

observed different prey behaviors (nearshore vs. in habitat and hiding vs. nearshore) as 

well as predator behaviors (ambush/hiding vs. shoaling and shoaling/in shadows vs. 
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shoaling). This leaves the foraging arena predator-prey model as potentially the most 

appropriate for describing the behavioral dynamics we observed. 

Despite the pathology of the foraging arena agreeing with the behaviors we 

observed, it was not the most parsimonious model of the mortality rates. Both the ratio-

dependent and Lotka-Volterra were more parsimonious with the ratio-dependent model 

only marginally more so than the Lotka-Volterra. In the Lotka-Volterra models, prey died 

by non-predatory means and the mortality patterns we observed were accounted for by 

low survival rates as well as larger pond and run effects. Conversely, the ratio-

dependent models had higher predation rates as well as smaller pond and run effects. 

This contradiction between poor accounting of behavioral pathology but better 

description of the mortality rates can occur purely as a result of the modeling 

framework. Had we been able to account for natural mortality and model purely the 

predation rates, it is likely the most parsimonious model would have changed.  

Despite not being the most parsimonious model, foraging arena is still useful as it 

described the mortality rates nearly as well as the Lotka-Volterra and ratio-dependent 

models. In our experiment, prey foraging activity was heavily restricted into arenas 

occupying tiny spatial areas at low prey densities (as to be barely observable), then 

shallow nearshore arenas at the size of the shoal for medium prey densities, and at high 

prey densities occupying a larger arena along the deeper water edge with exchange 

into and out of the weed mat refuge. These behaviors and spatial restrictions are not 

describable by predator-prey models assuming homogeneity, the Lotka-Volterra and 

derivatives set (Abrams and Walters 1996), nor by ratio-dependent models that lack 

mechanisms translating fine-scale behaviors to the attendant population dynamics 
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(Abrams 1994). As Ahrens et al. (2012) described, the foraging arena exchange rate v 

and the predator attack rate a can dictate whether the predator-prey dynamics are 

‘bottom-up’ or ‘top-down’ controlled. Low exchange rates and high predator search rates 

limit predation by the prey exchange rate into the vulnerable arena vN creating the 

‘donor-controlled’ state while under high exchange rates predation approaches the 

mass action rate aNP, the ‘reaction vat’ (Ahrens et al. 2012). Without totally retreading 

ground that has been covered in the foundational foraging arena papers (see Walters 

and Juanes 1993, Abrams and Walters 1996, Walters and Korman 1999, Ahrens et al. 

2012), arena structures are a useful logical abstraction for envisioning the breadth of 

predator-prey interactions. In this study, the arenas changed between refuges and fish 

shoals but most predator-prey systems are easy to envision in an arena context (others 

that have been put forth previously are: frontal boundaries, diel vertical migrations, 

advection of ‘prey’ to sessile predators, drift of benthic stream insects, antagonistic 

behaviors, and more in Ahrens et al. 2012). We contend, as Walters et al. (2016) 

recently has, that foraging arena theory can flexibly represent fine-scale predator-prey 

behaviors that result in density-dependent processes and population regulation. With 

respect to the 200+ years of predator-prey theory since Malthus (1798), perhaps, 

focusing on theoretical representations of fine-scale predator-prey interactions will 

advance theoretical ecology and its applications further than perpetuation of the prey-

dependent / ratio-dependent debate. 
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Table 2-1.  Predator-prey models considered in this study with generalized per capita 

predation, 
𝑄

𝑃⁄ , the Holling functional response type, the functional response 

(FR) formulation, the change in the corrected Akaike’s Information Criterion 

from the most parsimonious model AICc, the model weights, and the 

negative log-likelihood (NLL). *Due to AICc values > 10, these functional 
responses were dropped in the calculation of model weights 

Name 
𝑄

𝑃⁄  Holling 
Type 

FR Formulation AICc 
Model 

wt. (%) 
NLL 

Lotka-Volterra* 𝑔(𝑁) I 𝑎𝑁 16.13 — 162.33 

Lokta-Volterra 𝑔(𝑁) II 
𝑎𝑁

1 + 𝑎ℎ𝑁
 0.06 47.76 152.00 

Ratio-dependent* 𝑔(𝑁, 𝑃) I 𝑎 (
𝑁

𝑃
) 46.84 — 177.68 

Ratio-dependent 𝑔(𝑁, 𝑃) II 
𝑎 (

𝑁
𝑃)

1 + 𝑎ℎ (
𝑁
𝑃)

 0.00 49.33 151.97 

Foraging Arena 
Theory* 

𝑔(𝑉, 𝑃) I 𝑎𝑉 14.33 — 159.13 

Foraging Arena 
Theory 

𝑔(𝑉, 𝑃) II 
𝑎𝑉

1 + 𝑎ℎ𝑉
 5.66 2.91 152.61 
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Table 2-2.  Frequency of Florida Bass stomachs containing Bluegill and completely 

empty (no prey items) by prey and predator densities.  

 Predator Densities 
Prey Density Low Medium High 

Bluegill Presence    
Low 0.012 0.025 0.000 
Medium 0.000 0.000 0.037 
High 0.000 0.012 0.012 
Empty Presence    
Low 0.025 0.049 0.136 
Medium 0.037 0.062 0.086 
High 0.025 0.074 0.099 
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Figure 2-1.  Predictions from the Lotka-Volterra, foraging arena, and ratio-dependent 

Type II predator-prey models. Model residuals of the prey mortality rate 

(observed mortality, Mobs, minus predicted mortality M̂) are shown with 
warmer colors indicating higher predator densities and each experimental run, 
1-3, indicated by triangles, circles, and squares, respectively (A-C). The 
density distribution of model residuals is indicated by gray polygons. Smooth 
predictions of the per capita prey mortality rate across a range of predator 
densities are shown with warmer colors indicating higher prey densities (D-F). 
Smooth predictions of the per capita predator consumption rate across a 
range of prey densities are shown with warmer colors indicating higher 
predator densities (G-I).  
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Figure 2-2.  Predictions of probability of prey (A-D) and predator behaviors (E-H) across 

a range of prey densities and three different predator densities as well as the 
control treatments. Warmer colors indicated higher predator densities while 
the black x indicates the control treatment. 
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CHAPTER 3 
ASSESSMENT OF THE PRODUCTION POTENTIAL OF ENHANCED AQUATIC 

SYSTEMS 

Introduction 

Habitat restoration and augmentation are two of the most common management 

strategies for aquatic systems in the United States (Ewel 1987, Tugend et al. 2002, 

Lake et al. 2007, Bortone et al. 2011). Management objectives vary from creating fish 

attractors (Prince and Maughan 1978, Smith et al. 1979, Johnson and Lynch 1992), 

nursery habitat (Coen et al. 2007, Lewis and Gilmore 2007), adult refuge (Bohnsack et 

al. 1994, Miranda et al. 2010), spawning habitat (Kondolf et al. 1996, Koenig et al. 

2000), or meeting societal expectations to augment habitat (Tugend et al. 2002). 

Improvements to meet these objectives vary widely, but rely on modifying the existing 

levels of habitat through the addition of some structure, artificial (e.g. concrete, tires, 

derelict ships) or natural (e.g. woody debris, vegetation, stones). Such habitat 

improvements concentrate fish for anglers and may improve catch rates, however the 

degree to which population-level production can be improved is unknown (Lindberg 

1997, Pickering and Whitmarsh 1997, Bortone et al. 2011). This lingering unknown 

production potential hinders the effective use of habitat-based management strategies 

and has lead to considerable scientific debate, largely focused on whether fish attract to 

new structure out of behavioral preference or new habitat confers production (Prince 

and Maughan 1978, Bohnsack and Sutherland 1985, Lindberg 1997). 

The limited evidence of population-level production seen in artificial reef studies 

extends into freshwater studies. Attraction in freshwater is a near ubiquitous feature of 

studies aimed at gamefish (Willis and Jones 1986, Barwick et al. 2004, Newbrey et al. 

2005, Miranda et al. 2010) but few studies have focused on non-gamefish species, 
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typically the foraging base for gamefish, outside of stream systems (though see Wills et 

al. 2004, Sass et al. 2006, Roth et al. 2007). Sass et al. (2006) showed that removal of 

woody debris changed the diet composition and negatively affected growth rates of 

Largemouth Bass Micropterus salmoides. Gaeta et al. (2011) showed that Largemouth 

Bass depressed their growth rates in lakes with high levels of shoreline development 

(e.g. lower densities of woody debris), compared to undeveloped lakes. However 

additions of habitat in the same lake systems have not had the opposite effect, Sass et 

al. (2012) found no response in fish growth or recruitment to the addition of coarse 

woody debris in a second whole-lake experiment with minimal fishing pressure. 

Habitat augmentations influence population-level production by creating new 

habitat where an individual’s fitness (Fisher 1930) might improve through occupation or 

use. The means through which individuals can locate augmented habitat is habitat 

selection, the process of an individual choosing one habitat over another based on its 

characteristics that affect vital rates (Greene and Stamps 2001). During habitat 

selection, organisms redistribute themselves across habitats in order to maximize their 

fitness. Under an ideal free distribution, individuals experience equal fitness, or realized 

habitat quality, by modulating competition through varying their density in response to 

differences in intrinsic habitat quality, or density-independent suitability (Fretwell and 

Lucas 1969, Bernstein et al. 1991). Under an ideal despotic distribution, a proportional 

relationship between fitness and intrinsic habitat quality arises from unequal 

competitors; strong competitors occupying the highest quality habitat while weaker 

competitors occupy lower quality habitat (Fretwell 1972, Parker and Sutherland 1986, 

Johnson 2007).  
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Assuming a system is in equilibrium with respect to individual fitness prior to 

adding habitat, the potential result of an augmentation is to sequentially redistribute 

individuals from occupied habitats, change individual fitness as a result of redistribution, 

and engender a change in population-level production as a result of increasing 

individual fitness. Redistribution to augmented habitats requires discovery of new 

habitat from non-oriented (responses to current conditions), oriented (reliance on 

perceptual cues), and memory mechanisms (use of historical information; sensu Mueller 

and Fagan 2008). Changes in individual fitness occur through increases in survival or 

increases in the production of offspring. Increases in fitness result from alleviating 

competition and predation related to the intrinsic habitat quality of new habitat (Van 

Horne 1983). In the case of very low intrinsic quality, competition for resources in 

existing habitat may still be alleviated as individuals with a low likelihood of surviving or 

reproducing choose to occupy new habitat (Van Horne 1983, Greene and Stamps 

2001). New habitat with higher intrinsic habitat quality might also provide higher 

resource acquisition rates, reduce predation rates, offer more critical habitat, or facilitate 

positive social interactions (Van Horne 1983).  

Any of these processes that improve fitness can result in population-level 

production. However in aquatic systems, redistribution to new habitat is largely 

dominated by adult gamefish colonizing new structures rapidly (Moring and Nicholson 

1994, Wills et al. 2004), as predicted by their dispersal ability. This likely a result of 

predation limiting the dispersal of smaller-bodied individuals and fishes to habitats with 

potentially higher fitness (Werner and Hall 1988). Changes in adult fitness may occur as 

increases in growth rates, survivorship, or fecundity but these do not necessarily 
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translate to changes in recruitment (Smokorowski and Pratt 2007). In many aquatic 

systems, the recruitment bottleneck occurs during the juvenile life phase (Pauly 1980, 

Walters and Juanes 1993, Walters and Korman 1999) and without contemporaneous 

improvements in juvenile survivorship by augmented habitat it is unlikely population-

level productivity, measured as the number of recruits, will change. Increases in 

freshwater adult gamefish production without explicit targeting of the juvenile life stage 

have occurred in relatively bare systems, such as reservoirs (Wills et al. 2004, Miranda 

et al. 2010). However, many habitat augmentations occur in systems with existing 

habitat that have typically show no increases in production (Sass et al. 2012, Marsden 

et al. 2016) and predominantly under the objective of providing fish attractors for anglers 

(Tugend et al. 2002). This disparity between habitat-poor and habitat-rich augmentation 

outcomes necessitates comparisons on the changes in gamefish fitness and population-

level productivity from habitat augmentations to lakes of different existing habitat 

quantity.  

The purpose of this study is to assess the efficacy of habitat enhancement on 

influencing the growth, survival, and recruitment of adult Florida Bass Micropterus 

floridanus populations in two Florida lakes with differing levels of existing habitat, rich 

and poor. We hypothesized that augmentation of brush piles into the habitat-poor lake 

would increase growth rates and adult survival while the habitat-rich lake would 

experience little to no increase in growth and survival. As increases in adult growth and 

survival should increase adult fitness, we hypothesized that Florida Bass adult 

population estimates would increase post-augmentation in the habitat-poor lake and 

remain relatively the same in the habitat-rich lake, the latter consistent with previous 
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lacustrine habitat augmentations (Sass et al. 2012). While we expected to see changes 

in the fitness and recruitment of Florida Bass post-augmentation we did not expect 

these changes to exceed the background variability in population size compared to two 

non-augmented lakes adjacent to the augmented lakes. Shaw and Allen (2016) showed 

recruitment of Florida Bass in the augmented and comparison lakes to be highly 

variable as well as Shaw and Allen (2014) showed spawning effort to be sporadic over 

time. 

Materials And Methods 

System Characteristics 

We experimentally manipulated two of four small lakes with a wealth of prior 

information on gamefish recruitment, abundance, and lake characteristics (Table 3-1). 

Private access lakes located on the BJ Bar Ranch southeast of Hawthorne, FL were 

used for the experiment (Figure 3-1). The four lakes fell into two size groups, small: Big 

Fish Lake (3.2 ha) and Keys Lake (3.6 ha), and large: Devil’s Hole Lake (11.6 ha) and 

Speckled Perch Lake (12.4 ha). We chose to augment habitat in one small (Big Fish 

Lake) and one large lake (Speckled Perch Lake) and as a result one small (Keys Lake) 

and one large lake (Devil’s Hole Lake) were used as non-augmented comparisons. 

Speckled Perch Lake and Devil’s Hole were considered habitat-rich with wider littoral 

zones (9.2 and 10.6 m, respectively; consisting of emergent and floating-level 

vegetation) while Big Fish Lake and Keys Lake were considered habitat-poor with 

narrower littoral zones (4.1 and 5.8 m, respectively). Speckled Perch Lake also had the 

highest submersed aquatic vegetation (percent volume infested, 7.4%) while Big Fish 

Lake had the lowest (1.7%). 
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The fish communities in each lake differed in various ways (e.g. the number of 

Cyprinid species, the presence/absence of Florida Gar Lepisosteus platyrhincus or 

Brown Bullhead Ameiurus nebulosus, and the number of Lepomis species) but were 

similar in that the dominant Lepomis species was Bluegill Lepomis macrochirus and the 

dominant aquatic predator was Florida Bass. Evidence of other apex predators, such as 

Alligator Alligator mississippiensis or River Otter Lontra canadensis, was limited to only 

five occasions over three years. The bottom contours of each system differed quite 

considerably (Figure 3-1A) with Speckled Perch Lake having a relatively uniform 

maximum depth at 2.4-2.6 m while the rest of the lakes showed more variability in lake 

depth and deeper maximum depths (ranging from 5.5 to 7.6 m). 

Augmentation 

Sand Live Oaks Quercus geminata were logged from the BJ Bar Ranch ranging 

in heights from four to seven meters and divided into two categories of brush piles 

consisting of a single tree (termed small) or three trees (termed large). The 

augmentation effect was a 15-20% increase in habitat by surface area in Big Fish Lake 

and 12-16% by surface area in Speckled Perch Lake resulting in 16 and 64 brush piles 

in each lake, respectively (Figure 3-1B-C). Brush piles were transported by boat to 

randomly selected locations from two strata, nearshore and offshore environments that 

were less than and greater than 65 m from shore, respectively, in Speckled Perch Lake 

and 20 m in Big Fish Lake. In Big Fish Lake, brush piles in the nearshore category were 

typically in depths of 2–3 m and in the offshore category in depths of 3–4 m. In 

Speckled Perch Lake, brush piles in the nearshore category were in depths 1.5–2 m 

and in the offshore category were in depths 2–2.5 m. Small and large brush piles were 

divided evenly between these two categories. Four brush pile strata resulted in Big Fish 
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Lake: 1) small brush pile – nearshore (small, close), 2) small brush pile – offshore 

(small, far), 3) large brush pile – nearshore (large, close), and 4) large brush pile – 

offshore (large, far). Six brush pile strata resulted in Speckled Perch Lake: 1) small 

brush pile – nearshore, 2) small brush pile – offshore, 3) small brush pile – Nuphar 

(small, Nuphar), 4) large brush pile – nearshore, 5) large brush pile – offshore, and 6) 

large brush pile- Nuphar (large, Nuphar). The Nuphar strata resulted from the 

placement of offshore brush piles in patches of Spatterdock Nuphar advena in the 

center of the lake. 

Capture Survey Design 

Electrofishing and angler surveys were conducted on each lake from 2009 to 

2015 under a variety of objectives (Figure 3-2). Electrofishing surveys were conducted 

from 2009 to 2012 during the day using a generator powered Smith-Root Type VI-A 

electrofisher (Smith-Root, Vancouver, WA) using one stainless dropper rig and one to 

two netters on a 4.88 m modified aluminum V-hulled vessel, coded as MS-DE 

(Hangsleben et al. 2013). Output settings ranged between 170 to 500V and modulated 

the DC pulse frequency to maintain 4 – 5 amps and the sampling objective was to 

capture gamefish (Florida Bass, Black Crappie, Bluegill) as well as Lake Chubsuckers 

(Erymizon succetta). From 2014 to 2015, daytime, coded as ZS-DE, and nighttime, 

coded as ZS-NE, electrofishing surveys were conducted using the same electrofishing 

rig as used for 2009 – 2012 but the objective was to capture all fish species and tag 

Florida Bass and Bluegill over 250 mm and 175 mm, respectively. In 2015, a nighttime 

electrofishing survey routine, coded as GS-NE, was conducted in only Devil’s Hole Lake 

Lake using a Smith-Root 7.5 generator-powered pulsator (GPP) with two stainless steel 

eight dropper rigs and two netters on a 5.5 m aluminum vessel. Output settings ranged 
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between 335 and 500 V and modulated the DC pulse frequency to maintain 4 – 5 amps 

with a sampling objective of targeting (> 250 mm) Florida Bass for marking and 

recapturing.  

Angling surveys were conducted year-round from 2009 – 2012 using an open 

gear set for marking and recapturing Florida Bass, coded as MS-AN. In 2013, angling 

surveys were conducted in late spring and late fall in Devil’s Hole Lake with a fixed gear 

set, swapping gears every hour (Gary Yamamoto Senkos and Bill Lewis Rat-L-Traps in 

spring with the addition of a Zoom Super Fluke and Bomber Square A crankbait in the 

fall), aimed at marking and recapturing Florida Bass, coded as NS-AN. Angling 

conducted between summer and fall of 2014 in all lakes used an open gear set aimed at 

marking and recapturing Florida Bass and adult Bluegill, coded as ZS-AN. In late fall 

2014 and into late spring 2015, angling surveys were conducted using a fixed gear set 

(Z-man ElaZtech Diezel Minnows, Floating WormZ, Pop FrogZ, and StreakZ) aimed at 

marking and recapturing Florida Bass, coded as GS-AN. All captured Florida Bass were 

measured for total length (TL). Recapture histories for Florida Bass across gears were 

determined and multiple marks were consolidated into one identifying record for each 

lake. The gear at capture and date at capture were kept as metadata for mark-recapture 

analysis. 

Growth Analysis 

Growth increments, the difference in the total length at capture between capture 

events, were used to estimate von Bertalanffy growth parameters and predict total 

length at age using an improved Fabens method developed in Wang (1998): 

𝐿𝑡+1 − 𝐿𝑡 = [𝑙∞ + 𝛽(𝐿𝑡 − 𝐿�̅�) − 𝐿𝑡](1 − exp(−𝐾(𝑇𝑡+1 − 𝑇𝑡)) + 𝛾𝐷𝑡 (3-1) 
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where 𝐿𝑡+1 is the length at the next capture, 𝐿𝑡 is the length at capture, 𝐿�̅� is the sample 

mean length at capture, 𝑇𝑡+1 is the date at next capture, 𝑇𝑡 is the time at capture, 𝑙∞ is 

the mean maximum length of the recapture population (different than the standard von 

Bertalanffy 𝐿∞, [𝐿∞ ≈ 𝑙∞ + 𝛽(𝐿𝑡 − 𝐿�̅�)]), 𝛽 controls the degree of individual variation in 

the growth increment, 𝐾 is the Brody growth coefficient, 𝛾 is the post-augmentation 

increment effect, and 𝐷𝑡 is the proportion of the time increment that occurred during the 

post-augmentation (ranging from 0 to 1). An increment level effect, 𝛾, was chosen to 

encapsulate changes in 𝑙∞ or 𝐾 during the post-augmentation rather than making an 

explicit assumption as to whether one or the other was impacted. If 𝛽 = 0, then there is 

no individual variation in the growth increment while 𝛽 > 0 entails greater individual 

variation. The residuals between the observed growth increment and the predicted 

increment was assumed to be normally distributed: 

𝐿𝑡+1 − 𝐿𝑡~𝑁(𝐿𝑡+1 − 𝐿𝑡
̂ , 𝜎) (3-2) 

where 𝜎 is the residual error. Priors were weakly informative for 𝑙∞, 𝛽, and 𝛾 while 

informative for 𝐾 and 𝜎 to generate the probability mass in likely parameter values 

(Table 2). Convergence was assessed using the Gelman-Rubin statistic (<1.001; 

Gelman and Rubin 1992) and visually. The significance of the post-augmentation 

increment effect, 𝛾, was assessed at an 𝛼 = 0.2 and determined significant if the 80% 

credible intervals did not overlap zero.  

Due to measurement error, length increments were pre-processed to drop 

records of length at capture that resulted in negative growth increments. As there was 

no way to ascertain whether the initial length at capture or the subsequent length at 

capture was in error (e.g. the first length measured fish longer than reality or the second 
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measured fish shorter than reality), the pre-processing compiled two growth increments 

sets using a forward projection (dropping future records lower than the initial capture) 

and a backward projection (dropping past records higher than the last capture). Overall, 

the projection pre-processing removed combinations of observations that resulted in 

negative growth. Estimation of von Bertalaffy growth parameters for each lake was 

conducted in JAGS (Plummer 2003) using runjags (Denwood 2013) in R (R Core Team 

2015). 

Mark – Recapture Analysis 

A modified Cormack-Jolly-Seber (CJS) was used to analyze the recapture history 

dataset to determine yearly survival rates for Florida Bass, yearly population sizes, and 

gear-specific detection probabilities (Cormack 1964, Jolly 1965, Seber 1965). The CJS 

conditions on first capture, ignoring the possible latent state variable of entered or not 

as estimated by the Jolly-Seber class of models (Jolly 1965, Seber 1965). We chose the 

CJS model over Jolly-Seber models due to this restriction as our recapture histories 

resulted from irregular sampling over seven years leading to issues with estimating the 

entrance probability of fish. A state-space formulation of the Cormack-Jolly-Seber 

(Royle 2008, Kéry and Schaub 2011) was used where the latent state variable of 

individual survival is estimated (Equations 3-3 and 3-4). The state-space formulation is 

useful as it allows for modeling heterogeneity at the scale of individuals and sampling 

events. Given the sampling heterogeneity we encountered from combining multiple 

survey routines, the state-space formulation was the most practical.  

𝑧𝑖𝑓𝑖 = 1 (3-3) 

𝑧𝑖,𝑡+1|𝑧𝑡~𝐵𝑒𝑟𝑛𝑜𝑢𝑙𝑖(𝑧𝑖,𝑡𝜙𝑖,𝑡
𝛥𝑡) (3-4) 



 

59 

where 𝑧𝑖,𝑡 is the latent state variable for individual i at time t, 𝑓𝑖 is the first capture event 

of individual i, and 𝜙𝑖,𝑡 is the survival rate for individual i at time t. Thus, survival from t to 

t+1 (𝛥𝑡) is Bernoulli distributed with probability of surviving equal to the latent survival 

state times the survival probability. Annual survival rates were raised to the 𝛥𝑡 to scale 

the survival probability from sampling t to t+1 as a factor of the time interval 𝛥𝑡. 

Observations of the latent state are also Bernoulli distributed (Equation 3-5): 

𝑦𝑖,𝑡|𝑧𝑖,𝑡~𝐵𝑒𝑟𝑛𝑜𝑢𝑙𝑙𝑖(𝑧𝑖,𝑡𝑝𝑖,𝑡) (3-5) 

where 𝑦𝑖,𝑡 is the recapture history and 𝑝𝑖,𝑡 is the detection probability. Both the survival 

(𝜙𝑖,𝑡) and the detection (𝑝𝑖,𝑡) were assumed to vary with sampling events (t): 

𝜙𝑖,𝑡 = 𝜇𝜙,𝑡𝑦𝑟
 (3-6) 

𝑝𝑖,𝑡 = 𝜇𝑝,𝑡𝑔𝑒𝑎𝑟
+ 𝜀𝑡 (3-7) 

where 𝜇𝜙,𝑡𝑦𝑟
 is the mean survival probability for sampling event t based on the year of 

the event, 𝜇𝑝,𝑡𝑔𝑒𝑎𝑟
 is the mean detection probability for sampling event t based on the 

gear used during the event, and 𝜀𝑡 is the random effect of a given sampling event. 

These random effects were assumed to come from a normal hyperdistribution (Equation 

8): 

𝜀𝑡~𝑁(0, 𝜎) (3-8) 

𝜎~𝑈(0,5) (3-9) 

where 𝜎 is the standard deviation of the hyperdistribution and has an informative 

uniform prior between 0 and 5 (Equation 3-9). Random effects for sampling events were 

used to account for any variation that may have accounted from one sampling event to 

the next such as changes in effort, environmental conditions, or changes in lure sets 

during angling surveys. We implemented the state-space CJS model in STAN (STAN 
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Development Team 2017a) using the no U-turn sampler (NUTS) with a burn-in of 1,000 

and gross sampling of 10,000 with a thinning rate of every 10th  for a total of 1,000 

samples. The STAN model was computed using RStan (STAN Development Team 

2016) in R (R Core Team 2016). Posteriors were assessed for convergence using the 

Gelman-Rubin diagnostic (<1.001; Gelman and Rubin 1992) as well as visually 

assessed.  

Population estimates for each sampling event k were calculated as: 

�̂�𝑡 =
𝜔𝑡

𝑝𝑡
 (3-10) 

𝜔𝑡 = ∑ 𝑋𝑖,𝑡
𝐼
𝑖=1  (3-11) 

where �̂�𝑡 is population estimate at sampling event t and 𝜔𝑡 is the summation of capture 

histories, 𝑋𝑖,𝑡, for sampling event t. Yearly population estimates were derived similarly to 

the sampling event estimates (Equation 3-12 –3-14): 

 �̂�𝑠,𝑦𝑒𝑎𝑟 =
𝜔𝑠,𝑦𝑒𝑎𝑟

𝑝𝑠,𝑦𝑒𝑎𝑟
 (3-12) 

𝜔𝑠,𝑦𝑒𝑎𝑟~𝑃𝑜𝑖𝑠𝑠𝑜𝑛(𝜆𝑦𝑒𝑎𝑟) (3-13) 

𝑙𝑜𝑔𝑖𝑡(𝑝𝑠,𝑦𝑒𝑎𝑟) ~𝑁 (𝜇𝑝𝑦𝑒𝑎𝑟
, 𝜎𝑝𝑦𝑒𝑎𝑟

) (3-14) 

where �̂�𝑠,𝑦𝑒𝑎𝑟 is one sample of the population estimate in a given year, 𝜔𝑠,𝑦𝑒𝑎𝑟 is one 

sample from a Poisson distribution with mean 𝜆𝑦𝑒𝑎𝑟 describing the distribution of the 

number of recaptures in a given year, and 𝑝𝑠,𝑦𝑒𝑎𝑟 is one sample from a Normal 

distribution with mean 𝜇𝑝𝑦𝑒𝑎𝑟
 and standard deviation 𝜎𝑝𝑦𝑒𝑎𝑟

 describing the distribution of 

logit transformed detection probabilities in a given year. The 𝜇𝑝𝑦𝑒𝑎𝑟
 and 𝜎𝑝𝑦𝑒𝑎𝑟

 are mean 

and standard deviation of the values of 𝑝𝑡 at t through T sampling events in a given 

year; where 𝑝𝑡 is calculate using Equation 7. A thousand samples were generated for 
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𝜔𝑠,𝑦𝑒𝑎𝑟 and 𝑝𝑠,𝑦𝑒𝑎𝑟 to generate 1,000 samples of �̂�𝑦𝑒𝑎𝑟. The median, the 10th, and the 

90th quantiles were calculated from the estimates of �̂�𝑦𝑒𝑎𝑟. The significance of the 

augmentation on survival and population estimates was assessed by taking the 

difference between estimates for 2014 and 2015 (last pre-augmentation and only post-

augmentation years, respectively) and estimating the 80% credible intervals of the 

difference. Significance at an 𝛼 = 0.2 was assessed as the 80% credible intervals not 

overlapping zero. 

Results 

von Bertalanffy Growth 

Florida Bass were estimated to have very different von Bertalanffy growth curves 

among lakes but consistent growth curves within a lake pre- and post-augmentation 

(Figure 3-3A). Prior to augmentation, the larger lakes, Speckled Perch Lake and Devil’s 

Hole Lake, had similar growth curves with low Brody growth coefficients (𝐾; Figure 3-

3B), mean maximum length of the recapture population around 459–472 mm (𝑙∞; Figure 

3-3C), but high values for the growth variation parameter in Speckled Perch Lake and 

low values in Devil’s Hole Lake (𝛽; Figure 3-3D). Keys Lake had higher estimates of the 

Brody growth coefficient and slightly lower 𝑙∞ than the larger lakes with a similar low 

growth variation to the Devil’s Hole Lake. Big Fish Lake had a considerably different 

growth curve, appearing almost deterministic in nature, with a high Brody growth 

coefficient median estimate of 0.78, low 𝑙∞ around 343 mm, and low growth variation. 

Post augmentation, mean growth increased slightly in the large augmented lake, 

Speckled Perch Lake (�̅� = 1.5) and in the large comparison lake, Devil’s Hole Lake 

(�̅� = 1.0). In the smaller augmented lake, Big Fish Lake, mean growth increased slightly 

more than the larger lakes (�̅� = 3.2) but was not identifiable in Keys Lake. None of the 
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post-augmentation increment effects, 𝛾, were significant with all 80% credible intervals 

overlapping zero (Figure 3-3E). 

Cormack-Jolly-Seber Performance 

The Cormack-Jolly-Seber model converged on survival and detection 

probabilities for all lakes across years and gears with the exception of Big Fish Lake 

and Keys Lake. In these lakes, the estimation of the mean detection probability for ZS-

NE nighttime electrofishing was unidentifiable from intrinsic and extrinsic 

nonidentifiability. Intrinsic nonidentifiability resulted from the inability of the CJS model 

structure to resolve the detection probability of the last sampling event. Extrinsic 

nonidentifiability resulted from a low number of sampling events in these lakes by ZS-

NE gear and few fish recaptured on these events. Subsequent analyses disregarded 

these sampling events when estimating survival and detection probability. 

Detection Probabilities 

Average detection probabilities across lakes were lowest in Devil’s Hole Lake 

(0.013), then Keys Lake (0.034), then Speckled Perch Lake (0.040), and highest in Big 

Fish Lake (0.046). Across gears, angling had lower average detection probabilities (NC-

AN, 0.02; ZS-AN, 0.021; GS-AN, 0.024; and MH-AN, 0.030) than daytime electrofishing 

(ZS-DE; 0.037 and MH-DE, 0.042). Nighttime electrofishing had the lowest (GS-NE, 

0.004) and highest (ZS-NE, 0.087) average detection probability with gear saturation 

likely the cause of the lowest detection probability. In the large augmented lake, 

Speckled Perch Lake, ZS-AN had the lowest mean detection probability while ZS-NE 

had the highest (Figure 3-4). Mean detection probabilities in small augmented lake, Big 

Fish Lake, were lowest for MH-AN and highest for ZS-DE. In large comparison lake, 

Devil’s Hole Lake, ZS-AN had the lowest while NC-AN had the highest mean detection 
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probabilities. Mean detection probabilities were lowest for ZS-DE and highest for MH-

DE in small comparison lake, Keys Lake.  

Inclusion of sampling event random effects, called effective detection probability 

hereafter, dampened the differences between the mean detection probabilities between 

gears to some extent (Table 3-3). In Speckled Perch Lake, ZS-AN had the lowest and 

ZS-NE had the highest mean effective detection probability across sampling events. 

Mean effective detection probabilities in Big Fish Lake were lowest for MH-AN and 

highest for ZS-DE. In Devil’s Hole Lake, GS-NE had the lowest mean effective detection 

probability while GS-AN had the highest with NC-AN and MH-DE having similar 

probabilities. The gear with the lowest mean effective detection probability in Keys Lake 

was ZS-AN and the highest was MH-DE. 

Survival Probabilities 

“Apparent survival” for each lake varied considerably (Figure 3-5). For all lakes 

except Devil’s Hole Lake, the median survival probability was highest in 2009. In the 

augmented lakes, Speckled Perch Lake and Big Fish Lake, very low survival in 2010 

and 2014 were followed by moderately higher survival in 2011 and 2015 (Figure 3-5A 

and 3-5B). In the larger comparison lake, Devil’s Hole Lake, median survival 

probabilities followed a sawtooth pattern; increasing from 2009 to 2010, decreasing in 

2011, then increasing from 2011 to 2013, then severely decreasing in 2014 and 

increasing moderately in 2015 (Figure 3-3C). In the small comparison lake, Keys Lake, 

median survival probabilities remained relatively the same from 2009 to 2011, 

decreased in 2012, and then again decreased in 2015 (Figure 3-5D).  

The 80% confidence intervals for apparent survival were on average the widest 

in Big Fish Lake and Keys Lake likely from lower sample sizes. On average, the last 
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year with sampling (2015 and the post-augmentation block for all lakes except Keys 

Lake which was in 2014) had the highest uncertainty in survival probabilities followed by 

the first sampling event. This is largely an artifact of the CJS model structure, which has 

greater uncertainty in parameter estimates for the initial and final sampling events. 

Higher degrees of uncertainty in last year of sampling is also due in part to some 

reductions in sampling effort relative to early years of sampling.  

Post-augmentation survival increased significantly in Speckled Perch Lake (80% 

CI: 0.036 – 0.518 in Speckled Perch Lake) and in Big Fish Lake (80% CI: 0.090 – 

0.531), the two augmented lakes. The smaller augmented lake, Big Fish Lake had a 

slightly greater median difference between pre- and post-augmentation survival rates 

(0.383) than the larger augmented lake, Speckled Perch Lake (0.307). The larger 

comparison lake, Devil’s Hole Lake, survival rates from pre- to post-augmentation were 

insignificantly different with a small median difference (0.085). Survival rates were not 

identifiable for the post-augmentation period in the smaller comparison lake, Keys Lake. 

Abundance Estimates 

Across lakes, Keys Lake had the lowest median adult abundance (Florida Bass > 

250 mm) at 80 individuals, then Big Fish Lake (81), then Speckled Perch Lake (276), 

and lastly Devil’s Hole Lake (770). In the larger augmented lake, Speckled Perch Lake, 

median adult abundance estimates decline from 2009 to 2011 four-fold, increased 

seven-fold in 2014, then declined slightly in 2015 during the post-augmentation period 

(Figure 3-6A). Big Fish Lake median adult abundance declined from 2009 to 2015 in the 

post-augmentation period by 85% (Figure 3-6B). In Devil’s Hole Lake, median adult 

abundance exhibited a saw-tooth pattern, increasing and decreasing year to year, while 

trending upward for a 163% increase from 2009 to 2015 during the post-augmentation 
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peroid (Figure 3-6C). Mean adult abundance declined four-fold in Keys Lake from 2009 

to 2011, doubled in 2012, and doubled again in 2014 (Figure 3-6D).  

Post-augmentation adult population estimates decreased significantly in 

Speckled Perch Lake (80% CI: -275 – -25 in Speckled Perch Lake) and decreased 

insignificantly in Big Fish Lake (80% CI: -54 – 3), the two augmented lakes. The larger 

augmented lake, Speckled Perch Lake, had a greater median difference between pre- 

and post-augmentation survival rates (-123 adults) than the smaller augmented lake, 

Big Fish Lake (-27 adults). Relative to the median population estimate prior to the post-

augmentation period, Speckled Perch Lake declined by 50% and Big Fish Lake 

declined by 28%. The larger comparison lake, Devil’s Hole Lake, population estimates 

post-augmentation were significantly greater with a largest median difference of the 

three lakes with estimates (+405 adults). Population estimates were not identifiable for 

the post-augmentation period in the smaller comparison lake, Keys Lake.  

Discussion 

Habitat augmentations in freshwater systems seem to possess feedback 

between the amount of existing habitat and the conferred increases in vital rates and 

production of gamefish. Systems replete with existing habitat or even possessing a 

modicum of existing habitat have been observed to experience little changes in growth 

(Sass et al. 2012) or recruitment following augmentations (Allen et al. 2003, Sass et al. 

2012, Marsden et al. 2016) while systems with sparse habitat experience large 

increases in growth and recruitment (Willis and Jones 1986, Wills et al. 2004, Miranda 

et al. 2010). Here, we experimentally manipulated two small, Florida lakes with different 

levels of existing habitat, rich and poor, and assessed the changes in Florida Bass 

growth, survival, and adult abundance before and after a habitat augmentation. 
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Contrary to our hypothesis that existing habitat quantity would lead to different 

responses in growth, survival, and adult abundance, we observed the same median 

response for both augmented lakes. Growth only had a minor increase while survival 

increased significantly post-augmentation in both augmented lakes. Adult population 

estimates decreased significantly in the habitat-rich augmented lake, Speckled Perch 

Lake, and decreased insignificantly in the habitat-poor augmented lake, Big Fish Lake. 

We had hypothesized that the population estimate would increase from changes in 

growth and survival (we only observed positive changes in survival) instead we 

observed declines in the adult abundance. Compared to the augmented lakes, the large 

comparison lake had no significant changes in growth or survival but a significant 

increase in the adult abundance indicating the dynamics in the augmented lakes were 

likely from an augmentation effect. 

To our knowledge, few habitat augmentation studies have estimated adult 

survival as a function of the augmentation typically focusing on growth, diet, behavior, or 

density (Allen et al. 2003, Gaeta et al. 2011, 2014, Sass et al. 2012). We observed 

significant increases in median “apparent survival” while simultaneously observing 

declines in the adult population estimates following the habitat augmentations. Median 

“apparent survival” estimates were low in 2010 in our augmented lakes, Speckled Perch 

Lake and Big Fish Lake, and low in 2014 across all lakes. These observations could 

arise from either environmental perturbation or changes in vulnerability to the gear. 

Delayed effects in “apparent survival” from the prolonged drought in 2010 – 2011 and 

the resultant low lake levels in 2012 (Figure 3-7) could be linked to declines in the 

foraging base for gamefish. Reductions in zooplankton (e.g. cladocerans) from little 
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rainfall and low lake height (as described by Havens et al. 2016) could lead to declines 

in forage fish and produced the subsequent low gamefish survival in 2014, the last pre-

augmentation year. Low “apparent survival” in our augmented lakes could have resulted 

from this drought in 2010 as well, as Speckled Perch Lake and Big Fish Lake are less 

connected to aquifers and more reliant on surficial water input through precipitation than 

Devil’s Hole Lake and Keys Lake. 

Despite these environmental possible mechanisms, it is unlikely that adult 

median survival rates changed as much as we estimated. Allen et al. (2002), in their 

survey of Florida Bass mortality in Florida Lakes, found a mean annual survival of 0.51 

and, including fishing mortality, 70% of annual survival rates were between 40 and 60%, 

considerably less variation that predicted in our study lakes. Allen et al. (2008), 

confirmed this pattern in their survey of Largemouth Bass mortality, finding mean annual 

survival rates (including all mortality sources) in peninsular Florida of 0.5, a nationwide 

mean of 0.42, and an estimated natural mortality of 0.49. We suspect that the most 

plausible explanation for our low pre-augmentation survival and decline in adult 

abundance arises from changes in catchability after our augmentation.  

Generally, the number of recaptured Florida Bass declined as a function of the 

number of sampling events by gear indicating, at minimum, declining catchability for 

each gear (Figure 3-8). This is not wholly unexpected as Hanglseben et al. (2013) found 

catchability in these lakes to vary considerably during daytime electrofishing. In 2014, 

the last pre-augmentation year, angling became a predominant survey method in the 

augmented lakes and had the potential to sample a different vulnerable pool of the 

gamefish population. High initial capture rates from accessing this new vulnerable pool 



 

68 

coupled with low recapture rates had the potential to bias population estimates high. 

There is evidence for this phenomenon in the other large lake, Devil’s Hole Lake, and in 

our other small lake, Keys Lake, as angling became a dominant survey method in 2013 

and 2014, respectively, and co-occurred with a sizeable increase in their population 

size. 

Declining catchability does not explain the overall decline of the population 

estimate in Big Fish Lake however. One possibility is drought during 2010 and 2011 had 

long lasting effects on the foraging base for Florida Bass. Another possibility is that the 

increase use of Big Fish Lake by a small herd of Water Buffalo Bubalus bubalis starting 

in 2013 (Figure 3-9) adversely impacted the gamefish population in some way (e.g. 

bioturbation, eutrophication from excrement, or littoral habitat disturbance). Anecdotally, 

adult Florida Bass did not seem to exhibit negative behavioral responses to Water 

Buffalo presence and were often angled in close proximity, potentially taking advantage 

of the animal-based structure in a mostly featureless lake.  

While declining catchability is the most likely driver of observed survival and 

abundance dynamics we observed, the various growth trajectories across lakes could 

be contributing. Density-dependent adult somatic growth is often linked to changes in 

the food supply (Beverton and Holt 1957). Somatic growth curves like those predicted in 

Big Fish Lake where fish grow quickly to the mean maximum length predict strong 

density-dependent growth in adults. It is very unlikely our habitat augmentation 

increased the production of forage fish and perhaps even stunted primary production 

through reducing nutrient resuspension in the lake by reducing fetch (visibility increased 

from < 1m from 2009 – 2014 to > 4 m in 2015). This could have contributed to the 
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overall decline in Big Fish Lake especially post-augmentation. In contrast, growth 

trajectories like those in Devil’s Hole Lake and Speckled Perch Lake where fish grow 

slowly and rarely reach their mean maximum length could indicate density-dependence 

in early life stanzas. Gaeta et al. (2014) simulated Largemouth Bass growth across a 

range of coarse woody habitat densities based on empirical data and found slow growth 

at low coarse woody habitat (CWH) densities as a result of the decline of their prey 

base. Interestingly, the lakes in our study with the highest abundance of pre-

augmentation vegetation and CWH, Speckled Perch Lake and Devil’s Hole Lake, also 

had the slowest growth; the opposite of Gaeta et al. (2011, 2014). The structurally 

simple lakes, Big Fish Lake and to a lesser degree Keys Lake, may allow Florida Bass 

to achieve high predation rates and high initial growth rates. Conversely, structurally 

complex systems such as Speckled Perch Lake and Devil’s Hole Lake may limit the 

foraging opportunities of young Florida Bass and limit their growth (Savino and Stein 

1989b). 

Irrespective of the mechanisms driving survival, and adult abundance dynamics, 

our estimates were very uncertain. Few other augmented systems have matched the 

degree of recapture sampling, the augmentation amount by surface area, the plethora 

of pre-augmentation information, or the closed system we had in this study (though see 

Sass et al. 2006, 2012, Gaeta et al. 2011). Even with this approach, we are not able to 

say habitat augmentations confer population-level production. There are obvious issues 

in our study common to all augmentation studies, such as a lack of replication and 

temporal autocorrelation confounding augmentation effects with other regimes. There is 

a clear tradeoff in the use of closed versus open systems in assessing augmentation 
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effects. Open systems suffer from immigration-emigration processes masking discrete 

effects from redistributing fishes but can augment in many locations to generate 

replicates. Conversely, closed systems, such as our small study lakes, remove the 

confounding immigration-emigration processes but lack the replication to address the 

question. 

We experienced another factor that has not been frequently mentioned in 

augmentation studies: changing catchability. We infer this changing catchability to stem 

from gear saturation as declining capture rates over time were observed in multiple 

gears (Figure 3-8). Thus, our system and other small lakes might suffer Heisenberg’s 

uncertainty principle where the attempts to measure the system with greater precision 

alter the trajectory of the system. In our lakes, saturating sampling effort may have 

resulted in changes in the vulnerability to the gear over time and biased recapture rates, 

detection probabilities, and the population estimates derived from them. We could have 

supplemented our sampling protocol with additional metrics such as condition (weights 

were recorded intermittently across gears so we were not able to include it in our 

analyses), measured growth using otoliths, conducted sampling aimed at young-of-year 

fish or other metrics of early life stages. However, these would not have resulted in 

more precise population estimates and may not have provided better inferences on the 

dynamics. For example, little discernible relationship can be made between the 

“apparent survival” estimates and brood success and relative age-1 density (Figure 3-

10) collected by Shaw and Allen (2016). However, the variability in brood success and 

age-1 recruitment estimates do suggest that the highly variable “apparent survival” 

estimates we observed is are more likely resulting from changes in catchability rather 
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than environmental processes, as they are less variable than our estimates but should 

be greater. 

Given the uncertainty in estimating vital rates and population-size, the study 

system tradeoffs, and the potential to alter the dynamics through sampling, it may be 

more tractable to focus on the mechanisms through which habitat augmentations affect 

gamefish in future studies (Smokorowski and Pratt 2007). Fundamentally, the issue of 

measuring population-level production mechanisms resides in measuring vital rates 

over time with precision. When the habitat augmentation effects are localized this may 

be possible, such as structures aimed at providing nursery habitat (Pickering and 

Whitmarsh 1997). However, the majority of artificial habitat augmentations are not 

narrowly aimed at a single life stanza or, if they are, are aimed at adults (Grossman et 

al. 1997, Tugend et al. 2002, Miranda et al. 2010). In this case, effects are dispersed 

and often occur in changes in the spatial use (Werner et al. 1977, Lowe et al. 2003, 

Topping et al. 20 05, Schroepfer and Szedlmayer 2006, Ahrenstorff et al. 2009, Topping 

and Szedlmayer 2011, Marsden et al. 2016), the diet (Crowder and Cooper 1982, 

Ahrenstorff et al. 2009), and growth (Gaeta et al. 2011, Sass et al. 2012).  

Translating these effects to changes in vital rates is lacking, though often 

assumed, and the impacts of these dispersed effects on population-level production 

remain unknown. Principally, these effects can occur but fail to alleviate recruitment 

bottlenecks (Pauly 1980) and result in no change to fish production as a result of the 

density-dependent survival (Walters and Korman 1999, Shaw and Allen 2016). Even 

habitat augmentations aimed at pre-recruits could result in no changes in production if 

adults become cannibalistic at high pre-recruit densities, likely a factor in our lakes 
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(Shaw and Allen 2016) and observed in other Florida / Largemouth Bass populations 

(Post et al. 1998). Thus, the relationship between amount of existing habitat, 

augmentation amount, and population-level production question may remain 

unanswered. Despite this, management goals structured around increasing angler catch 

per unit effort or augmenting systems with zero habitat (Miranda et al. 2010) are very 

likely to be successful. Habitat restoration strategies aimed at increasing ecosystem 

function and broad food web effects (Ruiz-Jaen and Aide 2005, Lake et al. 2007) are 

more likely to meet the production-oriented management goals in systems with existing 

habitat albeit over longer time-scales (Walker et al. 2007).   
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Table 3-1.  Lake characteristics as described by Hangsleben et al. 2013 and the 
number of fish species identified in (Hoyer and Canfield 1994), where the 
value for Speckled Perch is inferred from the semi-permanent connection to 
Devil’s Hole.  

Lake 
Area 
(ha) 

Mean 
Depth 
(m) 

Average 
Secchi 
Disk 
Depth (m) 

Littoral 
zone 
width 
(m) 

Percent 
volume 
infested 

Number of 
fish 
species 

Devil’s Hole Lake 11.8 4.64 4.48 10.6 4.8 22 
Speckled Perch Lake 12.6 1.86 1.57 9.2 7.4 22? 
Big Fish Lake 3.0 3.25 3.02 4.1 1.7 6 
Keys Lake 3.6 2.92 2.90 5.8 5.2 10 
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Table 3-2.  Priors for von Bertalanffy growth parameters used in the Wang (1998) 
improved Fabens estimation. The prior distribution of 𝑁(𝜇, 𝜎)𝑇(0) 
corresponds to a half-normal prior distribution to prevent zero values (STAN 
Development Team 2017b).  

Parameter Prior 

𝑙∞ 𝑁(0,100)𝑇(0) 

𝛽 𝑁(0, √1000)𝑇(0) 

𝐾 𝑁(0,1)𝑇(0) 

𝛾 𝑁(0, √1000) 
𝜏 𝐺𝑎𝑚𝑚𝑎(1,0.05) 

𝜎 
1

√𝜏
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Table 3-3.  Mean effective detection probabilities for each gear in each lake. 
Probabilities were calculated as the mean gear detection probability plus the 
sampling event random effect.  

Gear 
Speckled 
Perch Lake 

Big Fish 
Lake 

Devil’s Hole 
Lake 

Keys Lake 

MH-DE 0.0570 0.0464 0.0196 0.0488 

MH-AN 0.0444 0.0197 0.0156 0.0307 

NC-AN — — 0.0207 — 

ZS-DE 0.0271 0.0667 0.0084 0.0247 

ZS-AN 0.0062 0.0403 0.0087 0.0251 

GS-AN 0.0115 0.0323 0.0219 — 

GS-NE — — 0.0045 — 

ZS-NE 0.0773 — — — 
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Figure 3-1.  Bathymetric profiles for the four surveyed lakes (A). Inset is a cross-section 

of each lake’s bathymetry at the widest point. Brush piles were added to 
Speckled Perch (B) and Big Fish (C) into six and four potential groups, 
respectively. Large brush piles (three trees) are indicated in brown while small 
brush piles (one tree) are indicated in blue with darker tones indicating the 
brush piles location and lighter tones indicating the six adjacent cells. Brush 
piles are indicated by dark grey in the nearshore zone, light grey in the 
offshore zone, and green in Spatterdock (Nuphar lutea; applies to Speckled 
Perch only).  
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Figure 3-2.  Duration and type of gear deployed in the four lakes from 2009 - 2015. 

Project leads Matt Hangsleben (MH), Nicholas Cole (NC), Zach Siders (ZS), 
and Grant Scholten (GS) are shown with the gear deployed: daytime 
electrofishing (DE), nighttime electrofishing (NE), and angling (AN).  
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Figure 3-3.  Mean von Bertalanffy growth (in millimeters of total length, TL) at age (in 

years) for Florida Bass in each lake based on length at recapture using 
Wang’s (1998) method for the Faben estimation of the von Bertalanffy growth 

parameters (A). Parameter estimates and their 80% credible intervals for 𝐾 

(B), 𝑙∞ (C), 𝛽 (D), and 𝛾 (E) of the Faben estimation with the dashed line 
indicating zero for the post-augmentation increment effect (E).
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Figure 3-4.  Probability density of the detection probability, 𝑝𝑔𝑒𝑎𝑟, for each gear fished and each lake as estimated by a 

Cormack-Jolly-Seber mark-recapture model. 
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Figure 3-5.  Yearly survival rates, 𝜙𝑦𝑒𝑎𝑟, from 2009 to 2015 for each lake as estimated 

by a Cormack-Jolly-Seber mark-recapture model. Lines indicate the 80% 
credible interval and diamonds indicate the median point estimate. Warmer 
colors indicate years closer to present. The grey block indicates the post-
augmentation period occurring after brush pile additions to Speckled Perch 
Lake and Big Fish Lake. 
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Figure 3-6.  Yearly population estimates, �̂�, from 2009 to 2015 for each lake as derived 

from a Cormak-Jolly-Seber population model. Lines indicate the 80% credible 
interval, boxes indicate the 50% credible intervals, and the dash indicates the 
median. Warmer colors indicate years closer to present. The grey block 
indicates the post-augmentation period occurring after brush pile additions to 
Speckled Perch Lake and Big Fish Lake. 
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Figure 3-7.  Lake water level elevation (m) at Star Lake (5.92 km, 3.68 mi away from 

surveyed lakes). 
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Figure 3-8.  Number of recaptures of Florida Bass for each gear type by capture date.  
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Figure 3-9.  Evidence for the attractiveness of brush piles in our augmented lakes. 

Photo courtesy of author. 

  



 

86 

 
Figure 3-10.  “Apparent survival” estimates from this study with estimates of brood 

success (circles) and relative age-1 density (squares) from Shaw and Allen 
(2016). Relative age-1 density was calculated by taking the age-1 density and 
dividing by the max for that lake. No estimates of brood success or age-1 
density were made for Speckled Perch Lake. 
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CHAPTER 4 
ABIOTIC AND BIOTIC FILTERING DRIVES DEPAUPERATE SPECIES 

ASSEMBLAGES ON AUGMENTED HABITAT 

Introduction 

Habitat selection processes determine the species that attract to augmented 

habitat (Pulliam and Danielson 1991, Greene and Stamps 2001). Augmentation based 

management explicitly and implicitly relies on the habitat selection process to meet 

management objectives. Explicit selection by target species or complexes is needed for 

most augmentation management objectives, such as increasing catch per unit effort 

(CPUE), adding nursery habitat, providing adult sanctuary, or increasing spawning 

habitat (Tugend et al. 2002). These strategies also implicitly rely on the habitat selection 

of non-target species in a myriad of ways, such as predators of target species not 

selecting new habitat or prey of target species benefiting from the augmentation to 

increase the target species’ food availability. Historically, habitat augmentations have 

utilized available structures, such as coarse woody debris, concrete, tires, and stakes, 

to attract a single species or a small species complex (Polovina 1991, Johnson and 

Lynch 1992, Pickering et al. 1999, Bortone et al. 2011). These structures can have 

greater, equal, or less intrinsic habitat quality found in natural structure, such as 

vegetation, reefs, and rock formations, with disparate effects of the resulting species 

assemblage that colonize new habitat from each species’ habitat selection. 

Habitat selection processes are often partitioned into abiotic constraints on 

colonization and persistence (Darwin 1859) and biotic interactions as the source of 

depauperate community assemblages (Diamond 1975, Keddy 1992). Abiotic constraints 

can arise from structural components or from dispersal limitation (e.g. the augmented 

habitat is farther away than the dispersal distance of a given species). Many of the 
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structural components, such as complexity, location, orientation, height, and shape, of 

augmented habitat have been investigated in previous attraction-production studies 

(Phillips 1990, Brickhill et al. 2005, Bortone et al. 2011). However, the individual effect 

of a single structural component is difficult to parse from interacting biotic processes. 

The abundance and diversity of interstitial space for refuge availability is a critical 

component of intrinsic habitat quality and many augmented structures approximate the 

refuge availability of natural habitat (Johnson et al. 1988, Lynch and Johnson 1989, 

Caddy and Stamatopoulos 1990, Walters et al. 1991, Caddy 2007). Dispersal limitation, 

on the other hand, is often of little consequence as the augmentation scale is smaller 

than the dispersal scale of fishes. In addition to the other abiotic constraints, 

physiological and behavioral constraints may limit the colonization of a particular 

species such as species that utilizes camouflage that requires a particular background 

(Armbruster and Page 1996, Magoulick 2004, Cox et al. 2009).  

While abiotic constraints have a role in reducing the species assemblage, biotic 

interactions, predominantly competition and predation, likely determine the species 

assemblage more. Competitive processes can engender strong density-dependent 

growth and mortality increasing the likelihood that a given species will redistribute to 

new habitat to improve their fitness (i.e. the ideal free distribution; Fretwell and Lucas 

1969). Post-colonization, competitive processes can constrain resource availability and 

result in high species turnover, termed by community ecologists as bottom-up 

sequential dependency (Holt 1997, 2009, Gravel et al. 2011). This is a common feature 

of most augmentations with depauperate species assemblages changing over time 
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post-augmentation but remaining different than those on natural habitat (Walsh 1985, 

Bohnsack et al. 1994, Caley and John 1996, Brosse et al. 2007).  

Similar to competition, predation can operate on fishes in the natural and 

augmented habitat to influence species assemblages but also acts on dispersing fishes 

(Hixon and Menge 1991, Carr and Hixon 1995). On existing habitat, high predation 

rates reduce the likelihood of survival and generate a high likelihood of seeking a new 

habitat (Křivan 1996, 1997). Dispersing individuals are likely to move through refuge-

less habitat greatly increasing their predation risk (Anderson 1984, Savino and Stein 

1989a, Sih and Wooster 1994). It is this dispersal predation that likely limits many small-

bodied fishes from successfully dispersing to new habitat, not dispersal distance, as 

they are well within the gape size of many aquatic predators (Lewis and Helms 1964). 

Predation also can operate differentially between existing habitat and new habitat as the 

abundance of a given predator can change or the predator guild can change in 

composition (Hixon and Beets 1993, Bohnsack et al. 1994). 

Competition and predation can act synergistically to influence the species 

assemblage (Hixon and Menge 1991). Depauperate species assemblages may reduce 

refuge space competition and allow colonizing species to better avoid predators (Hixon 

and Beets 1993, Caley and John 1996). Conversely, a depauperate species 

assemblage might increase the predation risk relative to a richer species assemblage 

through passive and active responses. Passive responses such as risk dilution, or 

safety in numbers, can decline if only a few members of a predation guild are attracted 

to new structure, especially if non-attracted members of the guild are more vulnerable to 

predation. Additionally, differential attraction to structure across a predation guild can 
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limit active responses such as cooperative interspecific anti-predator behaviors and 

increase the per capita predation rate. These behaviors include predator deterrence 

(Motta 1983, Turner and Mittelbach 1990), shared vigilance (Lima 1995, Ward et al. 

2011), and quorum responses (Turner and Pitcher 1986, Ward et al. 2008). 

Cumulatively, competition and predation can determine the species assemblage in a 

myriad of ways and it is likely impossible to parse the effects of a single process from 

co-occurring processes.  

Despite augmented habitat often having similar interstitial space diversity (Caddy 

2007 p. 81), depauperate species assemblages often occur (Walsh 1985, Bohnsack et 

al. 1994, Brosse et al. 2007). The purpose of this study was to assess how the location 

and size of augmented habitat interact to subset the species assemblage in two 

augmented lakes compared to two adjacent non-augmented lakes in north central 

Florida. A stratified design of new structure, near and far from existing habitat as well as 

large and small in size, allowed for differential patterns of attraction. Species unattracted 

to any new structure, even those exceptionally close to existing habitat, could indicate 

abiotic constraints while species that colonize intermittently may be responding to other 

environmental characteristics or could be limited by dispersal predation. With the strong 

likelihood of depauperate species assemblages, we also sought to compare the prey 

and predator species of the augmentation’s target species, Florida Bass Micropterus 

floridanus, to those in existing habitat. Changes in the predation or predator guild are 

likely to have strong effects on the fitness benefits associated with colonizing new 

habitat and the efficacy of habitat augmentation management. 
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Materials and Methods 

System Characteristics 

We experimentally manipulated four small private-access lakes located on the BJ 

Bar Ranch east of Hawthorne, FL (Figure 4-1). The four lakes fell into two size groups, 

smaller systems: Big Fish Lake (3.2 ha) and Keys Lake (3.6 ha), and larger systems: 

Devil’s Hole Lake (11.6 ha) and Speckled Perch Lake (12.4 ha). We chose to augment 

habitat in one small (Big Fish Lake) and one large lake (Speckled Perch Lake) and as a 

result one small (Keys Lake) and one large lake (Devil’s Hole Lake) were used as 

comparisons. 

Previous sampling at these lakes had quantified fish community characteristics, 

and the communities differed in some ways. For example, lakes varied in the number of 

cyprinid species, the presence/absence of Florida Gar Lepisosteus platyrhincus or 

Brown Bullhead Ameiurus nebulosus, and the number of Lepomis species.  However, 

overall they were fairly similar in that the dominant Lepomis species was Bluegill 

Lepomis macrochirus and the dominant aquatic predator was Florida Bass Micropterus 

floridanus. Evidence of other apex predators, such as American Alligator Alligator 

mississippiensis or River Otters Lontra canadensis, was limited to only five occasions 

over three years. The bottom contours of each system differed quite considerably 

(Figure 4-1A) with Speckled Perch Lake having a relatively uniform maximum depth at 

2.4-2.6 m while the rest of the lakes showed more variability in lake depth and deeper 

maximum depths (ranging from 5.5 to 7.6 m). 

Augmentation 

Sand Live Oaks Quercus geminata were logged from the BJ Bar Ranch ranging 

in heights from 4 to 7 m and divided into two categories of brush piles consisting of a 
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single tree (termed small) or three trees (termed large). The augmentation effect was a 

15-20% increase in habitat by area in Big Fish Lake and 12-16% by area in Speckled 

Perch Lake resulting in 16 and 64 brush piles in each lake, respectively (Figure 4-1B–

C). Brush piles were transported by boat to randomly selected locations from two strata, 

nearshore and offshore environments that were less than and greater than 65 m from 

shore, respectively, in Speckled Perch Lake and 20 m in Big Fish Lake. In Big Fish 

Lake, brush piles in the near shore category were typically in depths of 2–3 m and in the 

off shore category in depths of 3–4 m. In Speckled Perch Lake, brush piles in the near 

shore category were in depths 1.5–2 m and in the off shore category were in depths 2–3 

m. Small and large brush piles were divided evenly between these two categories. Four 

brush pile strata resulted in Big Fish Lake: 1) small brush pile – near shore (small, 

close), 2) small brush pile – off shore (small, far), 3) large brush pile – near shore (large, 

close), and 4) large brush pile – off shore (large, far). Six brush pile strata resulted in 

Speckled Perch Lake: 1) small brush pile – near shore, 2) small brush pile – off shore, 

3) small brush pile – Nuphar (small, Nuphar), 4) large brush pile – near shore, 5) large 

brush pile – off shore, and 6) large brush pile- Nuphar (large, Nuphar). The Nuphar 

strata resulted from the placement of off shore brush piles in patches of Spatterdock 

Nuphar lutea in the center of the lake.  

Survey Design and Processing 

Each lake was surveyed using cameras (GoPro Hero 3+/4 Black Edition, 1080p, 

Wide format; Mateo, CA, USA) to assess the abundance and distribution of all 

observable fish and turtle species. Lakes were initially broken into four strata (Figure 4-

6) using characteristics of distance to shore, depth, and an emergent vegetation index—

as assessed from Google Maps satellite imagery in R (R Core Team 2015) using the 
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RgoogleMaps package (Loecher and Ropkins 2015) and the raster package (Hijmans 

2015). Pre-augmentation surveys were conducted in December 2014 with four sites per 

lake strata for Big Fish Lake and Keys Lake, 8 for Devil’s Hole Lake, and 10 for 

Speckled Perch Lake. Surveys were conducted every 3–4 months following the 

augmentation, occurring in December 2014 after the surveys were completed, for a total 

of five post-augmentation blocks, roughly in March 2015, June 2015, September 2015, 

January 2016, and May 2016. All lakes were surveyed within a 4–6 week period during 

each survey block. The survey frequency in the September 2015 and January 2016 

blocks was reduced due to low visibility. Post-augmentation, a minimum of 10 and 22 

brush piles were surveyed in Big Fish Lake and Speckled Perch Lake, respectively. 

Each camera survey consisted of at least a five minute burn-in period to allow 

fish / turtle behaviors to resume after the disturbance of placing the camera and a 15 

minute survey. Cameras were oriented randomly in 45 declinations from 0–360 as 

well as vertically placed in the middle of the water column for sites less than 1 m in 

depth and at approximately 1 m for sites greater than 1m in depth. Visibility was 

measured using a handcrafted visibility instrument consisting of 2.44 m (8 feet) long 

PVC rod delineated at 15.24 cm (6 inches) increments with a plastic fishing lure in the 

shape and color of a 10 cm Florida Bass at the end. Cameras were mounted on 3 m 

fiberglass rods (Stick It Anchor Pins; Palm Beach, FL, USA) for anchoring into the 

substrate when surveying. Surveys in shallow areas (< 3 m deep) were conducted from 

a boat (Alumacraft 1542 Jon; Arkadelphia, AR, USA) using electric trolling motors (Minn 

Kota Endura Max; Racine, WI, USA) to minimize disturbance. Surveys in deeper areas 

(> 3 m deep) were conducted using divers on an Air Line Hookah Dive System (The Air 
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Line R360XL by J. Sink; Ocala, FL, USA). Longer burn-in periods were used for diver-

placed surveys and were determined post-hoc by video processors by assessing when 

substrate flocculent resettled. Surveys were decomposed into five-second clips every 

30 seconds for a minimum of 20 clips. All fishes / turtles on each clip were enumerated 

and recorded. Two observers enumerated clips with numerous individuals or multiple 

species and the maximum was taken of both observations. Florida Bass were 

enumerated by life stage into categories of fryball, age-0, juveniles, and adults. Visual 

characteristics were used to determine each Florida Bass life stage: fryballs were less 

than  20 mm in length, brown in color with a characteristic broad black stripe; age-0’s 

were less than  50 mm, pale in color with a characteristic black stripe; juveniles were 

less than  150 mm in length, pale in color without significant barring and a fusiform 

body shape; and adults greater than  150 mm in length typically had significant barring 

and more rotund than juveniles. Some adults did not possess barring instead displaying 

a golden-olive color but were always much larger than juveniles. Bluegill were also 

enumerated by life stage into categories of fryball, fry, juveniles, and adults. Bluegill 

“fryballs” were considered as very small fry to which the enumeration of individual fry 

was impossible while “fry” were larger fry and enumerable. Juveniles were considered 

as Bluegill no greater than 100 mm typically less than 70 mm without significant body 

pigmentation and no characteristic white fin tips. Golden Shiner Notemigonus 

crysoleucas were also enumerated by life stage into categories of juveniles and adults 

upon expert consultation (Travis Tuten, pers. comm.). 
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Environmental Variables 

We used a variety of environmental variables in subsequent analyses. Lake 

depth was measured using sonar and then imputed for the whole lake using a digital 

elevation model onto a raster grid with cells 2.5 x 2.5 m. This depth layer was used to 

determine aspect (slope direction) and distance to shore. Observations were made 

during the processing of each camera survey of the bottom type (muck or sand) and 

vegetation types: aquatic bladderworts (Utricularia floridana and Utricularia foliosa), 

Banana Lily (Nymphoides aquatica), grasses (Maidencane - Panicum hemitomon and 

Torpedo Grass - Panicum repens), Lemon Bacopa (Bacopa caroliniana), rushes 

(Eleocharis baldwinii and Eleocharis interstincta), and Spatterdock (Nuphar lutea); and 

algae types: Filmentatous, Musk-grass (Chara spp.), and Periphyton. These point 

observations were then kriged using the gstat package and a inverse distance weighting 

power of 3 (Gräler et al. 2016) to create layers for each lake. Vegetation and algae 

layers were only imputed for lakes with observations of those types.  

Occupancy Modeling 

We used a three-level occupancy model (described by Aing et al. 2011, Mordecai 

et al. 2011) to model the multiscale occupancy (Nichols et al. 2008) of fishes and turtles 

observed in our lakes. Each lake was modeled identically but independently. The 

multiscale occupancy model was formulated as a state-space model (Royle and Kéry 

2007) with a state process model for the occupancy (site-level) and use (survey-level) 

latent state variables as well as an observation model for repeated detections during 

camera surveys. The state process model consisted of an equation for the site-level 

occupancy (Equation 4-1) and the survey-level occupancy (Equation 4-2): 

𝑧𝑖𝑘~𝐵𝑒𝑟𝑛𝑜𝑢𝑙𝑙𝑖(𝜓𝑘) (4-1) 
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where 𝑧𝑖𝑘 is the latent state for the site-level occupancy at site i and 𝜓𝑘 is the 

permanent occupancy probability for species k (Efford and Dawson 2012, Pavlacky et 

al. 2012). 

𝑎𝑖𝑗𝑘|𝑧𝑖𝑘~𝐵𝑒𝑟𝑛𝑜𝑢𝑙𝑙𝑖(𝑧𝑖𝑘, 𝜃𝑖𝑘) (4-2) 

where 𝑎𝑖𝑗𝑘 is the latent state for the survey-level occupancy and 𝜃𝑖𝑘 is the temporary 

occupancy probability for survey j (Kéry and Royle 2015). Temporary occupancy is 

conditional on a species permanently occupying a site (𝑧𝑖𝑘 = 1). In this formulation, 

species permanently occupying site 𝑧𝑖𝑘 can vary from survey to survey in their site 

occupancy. The observation model is denoted as: 

𝑦𝑖𝑗𝑘|𝑎𝑖𝑗𝑘~𝐵𝑖𝑛𝑜𝑚𝑖𝑎𝑙(𝐽𝑖𝑗𝑘, 𝑎𝑖𝑗𝑘 ∗ 𝑝𝑖𝑗𝑘) (4-3) 

where 𝑦𝑖𝑗𝑘 is the detection of a species during a survey at a site and conditional on the 

temporary occupancy (𝑎𝑖𝑗𝑘 = 1), 𝑝𝑖𝑗𝑘 is the detection probability over 𝐽𝑖𝑗𝑘 clips during a 

camera survey. The prior distributions for 𝜓𝑘, 𝜃𝑖𝑘, and 𝑝𝑖𝑗𝑘 for each species were 

assumed to come from normal hyperdistributions with flat priors (Table 4-1).  

Detection between individual clips was assumed to be independent after 

preliminary camera survey trials indicated 30 seconds between clips eliminated the 

same individuals lingering in front of the camera (the average time on the video frame 

was approximately 5 seconds). Enumerated individuals were collapsed to binary states 

indicating detection / nondetection (0,1) for all clips. Occupancy models were 

implemented in JAGS (Plummer 2003) using the runjags package (Denwood 2013). All 

traces of parameters and posterior probabilities were visually assessed using the 

Gelman-Rubin diagnostic (Gelman and Rubin 1992) for convergence (Figure 4-7). 
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Lakewide Predictions 

We evaluated how environmental site characteristics influenced site occupancy 

across all four lakes. Estimates of the survey-level temporary occupancy latent state 

variable, 𝑎𝑖𝑗𝑘, from the multiscale occupancy models were matched with environmental 

site characteristics for each lake and the survey block for each camera survey. Markov 

Chain Monte Carlo estimates of the temporary occupancy latent state were averaged 

over 1,000 samples to obtain a mean estimated latent state (between 0 and 1) for each 

site–survey combination. Weak correlations between multiple environmental 

characteristics and the probability of a species occurring at a site as well as processing 

of the camera surveys indicated that many covariates were interacting to shape a 

species’ occupancy. Rather than attempt to model this procedure using a model-

selection framework, we employed an artificial neural network approach to blend 

environmental characteristics into new variables using the neuralnet package. Artificial 

neural networks are linear models that use weights (roughly regression coefficients) to 

mix covariates into a hidden layer(s). Hidden layers then have weighted contributions to 

predicting the response variable. We used one hidden layer to predict the species by 

site by lake median estimates using three times the number of environmental covariates 

for the number of hidden nodes. Artificial neural networks had 63, 33, 63, 39 hidden 

nodes in Speckled Perch Lake, Big Fish Lake, Devil’s Hole Lake, and Keys Lake, 

respectively. This sacrifices ease of tracing covariate influence for predictive 

performance, which we maximized by modulating the conversion threshold of the 

artificial neural networks until we achieved R2 values over 0.85. The resulting networks 
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were used to make predictions of the probability of species occurrence for each survey 

of every possible site in each lake  

To predict at every possible site in each lake, we divided each lake into a 

hexagonal grid with cells of equal area (31 m2) and extracted the mean of the 

environmental characteristics for each cell from their layers using a bilinear sampling 

method in the raster package. We parsed predictions into brush pile strata (see 

Materials and Methods - Augmentation) and the “natural” areas subsuming all areas 

that were not brush piles. Brush piles areas were assigned by determining the cell a 

brush pile occurred in. Probabilities of species presence in each brush pile stratum were 

averaged by survey to obtain pre- and post-augmentation estimates. The sampling to 

multiscale occupancy model to neural network model to lakewide predictions is 

graphically summarized in Figure 4-8. 

Species-level Brush Pile Effects 

Species-specific predictions of the temporary occupancy at all possible sites from 

the artificial neural networks were logit transformed to make them approximate a normal 

distribution. The effect of brush pile stratum and pre- and post-augmentation survey 

periods on site predictions was modeled as a linear regression. The significance of 

group effect sizes was assessed using two-tailed t-tests as well as the overall 

significance of brush pile strata and pre- / post-augmentation was assessed using an 

analysis of variance (ANOVA). Significance was assessed at an 𝛼 = 0.05. A separate 

linear regression was used to compare all brush pile stratum effect sizes to the non-

brush areas for each post-augmentation survey and averaged across brush pile strata 

for comparison in Speckled Perch Lake and Big Fish Lake. 
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Brush Pile Effects on Diversity 

Lake diversity was assessed from the species-specific lakewide predictions from 

the artificial neural networks using a weighted richness index (𝑊𝑅𝑖) for each survey:  

𝑊𝑅𝑖 =  
∑ 𝑛𝑘∗𝑝𝑖𝑘

𝑛𝑘
 (4-13) 

where 𝑛𝑘 is the number of species at site i and 𝑝𝑖𝑘is the vector of predicted probabilities 

for site i for species k to 𝑛𝑘. The effect of brush pile strata on weighted richness was 

assessed against the expected weighted richness for non-brush pile areas in Speckled 

Perch Lake and Big Fish Lake. Due to the differing total species richness between 

lakes, the weighted richness index was normalized to vary between zero and one 

(maximum - minimum standardization) for inter-lake comparisons. Jackknife sampling 

was used to test the effect of each species on the weighted richness pre- and post-

augmentation for each brush pile strata. Standardized scores (Z-scores) were used to 

compare effects and significance was assessed at an 𝛼 = 0.05. The effect of brush piles 

on weighted richness was assessed relative to all non-brush areas and littoral non-

brush areas using standardized scores. 

Results 

Surveys 

A total of 642 surveys were conducted over the six survey blocks with 245 in 

Speckled Perch Lake (155/90, non-brush/brush), 156 in Big Fish Lake (88/68, non-

brush/brush), 149 in Devil’s Hole Lake, and 92 in Keys Lake. Over 12,947 clips, 18 

species of 9,620 fish / turtles were observed, 9,575 were fish, and 45 were turtles 

(Table 4-2). Our camera surveys did not observe the expected total species richness. 

For example, concurrent electrofishing surveys (Siders, unpublished data) detected 
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some species in each lake that were not observed on cameras in that lake. Similar 

studies have noted this to not be an unlikely result (Bacheler and Shertzer 2015, 

Bacheler et al. 2017). Striped Musk Turtles were captured electrofishing in Speckled 

Perch Lake, but were not detected on cameras. Grass pickerel (Esox americanus 

vermiculatus) and Bluespotted Sunfish (Enneacanthus gloriosus) were electrofished in 

Devil’s Hole Lake (n=1 each over 100+ surveys) and Tadpole Madtom (Noturus gyrinus) 

were electrofished in Speckled Perch Lake (n=1 over 60+ surveys) but none were 

detected on camera. Other species that may have been present in the lakes can be 

discerned from rotenone studies conducted by Hoyer and Canfield (1994) during 1987-

1991, such as Bowfin (Amia calva), Dollar Sunfish (Lepomis marginatus), Everglades 

Pygmy Sunfish (Elassoma evergladei), Least Killfish (Heterandria formosa), Taillight 

Shiner (Notropis maculatus), and Yellow Bullhead (Ameiurus natalis). Many of these 

species are either small or cryptic or with such low abundances that detection is 

extremely difficult. There is also the possibility these unobserved species have been 

extirpated since the Rotenone surveys were conducted in the late 1980s.  

Observed Species Richness 

Observed species richness generally correlated with lake size with the larger 

lakes, Speckled Perch Lake and Devil’s Hole Lake Lake, having 14 and 16 species, 

respectively (Figure 4-2). Species not shared between those lakes were Brown 

Bullhead and Florida Gar in Speckled Perch Lake with Warmouth, Golden Topminnow, 

Seminole Killifish, and Striped Musk turtles in Devil’s Hole Lake. All of these species 

except Golden Topminnow have been observed in both large lakes using other survey 

techniques (Siders, unpublished data). Keys Lake and Big Fish Lake had 8 and 5 

species respectively. Lake Chubsucker, Warmouth, Lined Topminnow, and Florida 
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Softshell turtle were found in Keys Lake but not in Big Fish Lake whereas Seminole 

Killifish were found in Big Fish Lake but not in Keys Lake. All stages of Florida Bass, 

Bluegill, and Golden Shiner were observed in Speckled Perch Lake and all stages of 

Florida Bass and Bluegill were observed in Big Fish Lake. Florida Bass fry and Golden 

Shiner adults were not seen in Devil’s Hole Lake while Florida Bass fryballs were not 

seen in Keys Lake. 

Permanent Occupancy 

Most species had similar permanent occupancy probability, akin to the 

prevalence of the species across all sites in a given lake, as measured by the cameras 

across lakes and occupancy probabilities lower than 0.25. A notable exception to 

consistently lower permanent occupancy probabilities was Bluegill fry with consistently 

high probabilities in all lakes (�̅� > 0.5). Eastern Mosquitofish also had had on average 

high occupancy probabilities in all lakes (�̅� > 0.25). Some species had disparate 

permanent occupancy probabilities such as Lake Chubsuckers (𝜓𝑆𝑃,𝐷𝐻
̅̅ ̅̅ ̅̅ ̅̅ ̅ < 0.25; 𝜓𝐾𝑌 >

0.8) and Black Crappie (𝜓𝑆𝑃 < 0.1; 𝜓𝐷𝐻 > 0.75). The high predictions in these cases 

stem from exceptionally low detections in particular lakes: 
1

1855
 clips for Lake 

Chubsuckers in Keys Lake and 
1

3059
 clips for Black Crappie in Devil’s Hole Lake. These 

detections should be perhaps discarded as even two more detection events can prevent 

exceptionally high permanent occupancy probabilities (e.g. juvenile Golden Shiners in 

Devil’s Hole Lake had three detections and a  𝜓 < 0.25).  

In Speckled Perch Lake, most species had low site-level occupancy probabilities 

as measured by the cameras except for Bluegill fry, Florida Gar, and Mosquitofish had 

probabilities greater than 0.25 (Figure 4-2A). Site-level occupancy in Keys Lake was 
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similar to Speckled Perch Lake in that most species had low permanent occupancy 

probabilities except Lake Chubsuckers, Bluegill fry, Mosquitofish had probabilities 

greater than 0.5 (Figure 4-2D). Seven species / stages in Devil’s Hole Lake had 

permanent occupancy probabilities close to 0.25, Brook Silversides, Florida Bass 

fryballs, age-0 Florida Bass, Bluegill juveniles, Warmouth, Black Crappie, and Lined 

Topminnow, while. Bluegill fry, Black Crappie, and Mosquitofish had occupancy 

probabilities greater than 0.5 (Figure 4-2C). In Big Fish Lake, Florida Bass fryballs, 

Bluegill fryballs, Bluegill fry, Bluegill adults, and Mosquitofish had occupancy 

probabilities greater than 0.25 (Figure 4-2B). 

Detection Probability 

Devil’s Hole Lake had the lowest median detection probability across species 

(0.09), followed by Keys Lake (0.112), Speckled Perch Lake (0.113), and Big Fish Lake 

(0.23). Detection probabilities were weakly negatively correlated with permanent 

occupancy probabilities in Speckled Perch Lake (R = -0.23), weakly positively correlated 

in Big Fish Lake (R = 0.05), weakly positively correlated in Devil’s Hole Lake (R = 0.21), 

and modestly positively correlated in Keys Lake (R = 0.38). In Speckled Perch Lake, 

Florida Bass juveniles, Bluegill adults, Warmouth, Lined Topminnow, and Florida 

Softshells had detection probabilities greater than 0.25 (Figure 4-2A). Bluegill fry, 

juveniles, and adults as well as Seminole Killifish had detection probabilities greater 

than 0.25 in Big Fish Lake (Figure 4-2B). In Devil’s Hole Lake, Brook Silversides, 

Bluegill juveniles, Warmouth, Redear Sunfish, and Mosquitofish had detection 

probabilities greater than 0.25. Lake Chubsucker, Bluegill juveniles, and Warmouth had 

detection probabilities greater than 0.25 in Keys Lake. Many of these species / stages 

make intuitive sense to have relative high detection probabilities, such as the large 
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schools of Bluegill fry and juveniles or the large conspicuous size of Florida Softshell. 

Generally, species that were on average detected in the majority of clips in a survey or 

were detected in one clip on a survey had high detection probabilities.  

Species-level Brush Pile Effects 

Predicted temporary occupancy of fishes and turtles were different between pre- 

and post-augmentation surveys as well as across brush pile strata with occupancy 

generally increasing in the augmented lakes and variable in the non-augmented lakes. 

Comparisons between the species-specific predictions of temporary occupancy at all 

possible sites in each lake revealed significant pre- and post-augmentation effects. In all 

lakes, pre- and post-augmentation effects in the linear regression were significant 

overall indicating changes in each species’ temporary occupancy between the two 

survey groups (Speckled Perch Lake, F>7.23, p<0.001; Big Fish Lake, F>594, 

p<0.0001; Devil’s Hole Lake, F>133, p<0.0001; Keys Lake, F>133, p<0.0001). In the 

augmented lakes, the brush pile strata were significant overall on each species’ 

temporary occupancy at all possible brush piles in each lake. All brush pile strata effects 

were significant overall (F>3.43, p<0.0022) for Speckled Perch Lake and all brush pile 

stratum effects were significant overall (F>5.18, p<0.001) except for Bluegill fry (F=1.03, 

p=0.39) and adult Bluegill (F=2.24, p=0.06) in Big Fish Lake. 

Overall, the survey group (pre- or post-augmentation) had significant effect sizes 

for predicting most species’ temporary occupancy in each lake indicating that temporary 

occupancy is variable over time regardless of augmentation effects. Assessment of the 

effect size significance for pre- and post-augmentation effects indicated that all species 

had significant effect sizes between pre- and post-augmentation surveys except adult 

Golden Shiners in Speckled Perch Lake as well as Lined Topminnow and Swamp 
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Darters in Devil’s Hole Lake (Figure 4-3). In Speckled Perch Lake, all species had 

significant increases in the effect size between survey groups except age-0 and adult 

Florida Bass, adult Bluegill, Black Crappie, and Florida Softshells that had significant 

decreases. In Big Fish Lake, all species had significant increases in occupancy post-

augmentation except Florida Bass fryballs, age-0’s, and adults, Bluegill fryballs, and 

Seminole Killifish that had significant decreases in the effect size between survey 

groups. Brook Silversides, Lake Chubsucker, adult Florida Bass, juvenile Bluegill, adult 

Bluegill, juvenile Golden Shiners, and Golden Topminnows had significant increases 

between survey groups while Florida Bass fryballs and age-0’s, Bluegill fryballs, 

Warmouth, Redear Sunfish, Black Crappie, Peninsula Cooter, Striped Musk Turtle, and 

Florida Softshell had significant decreases in Devil’s Hole Lake. In Keys Lake, Brook 

Silverside, Lake Chubsucker, age-0 Florida Bass, Bluegill fryballs and fry, Warmouth, 

and Mosquitofish had significant increases while juvenile and adult Florida Bass, 

juvenile and adult Bluegill, Lined Topminnow, and Florida Softshell had significant 

decreases. 

Many species had different responses to brush piles strata some attracting or not 

attracting to all types, others a limited subset, and, in a few species, attraction to some 

brush pile strata and not attracting to others. In Speckled Perch Lake, juvenile Florida 

Bass and Florida Softshell were the only species to have significant increases in effect 

size on all brush piles relative to the pre-augmentation survey (Figure 4-3). Bluegill fry, 

juvenile Bluegill, adult Bluegill, Redear Sunfish, Lined Topminnow, Swamp Darter, 

Mosquitofish, and Peninsula Cooter had significant decreases in effect size. Brook 

Silversides decreased on close-small, far-large and -small, and Nuphar-small. Brown 
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Bullhead decreased on close-small and Nuphar-large, and Florida Gar decreased on all 

brush piles except Nuphar-small. Lake Chubsucker increased on far-large and -small as 

well as Nuphar-large, Florida Bass fryballs increased on close-large and -small, age-0 

Florida Bass increased close-large and -small, far-large, and Nuphar-large. Bluegill 

fryballs increased on far-large and Nuphar-small and Black Crappie increased on close-

large, far-large and -small, and Nuphar-large. Adult Florida Bass increased on far-large 

but decreased on close-small brush piles. Juvenile Golden Shiner increased on close-

small but decreased on close-large as well as far-large and -small brush piles while 

adults exhibited the same pattern. 

Compared to Speckled Perch Lake, fewer species had significant effect sizes of 

brush pile strata in Big Fish Lake. Adult Florida Bass significantly increased in effect 

size on all brush piles while Brook Silversides, juvenile Florida Bass, and Mosquitofish 

significantly decreased on all brush piles strata. Florida Bass age-0’s decreased on 

close-large and -small as well as far-large. Bluegill fryballs decreased on far-large and -

small, juvenile Bluegill decreased on close-large and far-large, adult Bluegill decreased 

on far-large, and Seminole Killifish decreased on close-large and far-large. Florida Bass 

fryballs decreased on close-small and far-large but increased on close-large. On 

average, Speckled Perch Lake had smaller positive and negative effect sizes (𝜇(+) =

4.69, 𝜇(−) = −6.87) than Big Fish Lake (𝜇(+) = 9.69, 𝜇(−) = −22.47).  

In the augmented lakes, the two primary gamefish species, Florida Bass and 

Bluegill, had disparate responses to brush pile strata relative to pre-augmentation 

(Figure 4-3). Florida Bass had on average significantly positive effect sizes while 

Bluegill had on average significantly negative responses. In Speckled Perch Lake, 
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Florida Bass fryballs, age-0, and juveniles were significantly positive on all close brush 

pile strata, while all life stages but fryballs had significantly positive effects on far-large 

brush piles. All Bluegill life stages except fryballs had significantly negative effects on all 

brush pile strata while Bluegill fryballs had mixed responses. In Big Fish Lake, Florida 

Bass fryballs had significantly positive effects on close-large while adults had 

significantly positive effects on all brush pile strata. Age-0’s had significantly negative 

effects on close-large and -small as well as far-large while adults had significantly 

negative effects on all brush pile strata. Bluegill had significantly negative effects on 

some brush piles and insignificant on the rest.  

Over all the post-augmentation surveys, the proportion of species / life stages 

with consistently positive or negative differences in effect sizes in brush pile strata 

versus non-brush areas was 84% in Speckled Perch Lake and 54% in Big Fish Lake 

(Figure 4-4). In Speckled Perch Lake, Lake Chubsuckers, Florida Bass age-0’s and 

adults, Bluegill fryballs, Black Crappie, and Florida Softshells had consistently higher 

effect sizes relative to non-brush areas. Brook Silversides, all Bluegill life stages, 

Redear Sunfish, adult Golden Shiners, Lined Topminnows, Brown Bullhead, Florida 

Gar, Swamp Darters, Mosquitofish, and Peninsula Cooters had consistently lower effect 

sizes. In Big Fish Lake, adult Florida Bass, Bluegill fry, and adult Bluegill had 

consistently higher effect sizes while Brook Silversides, juvenile Bluegill, and Seminole 

Killifish had consistently lower effect sizes relative to non-brush areas. A spawning bout 

of Florida Bass was seen with an increase in effect size for Florida Bass fryballs and 

adult Florida Bass in the first post-augmentation survey (corresponding to March 2015) 

in Big Fish Lake.  
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Patterns from comparing pre- and post-augmentation (Figure 4-3) were mostly 

consistent when comparing within a survey brush pile strata to non-brush pile areas 

(Figure 4-4). In Speckled Perch Lake and over post-augmentation surveys 1-4, many 

species had large effect sizes. This is in contrast to Big Fish Lake, which has 

considerably smaller effect sizes for many species / life stages in all surveys. Only in the 

last post-augmentation survey did Speckled Perch Lake have considerably lower effect 

sizes on brush piles and, of these, most were negative. The spawning bout of Florida 

Bass present in pre- and post-augmentation comparisons (Figure 4-3) was still present 

in Big Fish Lake with larger, positive effect sizes for fryballs and adults. 

Across brush pile strata, close and far brush piles had the 11 species / life stage 

significantly positive effects with eight in Nuphar strata in Speckled Perch Lake. In Big 

Fish Lake, close brush piles had three significantly positive effects and far had two. 

Speckled Perch Lake far brush piles had 24 significantly negative effects, close brush 

piles had 22, and Nuphar had 21. In Big Fish Lake, far brush piles had 13 significantly 

negative species / life stage effects and close brush piles had 11. On average in both 

lakes, large brush piles had larger effect sizes (positive or negative) than small brush 

piles. Close brush piles had on average smaller effect sizes than far brush piles but 

were larger than Nuphar for negative effects but smaller for positive effects. 

Brush Pile Effects on Diversity 

At the lake-wide level, Keys Lake had the highest spatial variability in species 

richness across the lake followed by the two large lakes, Speckled Perch Lake and 

Devil’s Hole Lake (Figure 4-5). Big Fish Lake had initially fairly low weighted richness 

during the pre-augmentation survey and increased by the last survey. In Speckled 

Perch Lake, pockets of high weighted richness occurred along the northeastern shore in 
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an area with high vegetation diversity (comprised of aquatic bladderworts, Banana Lily, 

grasses, rushes, and Spatterdock), in the middle of the lake in Spatterdock patches, 

and smaller areas along the edge of the littoral zone in the pre-augmentation surveys 

(Figure 4-5A). In the first post-augmentation survey, the weighted richness of these 

pockets increased (Figure 4-5B) and continued to increase as well as spread by the last 

post-augmentation survey (Figure 4-5C).  

Similar temporal dynamics occurred in Big Fish Lake and Devil’s Hole Lake with 

pockets of high weighted richness along the littoral zone in the pre-augmentation survey 

(Figure 4-5D & G) with those pockets increasing in weighted richness by the last post-

augmentation (Figure 4-5E–F & H–I). In Keys Lake, pockets of high weighted richness 

along the littoral zone (Figure 4-5J) became a swath of high weighted richness along 

the littoral zone by the last post-augmentation survey (Figure 4-5K–L). Pockets of high 

weighted richness in Devil’s Hole Lake and Keys Lake corresponded to areas of high 

vegetation diversity. In Devil’s Hole Lake, a particular rich area along the eastern shore 

had Maidencane, Lemon Bacopa, Spatterdock, and Periphyton along with sand / 

limestone cobble substrate (80 / 20%, respectively). Anecdotally, this area is known for 

high angling and electrofishing catch per unit effort (CPUE) and a groundwater 

connection keeping ambient water temperatures lower than the surrounding lake. In 

Keys Lake, pockets of high richness along the western and southern shores had aquatic 

bladderworts and rushes while a particularly rich area along the northern shore had 

aquatic bladderworts, rushes, and Spatterdock. While comprised of two and three 

vegetation types, these areas are high in vegetated diversity compared to the solely 

aquatic Bladderwort or denuded rest of Keys Lake.  
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Brush piles in Speckled Perch Lake had a significant negative effect on species 

richness relative to the pre-augmentation surveys. Jackknife sampling revealed the 

critical species / life stages that drove the richness on brush piles. Adult Bluegill, Redear 

Sunfish, and Swamp Darters significantly drove species richness on close-large brush 

piles as well as on far-large brush piles. On far-brush piles, Brook Silversides, adult 

Florida Bass, Florida Gar, and Peninsula Cooters also significantly contributed to 

species richness. Brook Silversides, age-0 Florida Bass, adult Florida Bass, Bluegill fry, 

adult Bluegill, Florida Gar, Redear Sunfish, adult Golden Shiners, Swamp Darters, and 

Peninsula Cooters significantly drove species richness on far-small as well as Nuphar-

large and -small brush piles. Relative to the post-augmentation surveys, Bluegill fryballs 

significantly drove species richness on Nuphar-large brush piles. Overall, mean 

weighted richness in Speckled Perch Lake increased from 5.37 to 8.53 with an 

increasing standard deviation of 1.75 to 1.86 between pre- and post-augmentation 

surveys. This resulted in brush piles being most significantly different from pre-

augmentation surveys than post-augmentation surveys. 

Brush piles in Big Fish Lake had no significant effects on weighted richness 

relative to pre- or post-augmentation surveys indicating species richness did not change 

between brush piles and surrounding habitat. Mean lake-wide weighted richness was 

2.21 and increased to 2.79 with an increasing standard deviation of 0.84 to 0.95 

between pre- and post-augmentation surveys. Keys Lake showed similar temporal 

dynamics in weighted richness (𝜇𝑃𝑅𝐸 = 6.69, 𝜇𝑃𝑂𝑆𝑇 = 7.43) indicating that lake-wide 

weighted richness across lakes was likely positively correlated with the number of 

surveys consistent with standard discovery curves in biodiversity sampling.  
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Discussion 

Habitat augmentation induces habitat selection processes restructuring species 

assemblages through abiotic constraints and biotic interactions. As a result, augmented 

habitat is likely to result in different local species assemblages from existing ones 

(Walsh 1985, Bohnsack et al. 1994, Moring and Nicholson 1994). Here, we showed 

evidence for depauperate and different communities resulting from disparate effects of 

brush piles across species, over life history stages, between lakes, and over time. 

Larger-bodied species, on average, attracted to brush piles with the effect of decreasing 

species richness as a function of distance from littoral habitat. The disparate effects we 

observed indicate abiotic constraints limit some species from colonizing any augmented 

habitat, dispersal predation likely limits smaller-bodied species from colonizing habitat 

far away from existing refuges, and a suite of biotic interactions determines co-

colonizing species. The result of each species’ habitat selection alludes to a more 

complex relationship between augmentation effectiveness and system characteristics 

than implied by the “if you build it, they will come” approach implicit in many single-

species habitat augmentations.  

Unintended and inconsistent effects, such as we observed, could almost be 

considered the norm of habitat augmentation strategies using coarse woody habitat. 

Additions of this habitat have yielded limited results (Moring and Nicholson 1994, Lewin 

et al. 2004, Sass et al. 2012) though removals can impact diet, growth, and condition of 

target species (Sass et al. 2006, Ahrenstorff et al. 2009, Gaeta et al. 2011). Artificial 

reefs, the analogous structure in marine environments, have also yielded limited 

predictable outcomes with considerable scientific introspection aimed at resolving the 

issue (Lindberg 1997, Pickering and Whitmarsh 1997, Carr and Hixon 1997, Pickering 
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et al. 1999, Osenberg et al. 2002). Despite this, habitat augmentations with simple 

structures often assume new structure is universally attracting target species. This 

assumption likely derives from the high biomass attributed to early artificial reefs 

(reviewed by Bohnsack and Sutherland 1985) as well as a plethora of evidence for fish 

attraction to structure. 

In our lakes, the target gamefish species, adult Florida Bass and Bluegill, had 

variable responses to new structure, with Florida Bass being attracted and Bluegill both 

attracted and deterred compared to pre-augmentation surveys.  Compared to post-

augmentation surveys, Florida Bass had moderate positive effect sizes and Bluegill had 

strong increasing negative effect sizes in Speckled Perch Lake, the larger augmented 

lake, as well as moderate positive effect sizes for both species in Big Fish Lake, the 

smaller augmented lake. We attribute Speckled Perch Lake’s failure to universally 

attract gamefish to differences in the lake characteristics. Speckled Perch Lake has a 

more diverse complement of 25+ plant species, wider littoral zones (9.2 m), and more 

submersed aquatic vegetation (7.4 %) than Big Fish Lake which has only 11 plant 

species, narrower littoral zones (4.1 m), and less submersed aquatic vegetation (1.7 %) 

(Hangsleben et al. 2013). As a result, Speckled Perch Lake had considerably high 

interstitial space diversity and abundance prior to augmentation relative to Big Fish 

Lake. Thus, habitat augmentation effectiveness at attracting fish is probably related to 

the amount of existing natural structure (and the attendant diversity and abundance of 

interstitial spaces) as in the case with Big Fish Lake. Brush pile augmentations 

dramatically increase the availability and diversity of interstitial spaces in the case of low 

amounts of existing natural structure (Schindler et al. 2000, Miranda et al. 2010, Gaeta 
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et al. 2011) but only minimally so in the case of high amounts of existing natural 

structure (Newbrey et al. 2005).  

During the timescale of most augmented habitat studies’ in situ observations 

(lasting a few years to a decade), coarse woody habitat (Johnson and Lynch 1992, 

Schindler et al. 2000, Sass et al. 2012), concrete debris (Bortone et al. 1994, 2011, 

Marsden et al. 2016), tire piles (Bohnsack et al. 1994), or other simple habitat (Moring 

and Nicholson 1994, Sheehy and Vik 2010) possess little structural resemblance to 

natural habitat (Pickering and Whitmarsh 1997, Brickhill et al. 2005). These structures 

lack natural habitat’s interstitial space diversity afforded by accreting organisms that 

accumulate on augmented habitat often beyond the timescale of observations (Carr and 

Hixon 1997). In many freshwater systems, accreting organisms are lacking and 

augmented habitat remains perpetually hypodiverse relative to vegetation. Further, the 

distribution of interstitial spaces on simple habitat is truncated to larger spaces leading 

to a dearth of available refuge for species or life stages with small body sizes (Shulman 

1984, Hixon and Beets 1989, Brickhill et al. 2005). This refuge availability imparts a 

strong environmental filter on the species likely to persist after colonization of the site, 

selecting only for species that can utilize the available interstitial space or structure 

characteristics (Caley and John 1996, Brickhill et al. 2005, Newbrey et al. 2005). 

In our lakes, brush piles were strongly selected for by large-bodied species with 

small bodied and cryptic species typically failing to occupy brush piles. These large-

bodied species were Lake Chubsucker, adult Florida Bass, Black Crappie, and Florida 

Softshell in Speckled Perch Lake and adult Florida Bass as well as adult Bluegill in Big 

Fish Lake. Reductions in the species assemblage of this kind likely reflects the large 
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interstitial spaces on brush piles versus vegetation (Heck and Thoman 1981, Savino 

and Stein 1989b, Newbrey et al. 2005). The few occupying small-bodied fishes were 

early Florida Bass life stages (i.e. fryballs, age-0’s, and juveniles) in Speckled Perch 

Lake and Florida Bass fryballs and Bluegill fry in Big Fish Lake. As the most abundant 

species in our lakes, Florida Bass and Bluegill are the also the most likely to be 

undergoing strong density-dependent mortality and growth through intra- and 

interspecific competition and predation (Werner et al. 1983, Werner and Anholt 1993). 

The colonization of pre-adult life stages for both of these species is likely in response to 

density-dependent mortality (Werner and Gilliam 1984, Hixon and Jones 2005). Even 

with potentially larger interstice sizes on brush piles, new structure provides greater 

refuge availability and access to new resources that were otherwise limited by advection 

of prey into existing refuges (Walters and Juanes 1993, Ahrens et al. 2012). Further, 

colonization of brush piles by the early life stages may reduce the high predation risk 

associated with the littoral zone (Lewis and Helms 1964, Werner and Hall 1988, Savino 

and Stein 1989b). 

There was limited inference to be made based on the number of species / life 

stages attracted to a given brush pile stratum. In both lakes, large brush piles had larger 

effect sizes than small ones either reflecting the disparity in interstitial space abundance 

or a greater variety of interstice sizes between the two sizes of brush piles. In Speckled 

Perch Lake, brush pile distance from shore had little impact on the number of species / 

life stages filtered likely reflecting the large patch of Spatterdock in the lake disrupting a 

clear distance to shore (and the littoral zone) gradient. In Big Fish Lake, close brush 

piles had one more species / life stage with a significant effect size indicating only a 
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small difference between brush pile distance groups. This likely reflects the steep 

bathymetric gradient present in Big Fish Lake (Figure 4-1A) limiting the distance 

between close and far brush piles. Close brush piles in both lakes were more likely to 

have small-bodied species / life stages occupy them while far brush piles were more 

likely to have large bodied species / life stages. This difference could arise from the high 

predation risk associated with moving from littoral zone refuges for small-bodied 

organisms or limitations due to swimming ability, more likely the former (Ware 1975, 

Shulman 1984, Walters and Juanes 1993). Overall, differences in species-specific 

attraction or deterrence resulted in in impoverished and different brush pile species 

assemblages in Speckled Perch Lake as well as diminished but similar brush pile 

species assemblages in Big Fish Lake. 

The depauperate and different communities we observed may have numerous 

consequences to the local as well as lake population and community dynamics. The 

most obvious of these is changes in the predation risk of brush pile occupying species / 

life stages. Brush piles in Speckled Perch Lake had significantly higher occupancy of 

Florida Softshell than the typical nursery habitat in the littoral vegetation. Occupancy of 

brush piles by young Florida Bass life stages might reduce the predation risk of littoral 

zone predators only to induce a different predation risk from Florida Softshell. Access to 

higher prey concentrations may occur as brush piles were located in open water or 

Spatterdock away from the high competitor abundance in the littoral zone.  

Reduced species richness on brush piles may have had subtler effects. 

Augmented habitat may provide greater refuge availability and alleviate density-

dependent mortality associated with nursery habitat but this loss of prey items could 
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potentially increased predation on other species located in the littoral zone. For 

instance, spawning Florida Bass adults and fryballs moving from spawning beds in 

littoral zones to deeper water habitat on brush piles in Big Fish Lake could reduce the 

vulnerability of adults to avian predators (Heck and Thoman 1981, Biro et al. 2003) such 

as Osprey Pandion haliaetus, herons Ardea spp., and egrets Egretta spp. as well as the 

vulnerability of fryballs to piscine predators located along the littoral zone. In turn, this 

reduction in prey availability to avian piscivores could increase predation on species that 

remain in the littoral zone. Another subtle potential effect from brush pile occupancy is 

indirect effects on the target species prey base. Reductions in vulnerability for early life 

stages by movement to brush piles has the potential to increase the strength of density-

dependent growth on predatory species of those life stages with downstream effects on 

their fecundity. A similar phenomena occurs when high refuge availability through 

vegetation limits the growth of predators (Crowder and Cooper 1982). An interspecies 

interaction where this could have arisen was the use of brush piles by spawning bass 

that likely decreased the vulnerability of Florida Bass eggs and fry, which could have 

reduced the available prey, Florida Bass eggs and fry, to adult Bluegill predators, and 

result in less production of Bluegill early life stages, one of the main prey populations for 

adult Florida Bass, and could result in reductions in growth, condition, and fecundity.  

We made many assumptions in our surveying and modeling process. During our 

survey, we assumed that camera deployments were minimally disruptive and normal 

fish behavior and movement would occur shortly after deployment. For the most part, 

we feel this assumption was not violated. Some instances during diver-based camera 

deployments disturbed sediment and vegetation had the potential to attract or disperse 
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fishes and turtles from the survey volume but those instances of this nature were limited 

to less than 10 out of 642 surveys. Other potential violations may have resulted from 

attracting fishes to the camera as occurred semi-frequently with juvenile and adult 

Bluegill and intermittently with Florida Softshell and Brown Bullhead (Figure 4-9). We 

concluded this effect to be minimal as despite the occasional inquisitive fish most fishes 

moved rapidly through the survey volume. Perhaps the most worrisome survey violation 

is false positives, both from double counting and species misidentification. Double 

counting was not a factor for us as we assumed from the occupancy framework that 

each survey was a series of Bernoulli trials and that individuals could leave or enter 

between each clip. We observed minimal instances of fish remaining in the survey 

volume between clips and these instances were limited to adult Florida Bass on 

spawning beds in Big Fish Lake during the first post-augmentation survey. 

Misidentification was a more prevalent issue in our post-hoc survey analysis with 10-

20% of species misidentified by technicians. We attributed this error to low visibility and 

technician naivety with system characteristics. The lead author watched every clip with 

fish presences and corrected any undercounting or misidentifications to minimize this 

error.  

Our multiscale occupancy modeling structure also made assumptions about the 

nature of the occupancy process and observations. The latent state 𝑧𝑖𝑘 of the 

permanent occupancy assumed that over the course of the six surveys that a species 

either occupied or unoccupied a given site. We knowingly violated this assumption, as 

the purpose of study was to manipulate occupancy through brush pile augmentations. 

Fortunately, we did not intend to use the permanent occupancy latent state to make any 
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inference other than the overall prevalence of given species in the lakes across surveys. 

Instead, we used the latent state 𝑎𝑖𝑗𝑘 of the temporary occupancy to vary site-level 

(permanent) occupancy survey to survey and infer the gradual change in occupancy at 

sites as a result of brush pile augmentations and time. Another option we could have 

implemented was a dynamic occupancy model (Royle and Kéry 2007) but we did not 

have the requisite number of pre-augmentation surveys to truly assess changes in 

occupancy with this formulation. Another assumption our model framework made is the 

sharing of information between species for the permanent occupancy probability, the 

temporary occupancy probability, and the detection probability through 

hyperdistributions and random effects. We feel this is a reasonable assumption in our 

lakes given a diversity of body sizes and species. Had we included a single turtle 

species or an outlier body size this assumption would have been less appropriate. 

Conclusion.  Habitat augmentations are a ubiquitous fisheries management 

strategy worldwide with the ability to be excellent tests of the mechanisms underlying 

ecological processes. Despite the prevalence of augmented habitat producing changing 

and different species assemblages (Walsh 1985, Bohnsack et al. 1994, Caley and John 

1996, Brosse et al. 2007), the assumption of many habitat augmentations is for target 

species to be attracted and to increase in productivity (Turner et al. 1969, Polovina 

1991, Pickering et al. 1999). We tested this universal attraction of target species, adult 

Florida Bass and Bluegill, and found Florida Bass to attract to new habitat in both lakes 

but only Bluegill fryballs to attract in our larger lake. Additionally, the majority of the fish 

community did not attract to brush piles, 3 out of 15 species in our large lake and 2 out 

of 5 species in our small lake.  
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These depauperate communities could benefit target species through alleviating 

density-dependent mortality and growth, as they were intended. However, changes in 

the local species assemblage may result in unintended consequences for target species 

and drive the variability observed in habitat augmentation studies (Lindberg 1997, 

Pickering and Whitmarsh 1997). Future research should focus developing candidate 

species for effective augmentation and determining the effects of the highly likely 

depauperate species assemblages on augmentation efficacy. It is unrealistic to assume 

providing additional refuges increases the system’s carrying capacity without 

considering how the food web responds. Habitat augmentations provide an excellent 

experimental setup to test the mechanisms and stability of community assemblage 

processes. We inferred the depauperate assemblages arose from co-occurring abiotic 

filtering and lumped biotic interactions. However, it would be useful to determine which 

biotic interactions, such as density-dependent mortality and growth as well as food 

availability, competition, and predation, are doing the species filtering. With the advent 

of 3D printing, it may be possible to determine such components using large-scale, 

manipulable, standardized, and complex habitat.  
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Table 4-1.  Prior and hyperprior distributions for parameters of the multiscale occupancy 
model.  

Component Eq. # 

Priors  
𝜓𝑘~𝑁(𝜇𝜓, 𝜎𝜓) 4-4 

𝜃𝑖𝑘~𝑁(𝜇𝜃, 𝜎𝜃) 4-5 

𝑝𝑖𝑗𝑘~𝑁(𝜇𝑝, 𝜎𝑝) 4-6 

Hyperpriors  

𝜇𝜓~𝑙𝑜𝑔𝑖𝑡(𝑈(0,1)) 4-7 

𝜎𝜓~𝑈(0,5) 4-8 

𝜇𝜃~𝑙𝑜𝑔𝑖𝑡(𝑈(0,1)) 4-9 

𝜎𝜃~𝑈(0,5) 4-10 

𝜇𝑝~𝑙𝑜𝑔𝑖𝑡(𝑈(0,1)) 4-11 

𝜎𝑝~𝑈(0,5) 4-12 
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Figure 4-1.  Bathymetric profiles for the four surveyed lakes (A). Inset is a cross-section 
of each lake’s bathymetry at the widest point. Brush piles were added to 
Speckled Perch (B) and Big Fish (C) into six and four potential groups, 
respectively. Large brush piles (three trees) are indicated in brown while small 
brush piles (one tree) are indicated in blue with darker tones indicating the 
brush piles location and lighter tones indicating the six adjacent cells. Brush 
piles are indicated by dark grey in the nearshore zone, light grey in the 
offshore zone, and green in Spatterdock (Nuphar lutea; applies to Speckled 
Perch only). 
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Figure 4-2.  Site-level probabilities of occupancy of each fish / turtle species by lake estimated from the multiscale 

occupancy model. Density distributions indicate the occupancy probability and gray diamonds indicate the 
median detection probability for each species. 
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Figure 4-3.  Effect sizes for each species in each lake for all non-brush pile areas pre- 
(Pre) and post-augmentation (Post) as well as six brush piles: close, far, and 
Nuphar for large (LRG) and small (SML) sizes. Warmer colors indicate higher 
probabilities. Significant brush effects were denoted with “+” for positive and 
“–“ for negative effects with insignificant pre- or post-augmentation effects 
denoted with “x”. Florida Bass stages are denoted as LMBFB for fryball, LMB0 
for age-0’s, LMBJ for juveniles, and LMBA for adults. Bluegill stages are 
denoted as BLGFB for fryball, BLGF for fry, BLGJ for juveniles, and BLGA for 
adults. Golden Shiner stages are denoted as NOTJ and NOTA for juveniles 
and adults, respectively. Other species codes are: Brook Silversides (BSV), 
Lake Chubsucker (LCS), Redear Sunfish (RES), Black Crappie (BCR), 
Golden Topminnow (GTM), Lined Topminnow (LTM), Seminole Killifish 
(SEM), Brown Bullhead (BBH), Florida Gar (FGA), Swamp Darter (SDA), 
Eastern Mosquitofish (MOS), Peninsula Cooter (COO), Striped Musk Turtle 
(SMT), and Florida Softshell Turtle (SSH). 
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Figure 4-4.  Difference in effect size of brush pile strata from non-brush areas for each 

post-augmentation survey for each species in Speckled Perch (A) and Big 
Fish (B). Positive differences in relative effect (colored red) indicate a species 
had a higher probability of brush pile versus the non-brush areas and vice 
versa for negative differences (colored blue). Symbol size indicates the 
magnitude of the effect. Species abbreviations are equivalent to Figure 4-3. 
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Figure 4-5.  Relative weighted richness (standardized between 0 and 1) for each lake 

for pre-augmentation, first post-augmentation, and fifth (last) post-
augmentation surveys (left to right). Warmer colors indicate higher relative 
weighted richness (higher diversity). Yellow and white borders indicated large 
and small brush piles, respectively, in Speckled Perch and Big Fish.  
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Figure 4-6.  The four strata each lake was divided into for purposes of the camera 

survey of natural habitats based on depth, distance to shore, and an 
emergent vegetation index calculated by Google Earth satellite imagery.  
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Figure 4-7.  Marginal posterior distributions for hyperparameters (𝜇𝑥, 𝜎𝑥) of Normal 

hyperdistributions for 𝜓𝑘, 𝜃𝑗𝑘, and 𝑝𝑘 (the permanent occupancy probability for 

species k, the temporary occupancy probability for species k on survey j, and 

the detection probability for species k, respectively). Hypermeans (𝜇𝜓, 𝜇𝜃, 𝜇𝑝) 

were back-converted from the logit scale for ease of interpretation. Dashed 
lines indicate the maximum of the marginal posterior distributions. Gray solid 
line indicates the flat prior distribution for the hyperparameters. 

  



 

129 

 
Figure 4-8.  General framework for the study. Pre-augmentation surveys (top, left) were 

followed by logging of brush piles (top, center) then habitat augmentation 
(top, right). Post-augmentation surveys (center, three panel) followed habitat 
augmentation from March 2015 to May 2016 and were conducted by boat 
(center, left) and divers (center) measuring environmental and survey 
characteristics (center, right). Clips from surveys were enumerated (center, 
full width). Counts were converted to presence / absence and used in a 
multiscale occupancy model (bottom, left), then the Markov Chain Monte 
Carlo predictions of the survey-level latent state were used to train a neural 
network with environmental covariates (bottom, center). The neural network 
was then used to produce lakewide predictions. Photos courtesy of author.  
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Figure 4-9.  Examples of species / life stages that were attracted to the camera: (A) 

juvenile Bluegill, (B) adult Bluegill, (C) Florida Softshells, (D) Brown Bullhead. 
Photo courtesy of author. 
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CHAPTER 5 
CONCEPTUAL MODEL FOR HABITAT EFFECTS 

Introduction 

Habitat augmentations have resulted in variable attendant dynamics and a 

corresponding litany of potential processes attempting to explain them. Principally, 

these processes have to account for several key patterns: 1) the ubiquitous attraction of 

fish to structure; 2) the dynamic community assemblages on augmented habitat (Walsh 

1985, Hixon and Beets 1989, Bohnsack et al. 1994, Caley and John 1996); and 3) the 

exceptionally high biomass found on artificial structure. The latter pattern has resulted in 

a false dichotomy between early artificial reef proponents uncritically accepting that 

artificial reefs lead to increased fish production (Turner et al. 1969, Talbot et al. 1978, 

Smith et al. 1979) and fisheries scientists contending habitat could not be limiting 

exploited fish stocks that were presumably near carrying capacity with the same amount 

of hard bottom prior to heavy exploitation (Bohnsack and Sutherland 1985, Bohnsack 

1989, Polovina 1991). Bohnsack (1989) contended that the association with habitat by 

fishes is the result of behavioral preference. However, for behavioral preference to arise 

so ubiquitously across fishes, natural selection must act upon fitness benefits garnered 

from attraction (Morris 1992, Greene and Stamps 2001, Mayor et al. 2009). This 

extension of Bohnsack’s (1989) tautology to evolutionary time-scales simply entails 

attraction precipitating production and revealing the attraction-production debate to 

result from a false dichotomy.  

Despite this, the key patterns of habitat augmentations remain largely 

unexplained as well as why is there so little evidence for production from habitat 

augmentations. To explain these phenomena, we propose a new conceptual framework 
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for the effects of habitat augmentations on aquatic systems. The framework consists of 

six components: 1) an existing system to be augmented; 2) the habitat augmentation; 3) 

attraction to new structure; 4) density-independent effects resulting from the 

augmentation; 5) fitness benefits; and 6) selection. In the following text, these 

components will be discussed and the results of Chapters 2 – 4 integrated into the 

framework. Our objective is to integrate the considerable scientific inference made 

throughout the attraction-production debate into a single framework that can be applied 

across aquatic systems. The motivation behind this objective to allow researchers and 

managers to make decisions about the use and implementation of habitat 

augmentations with a clear understanding of the likely processes that will be impacted 

and possible outcomes that may result. Further, the processes that govern habitat 

augmentation effects are similar between aquatic systems and coalescing research 

across systems may result in new inferences and hypothesis.  

 

Conceptual Framework 

Existing System 

Prior to habitat augmentations, environmental resources (bottom-up control) and 

predator abundances (top-down control) determine how fishes allocate themselves in 

space, time, and through behavior. There are numerous ways to envision these 

processes including Lotka-Volterra and ratio-dependent predator-prey models (Lotka 

1925, Volterra 1931, Arditi and Ginzburg 1989) but we choose to focus on foraging 

arena theory. Foraging arena theory envisions spatial, temporal, and behavioral 

patterns as the result of organisms seeking to maximize consumption and minimize 

predation (Ware 1975, Werner and Hall 1988) by exchanging between vulnerable and 



 

133 

invulnerable states (Walters and Juanes 1993, Ahrens et al. 2012). These foraging 

arena dynamics are the result of intraspecific competition and their density-dependent 

feedback on exchange rates from refugia and each foraging bout incurring a risk of 

predation. When the foraging arenas are viewed in aggregate across the system, prey 

should be distributed according to a ideal free distribution (Fretwell and Lucas 1969) to 

maximize fitness (e.g. minimizing competition and predation while maximizing per capita 

consumption rates). Summarizing the existing system: foraging arena dynamics 

determines the spatial, temporal, and behavioral restrictions fishes undertake to 

maximize survival and when aggregated over space and time the foraging arena 

dynamics produce the ideal free distribution of fishes maximizing their fitness. It is these 

dynamics, and by association the processes of competition and predation, that habitat 

augmentations can modify.  

In our augmented lakes, Chapters 3 and 4, the foraging arena and ideal free 

distribution dictated the pre-augmentation conditions. Across lakes, the production of 

Florida Bass prior to augmentation was highly variable by evidence of wide confidence 

intervals in our population estimates and high interannual variation in adult “apparent 

survival.” These likely resulted from intense competition for food resources (anecdotally, 

many individuals were of very poor condition) resulting in density-dependent growth, 

survival, and, subsequent, high variability in recruitment or the production of new Florida 

Bass. Further evidence is derived from skip spawning (Shaw and Allen 2014) and the 

likely cannibalistic origin of a Ricker stock-recruit relationship in the lakes (Ricker 1975, 

Shaw and Allen 2016). Similar to many other systems (Pauly 1980, Walters and Juanes 

1993), the survival bottleneck within our lakes was likely in the juvenile life stanza as 
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nest survival was considerably less variable than adult “apparent survival” (Slagle et al. 

2017). Fish communities within the lakes were typically localized and codependent on 

interacting environmental characteristics. Species richness was asymptotically stratified 

as a function of distance from shore, with higher species richness near the shoreline 

and lower species richness farther away. Habitat complexity and dispersal predation 

likely drove this relationship with the result of small areas of high abundance / 

occurrence and many areas of low or no abundance / occurrence.  

Habitat Augmentation 

The process of augmenting habitat is concurrently the simplest component in our 

framework and of the greatest consequence. Choices in habitat structure and location 

precipitate vastly different dynamics within aquatic systems and the limited ability of 

scientists to explicitly replicate most structures is partly to blame for the lingering 

attraction-production debate (Bohnsack et al. 1994, Carr and Hixon 1997, Wills et al. 

2004). We argue that rather than continue to distinguish natural versus artificial habitat it 

more useful to quantify the structural components and location characteristics that 

distinguish them (Bohnsack 1989). Natural habitat already exists along a continuum (a 

classic example is the reef to sandy bottom gradient) and somewhere between the most 

complex, fractious habitats and the simplest falls artificial ones. Structural components 

might be represented in a multi-dimensional space with structural complexity, shape, 

orientation, depth, reef size, material composition, current flow, adjacency to other 

structures, and so on as its axes. Placing the entire suite of natural habitat into this 

space would reveal they span the continuum of habitat quality. The addition of artificial 

habitat to this space might yield some skewness relative natural habitat on a few axes, 

such as composition and complexity, but for many of the axes the similarity to natural 
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reefs would be apparent. One potential metric that may incorporate the availability of 

interstitial space for various sizes of fish is the fractal coefficient purposed by Caddy 

(2007).  

Another component of the augmentation process is the objective. These 

objectives range from creating fish attractors (Prince and Maughan 1978, Smith et al. 

1979, Johnson and Lynch 1992), nursery habitat (Caddy 2007, Coen et al. 2007, Lewis 

and Gilmore 2007), adult refuge (Bohnsack et al. 1994, Miranda et al. 2010), spawning 

habitat (Kondolf et al. 1996, Koenig et al. 2000), or meeting societal expectations to 

augment habitat (Tugend et al. 2002). Broadly, these can be classified into restoration 

objectives or increasing catch per unit effort (CPUE) objectives. Restoration objectives 

have predominantly occurred in streams (Kauffman et al. 1997, Lake et al. 2007) and 

nearshore environments (Coen et al. 2007, Lewis and Gilmore 2007) while increasing 

CPUE objectives have typically occurred in reservoirs (Tugend et al. 2002, Miranda et 

al. 2010), lakes (Moring and Nicholson 1994, Roth et al. 2007, Sass et al. 2012), and 

the marine environment (Bohnsack and Sutherland 1985, Polovina 1991, Bortone et al. 

2011). While the management objective may seem a trivial choice it has consequences 

in the choice of structure to use and the potential metrics necessary to judge fulfillment.  

Under a restoration objective, the augmented structure is often of equal or 

greater complexity than that of natural habitat, such as out planting vegetation or adding 

any habitat to featureless systems (Redfield 2000, Barwick et al. 2004, Lepori et al. 

2005, Santos et al. 2008). Concurrently, a restoration objective is often more ecosystem 

focused and improves the carrying capacity of the system rather than a single species 

(Ehrenfeld and Toth 1997). In contrast, a increasing CPUE objective is often aimed at a 
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single-species and utilizes habitat that is available and placed where convenient. It is 

much easier to haphazardly deploy concrete, fallen trees, and debris than grow or build 

complex, connected structure, but has the potential effect of providing a narrower range 

of interstice sizes, thus offering refugia to a narrow size class (Caley and John 1996, 

Caddy 2007, Campbell et al. 2011). The result is a filtering on the species assemblage 

and size classes that can utilize augmented habitat. Despite augmenting the same 

habitat in each lake, we expected in our lakes to induce the effects akin to a restoration 

objective in our small lake with little structure and akin to an increasing CPUE objective 

in our larger lake with considerable existing structure.  

Attraction 

Direct effects of habitat stem from attraction to augmented habitat and these 

effects can be split into dispersal and persistence phases. Dispersal to novel habitats 

can be viewed analogously to an island biogeographic process where the size of the 

habitat and distance from source populations is limiting (MacArthur and Wilson 1967); 

however, in almost all cases the landscape scale is smaller than the physiological 

dispersal limitations of most fish species. The size of the artificial habitat does seem to 

influence dispersal dynamics in the marine environment but varies species to species 

(Campbell et al. 2011, Brown et al. 2016). This leaves predation of dispersers to new 

habitat as perhaps the dominant limitation to dispersal (McNair 1986, Persson and 

Greenberg 1990a). Predation is likely minimized in enhancements aimed at adult 

gamefish due to gape limitations, but could be a major limiter of the dispersal of juvenile 

and small-bodied fishes (Schmitt and Holbrook 1984, Christensen 1996, Persson et al. 

1996).  
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For attraction, or occupancy of the site by the species, to be detected, either 

dispersal to structure has to equal or exceed the dispersal predation rate or dispersed 

individuals have to persist on the new structure. Typically, three habitat characteristics 

determine this: (1) suitability, (2) competitors, and (3) resource availability. Suitability is 

largely determined by the type of structure that is used in the enhancement, with 

numerous freshwater (Lynch and Johnson 1989, MacRae and Jackson 2001, Wills et al. 

2004) and marine (Brock and Norris 1989, Sherman et al. 2002, Gregalis et al. 2009) 

studies aimed at elucidating optimum designs. A principal component of suitability is the 

distribution of interstitial spaces determining the refuge composition and abundance at a 

given structure (Russ 1980, Johnson et al. 1988, Lynch and Johnson 1989, Eklöv 

1997). Intra- and interspecific interference competition for these refuges can drive 

differences in the species assemblage at structures or result in changing assemblages 

seasonally or evolving post-enhancement (Persson and Greenberg 1990b, Ruxton 

1995, Toscano et al. 2010). Persistence beyond short-time scales is constrained by the 

resource availability to the prey, termed by community ecologists as bottom-up 

sequential dependency (Holt 1997, 2009, Gravel et al. 2011). 

In our augmented lakes, brush piles strongly filtered for typically large-bodied 

species with small bodied and cryptic species failing to occupy brush piles. These large-

bodied species were Lake Chubsuckers, adult Florida Bass, Black Crappie, and Florida 

Softshells in the larger lake with more habitat, Speckled Perch Lake, and adult Florida 

Bass as well as adult Bluegill in the smaller lake with less habitat, Big Fish Lake. 

Filtering of this kind likely reflects differences in the characteristics between brush piles 

and vegetation (Heck and Thoman 1981, Savino and Stein 1989b, Newbrey et al. 2005, 
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Caddy 2007 p. 81) as well as dispersal predation (McNair 1986, Sih and Wooster 1994, 

Stamps et al. 2005). Some early life stages of Florida Bass and Bluegill occupied brush 

piles indicating these species survived dispersal predation and, with intense density-

dependent growth and mortality as the most abundant species, had a strong impetus to 

colonize new habiat (Werner and Gilliam 1984, Hixon and Jones 2005).  

As expected with the small landscape scale of our lakes (4 – 12 ha), there were 

little differences across brush piles closer or farther from shore as well as larger or 

smaller piles (i.e. a lack of island biogeography dynamics). In both lakes, large brush 

piles had attracted species more strongly than small ones likely reflecting the disparity 

in interstitial space abundance between the two sizes. In the larger lake, distance from 

shore had a moderate impact on the number of species / life stages filtered by brush 

piles. In smaller lake, close brush piles only had one more species / life stage than far 

brush piles. Close brush piles in both lakes were more likely to have small-bodied 

species / life stages occupy them while far brush piles were more likely to have large 

bodied species / life stages. This difference likely arose from the high predation risk 

associated with moving from littoral zone refuges for small-bodied organisms (Ware 

1975, Shulman 1984, Walters and Juanes 1993). Differences in species-specific 

attraction resulted in depauperate and different brush pile specie assemblages in the 

larger lake as well as depauperate but similar brush pile specie assemblages in the 

smaller lake. 

Density-Independent Effects 

Habitat enhancement effects can be differentiated into density-independent and 

density-dependent processes. New habitat can directly increase resources through the 

colonization of periphyton and epifauna (van Dam et al. 2002) or provide allochthonous 
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nutrient inputs (Muotka and Laasonen 2002) or alter environmental physical 

interactions, such as flow regimes in lotic systems or advection in lentic systems 

(Kauffman et al. 1997, Bunn and Arthington 2002). These resource improvements can 

be most simply envisioned as an increase in the system’s carrying capacity under 

logistic population growth (Verhulst 1838).  

In our augmented lakes, we saw some anecdotal density-independent effects of 

the habitat augmentation. In the smaller lake and mostly featureless lake, the addition of 

habitat correlated with improved water clarity during the winter that was typically low 

due to wind-driven resuspension. Periphyton colonized the brush piles over the course 

of six months and after a year had grown to 0.1 – 0.33 m clumps on most branches of 

the pile. In the larger lake, water pH was typically around 3.8 – 4 and tannin-stained 

which likely reduced the periphyton production. Allochtonous input from the brush piles 

and leaf litter did not seem to affect the production of gamefish or alter the benthos 

considerably. Low pH in both augmented lakes likely slowed the breakdown of leaf litter, 

as distinguishable leaves were still present after 1.5 years post-augmentation.  

Fitness Benefits 

Attraction to new habitat has the potential for direct fitness benefits but these are 

density-dependent in nature. Higher growth rates of attracted individuals may result 

from access to new resources or previously inaccessible resources. Increased growth 

rates could also result from dietary shifts as a result of attraction to habitat. Sass et al. 

(2006) showed that removal of woody debris changed the diet composition and 

negatively affected growth rates of Largemouth Bass Micropterus salmoides. Gaeta et 

al. (2011) showed that Largemouth Bass depressed growth rates in lakes with high 

levels of shoreline development (e.g. lower densities of woody debris), compared to 
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undeveloped lakes.  However, Sass et al. (2012) found no response in fish growth or 

recruitment to addition of coarse woody debris in a second whole-lake experiment.  

Improved growth rates can occur at different life stages depending on the 

location of the habitat, the food availability, and the refuge availability. Improving 

juvenile growth allows escape from the gape size of predators, reductions in exploitative 

competition by growing a larger gape size, and can alter reproductive strategies taken 

later in life (territorial vs. sneaker males; Gross and Charnov 1980). Alternatively, 

improving adult growth or condition can alter reproductive success (nest guarding or 

brood care) or reproductive output (the number or quality of the eggs). Changes in 

juvenile growth rates are likely to be easier to detect from a higher signal to noise ratio 

than adult growth rates due to the strong predation and competition pressures in the 

recruitment bottleneck (Pauly 1980, Walters and Juanes 1993).  

Habitat augmentations also have the potential to reduce predation risk, especially 

in featureless systems. MacRae and Jackson (2001) found that small-bodied fish 

species were restricted, both in presence and abundance, to complex habitat that 

offered refuge from smallmouth bass Micropterus dolomieu predation and when 

afforded predator release occupied all parts of the littoral zone, including simple habitat. 

A proportional decrease in mortality from predation—and an increase in survival—

should accompany reductions in predation risk and be most effective in juveniles 

undergoing the highest degree of predation across life history stanzas (Pauly 1980, 

Walters and Juanes 1993). Predator type may also change as a result of attraction to 

artificial structures. This is likely to be expected in many habitat enhancement projects 

as fish assemblages often differ between types of structures and between artificial and 
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natural structures. Bohnsack et al. (1994) found that planktivores and benthic feeding 

fishes were more present on artificial reefs than comparison natural reefs while 

herbivorous fishes and meiofauna predators were more present on natural reefs.  

While the relationship between refuge availability and fitness benefits might seem 

proportional, our foraging arena pond experiment indicated habitat use to density 

dependent. The prey in our experiment, Bluegill, utilized cover at intense spatial 

restriction at low densities, shoaled at intermediate densities, and used habitat at high 

densities. The weed mat we provided for refuge from our experimental predator, Florida 

Bass, did not seem to provide refuge from predators until very high densities of prey. 

This has strong consequences for systems seeking to augment habitat especially those 

that have been exploited (Greene and Stamps 2001). Habitat-based management 

strategies to improve the fitness of fish within the system may remain ineffective if fish 

behavior is density-dependent as we observed in our ponds. These effects are likely 

compounded when the added structure does not allow for the full range of antipredator 

behaviors (for example, camouflage designed for heavy vegetation but new structure is 

not).  

In addition to observing density dependent prey behavior, we also observed 

ratio-dependence in our predator behavior. At low predator densities, sessile ambush 

behaviors (camouflaged and waiting) prevailed while at intermediate to high predator 

densities predators swapped from mobile ambush behaviors (hiding in the shadows) to 

active searching (shoaling) as a function of prey density. This ratio-dependent predator 

foraging modes has consequences for the effectiveness of new refuge on reducing 

predation rates. Some predators are able to swap foraging modes at will and take 
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advantage of different behaviors depending on the prey density. Thus, across prey 

densities predators are able to likely maintain high foraging rates and reduce strong 

effects of habitat on the predation rate. Further, augmented habitat has the potential to 

restructure interactions between predators and prey. Carey and Wahl (2010) found that 

Largemouth Bass Micropterus salmoides and Muskellunge Esox masquinongy when 

both present were able to impart higher predation rates than separately and cruising 

Largemouth Bass predominantly benefited from the relationship. In our augmented 

lakes, habitat augmentations may have benefited the ambush predators more such as 

Florida Gar Lepisosteus platyrhincus or Florida Bass that were able to adopt an ambush 

foraging mode as we observed in our pond experiments. Thus, augmented habitats may 

reduce predation risk, increase it, or result in completely different predation strategies. 

From our community analyses in the larger lake, we showed that the predator 

assemblages changed between the littoral zone and the brush piles. Brush piles had 

more Florida Softshell Apalone ferox and Black Crappie Pomoxis nigromaculatus than 

the littoral zone increasing the abundance of these predators while reducing the 

abundance of predatory Florida Bass. In our smaller lake, brush piles provided refuge 

for brooding adult Florida Bass from Ospreys Pandion haliaetus and refuge for early life 

stages of Florida Bass and Bluegill from wading birds such as Snowy Egrets Egretta 

thula, Tricolor Herons Egretta tricolor, Little Blue Herons Egretta caerula, and Great 

Egrets Ardea alba (Newbill and Siders, unpublished data). 

Selection 

Fitness improvements have the potential for two effects, production and 

selection. Production seems a likely outcome if increases in growth and survival 

accompany attraction to new structure. As outlined above, fitness improvements 
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depend highly on the life history stanza targeted by habitat enhancement, the change in 

prey availability or predation risk from the new structure, and low dispersal costs. 

Enhancement targeted at juveniles within the recruitment bottleneck, a period of 

typically the highest mortality rates across life history stanzas (Pauly 1980, Persson and 

Greenberg 1990a), have the greatest chance for observable changes in production. 

Changes in adult fish survival or growth are likely to result in changes in fecundity—

increases in the numbers or quality of offspring—but these pre-recruit effects may not 

translate into production from density-dependence in the stock-recruit relationship 

(Beverton and Holt 1957, Walters and Korman 1999). Intense competition and predation 

of pre-recruits without any accompanying abatement of these effects by new structure 

would be predicted to result in no change in production. Selection for attraction to 

structure as a behavioral trait could still occur. Offspring of attracted individuals might 

have lower dispersal costs, be spawned earlier than conspecifics, have higher growth 

rates, better yolk sac nutrition, or reduced predation rates. This might result in offspring 

from attracted individuals displacing those of non-attracted individuals over time 

resulting in a high prevalence of the alleles responsible for attraction. Increased 

frequency of attracted individuals in populations can also occur through their improved 

survival or their offspring and result in attraction to be an evolutionary stable strategy 

(Smith 1972, Smith and Price 1973).  

Utility 

With our conceptual framework outlined, it is important to state what the 

envisioned utility of the framework is. Foremost, there is multitude of studies across 

systems focused on augmenting habitat to systems but poor transference of information 

between systems. This framework was designed to be used in all systems (even 
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terrestrial, though our examples are focused on the aquatic for the above discussion) 

and provide a mode to translate research across systems as well as relate their patterns 

and processes. Secondly, it is necessary to synthesize the abundance of scientific 

studies and management trials into a single framework. While there is room for 

improvement and refinement in our framework, there is not, to our knowledge, one that 

integrates from behavioral to evolutionary scales and incorporates the abiotic and biotic 

components of the systems. Key processes such as density-dependence, predator-prey 

relationships, community assembly, and selective pressures encompass the central 

patterns of ubiquitous attraction, dynamic assemblages, and high biomass of 

augmented habitat studies.  

Lastly, just as Bohnsack (1989) did after 10+ years of augmented habitat 

research as well as Lindberg (1997), Pickering and Whitmarsh (1997), and Grossman et 

al. (1997) did after 20+ years, it is critical to revisit and revise the existing theory, 

empirical work, and experiments that form the basis of knowledge of habitat studies. It is 

reasonable to say habitat-based management has outstripped new inference from 

habitat-based studies but not without variable effectiveness (Tugend et al. 2002, 

Bortone et al. 2011). From our experiment, empirical, and conceptual work we have 

determined a few principal management recommendations. Over short time scales, 

habitat augmentations aimed at increasing CPUE are successful. The near-ubiquitous 

attraction of predatory gamefish to structure works in the managers’ (and fishers’) favor 

to increase biomass on augmented habitat and increase CPUE. In our own 

augmentation, colonization of new habitat was rapid and survey CPUE was far greater 

on augmented habitat than natural for gamefish. Simple, available structures work well 
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in these management plans as the generally large interstitial spaces of such structure 

provide refuge for the larger-bodied species associated with a desire to increase CPUE.  

Over long time scales, the effects of this increase CPUE are likely to decline as 

the system equilibrates to a new ideal free distribution or as fishers deplete the attracted 

fish. Perception may remain unchanged as hyperstable catchability dampens the signal 

of decline of the fish stock system-wide. Restoration approaches are likely to yield 

higher returns in this case. Increasing the carrying capacity through restorative 

ecosystem wide effects such as improving forage fish abundance or augmenting habitat 

for small-bodied fishes is likely result in greater gamefish production or condition, thus, 

slowly increasing CPUE over time. Restorative approaches are also often successful at 

improving system-wide productivity especially in degraded system. Typically, the only 

systems with marginal system-wide effects are those that either had an abundance of 

existing habitat or where the limiting habitat was not restored.  

Fundamentally, the question that must be addressed by scientists and managers 

is the same question that has plagued the attraction-production debate since the 1970s: 

is habitat limiting? For highly degraded systems, featureless systems, or new systems 

(such as reservoirs), the potential impact of augmenting habitat is grandiose. Additions 

of habitat yield gains in primary productivity, fish growth, and gamefish CPUE. For 

systems replete with existing habitat, the potential impact of augmenting habitat is likely 

negligible. With diminishing returns for augmenting habitat as a function of existing 

habitat, it is necessary for augmenters to decide if habitat is truly limiting the system, 

and if so, how to approach the choice of structure, location, and target species / life 

stages to best achieve the augmentation objective.  
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