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Warm-climate grasslands are N limited and rely on inorganic N inputs. Increasing fertilizer costs 

limit N application leading in some cases to pasture degradation. Where N fertilizer is used, 

emissions of greenhouse gases (GHG) occur. Integration of legumes into grasslands provides N 

to the system at neutral GHG emissions. The objective was to evaluate how presence and 

proportion of the legume rhizoma peanut (Arachis glabrata Benth.) affect nutrient cycling and 

GHG emissions in bahiagrass pastures (Paspalum notatum Flügge) relative to use of N fertilizer. 

In a litter bag study, inclusion of legumes at 33% in mixtures with grass increased decomposition 

of total aboveground litter relative to an unfertilized grass monoculture. Decomposition of 

legume started earlier and lasted longer during incubation in mixtures with grass compared with 

pure legume. At the end of incubation, N mineralization was greater for mixtures when as little 

as 33% legume was present than for N-fertilized grass, despite similar chemical characteristics of 

legume and fertilized bahiagrass. Findings suggest that factors other than chemical 

characteristics, such as microbial community diversity, play an important role in decomposition 

of mixed-species litter. In a litter decomposition and deposition study, greater legume proportion 

increased plant litter decomposition and N mineralization relative to fertilized and unfertilized 
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bahiagrass, probably because of greater available N in litter when legumes were present. 

Aboveground litter deposition was unaffected by pasture composition, but existing litter was 

greater with less legume because of slower decomposition rates. The effect of including legume 

in pastures was also evaluated in terms of GHG emissions from cattle excreta. More methane 

was emitted from dung of animals grazing legume-grass mixtures relative to fertilized 

bahiagrass, probably because of greater N concentration in dung when legume was present. 

Emissions of nitrous oxide were greater from urine relative to dung, but were not affected by 

pasture composition. Fertilized bahiagrass emitted 2.5 times more GHG than legume-grass 

pastures due to N fertilizer use. These results indicate inclusion of legumes is a promising, 

sustainable alternative to inorganic fertilization in grass-based pastures, and justifies continuing 

investment toward developing management strategies that facilitate legume adoption.  
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CHAPTER 1 

OVERVIEW 

The beef cattle industry in Florida is based on warm-season perennial grasses, which 

depend on nitrogen (N) fertilization for production. Nitrogen is a key element in plant 

production, but N fertilizer costs have risen in recent years (Sollenberger et al., 2014) and 

producers have decreased or eliminated N inputs to grass-based systems. Lack of maintenance 

fertilization, especially N, and poor grazing management have resulted in the degradation of 

perennial grasslands in warm-climate environments where low fertility soils predominate (Braz 

et al., 2013). Recently in Florida there has been increasing concern regarding pasture decline, 

especially of bahiagrass (Paspalum notatum Flügge) (Silveira et al., 2017). Degraded pastureland 

has limited potential to provide regulating, provisioning, and supporting ecosystem services 

(Sollenberger, 2014).   

Association of N-fixing legumes with grasses has been referred to as one of the best 

alternatives for increasing sustainability in grazing systems (Muir et al., 2011), and is an 

economically attractive opportunity for improving pasture nutritive value and animal production 

(Muir et al., 2014). Grass-legume (perennial ryegrass [Lolium perenne L.] and orchardgrass 

[Dactylis glomerata L.]- red clover [Trifolium pratense L.] and white clover [T. repens L.]) 

mixtures (50/50 to 30/70%) fertilized with 50 kg N ha-1 had herbage accumulation equivalent to 

grass monocultures fertilized with 450 kg ha-1 (Nyfeler et al., 2009), while total N in harvested 

biomass was similar to that of legume monocultures when the legume-grass proportion was 

40/60% (Nyfeler et al., 2011). In the southeastern USA, significant efforts have been made in 

developing new cultivars of rhizoma peanut (Arachis glabrata Benth.) and promoting successful 

management strategies for their use in mixed-swards (Ortega-S. et al., 1992; Castillo et al., 2013; 

2014; Mullenix et al., 2016a; 2016b). However, there has been very limited effort to date to 



 

15 

understand the impact of legume inclusion on nutrient cycling and greenhouse gas (GHG) 

emissions of pastures including rhizoma peanut specifically, and warm-climate legumes in 

general, in mixtures with grasses.  

An important component of nutrient cycling in grasslands is litter decomposition. Litter 

decomposition can be affected by litter chemical characteristics, such as carbon (C):N (Thomas 

and Asakawa, 1993; Rezende et al., 1999), lignin concentration (Thomas and Asakawa, 1993; 

Silva et al., 2012), and by environmental characteristics such as temperature (Allison et al., 

2013), rainfall (Silva et al., 2012), and ecosystem microbial abundance and community 

composition (Allison et al., 2013; Chapman et al., 2013).  

The inclusion of legumes in grasslands affects herbage production and chemical 

composition (Nyfeler et al., 2009; 2011), which in turn impacts decomposition of plant litter, 

nutrient mineralization, and nutrient cycling. Although lower C:N in grass-legume mixtures than 

grass monocultures (~ 33 vs. 84, respectively) results in greater N mineralization from mixed 

litter versus that from grass monocultures (Silva et al., 2012), N concentration alone is not the 

only factor affecting litter decomposition processes in mixtures (Smith and Bradford, 2014). An 

increase in decomposition rate of multi-species stands has been attributed to presence of diverse 

plant functional groups rather than species richness alone (Scherer-Lorenzen, 2008). In addition, 

occurrence of non-additive effects in litter decomposition of multiple species was strongly 

associated with environmental microbial community composition (Chapman et al., 2013). These 

observations indicate it is not possible to predict decomposition of multi-species litter based on 

single species decomposition studies, further supporting the need for evaluating the effect of 

grass-legume mixtures on nutrient cycling.   
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The introduction of legumes into previously N-fertilized grass monoculture grazing 

systems has the potential to decrease fossil fuel use and GHG emissions related to N fertilizer 

production and application (Jensen et al., 2012). In the context of climate change, it is important 

to recognize that ruminant livestock are both important emitters of GHG and valued producers of 

high quality human food while consuming fibrous feed that is unsuitable for human consumption 

(Beauchemin et al., 2010). The use of legumes in ruminant livestock diets in warm climates has 

the potential to mitigate methane (CH4) emissions from enteric fermentation, which are generally 

greater for animals grazing warm-season grasses relative to legumes or cool-season grasses 

(Archimède et al., 2011). However, manipulation of animal diets in ways that increase N output 

can have either positive or negative effects on enteric CH4 emissions depending on fiber level 

(Dijkstra et al., 2011). 

In addition to CO2, important GHG emissions in animal production are CH4 from dung 

and nitrous oxide (N2O) from urine and dung (van der Weerden et al., 2011). Increasing dietary 

N may cause an increase in N output in animal excreta (Dijkstra et al., 2011; 2013), and N 

availability is thought to be the greatest driver of N2O emissions from animal urine and dung 

(Oenema et al., 1997). Low C:N in manure has also been related to an increase in CH4 from 

animal dung (Jarvis et al., 1995). These relationships have led some researchers to recommend 

management strategies that reduce N output in animal excreta, including reducing dietary N and 

better matching dietary N to animal protein requirements (Dijkstra et al., 2011; 2013).  

The complexity of tradeoffs in GHG emissions in whole production systems is enhanced 

by environmental factors including temperature (Bertram et al., 2010; Rafique et al., 2011; 

Mazzetto et al., 2014), rainfall (Mazzetto et al., 2014), soil compaction (Oenema et al., 1997), 

and soil water-filled pore space (Rafique et al., 2011; van der Weerden et al., 2011), all of which 
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influence N2O and CH4 emissions from animal excreta. As N2O has a greater global warming 

potential (GWP) relative to CH4 (265 vs. 28 times that of CO2, respectively) (IPCC, 2014), it is 

possible that management strategies that increase N in animal diets (such as the inclusion of 

legumes), with a focus on reducing CH4 emissions from enteric fermentation, will be offset by 

emissions of N2O and CH4 from animal dung and urine.  

Despite a long-term emphasis on use of legumes in grasslands, limited research has been 

conducted to quantify the effect of legume introduction on nutrient cycling and GHG emissions 

of grazing systems. The overall objective of this research is to evaluate the effect of rhizoma 

peanut-bahiagrass mixtures vs. N-fertilized bahiagrass on nutrient cycling in plant litter and 

GHG emissions from animal excreta. Specifically, the studies conducted aim to quantify the 

effect of different proportions of rhizoma peanut and bahiagrass in mixed swards vs. N-fertilized 

bahiagrass on litter deposition and decomposition rate, CH4 emissions from dung, and N2O 

emissions from urine and dung.  
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CHAPTER 2 

LITERATURE REVIEW 

Introduction 

Permanent pastures occupy an estimated 25% of the world’s ice-free land surface (Peters 

et al., 2013). In the U.S. Gulf Coast region, perennial warm-season grasses are the main source 

of feed for livestock (Vendramini et al., 2010), and in Florida around 4.5 million ha are 

grasslands (Vendramini, 2010). Planted grasslands are dominated by bahiagrass (Paspalum 

notatum Flügge), with over one million hectares (Chambliss and Sollenberger, 1991), and 

bermudagrass [Cynodon dactylon (L.) Pers.], with 128,000 ha harvested for hay (Blount et al., 

2011).  

The beef cattle industry in Florida is based on warm-season perennial grasses that depend 

on N fertilization for productivity and persistence. As N fertilizer costs have risen in recent years 

(Sollenberger et al., 2014), producers have decreased N inputs to grass-based systems. Lack of 

maintenance fertilization, especially N, and poor grazing management have resulted in the 

degradation of perennial grasslands in warm-climate environments where low fertility soils 

predominate (Braz et al., 2013). Recently in Florida there has been increasing concern regarding 

pasture decline, especially of bahiagrass (Silveira et al., 2017). Degraded pastureland has limited 

potential to provide regulating, provisioning, and supporting ecosystem services (Sollenberger, 

2014).   

Association of N-fixing legumes with grasses is an economically attractive opportunity 

for improving pasture nutritive value and animal production (Muir et al., 2014), and it has been 

referred to as one of the best alternatives for increasing sustainability in grazing systems (Muir et 

al., 2011). Nitrogen transfer from legumes to grasses can occur through nodule turnover, legume 

root exudates (Ta et al., 1986; Ta and Faris, 1987), mycorrhizal fungi (Rogers et al., 2001), 
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animal excreta (Ledgard, 1991), and aboveground legume litter decomposition (Rezende et al., 

1999; Silva et al., 2012). Jensen et al. (2012) indicates that legume N input is greenhouse gas 

(GHG) neutral, while production, application, and use of inorganic N fertilizers can significantly 

contribute GHG emissions (Lal, 2004; de Klein et al., 2006).  

In the southeastern USA, significant efforts have been made in developing new cultivars 

of rhizoma peanut (Arachis glabrata Benth.) and promoting successful management strategies in 

mixed-swards (Ortega-S. et al., 1992; Castillo et al., 2013a; b, 2014, Mullenix et al., 2016a; b). 

Although rhizoma peanut is the most important perennial forage legume in Florida (Sollenberger 

et al., 2014), there has been very limited effort to date to understand the impact on nutrient 

cycling and GHG emissions of including this legume, and warm-climate legumes in general, in 

mixtures with grasses in comparison with N fertilization.  

Pasture-Based Forage-Livestock Systems 

Livestock production occurs on around 78% of the land used in agricultural production, 

equivalent to 30% of the world’s surface land representing 3.9 billion hectares (Steinfeld and 

Wassenaar, 2007). Of this area, 2 billion hectares are used in extensive grazing, 1.4 in highly 

productive pastures, and 0.5 in feed crop production (Steinfeld and Wassenaar, 2007), with 25% 

of ice-free land area being permanent pasture (Peters et al., 2013). In the state of Florida, around 

4.5 million hectares (ha) are covered with grasslands (Vendramini, 2010) dominated by 

bahiagrass (Paspalum notatum Flügge), which covers over one million hectares (Chambliss and 

Sollenberger, 1991; Inyang et al., 2010). Bahiagrass, particularly Pensacola, is extensively used 

for grazing and hay production (Sollenberger and Jones, 1989; Twidwell et al., 1998) because of 

its adaptability and performance under different management strategies, varying weather 

conditions (Inyang et al., 2010), and soil types (Chambliss and Sollenberger, 1991; Twidwell et 

al., 1998), performing well even under heavy grazing and low soil fertility levels (Twidwell et 
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al., 1998). Bermudagrass also covers an extensive area in Florida, with 128,000 ha harvested for 

hay (Blount et al., 2011). Cow-calf operations are mostly managed on bahiagrass pastures with 

continuous stocking at fixed stocking rates (Inyang et al., 2010).  

Legume-Based Forage Systems, Climate Change, and Sustainability 

Some of the feasible alternative investments in grazing systems include using low cost 

inputs or adopting management strategies that decrease external input dependency, which 

increase their sustainability and resilience (Muir et al., 2011). Mixed grass-legume production 

systems are considered one of the best alternatives to increase sustainability in grazing systems 

through reduced external input dependency (Muir et al., 2011). Legumes in mixtures with 

grasses can be an important N source (Nyfeler et al., 2009, 2011), while also providing forage 

with greater nutritive value and potential animal performance (Muir et al., 2014). In addition, 

inclusion of legumes in grasslands has the potential to decrease GHG emissions because of 

reduced need of N fertilizers (Jensen et al., 2012) and less emissions from ruminant enteric 

fermentation (Archimède et al., 2011).  

Legumes fix N2 through a symbiosis with bacteria which is usually highly specific 

(Caetano-Anollés and Gresshoff, 1991) and that occurs within a context where bacteria fix N2 for 

plants in exchange for photosynthetic compounds (Libault, 2014). Nodulation occurs upon the 

infection of plants by bacteria belonging to varying genera (Jensen et al., 2012; Libault, 2014). 

The nodule is considered a plant root organ, with the N2 fixing bacteria within bacteroids 

(Libault, 2014). Nodule formation is the result of a complex interaction of gene induction and 

expression of both bacteria and plants (Caetano-Anollés and Gresshoff, 1991). Nodules can be 

classified as C sinks in plants (Libault, 2014), and their number is regulated by autoregulation of 

nodulation (Caetano-Anollés and Gresshoff, 1991). This ability to regulate the number of 

nodules is a trait that clearly differentiates this relationship from pathogenic plant-bacteria 
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interaction (Libault, 2014) and is a tool whereby plants avoid detrimental effects of excessive 

number of nodules, such as inhibition of plant growth (Sasaki et al., 2014).  

Pasture and Animal Responses on Bahiagrass Pastures 

Evaluating the effect of stocking rates on bahiagrass pastures, Inyang et al. (2010) found 

a linear decrease in herbage mass of 5.9 to 3.2 Mg ha-1 with increasing stocking rates of 4, 8 and 

12 heifers ha-1. Inyang et al. (2010) found bahiagrass herbage accumulation rates ranging from 

38 to 158 kg ha-1 d-1, with lower values of accumulation when rainfall was limiting growth or 

excessive to the point of restricting oxygen availability in the soil. Crude protein (CP) and in 

vitro digestible organic matter (IVDOM) concentrations ranged from 104 to 165 g kg-1 and 482 

to 578 g kg-1, respectively.  

Stewart et al. (2007) evaluated animal and plant responses on continuously stocked 

bahiagrass grazed under varying levels of stocking rates (1.2, 2.4, and 3.6 AU ha-1) and N 

application levels (40, 120, and 360 kg N ha-1) to apply three contrasting management practices 

(low, medium, and high). The authors found that herbage mass decreased from 3.42 to 2.95 Mg 

ha-1 with increasing stocking rate, despite the increase in N application rate on higher stocking 

rate treatments. Animal average daily gain (ADG) under these contrasting management practices 

was 0.34, 0.35 and 0.28 kg for low, moderate and high management levels. These resulted in 

101, 208 and 252 kg ha-1 of animal gain. Bahiagrass under high management levels had greater 

CP and IVDOM, achieving 140 and 505 g kg-1 in comparison with 113 and 473 g kg-1 for 

moderate and 99 and 459 g kg-1, respectively, for low management intensities.   

Sollenberger and Jones (1989) evaluated animal and plant responses of bahiagrass under 

rotational stocking with variable stocking rate. They found an ADG of 0.38 kg day-1 and gain per 

hectare of 318 kg ha-1 across three grazing seasons for 15- to 18-month-old steers grazing 

bahiagrass that received an average of 180 kg N ha-1 yr-1. In that experiment, bahiagrass 
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produced 7.1 Mg ha-1 in a period of 168 d and nutritive value of hand-plucked samples averaged 

116 g kg-1 for CP and 583 g kg-1 for IVDOM. Similar values of ADG were observed by 

Sollenberger et al. (1989b) on rotationally stocked bahiagrass. A decrease in bahiagrass IVDOM 

is usually observed in late summer and early fall (Sollenberger and Jones, 1989; Sollenberger et 

al., 1989b). Variations in digestibility of bahiagrass and other tropical grasses are strongly related 

to temperature, but the relevance of this influence differs with species, regrowth period, and soil 

moisture (Henderson and Robinson, 1982).  

Quantifying the response of bahiagrass to N applications of 0, 39, 78, 118, and 157 kg N 

ha-1 applied after harvest in 28-d intervals, Johnson et al. (2001) observed a quadratic response of 

herbage accumulation to N fertilization rate. Bahiagrass herbage accumulation was greatest with 

the application of 78 kg N ha-1, reaching an average of 1.5 Mg ha-1 per cut. Values of IVDOM 

were between 512 and 526 g kg-1 with greater values in June and August and a reduction in 

digestibility in July. Total N concentration and available N for rumen microbial protein synthesis 

increased with N fertilization (Johnson et al., 2001).  

Pasture and Animal Responses on Rhizoma Peanut Pastures 

Rhizoma peanut was first brought to the USA from Brazil in 1936 (Kerridge and Hardy, 

1994; Baker et al., 1999). Around 10,000 ha of rhizoma peanut were cultivated in Alabama, 

Georgia and Florida 15 years ago (Baker et al., 1999), but that number has increased 

significantly in recent years as former row-crop land in north Florida has been converted to hay 

production of rhizoma peanut (Dr. Ann Blount, personal communication). The cultivar 

‘Florigraze’ dominates the rhizoma peanut area in Florida (Kerridge and Hardy, 1994), although 

new cultivars and germplasms were released in 2010 and are beginning to occupy a significant 

land area (Quesenberry et al., 2010).  
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Rhizoma peanut is the most used tropical legume in the southern USA because of its high 

yields, nutritional value, persistence and use plasticity, and suitability for hay production, 

grazing, soil cover, silage, ornamental uses, and others (Kerridge and Hardy, 1994; Williams et 

al., 2005). It is tolerant to drought, developing well in sandy, low-fertility soils (Baker et al., 

1999). Rhizoma peanut has high palatability and rhizoma peanut hay costs less than alfalfa 

imported from the western USA, a key factor turning rhizoma peanut into a competitive species 

in the hay market in the Gulf Coast (Baker et al., 1999; Williams et al., 2005). Ortega-S. et al. 

(1992) demonstrated that rhizoma peanut is also adapted to a variety of grazing managements, 

persisting under a wide combination of grazing frequencies and residual biomass.  

Rhizoma peanut is a tetraploid species (Krapovickas and Gregory, 2006). It produces 

flowers aboveground which result in the development of the pod underground (Quesenberry et 

al., 2010). It is perennial, rhizomatous, with a procumbent habit and tetrafoliolate leaves with a 

smooth upper surface (Krapovickas and Gregory, 2006). The bi-articulate fruits develop 

underground and have a smooth pericarp, producing two to five seeds that sometimes abort into 

one seed only (Krapovickas and Gregory, 2006).  

Early selections such as Arb and Arblick were made available to producers in the 1960s 

but were not very successful among farmers because of their low yield and slow establishment 

(Williams et al., 2005). Florigraze (released in 1978) and ‘Arbrook’ (in 1986), achieved much 

greater dry matter production and helped popularize the use of rhizoma peanut (Williams et al., 

2005). More recently, the University of Florida released cultivars ‘UF Tito’ and ‘UF Peace’ to be 

used for forage (Quesenberry et al., 2010) and germplasms Arblick and Ecoturf for forage or 

ornamental use (Prine et al., 2010). The ornamental aspect of these genotypes is related to the 

more decumbent growth habit and bright, attractive flowers that emerge daily, however, they 
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achieve comparable or slightly lesser herbage accumulation than released cultivars (Prine et al., 

2010). ‘UF Tito’ and ‘UF Peace’ are described as persistent, competitive against weeds, with 

high yields and good tolerance against viral diseases (Quesenberry et al., 2010). Texas AgriLife 

released a cultivar (‘Latitude 34’) of rhizoma peanut that is more adapted to cold and dry 

climates, being resistant to late spring frost events and emerging early in spring (Muir et al., 

2010).  

Some of the challenges involved in the cultivation of rhizoma peanut include the need of 

using vegetative propagation and its slow establishment in the first year. Castillo et al. (2014) 

tested sod removal, no-till, tillage alone, and tillage after application of glyphosate as seedbed 

preparation methods to introduce rhizoma peanut through strip-planting into pre-existing 

bahiagrass sod. Authors found that sprout emergence was greater in treatments that included 

tillage, but there was also a strong trend to obtain greater longer-term canopy coverage when the 

no-till strategy was used. Controlling weeds in the planted strips is also crucial to its good 

establishment, and successful control has been observed with the use of imazapic and imazapic 

plus 2,4 D (Castillo et al., 2013a; b; 2014).  

Temperature, rainfall, and daylength also drive herbage accumulation in rhizoma peanut 

(Valencia et al., 2001). Yield for rhizoma peanut pure stands ranges from 8310 to 13700 Mg ha-1 

(Quesenberry et al., 2010) and can be increased through irrigation (Butler et al., 2007). In a 2-yr 

cutting study evaluating Latitude 34, UF Tito, UF Peace, Florigraze, Arbrook, Ecoturf, and 

Arblick, Dubeux et al. (2017) found that Arblick, UF Tito, and UF Peace consistently produced 

greater DM accumulation than the other cultivars evaluated, reaching an average annual herbage 

accumulation of more than 10 Mg ha-1 yr-1. In addition, Ecoturf and Latitude 34 had superior 

root-rhizome biomass, indicating good potential for use in grazing. Herbage CP ranged from 186 
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to 204 g kg-1, with lower values observed with short stubble heights (Butler et al., 2007). Cathey 

et al. (2013) indicated that N provided through symbiotic association was not enough to 

maximize N accumulation and storage due to the observed increase in shoot yield with 

increasing doses of N fertilizer. However, in a recent study Dubeux et al. (2017) found that on 

average 86% of N in rhizoma peanut monocultures originated from biological fixation, resulting 

in ~200 kg N ha-1 yr-1. Williams (1994) evaluated bahiagrass receiving N fertilization rates of 0, 

56, and 112 N kg ha-1 in association with rhizoma peanut. The authors observed that rhizoma 

peanut had a greater herbage accumulation in the spring when compared with bahiagrass, 

probably due to temperature during that season. The authors concluded that in mixed swards, 

rhizoma peanut can possibly compete with bahiagrass if rain is plentiful during spring and N 

fertilization is not applied.  

Nutritive value of rhizoma peanut is greater than that of other warm-climate forages 

(Dubeux et al., 2017), and has been suggested to be responsible for high animal performance in 

grazing trials (Sollenberger et al., 1989a). In vitro digestible OM (IVDOM) of Arblick, Arbrook, 

Ecoturf, Florigraze, Latitude 34, UF Peace, and UF Tito averaged 713 g kg-1 in a 2-yr cutting 

study, and IVDOM was not lower than 645 g kg-1 in that study (Dubeux et al., 2017). In a study 

evaluating Ecoturf, UF Tito, and UF Peace with grazing every 3- and 6-wk removing 50 and 

75% of aboveground biomass, Mullenix et al. (2016a) found IVDOM and CP greater than 660 

and 140 g kg-1, respectively. In mixed rhizoma peanut-grass pastures, CP and IVDOM were in 

the range of 140 to 200 and 540 to 650 g kg-1, respectively, and were not affected by fertilization 

with 35 kg N ha-1 (Valencia et al., 2001).  

Performance of animals grazing nearly pure rhizoma peanut pastures has been evaluated 

for different animal types. Sollenberger et al. (1989a) evaluated animal performance of 15- to 18- 
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month-old steers grazing rhizoma peanut and found ADG of 0.97 kg day-1. This value was 

significantly and consistently larger than the ones found by the same animal type grazing 

bahiagrass pastures, which reached 0.35 kg day-1. The authors credited this difference to the 

greater IVDOM and CP of the rhizoma peanut relative to bahiagrass during the summer grazing 

season. Hernández Garay et al. (2004) tested Arbrook and Florigraze rhizoma peanut cultivars 

under grazing by Holstein replacement heifers with continuous stocking during 3 years. They 

found similar ADG for the cultivars except for Year 3, when Arbrook presented lower ADG due 

to its smaller proportion in herbage mass. Hernández Garay et al. (2004) also found greater CP 

and IVDOM for Florigraze in the third year due to less grass invasion in the pasture than in 

Arbrook swards. Fike et al. (2003) evaluated dairy cattle performance and intake when grazing 

bermudagrass or rhizoma peanut stands at two fixed stocking rates. The authors found herbage 

mass for rhizoma peanut of 3920 and 2440 kg ha-1 for pre- and post-graze measurements, both 

lower than the ones achieved by bermudagrass of 6760 and 5460 kg ha-1. Bennett et al. (1995) 

found ADG of 0.49 and 0.94 kg d-1 for crossbred steers grazing mixed rhizoma peanut pastures 

during growing and finishing phases, respectively. Valencia et al. (2001) evaluated the effect of 

N fertilization (0 or 35 kg N ha-1) in spring and stocking rate (1.5 or 2.5 bulls ha-1) in summer on 

mixed rhizoma peanut-grass pastures. The authors found no effect of treatments on herbage mass 

(3.0 to 3.4 Mg ha-1) or ADG (0.75 kg d-1 in spring and 0.53 kg d-1 in summer).  

Nutrient Cycling in Grazing Systems 

In grazing systems, the main pools in nutrient cycling are soil, live plant biomass and 

plant litter, animals, animal excreta, and atmosphere (Dubeux et al., 2007; Vendramini et al., 

2014). Cycling among these pools, particularly through decomposition of plant litter and animal 

excreta, is crucial to the maintenance of warm-season grasslands which typically are in regions 

where soils are low in fertility and inorganic fertilizers are expensive or inaccessible (Dubeux et 
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al., 2007). In this context, the ability of legumes to fix atmospheric N2 into plant-usable 

compounds (Ferguson et al., 2010) can play an important role in plant mixtures and crop 

rotation.  

Nyfeler et al. (2011) evaluated the effect of monoculture and binary mixes with varying 

proportions of legume (red and white clovers) and grass (perennial ryegrass and orchardgrass), 

seeding rates and N fertilization on biomass total N, N2 fixation, N transfer from legumes to 

grasses, N from fertilization, and N from non-symbiotic sources. The authors found that mixed 

swards had significantly greater total N when compared with pure grass or pure legume stands, 

with greater benefits of the presence of legumes compared with pure grass stands that received 

lower N fertilization rates. Treatments receiving greater N fertilization rates (450 N kg ha-1) had 

greater amounts of N from non-symbiotic sources. Yields of N from symbiotic fixation and from 

non-symbiotic sources were positively affected by the presence of grasses, indicating a stimulus 

in N2 fixation and improved N assimilation into biomass in legume-grass mixed swards. N from 

symbiotic fixation was more efficiently transferred in mixtures with more than 70% legume. The 

presence of legumes also increased the release of N during decomposition relative to pure grass 

litter, resulting in lesser N immobilization (Silva et al., 2012). 

Sigua et al. (2014) evaluated the effect of bahiagrass and bahiagrass-rhizoma peanut 

mixed swards under grazing and no grazing on soil-extractable P. The authors did not find a 

difference in soil P saturation (%) and soil P concentration (mg kg of soil-1) with the presence of 

grazing in comparison to the no grazing treatment. Although the authors expected to find higher 

concentration of soil-extractable P under grazing, they suggested that plant biomass consumption 

and subsequently greater plant regrowth lead to greater removal of soil P relative to the ungrazed 

treatment. In addition, Sigua et al. (2014) argued that animal trampling can destroy soil 
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aggregates making P more susceptible to losses by leaching. Higher levels of P concentration 

and saturation were found in 0-15 cm soil depth relative to 15-30 cm depth. Relative to soil 

under bahiagrass monoculture pastures, the soil under the bahiagrass-rhizoma peanut mixed 

pastures had greater P concentration, reaching 25.1 vs. 19.3 mg kg-1. Phosphorus saturation was 

also greater in mixed bahiagrass-rhizoma peanut pastures, with values of 13.7% compared with 

10.6% in pure bahiagrass. However, across the three years of the experiment, extractable soil P 

presented a trend to decrease in bahiagrass-rhizoma peanut mixed pastures, while the bahiagrass 

pastures had an increasing trend for the same variable. Bahiagrass-rhizoma peanut stands 

presented greater P uptake relative to pure bahiagrass, reaching values between 19.0 and 23.8 kg 

ha-1 compared with 6.8 and 7.0 kg ha-1, respectively. Animal trampling can also destruct soil 

aggregates and make P more easily lost through soil runoff. The higher P uptake by rhizoma 

peanut implies that pastures cultivated with this species are likely to require more frequent P 

application relative to pure grass stands in order to maintain long-term production (Sigua et al., 

2014).  

Litter Dynamics 

Nutrient input through litter will depend on litter deposition and decomposition rates 

(Rezende et al., 1999; Dubeux et al., 2006a; b). Litter deposition is usually increased by 

senescence and animal trampling (Pal et al., 2012; Guretzky et al., 2014). High stocking rates can 

reduce deposition of litter due to high herbage mass removal by grazing (Rezende et al., 1999), 

while fertilization can increase litter deposition due to greater herbage mass and subsequent 

trampling (Liu et al., 2011a; Guretzky et al., 2014). Increases in temperature and rainfall have 

also been reported to enhance deposition of litter in Brachiaria pastures (Rezende et al., 1999).  

Apolinário et al. (2013) evaluated signalgrass (Brachiaria decumbens) litter deposition 

and decomposition under different stocking rates (SR; 2.0, 3.9, and 5.8 AU ha-1 [1 AU = 450 
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kg]) and N fertilization rates (0, 150, 300 kg N ha-1 yr-1) over 2 yr. The authors found that N 

input increased plant production causing an increase in existing litter biomass in the second year 

of the experiment. Dubeux et al. (2006a; b) evaluated litter deposition and decomposition of 

bahiagrass under increasing management intensities (40, 120, and 360 kg N ha-1 associated with 

stocking rates of 1.3, 2.7, 4.0 animal units [AU, one AU = 500 kg live weights] ha-1 for Low, 

Medium, and High management levels, respectively). At the beginning of the experiment, Low 

management levels had greater existing litter compared with the other treatments likely because 

at its lower SR, less biomass was removed from the pasture. However, existing litter 

accumulated as the grazing season advanced for all treatments, and this accumulation started 

earlier for High management levels relative to other treatments due to greater litter deposition 

rates in High.  

Litter decomposition can be affected by litter chemical characteristics such as C:N 

(Rezende et al., 1999), lignin concentration (Heal et al., 1997; Silva et al., 2012), and by 

environmental characteristics like temperature (Allison et al., 2013), rainfall (Silva et al., 2012), 

and microbial abundance and community composition (Côuteaux et al., 1995; Allison et al., 

2013). Litter in warm-season grasslands tends to be of low quality in terms of chemical 

characteristics causing nutrient immobilization (Vendramini et al., 2014), but presence of 

legumes (Silva et al., 2012; Vendramini et al., 2014) and fertilization (Dubeux et al., 2006a) can 

improve litter quality, decomposition, and nutrient cycling.  

Evaluating the influence of stubble heights of 8, 16, and 24 cm and N fertilization rates of 

50, 150 and 250 kg N ha-1 year-1 ‘Tifton 85’ litter decomposition, Liu et al. (2011b) found no 

effect of stubble height on litter disappearance. However, litter decomposition rate increased 

with increasing levels of N fertilization after 8 or 16 days of deposition. The authors also 
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observed an immobilization of N in all treatments, which increased at greater N application rates. 

Apolinário et al. (2013) assessed the effect of management intensity in terms of stocking rate and 

N fertilization on litter decomposition of signalgrass. The authors found that increases in N 

fertilization resulted in increases in N concentration in litter. Litter C:N ratio was affected by 

treatments. Increasing stocking rates had a negative effect on C:N when no N was applied. The 

combination of N fertilizer application rate and stocking rate on Pensacola bahiagrass litter 

dynamics was also evaluated by Dubeux et al. (2006a). They observed greater N and lignin 

concentration in litter from high management levels, but they also reported an increase in N 

immobilization and mineralized N with an increase in management levels. Greater 

decomposition rates were also observed as management levels increased. Dubeux et al. (2006a) 

observed that lignin:N ratio was a strong indicator of decomposition for litter in their study. This 

is in agreement with Heal et al. (1997) who emphasized that although C:N ratio is a relevant 

indicator of litter quality and decomposition, form of C, presence of secondary compounds and 

other nutrients, and their interactions significantly influence litter decomposition.  

Silva et al. (2012) evaluated litter decomposition when 0, 50, and 100% of litter was the 

legume calopo (Calopogonium mucunoides Desv.) and the remainder was signalgrass. The 

authors found greater decomposition rates with the addition of legumes in one of two years of 

evaluation. In the second year, greater lignin concentration with increasing proportion of legume 

was thought responsible for the lack of legume proportion effect on decomposition rate. Litter 

C:N ratio decreased with time of decomposition in the pure grass stand, while in the presence of 

legumes this ratio remained nearly constant during the incubation period. Rezende et al. (1999) 

evaluated the effect of stocking rates on litter decomposition of pure grass and two grass-legume 

mixes. They found that lower stocking rates resulted in a greater proportion of legume in the 
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pasture, which in turn resulted in lower C:N in litter, which had a positive effect on litter 

decomposition. Although C:N has often been used as an indicator of litter quality, the nature, i.e., 

solubility, of each one of these components has been suggested to be of greater importance in 

determining litter decomposition rate and extent (Heal et al., 1997). For example, lignin:N was 

found to be a good indicator of decomposition in bahiagrass litter (Dubeux et al., 2006a). 

As decomposition advances, C and N become more insoluble. Lignin concentration 

increases with time of decomposition because more labile C components are used by 

microorganisms, leaving recalcitrant materials that increase in concentration (Berg and Matzner, 

1997; Berg and McClaugherty, 2008). In addition, new lignin-like material is produced by 

decomposition microorganisms (Berg and Matzner, 1997; Berg and McClaugherty, 2008). 

Nitrogen concentration in plant litter also increases with decomposition (Berg and 

McClaugherty, 2008), and as N has been documented to inhibit lignin decomposition by 

reducing the activity of lignin-degrading phenol oxidase (Carreiro et al., 2000) and inhibiting 

ligninase production (Berg and McClaugherty, 2008), it can further increase lignin concentration 

during decomposition (Berg and McClaugherty, 2008). Phenolic groups and quinones produced 

during decomposition may also immobilize NH3, increasing recalcitrant N in plant litter (Berg 

and McClaugherty, 2008). Dubeux et al. (2006a) reported ~50% of N immobilized in bahiagrass 

litter after 128 d of incubation, and Silva et al. (2012) found 50 to 68% in signalgrass-calopo 

litter after 256 d of incubation. Rovira and Vallejo (2002) investigated change in C and N 

recalcitrance of plants varying in C and N quality at beginning of incubation over 2 yr. They 

found that C recalcitrance increased to a greater degree in plant materials with initial larger 

proportion of labile C, while N recalcitrance increased in all plant materials.  



 

32 

In plant litter, mixtures of multiple species often resulted in positive, non-additive effects 

on decomposition, such that decomposition of mixtures cannot be estimated based on 

decomposition of single components (Chapman et al., 2013; Zhang et al., 2013; Cuchietti et al., 

2014). The increase in decomposition in mixtures relative to monocultures was observed in a 

variety of plant species. In heather [Calluna vulgaris (L.) Hull] and bracken [Pteridium aquilium 

(L.) Kuhn], mixed litter decomposed to a greater extent (~48%) relative to monocultures (~37%) 

(Anderson and Hetherington, 1999). Chapman et al. (2013) incubated leaf litter material of four 

species from a mixed conifer forest (aspen [Populus tremuloides Michx], Douglas fir 

[Pseudotsuga menziesii Mirbel Franco], limber pine [Pinus flexilis James], and ponderosa pine 

[Pinus ponderos P. and C. Lawson] with a wide range of chemical characteristics in one-, bi-, 

and all-species combinations. The authors found that decomposition was greater and faster in 

mixtures (except those containing aspen) when compared with estimates based on single species 

decomposition (Chapman and Koch, 2007; Chapman et al., 2013). Although microbial activity 

was not related to mass losses of mixtures in their study, Chapman et al. (2013) concluded that 

microbial diversity was largely responsible for their greater biomass losses.  

Use of isotopes for determining C source. Isotopic abundance and fractionation have 

been used for many purposes. Carbon isotopes are a powerful tool for evaluating C dynamics in 

ecosystems (Brüggemann et al., 2011), and carbon fractionation is traditionally measured using 

isotope ratio mass spectrometry (Werner and Brand, 2001). When evaluating C signature in soil 

organic matter, δ13 C can be used to differentiate carbon source between C3 and C4 plants (Haile 

et al., 2010). Isotope fractionation occurs because physical and chemical reactions are typically 

inclined to use one type of isotope over another, resulting in differences in reaction properties 

and composition of molecules (Brüggemann et al., 2011). In general, the lighter isotopes are 
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favored in biochemical reactions due to their higher kinetic energy (Glaser, 2005). The 12C 

isotope represents 98.9% of total C in the environment, followed by 13C with 1.1% and 14C with 

10-8% (Glaser, 2005).  

Isotopic fractionation in photosynthesis is affected by enzymatic fixation and CO2 

diffusion (Farquhar et al., 1982; Seibt et al., 2008), where the C-fixation mechanism plays a 

major role in determining C fractionation in higher photosynthetic organisms (Farquhar, 1983). 

When stomatal conductance decreases, internal CO2 pressure decreases and plant tissue becomes 

more δ13C enriched (Farquhar et al., 1982; Glaser, 2005). In a single environment, C3 plant 

species that show larger (less negative) values of δ13C present greater water use efficiency 

(WUE; Farquhar et al., 1982; Hubicka et al., 1986), with greater differences found in older 

leaves (Rajabi et al., 2009).  

Animal Excreta 

In beef production, around 85 to 90% of N and P consumed by animals is returned to the 

soil through animal urine and dung (Whitehead, 2000). However, excreta distribution is not 

uniform in the pasture. Nutrients tend to accumulate under shade and near water sources at high 

temperature and humidity levels, where animals congregate to reduce stress caused by high 

temperatures (Dubeux et al., 2009). In environments where pastures comprise flat areas and hills, 

animal excreta tends to accumulate in the flat areas indicating that some of the nutrients 

deposited there have been consumed from steep areas (Schnyder et al., 2010)    

In grazing systems, deposition of N in urine patches ranges from 20 to 80 g m-2, while N 

deposition in dung patches is 50 to 200 g m-2 (Oenema et al., 1997). Grazing animals can affect 

nutrient cycling. Dubeux et al. (2009) evaluated management levels of low (1.4 AU ha-1 and 40 

kg N ha-1 year-1), medium (2.8 AU ha-1 and 120 kg N ha-1 year-1) and high (4.2 AU ha-1 and 360 

kg N ha-1 year-1) on bahiagrass. The study showed greater soil N, K, and Mg concentration (mg 



 

34 

kg-1 soil) in high relative to medium and low management treatments. Greater soil P 

concentration was also observed in the moderate compared with the other management level 

treatments. Greater soil P in moderate relative to low treatments probably occurred because of 

greater fertilization rate in that treatment. Greater herbage IVDOM, N, and P concentrations at 

close and medium vs. large distances from water and shade were also observed at the low 

management level, probably a result of greater animal excreta deposition in those areas.  

White-Leech et al. (2013a) evaluated the effect of animal excreta type and deposition 

frequency on bahiagrass maintained under average (60 kg N ha-1) or high (120 kg N ha-1) 

management levels. The study found a linear increase in dry matter harvested with increasing 

urine frequency application, while increase in dung frequency application had a negative linear 

effect on the same variable due to sustained coverage of the grass. Greater urine application 

frequency also resulted in greater IVDOM in the high management treatment. Urine application 

frequency also enhanced CP concentration and harvested N in bahiagrass. As observed by 

White-Leech et al. (2013b), dry matter harvested and nutritive value (CP and IVDOM) tend to 

increase with higher urine frequency application in an area of 15 and 30 cm surrounding urine 

patches, respectively, independent of management levels. 

GHG Emissions from Agricultural Production  

Climate change, defined as the statistical difference in variability or mean of climate 

properties that continues for more than a decade, may be triggered by natural or anthropogenic 

forces (IPCC, 2014). Several factors point to the intensification of the greenhouse effect, among 

which are the increase in air and ocean temperatures, sea level, and snow and ice melting (IPCC, 

2014). Many agriculture production and management practices are sources of GHG, which are 

known for their effect on climate because of their capacity to trap energy in the atmosphere 

(IPCC, 2014). Some sources of GHG in agricultural production include: methane (CH4) from 
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livestock enteric fermentation (Murray et al., 1976; Moss et al., 2000; Lassey, 2007; Henry et al., 

2015), manure (Boadi et al., 2004; Lassey, 2007), dung (Jarvis et al., 1995; Yamulki et al., 

1999), and rice production (Lassey, 2007); nitrous oxide (N2O) from urine and dung (Boadi et 

al., 2004; van Groenigen et al., 2005a; b; van der Weerden et al., 2011; Mazzetto et al., 2014), 

animal waste management (Harper et al., 2004), litter decomposition, especially if containing 

legumes (Pal et al., 2012, 2013), and use of N fertilizer (Bouwman, 1996; de Klein et al., 2006); 

and carbon dioxide (CO2) from fossil fuel use, fertilizer production, and soil management 

(McSwiney et al., 2010). Global warming potential (GWP) refers to the radiative forcing of the 

emission of 1 kg of a gas relative to 1 kg of CO2 integrated through time (Shine et al., 1990). 

When estimating GHG emissions from agricultural practices, GHG that not CO2 are converted to 

CO2-equivalent (CO2eq) using each gas’ GWP (Röös et al., 2013). 

GHG Emissions in Livestock Production 

Previous work suggesting ruminants have low feed conversion ratios relative to 

monogastric animals often ignore that a large proportion of feed used in monogastric production 

could also be used for human consumption, while ~86% of feed intake by livestock does not 

overlap with human diet (Mottet et al., 2016). The ability of ruminants to grow and produce high 

quality human food when fed a fibrous feed that is unsuitable for human consumption should not 

be ignored in the context of climate change and its likely detrimental consequences to 

agricultural practices and production (Beauchemin et al., 2010). Mottet et al. (2016) indicate that 

ruminants are more efficient in terms of animal protein production compared with monogastric 

animals under industrial systems when feed conversion is expressed as meat produced per kg of 

human edible feed. Animals fed high concentrate diets may produce less methane when 

compared with grass-fed animals (Kurihara et al., 1999; Beauchemin and Mcginn, 2005), 
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however, comparisons of pasture vs. concentrate feeding systems should also account for the 

emissions associated with production of the feed (Yan et al., 2010).  

Although the relevance of GHG sources in cattle production are dependent on 

management practices, several studies estimating emissions from dairy and beef cattle point to 

enteric fermentation and animal waste as the most important sources of GHG emissions. In a 

dairy system in Ireland, enteric CH4 production accounts for 49%, and N2O and CH4 from 

manure management for 11% of total GHG emissions (Casey and Holden, 2005). In New 

Zealand, 62% of total GHG emissions from milk production come from CH4 from enteric 

fermentation and 16% from direct N2O emissions from urine and dung deposited on pasture; this 

from a system characterized by grass-clover grazing throughout the year with occasional use of 

silage (Flysjö et al., 2011). In Sweden, milk production based on roughage fodder, concentrate, 

and grains has 46% of emissions coming from CH4 from enteric fermentation and 8% from 

direct N2O from manure used in fields after storage (Flysjö et al., 2011).  

Canadian beef cattle production presented a similar partitioning of emissions relative to 

dairy systems, with CH4 from enteric fermentation representing 53 to 54% of emissions and 

manure emissions of CH4 and N2O accounting for 24 to 28% of emissions (Basarab et al., 2012). 

In the US, beef production is characterized by grass- and hay-fed cow-calf operations with 

animals finished on feedlots and consuming high concentrate diets (Pelletier et al., 2010). 

Analyzing different production systems in the Upper Midwest, Pelletier et al. (2010) found that 

enteric CH4 represented 43% and manure CH4 and N2O 21% of GHG emissions in cow-calf 

operations. During the finishing phase, CH4 from enteric fermentation represented 32 to 42% and 

CH4 and N2O from manure 21 to 30% of GHG emissions (Pelletier et al., 2010). A study 

analyzing GHG emissions from animals finished on pasture in Ireland described 46 to 53% of 
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emissions coming from enteric CH4 and 13 to 15% from CH4 and N2O from excreta deposited on 

pasture (Foley et al., 2011).  

Other processes responsible for GHG emissions in cattle production include pre-farm 

operations such as chemical fertilizer, lime, and agrochemicals production, transport, transfer 

and storage (Lal, 2004). Other on-farm sources of GHG include applied N fertilizer (Casey and 

Holden, 2005; Foley et al., 2011) and lime (Foley et al., 2011), fossil fuels (Casey and Holden, 

2005, 2006; Foley et al., 2011) and energy used in farm operations and feed production (Casey 

and Holden, 2006; Basarab et al., 2012). Yearly GHG emissions from N fertilizer production and 

use are estimated to reach 300 Tg CO2 (Jensen et al., 2012). 

Influence of Plants on GHG Emissions 

Some studies have focused on the effect of plants on N2O emissions. Comparing soil N2O 

emissions at different temperatures from ryegrass or bare soil receiving urine application, Uchida 

et al. (2011) found that greater emissions of N2O from urine of dairy cattle occurred when it was 

applied where plants were present vs. absent, probably because of the effect of available plant-

sourced C on microbial populations that produces N2O. Klumpp et al. (2010) evaluated N2O 

production in areas with low (19%) and high (35%) densities of white clover and found no effect 

of clover density on emissions. Virkajärvi et al. (2010) found greater N2O emissions from grass-

clover mixes in Finland when compared with pure grass stands receiving N fertilization (220 kg 

N ha-1). The authors attributed these differences to the fact that N from clover has been found to 

be less susceptible to losses through leaching relative to losses through gaseous forms. In 

addition, they found greater emissions coming from animal dung relative to urine, with no 

difference being detected if applications were made in either grass-clover or pure grass pastures. 

Evaluating N2O emissions from lentil (Lens esculenta Moench), pea (Pisum sativum L.) and 

spring wheat (Triticum aestivum L. ac. Barrie), Zhong et al. (2009) found no differences in 
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emissions among treatments. In addition, some plants produce biological nitrification inhibition 

(BNI) molecules that are released through plant roots and decrease nitrification (Subbarao et al., 

2013). The addition of BNI-producing plants in production systems has the potential to decrease 

losses of N by N2O, NO, and NO3
- (Subbarao et al., 2013).  

Cattle grazing and trampling on pastures can also affect litter deposition, which can in 

turn be a relevant source of N2O (Pal et al., 2012). Evaluating emissions of N2O from perennial 

ryegrass litter decomposition across 49 days, Pal et al. (2013) found higher emissions from root 

litter buried 2 cm deep in sieved soil, followed by emissions from root litter on sieved soil 

surface, shoot litter on pasture soil, and shoot litter deposited on sieved soil. Pal et al. (2012) 

compared N2O emissions from white clover and annual ryegrass (Lolium multiflorum L.) litter on 

soils with 54 or 86% WFPS for 14 days. The authors found greater emissions coming from 

clover litter on lower WFPS soils, while at greater WFPS no significant differences in N2O 

emissions were found. 

Emissions from Enteric Methane 

Ruminants are the largest contributors to anthropogenic CH4 emissions in the world 

(Steinfeld and Wassenaar, 2007). In ruminants, enteric CH4 is produced through anaerobic 

fermentation in which ruminal microorganisms hydrolyze compounds previously broken down 

through mastication, which results in free hydrogens. Methanogenic reactions use these 

hydrogens to reduce CO2 resulting in CH4 (Ørskov et al., 1968; Leek, 2004). Methane is 

produced in the rumen (90%) and hindgut (10%), being mostly eliminated through the animal’s 

mouth and nose.  

Mitigation of enteric CH4 emissions can be achieved through manipulation of diet, intake, 

or ruminal microflora (Johnson and Johnson, 1995) and by increasing animal production 

efficiency (Wall et al., 2009; Hristov et al., 2013). Several feed additives have been found to 
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decrease enteric CH4 emissions. In goats, Bhatta et al. (2008) found that pumpkin (Cucurbita 

pepo L.) and brewer’s grains and sweet potato (Ipomoea batatas L. Lam) vine silage reduced 

methane emissions. Tannin has also been studied and found to reduce methane emissions in 

goats (Puchala et al., 2005) and sheep (Carulla et al., 2005). Tannins had no effect on cattle 

where it presented a protein-binding effect (Beauchemin et al., 2007). Evaluating seven legume 

plants for CH4 production potential, Naumann et al. (2013) found a significant decrease in CH4 

production with increased condensed tannin concentration, but for most legumes a concomitant 

reduction in volatile fatty acids (VFA) production occurred indicating a decrease in plant 

digestibility. Archimède et al. (2011) reviewed enteric methane emissions from livestock grazing 

cool- and warm-season legumes and C3 and C4 grasses. The authors found that when grazing 

warm-season legumes, animals emitted 20% less CH4 (L kg OM-1)compared with C4 grasses.  

Emissions from Animal Urine and Dung  

Animal urine is a significant source of N2O emissions (Yamulki et al., 1998; van der 

Weerden et al., 2011; Dijkstra et al., 2013) but not of CH4 (Yamulki et al., 1999), while dung can 

produce both CH4 and N2O (Yamulki et al., 1998; Mazzetto et al., 2014; Mori and Hojito, 2015). 

Emissions of methane from dung peaks within the first 1 to 3 d after deposition due to ideal 

conditions for methane formation in terms of temperature, moisture (Yamulki et al., 1999), and 

available microbiota (Jarvis et al., 1995). Methane production is an exclusively anaerobic 

process (Yamulki etal., 1999), and as most microbial-mediated reactions it is stimulated by 

higher temperatures (Jarvis et al., 1995; Mazzetto et al., 2014). However, high temperatures can 

create a crust on the dung pile that reduces CH4 diffusion to the atmosphere (Yamulki et al., 

1999). Rainfall can diminish available C for CH4 formation, reducing emissions, or increase 

anoxic condition increasing CH4 production (Jarvis et al., 1995). Animal diet may also influence 

CH4 emissions from animal dung. Jarvis et al. (1995) found that emissions from animals grazing 
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grass-clover pastures had greater CH4 emissions relative to fertilized grass, likely due to low C:N 

ratio.  

Deposition of urine and dung patches on the soil provides large amounts of N and readily 

available C (van Groenigen et al., 2005a). Production of N2O occurs through nitrification, 

denitrification, and nitrifier denitrification (Dijkstra et al., 2013). The organic N in dung and 

urine first goes through mineralization by heterotrophic organisms and is transformed into NH4
+, 

which is then used by nitrifying microorganisms and transformed into nitrite (NO2
-) and nitrate 

(NO3
-) that are used by denitrifying microorganisms to produce N2O and molecular nitrogen (N2) 

(Oenema et al., 1997; van der Weerden et al., 2011). Alternatively, nitrifier denitrification occurs 

when NO2
- is reduced to nitric oxide (NO), N2O, and N2 (Wrage et al., 2001). Part of the NH4+ 

from urine is lost to the atmosphere as NH3 (van Groenigen et al., 2005a). Studies show that 

more than 70% of total NH3 volatilized to the atmosphere is lost in the first 4 days after urine is 

applied to the soil (Lockyer and Whitehead, 1990). Denitrification tends to be the predominant 

N2O emission process after urine is deposited on soil surface because of high soil water content, 

after which nitrification is the main process releasing N2O (de Klein and van Logtestijn, 1994). 

Pulses of N2O emissions occur immediately after urine deposition on soil surface, but this 

behavior is not observed after dung deposition (Virkajärvi et al., 2010). Dung N content can be 

soluble (20 to 25%), in indigestible forms (15 to 25%), or as living organisms (50 to 65%) 

(Oenema et al., 1997).  

Emissions of N2O in grasslands are affected by many factors such as soil compaction 

(Oenema et al., 1997; van Groenigen et al., 2005a), soil moisture content (van Groenigen et al., 

2005a; van der Weerden et al., 2011; Giltrap et al., 2014), intensity of grazing (Rafique et al., 

2011), application of N fertilizer (Klumpp et al., 2010), and presence of urine patches and dung 
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(Giltrap et al., 2014). Anaerobic conditions can increase N2O emissions (Cardenas et al., 2007). 

Rainfall events tend to reduce WFPS resulting in anaerobic conditions that favor N2O emissions 

(Klumpp et al., 2010; Rafique et al., 2011; van der Weerden et al., 2011), while dry soils tend to 

restrain emissions (Klumpp et al., 2010). Typically, greater emissions occur when WFPS is in 

the range of 60 and 80% when nitrification, denitrification and nitrifier denitrification are 

stimulated (van Groenigen et al., 2005a; b; Dijkstra et al., 2013). Rainfall events have also been 

associated with greater emissions of N2O from animal urine and dung. For example, Lessa et al. 

(2014) found significant emissions of N2O in the rainy relative to the dry season in Brazil. 

Temperature can also affect N2O production, with greater emissions at higher 

temperatures (Klumpp et al., 2010). Rafique et al. (2011) observed that N2O emissions from 

dairy farms in Ireland at 17°C achieved values five times greater than at 5°C. Uchida et al. 

(2011) evaluated emissions of N2O from bovine urine at 11, 19, and 23 °C. The authors found 

that emissions expressed as percentage of N input loss as N2O-N increased 10 times from lower 

to greater temperatures (0.2 to 2.2%).  

Concentration of N in urine and dung is positively related to N2O emissions (Oenema et 

al., 1997), and some authors suggest that reduction of N output by animals is an alternative for 

reducing N2O emissions from animal excreta (Dijkstra et al., 2011, 2013). Annual N deposition 

is one of the parameters used for estimating N2O emissions in the IPCC model. Concentration of 

N in urine is influenced by water intake and dietary N, varying between 1 and 20 g L-1 (Oenema 

et al., 1997). In an experiment using artificial urine with increasing N concentrations (119, 237, 

474, and 949 N mg kg-1 dry soil), no effect on total N2O emissions was found. However, authors 

found an alteration in the pattern with which N2O is emitted with higher concentration of N in 

urine resulting in lower and longer peaks of N2O emission (van Groenigen et al., 2005a). 



 

42 

Similarly, N2O emissions from manure (mix of dung and urine) from dairy cows fed diets with 

167 or 148 mg g-1 CP did not differ despite the significant differences found in N concentration 

in manure (Lee et al., 2012).  

The model used by IPCC (2006) to estimate N2O emissions from soil assumes a linear 

correlation between N concentration in animal waste or chemical or organic fertilizer, and an 

emission factor for N2O emitted per unit of N applied. The simplicity of the model used 

compared with the actual complexity of processes involved in N2O formation in the soil leads to 

large uncertainties in emission estimations (Flysjö et al., 2011). Additionally, the default N2O 

emission factors recommended by IPCC (2006) were obtained from intensively managed 

temperate pastures (Oenema et al., 2005). When applied to modelling, these factors result in 

uncertainty from bias, i.e., the process driving N2O emissions is not sufficiently understood or 

represented in tropical extensive grazing (Oenema et al., 2005), which can lead to systematic 

errors in N2O emission estimations (Charles et al., 1998; Winiwarter and Rypdal, 2001; Rypdal 

and Winiwarter, 2001). It has also been suggested that a better understanding of factors driving 

N2O production associated with soil mapping and identification of urine patches could improve 

N2O emission estimation with models (Giltrap et al., 2014). 

The protocol used by IPCC also uses an emission factor for percentage of deposited N 

emitted as N2O, with one single emission factor used for both urine and dung. The IPCC (2006) 

encourages the production of emission factors specific for countries, especially developing and 

tropical countries. However, significant differences between urine and dung N2O emissions have 

been found (van Groenigen et al., 2005b; Virkajärvi et al., 2010; van der Weerden et al., 2011; 

Sordi et al., 2013; Mazzetto et al., 2014). van der Weerden et al. (2011) state that obtaining 

emission factors separately for urine and dung would result in more accurate N2O emission 
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estimation from urine and dung. In addition, year-long studies are indicated to provide accurate 

estimates of emissions (Kebreab et al., 2006).   
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CHAPTER 3 

LEGUME PROPORTION IN GRASSLAND LITTER AFFECTS DECOMPOSITION AND 

NUTRIENT MINERALIZATION 

Introduction 

Grassland litter decomposition is an important source of nutrients in grazing systems 

(Dubeux et al., 2007). Increasing N fertilization increased litter decomposition rate and extent 

(Dubeux et al., 2006a; Liu et al., 2011), in part because of lesser litter C:N ratio which favored 

decomposition and N mineralization (Heal et al., 1997; Dubeux et al., 2006a; Manzoni et al., 

2015). Many C4 grass pastures in warm climates receive little or no N fertilizer, resulting in 

greater C:N ratio and nutrient immobilization (Dubeux et al., 2006a). Alternatives to N fertilizer 

for increasing litter decomposition and N mineralization are needed. 

Previous research has pointed to the importance of the forms of C and N in litter, not only 

their concentration, in determining litter decomposition rate and extent (Heal et al., 1997; Silva 

et al., 2012). Forms of C and N vary in different species, and increasing species richness of litter 

has enhanced decomposition (Anderson and Hetherington, 1999; Chapman and Koch, 2007; 

Chapman et al., 2013). For mixed-species litter that differed in C and N quality and 

concentration (fertilized and unfertilized Scots pine [Pinus sylvestris L.] and corn [Zea mays L.]), 

Berlung et al. (2013) found that during incubation C and N were transferred between litter types 

through amino acids in colonizing fungal mycelia. Although transfers were bidirectional, net N 

transfer occurred toward N-depleted litters, and net C transfer occurred from pine toward corn 

litter. These microorganism-mediated interactions support the use of mixed-species pastures as a 

means to increase litter decomposition and nutrient mineralization.  

The greater N concentration of legume litter makes their inclusion an option to increase 

nutrient cycling in pastures based on C4 grasses. Inclusion of legumes in grasslands is an 

economically attractive alternative to increase pasture sustainability (Muir et al., 2011), while 
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also increasing nutritive value and animal production potential (Muir et al., 2014). However, 

little information is available to evaluate effect of legume proportion in mixtures with grasses on 

plant litter disappearance and nutrient dynamics, particularly in warm climates and when 

compared with N-fertilized C4 grass pastures. The objectives of this study were to quantify 

decomposition rate and nutrient disappearance from litter of N-fertilized and non-fertilized 

bahiagrass (Paspalum notatum Flügge) swards compared with responses of litter varying in 

proportion of rhizoma peanut (Arachis glabrata Benth.) and bahiagrass, and to identify 

differences in proportional disappearance of each component of the rhizoma peanut-bahiagrass 

litter mixtures during the incubation period.  

Material and Methods 

Experimental Site  

Plant material for litter incubation was collected from pastures at the University of 

Florida Beef Research Unit (BRU) in Gainesville, FL (29.72 N°, 82.35°W) and the Plant Science 

Research and Education Unit (PSREU) at Citra, FL (29.24°N, 82.10°W). Soils at BRU are Sparr 

fine sand (loamy, siliceous, hyperthermic Grossarenic Paleudult) and Adamsville sand 

(hyperthermic, uncoated Aquic Quartzipsamments). Soils at the PSREU are a Placid fine sand 

(sandy, siliceous, hyperthermic, Typic Humaquepts) and Tavares sand (hyperthermic, uncoated 

Typic Quartzipsamments). Litter incubation was on a well-established ‘Pensacola’ bahiagrass 

pasture at BRU with the soil being an Adamsville sand (hyperthermic, uncoated Aquic 

Quartzipsamments). Weather data are reported from a station (Florida Automated Weather 

Network, FAWN) located 18 km from the incubation site (Figure 3-1).  

Treatments and Experimental Design  

The litter decomposition experiment was conducted in each of 2 yr (2014 and 2015), with 

five types of above-ground litter as treatments arranged in six replicates of a randomized 
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complete block design. Treatments were 100% unfertilized bahiagrass, 100% bahiagrass 

fertilized with 60 kg N ha-1, 67% unfertilized bahiagrass plus 33% Florigraze rhizoma peanut, 

33% unfertilized bahiagrass plus 67% Florigraze rhizoma peanut, and 100% Florigraze rhizoma 

peanut. Treatments are hereafter referred to as BG, BGN, RP33, RP67, and RP, respectively. 

One replicate of each treatment consisted of six bags, one bag each for incubation times of 4, 8, 

16, 32, 64, and 128 d, resulting in 36 bags per treatment (six bags times six replicates). Six 

empty bags were incubated per replicate, one per incubation period, for a total of 36 blank bags 

across the six replicates. Blank bags were used to account for any loss of bag mass during the 

incubation period.  

Litter Collection, Samples and Site Preparation  

Bahiagrass herbage for separation of litter was obtained from monoculture pastures at the 

BRU. Both pastures were full-season growth from spring until litter collection on 1 June in 2014 

and 2015. The N fertilized grass received 60 kg N ha-1 14 d before herbage was harvested for 

litter incubation, while the pasture used for BG litter received no N that growing season. For the 

RP33 and RP67 treatments, where bahiagrass litter was mixed with rhizoma peanut litter, 

bahiagrass herbage was collected from a mixed pasture of bahiagrass and rhizoma peanut. In all 

cases, bahiagrass herbage was clipped to soil level and the leaf blades from throughout the 

canopy were separated from the remaining herbage at the ligule. The litter fraction of bahiagrass 

for this study was considered to be leaf blade, because it constituted a high proportion of forage 

mass above soil level. The rhizoma peanut herbage from which litter was separated was collected 

from monoculture pastures at the PSREU. The top 5 cm of an approximately 20-cm tall rhizoma 

peanut sward canopy was removed by clipping and discarded because it included the least 

mature leaves. The remaining material was cut to soil level and leaflets were separated and 

considered to be rhizoma peanut litter. All of these older leaflets were considered to be litter 
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because leaflets fall while still green, meaning that leaflet color is not a useful indicator of those 

that will soon fall from the plant (Fialho, 2015). In addition to all leaflets in the top 5 cm of the 

sward canopy, any leaflets that were not fully expanded (still folded, Fialho, 2015) were 

discarded and not used in the incubation.  

For both bahiagrass and rhizoma peanut litter, the material was dried at 60°C for 72 h. 

Litter material was not ground prior to incubation in order to more closely simulate conditions of 

actual field litter and to maintain surface integrity (Dubeux et al., 2006a). Bags used for the 

incubation were 15 x 20 cm, made with 100% polyester lining fabric (75-µm mesh size) and 

closed with a heat sealer. Each bag was filled with a total of 12 g of litter, with each litter type in 

mixtures weighed separately to ensure the proper proportion of each species. Fifty grams of each 

litter material was reserved to determine litter chemical composition at the start of the incubation 

period. 

At initiation of incubation, bahiagrass growing in the area where bags were to be 

incubated was clipped to a 10-cm stubble height and bags were placed on the soil surface and 

subsequently covered with clipped bahiagrass to simulate litter cover. Incubation sites were 

protected from disturbance with wire mesh exclusion cages, and grass regrowth was trimmed 

biweekly to a 10-cm stubble using a hand clipper and removed from the caged area. Incubation 

periods were initiated on 17 July 2014 and 21 July 2015. 

Litter Decomposition and Nutrient Disappearance  

Bags were collected at each incubation time for each treatment x replicate combination, 

dried for 72 h at 60°C, and residual soil and plant material attached to bags were removed with a 

brush before weighing. Weights obtained were adjusted for any changes in bag mass based on 

the weight of blank (unfilled) bags. To reduce cost and because chemical composition of 

decomposed litter is much less variable than residual litter mass, only litter samples from Blocks 
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1 through 3 were analyzed for chemical composition. The samples were ground in a Wiley mill 

(Model 4 Thomas-Wiley Laboratory Mill; Thomas Scientific) to pass through a 1-mm stainless 

steel screen and analyzed for dry matter (DM), organic matter (OM), C, δ13C, N, P, lignin, and 

acid detergent insoluble N (ADIN).  

Dry matter was determined by drying samples at 105°C for 15 h and OM by ashing 

samples at 500°C for 4 h (Moore and Mott, 1974). Phosphorus was analyzed using a 

modification of the aluminum block digestion procedure (Gallaher et al., 1975) and read by 

semi-automated colorimetry (Hambleton, 1977). Carbon and N were analyzed through dry 

combustion (Vario Micro Cube; Elementar, Hanau, Germany) after samples were ball milled. 

Carbon:N and C:P ratios were obtained by dividing C concentration (g kg-1 OM) by N (g kg-1 

OM) and P concentration (g kg-1 OM), respectively. Abundance (represented by δ) of 12C and 

13C was analyzed with an isotope ratio mass spectrometer (IsoPrime 100, Iso Prime, Manchester, 

UK) coupled with the dry combustion analyzer in order to determine relative disappearance of 

legume and grass in mixtures (treatments RP33 and RP67). Carbon isotope ratio was determined 

by comparing δ13C/δ12C in samples to the standard Pee Dee Belemnite (PDB). Lignin was 

analyzed with the Daisy incubator (ANKOM Technology, 2017a). For ADIN, samples were first 

analyzed for acid detergent fiber (ADF) in an ANKOM fiber analyzer (ANKOM Technology, 

2017b), and the resulting residue was analyzed for N concentration utilizing Micro-Kjeldahl 

digestion (Gallaher et al., 1975). Lignin:N and lignin:ADIN ratios were obtained by dividing 

lignin concentration (g kg-1 OM) by N and ADIN concentrations (g kg-1 OM), respectively. Acid 

detergent insoluble N concentration in total N was calculated by dividing ADIN concentration (g 

kg-1 OM) by N concentration (g kg-1 OM).  
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Time-dependent responses of measured variables were evaluated by fitting mathematical 

models. An inverse logistic model (Sebaugh and McCray, 2003) described in Equation 3-1 was 

used to describe total and species-specific biomass, N, and P decay with time (P < 0.05).   

f(x) = {(A - D) / [1 + (x / C)k]} + D (3-1) 

in which f(x) is remaining biomass, N, or P; A is the lower limit reached at decay; k is the 

slope of decay during the linear phase of decay (relative decay rate, g g-1 d-1); D is the upper limit 

during decomposition; C is the day when half of observed decomposition occurs relative to the 

upper and lower limits (A and D parameters), hereafter called relative half-life; and x is time in 

days. Lignin and ADIN concentrations and lignin:N and ADIN concentration in total N followed 

a linear plateau model (P < 0.05) described in Equation 3-2 (McCartor and Rouquette, 1977; 

Silva et al., 2012).  

f(x) = A + B * (x – C) (3-2) 

in which f(x) is the concentration of lignin, ADIN, lignin:N, or ADIN in total N; A is the 

initial concentration or ratio; B is the rate of increase in concentration or ratio from beginning of 

incubation until plateau is reached (g kg-1 OM d-1); and C is the day in which concentration or 

ratio reach the plateau. Carbon:N, C:P, and lignin:ADIN followed a single exponential model (P 

< 0.05) described in Equation 3-3 (Wider and Lang, 1982). 

f(x) = A * exp (k * x) (3-3) 

in which A is the disappearance coefficient, k is the relative decay rate (g g-1 d-1), and x is 

time in days. 

Statistical Analysis  

Data were analyzed using the R software (R Core Team, 2016). For response variables 

analyzed with the inverse logistics and single exponential models, relative decay rate k was 

determined and analyzed. Relative half-life C was also quantified and analyzed for variables fit 
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to the inverse logistic equation. For response variables analyzed with the linear plateau model, 

days to reach plateau C and rate of increase between start of incubation and linear plateau B were 

analyzed. For all response variables, data pertaining to the end of incubation period (Day 128) 

were also analyzed. A mixed model was used for analysis with the package “nlme” (Pinheiro et 

al., 2016), where treatment was considered fixed and year was considered random. Least-squares 

means were analyzed using the “lsmeans” package (Lenth, 2016) and are reported for significant 

main effects (P < 0.05). The effect of legume litter proportion (i.e., 0, 33, 67, and 100 for BG, 

RP33, RP67, and RP, respectively) was assessed by polynomial contrasts using the “contrast” 

function from the “lsmeans” package, excluding the BGN treatment. Comparisons of BG and RP 

mass disappearance in mixtures (RP33 and RP67 treatments) were made relative to that of the 

single-species (BG and RP) treatments. 

Results and Discussion 

Initial Litter Composition 

Sources of litter were not replicated, so initial litter composition data were not compared 

statistically. They are presented for descriptive purposes (Table 3-1). Litter treatments including 

legume had characteristically high concentrations of N, P, lignin, ADIN, and ADIN as a 

proportion of total N. Likewise, initial litter C:N and C:P were low for treatments including 

legume. 

Total Biomass Decomposition Rate, Relative Half-Life, and Extent of Decomposition  

There was no effect of treatment on total biomass decomposition rate during the linear 

phase of decomposition (k; P ≥ 0.194), however relative half-life (P < 0.001) (Figure 3-2.A) was 

affected by litter composition. Relative half-life is the day at which half of observed total litter 

decomposition occurred. It increased linearly from 21 to 33 d as proportion of rhizoma peanut in 

litter decreased, indicating that mass losses were greater early in the incubation period as 
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proportion of legume increased. Addition of legume had a quadratic effect (P = 0.040) on 

remaining litter biomass at end of incubation. After 128 d, BG had greater (P = 0.028) remaining 

biomass compared with RP33 (43 and 35%, respectively), but BG decomposition extent did not 

differ from the other treatments (P > 0.145; 37, 39, and 39% for BGN, RP67, and RP, 

respectively).  

For bahiagrass monocultures, litter decomposition rate was greatest for pastures receiving 

more N fertilizer and grazed at the greatest stocking rate (Dubeux et al., 2006a). The authors 

reported a mass loss of 15% in the first 8 d of incubation, with decay rate being significantly less 

after 14 d of incubation. Similarly, Tifton 85 bermudagrass litter incubated for 128 d had a 

relative half-life of 32 d, with greater mass decomposition rate at the beginning of incubation 

(Liu et al., 2011).  

Remaining litter biomass in the current study (~ 40% across treatments) was the same as 

the average across three bahiagrass management intensity treatments after 128 d of incubation 

(Dubeux et al., 2006a) and within the range for signalgrass [Brachiaria decumbens (Stapf) R. D. 

Webster]-calopo (Calopogonium mucunoides Desv.) mixtures (30-55%) after 256 d of 

incubation (Silva et al., 2012). When Tifton 85 bermudagrass pastures were fertilized with 50, 

150, and 250 kg N ha-1, remaining aboveground litter biomass after 128 d was greater than in the 

current study, decreasing from 78 to 63% as N level increased in the first year and from 52 to 

45% in the second year.  

The impact of legume on total litter biomass remaining at the end of incubation is not 

consistent in the literature. Including the legume calopo with signalgrass resulted in less litter 

biomass remaining in 1 yr but had no effect in the second year (Silva et al., 2012). They 

suggested that legume chemical composition played a role. Legume N concentration was less 
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and lignin concentration greater in the year legume had no effect relative to the year when it 

affected the response. Rezende et al. (1999) evaluated the effect of stocking rates on litter 

decomposition of a koroniviagrass [Urochloa humidicola (Rendle) Morrone & Zuloaga] 

monoculture and koroniviagrass-legume mixtures with ovalifolium [Desmodium heterocarpon 

(L.) DC subsp. ovalifolium (Prain) H. Ohashi] or tropical kudzu [Pueraria phaseoloides (Roxb.) 

Benth.]. They found that lower stocking rates resulted in a greater proportion of legume in the 

pasture, which in turn resulted in lesser litter C:N ratio and greater litter decomposition.  

In the current study, RP33 had less litter biomass remaining than BG, but RP67 and RP 

did not differ from BG. In the absence of differences in k, the RP33 treatment had greater total 

loss of biomass in part because it had a greater period of linear decay (period between initial and 

final plateau) compared with other treatments (69 vs. ~51 d, respectively). Chemical composition 

of the legume may contribute to the response observed. Berg and McClaugherty (2008) indicated 

that both lignin and N concentration increase in residual litter as decomposition advances. They 

also stated that reduced decomposition at later incubation stages is due to an increase in lignin 

concentration that occurs partially because increasing N concentration inhibits lignin 

decomposition by inhibiting ligninase formation (Berg and McClaugherty, 2008). Initial litter N 

concentration increased from 21 to 31 g kg-1 while initial litter lignin concentration increased 

from 43 to 63 g kg-1 as rhizoma peanut percentage increased from 33 to 100%. Based on Berg 

and McClaugherty’s findings, it is possible that the length of the linear growth phase of RP67 

and RP was shortened in part because of elevated initial N and lignin concentrations and 

interactions between these components during decomposition. This finding of superior 

decomposition of RP33 vs. BG may have implications on how much legume is needed in 

pastures to enhance nutrient cycling. 
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Disappearance of Individual Species in Mixtures  

Treatment affected disappearance of the rhizoma peanut component of litter during 

incubation (P < 0.001) and its relative half-life (P = 0.048) (Figure 3). Rhizoma peanut litter 

mass remaining at the end of incubation as a percentage of that present at the start increased 

linearly as rhizoma peanut percentage increased from 33 to 100% (P = 0.007), with values of 27, 

35, and 39% for RP33, RP67, and RP, respectively. Relative half-life was achieved later in RP33 

compared with other rhizoma peanut treatments (27 d compared with 20 d in RP67 and RP), 

probably because losses of rhizoma peanut biomass in RP33 were more extensive and occurred 

for a longer time compared with that of the other treatments containing legume.  

There were no differences among treatments in proportion of bahiagrass litter mass 

remaining at the end of incubation as a percentage of that present at the start. In the mixed 

legume-grass treatments, the period of linear decline in rhizoma peanut biomass started earlier (7 

and 9 d for RP33 and RP67, respectively) relative to that of the bahiagrass component of the 

mixture (19 and 16 d for RP33 and RP67, respectively). Thus, during the incubation period the 

proportion of bahiagrass in the mixed litter was increasing. At the end of incubation, the RP33 

treatment contained only 25% rhizoma peanut. The legume-grass litter proportion in RP67 

changed relatively little over the incubation period, from 67% rhizoma peanut at the beginning to 

63% at the end of incubation. Decomposition of rhizoma peanut litter started at Day 10 of 

incubation in monoculture (compared with Day 7-9 in mixtures) and bahiagrass started at Day 14 

in monoculture (compared with Day 16-19 in mixture). Thus, it seems that including the grass 

slightly shortened the lag phase of legume decomposition, while the legume slightly increased 

the lag phase of the grass. For both components, the linear decomposition phase was longer in 

RP33 (55 and 51 d for rhizoma peanut and bahiagrass components, respectively) compared with 

RP67 (39 and 41 d for rhizoma peanut and bahiagrass components, respectively).  
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Mixing additional species to monoculture plant litter may result in synergistic effects on 

decomposition rates, and these effects can be non-additive relative to the responses observed for 

the monocultures (Zhang et al., 2013; Cuchietti et al., 2014). Incubation of rapidly- (greater N 

and lesser fiber concentrations) and slowly-decomposing materials (lesser N and greater fiber 

concentrations) in mixtures showed that decomposition of rapidly-decomposing species 

increased in 73 and 70% of mixture combinations incubated for 2 or 9 mo, respectively 

(Cuchietti et al., 2014). They found that after 270 d of incubation, mixing species with larger 

differences in initial N concentration showed a greater synergistic effect on decomposition than 

those with smaller differences. Incubating plant litter from native species in Inner Mongolia, 

including a perennial bunchgrass, a semi-shrub, and a perennial forb in one- and two-species 

combinations, Liu et al. (2007) found a positive non-additive effect of mixtures on 

decomposition rate compared with single species. They attributed this to differences in initial N 

and P concentrations in incubated material. Unlike in the current study, incubation of a legume 

(Melissitus ruthenica) with a grass (Leymus chinensis or Stipa baicalensis) in Inner Mongolia 

accelerated biomass losses from the grasses with no effect on legume decomposition (Zhang et 

al., 2013). The authors suggested that the soil microbial community present at the incubation site 

was likely better adapted to decompose grasses, since the area encompasses a grass-dominated 

ecosystem. Incubation of single- and two-species mixtures of fertilized and unfertilized maize 

and pine needles for 190 d showed a transfer of C in the direction of pine to maize litter in all 

mixture combinations, while N was always transferred from greater- to lesser-N materials 

(Berglund et al., 2013). The authors argue that this transfer of C and N may have occurred as 

amino acids were transported by fungi, further complicating identification of individual species 

decomposition during incubation of mixtures.  
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Factors in addition to litter chemical composition have been proposed to explain the 

synergistic effects of mixed species on litter decomposition. Chapman et al. (2013) incubated 

leaf litter material of four species from a mixed conifer forest with a wide range of C:N and 

lignin:N ratios (71, 45, 47, 71, and 12, 14, 18, and 26, respectively) in one-, bi-, and all-species 

combinations for 3-, 10-, and 27-mo periods. They found that total, bacterial, and fungal 

phospholipid fatty acids (an indicator of microbial biomass) were 70 and 20% greater for mixed- 

compared with single-species material after 10 and 27 mo of incubation, respectively, indicating 

a strong positive effect of mixing species on the microbial community (Chapman et al., 2013). 

Gram-positive bacteria biomass was greater in mixed- relative to single-species plant litter, and 

four-species mixtures had greater fungal and bacterial biomass after 10-mo compared with two-

species mixtures (Chapman et al., 2013). Although microbial population was not correlated to 

mass loss in mixed-species, they suggested that diversity of microbial population in mixed-

species litter may be responsible for decomposition rate differences in mixed- relative to single-

species litter. 

Remaining N and Litter C:N Ratio 

Litter treatment had no effect on k for N decay (P = 0.373) or relative half-life of N (P = 

0.137), but N remaining at the end of incubation was affected (P < 0.001) by proportion of 

legume in litter (linear [P < 0.001] and quadratic [P = 0.0015] effects). At 128 d of incubation, 

remaining N was greater for the BG treatment (85%) than for any treatment that included legume 

(P < 0.002), which averaged 56, 56, and 55% for RP33, RP67, and RP. Remaining N of the BGN 

treatment (78%) did not differ (P = 0.673) from that of BG. Similar to our findings, Silva et al. 

(2012) reported greater remaining N for signalgrass (73%) relative to signalgrass-calopo mixture 

and pure calopo (61 and 50%, respectively).  
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There was an increase in remaining N at 4 and 8 d of incubation relative to initial 

composition at Day 0, driving predicted initial remaining N above 100% (Figure 3-2.B). Greater 

plant litter N remaining for observed versus model-predicted values early in the incubation 

period were also observed for white clover (Trifolium repens L.) and attributed to immobilization 

of environmental N (McCurdy et al., 2013). In Tifton 85 bermudagrass, N immobilization 

increased as stubble heights (8 to 24 cm) and N fertilization (50, 150, or 250 kg N ha-1 yr-1) 

increased, with maximum immobilization starting progressively earlier during incubation as N 

fertilization increased (Liu et al., 2011). Nitrogen mineralization in that experiment was not 

observed before 64 d of incubation for the greater N fertilizer level treatments, and N 

immobilization increased throughout the whole incubation period for the 50 kg N ha-1 yr-1 level.  

Similar to the response of remaining biomass in the current study, differences were 

observed in N remaining at the end of incubation even though k was similar across treatments. 

The period during which a linear decrease occurred in remaining N was only 14 d for BG, 

compared with 119, 74, and 30 d for RP33, RP 67, and RP (Figure 3-2.B). The greater time 

period of linear decline in remaining N in the RP33 treatment is probably related to the greater 

decomposition rate of the rhizoma peanut component in that treatment.  

The effect of legume proportion was linear (P < 0.001) for k of litter C:N ratio (Figure 3-

4), with k values becoming more negative as legume proportion decreased (-0.0019 for RP to -

0.0055 g g-1 d-1 for BG). The rate of decrease in remaining litter C:N ratio during incubation of 

BG was similar to that of BGN (P = 0.530; k = -0.0055 and -0.0047 g g-1 d-1, respectively) but 

differed from all legume-containing treatments (P < 0.026). The decrease in C:N ratio during 

decomposition indicates greater disappearance of C relative to N compounds during incubation, 
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suggesting that a larger proportion of total litter C was available for microbial decomposition 

relative to that of N.  

Carbon:N ratio in 50-50 signalgrass-calopo and 100% calopo litter was nearly constant 

during a 256-d incubation, remaining between 20 and 30, while C:N in pure signalgrass litter 

decreased from 100 to a range of 77 to 93 (Silva et al., 2012). The decrease in remaining N 

values indicated N mineralization, which was observed in pure signalgrass litter despite its high 

(above 70) C:N ratio at the end of the experiment. Liu et al. (2011) observed N immobilization 

of Tifton 85 bermudagrass with initial C:N ratios as low as 40, which are considerable lower 

than those reported by Silva et al. (2012). These data indicate that both immobilization and 

mineralization of N occur at contrasting C:N ratios, and support the concept that the forms of C 

and N are also of major importance in nutrient turnover from plant litter (Heal et al., 1997).  

There were linear (P < 0.001) and quadratic (P = 0.022) effects of legume proportion on 

remaining litter C:N at the end of incubation. After 128 d, C:N ratio was 20 for BG, which was 

greater than for any other treatment (P < 0.005). The quadratic effect occurred because C:N ratio 

for the treatments containing legume did not differ (16, 15, and 13 for RP33, RP67, and RP, 

respectively), although C:N of RP33 and RP approached significance (P = 0.06). The endpoint 

C:N ratio of BGN was 16, which was less than BG and greater than RP only (P = 0.035) (Figure 

3-4). At the end of incubation, all treatments reached C:N ratios less than 25 indicating favorable 

composition for mineralization (Heal et al., 1997). The similar C:N ratio in BGN and mixtures of 

bahiagrass and rhizoma peanut suggests that the integration of legumes into grass swards can 

achieve litter C:N ratios that favor N mineralization, similar to those achieved through N 

fertilizer application. This, associated with the greater initial N concentration (13, 17, 21, 26, and 

31 g kg OM-1 for BG, BGN, RP33, RP67, and RP, respectively) and lower remaining N when 
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legumes are added to grass litter indicate greater potential N return to the environment in 

legume-containing treatments compared with N-fertilized BG. However, the magnitude of the 

effect of N return will depend on litter deposition mass. 

Lignin, Lignin:N, and Lignin:ADIN  

Proportion of legume affected litter lignin concentration at the end of the incubation 

period (P = 0.034), rate of lignin concentration increase during incubation (P < 0.001), and days 

to reach a linear plateau in lignin concentration (P < 0.001). Rate of increase in lignin 

concentration before it reached the linear plateau was greater for RP than all other treatments (P 

< 0.022). Number of days for lignin concentration to stabilize were 44, 73, 73, 77, and 76 for RP, 

RP67, RP33, BGN, and BG, respectively. There was a quadratic effect (P = 0.0136) of legume 

proportion on lignin concentration at the end of incubation, with lignin concentration increasing 

from 220 g kg-1 for BG to 259 and 269 g kg-1 for RP33 and RP67 and then decreasing to 232 g 

kg-1 for RP.  

Although N is considered to be the most common compound limiting decomposition and 

C:N ratio is often used as a measurement of litter quality, nature of C, secondary compounds, 

other nutrients, and their interactions may significantly impact decomposition (Heal et al., 1997). 

During litter decomposition, recalcitrant materials tend to increase in concentration over time 

because more labile materials disappear and new, lignin-like components are produced by 

microorganisms (Berg and Matzner, 1997; Gijsman et al., 1997, Berg and McClaugherty, 2008). 

In our study, N and lignin concentration prior to incubation were greater at larger proportions of 

rhizoma peanut. During decomposition, rate of increase in lignin concentration was greater in RP 

compared with RP33 and RP67 (5.8 compared with 3.4 and 3.0 g kg-1 OM d-1, respectively), but 

this increase ceased earlier (44 d) compared with RP33 and RP67 (73 d). Soluble N has been 

documented to inhibit lignin decomposition (Carreiro et al., 2000). The faster accumulation of 
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lignin in RP probably occurred because the greater N concentration in this treatment inhibited 

lignin degradation, causing it to increase in concentration. The lower lignin concentration found 

at 128 d in RP relative to the other rhizoma peanut treatments probably occurred due to its linear 

plateau being reached sooner compared with RP33 and RP67.  

Increasing lignin concentration with the inclusion of legume in grass litter was observed 

for signalgrass and calopo mixtures (Silva et al., 2012). The authors found that grass and legume-

grass mixtures reached a linear plateau in lignin concentration at approximately 30 d of 

incubation, with the plateau occurring at concentrations of 160, 200, and 220 g lignin kg-1 OM 

for grass, the 50-50 mixture, and legume litter, respectively. Although the lignin concentrations 

reported by Silva et al. (2012) are similar to what we observed, a longer period was necessary to 

achieve a linear plateau in the present study (Figure 3-5). In elephantgrass root decomposition, 

lignin concentration also increased during incubation reaching a linear plateau at concentrations 

of 220 or 200 g kg-1 OM at 240 or 118 d (Silva et al., 2015).  

There was a quadratic effect (P = 0.016) of legume proportion on days for lignin:N ratio 

to reach linear plateau, with values of 32, 46, 40, and 33 d for BG, RP33, RP67, and RP 

treatments, respectively (Figure 3-6). The plateau was reached at Day 38 for BGN. These values 

are at the lower part of the range of 40 to 60 d reported by Dubeux et al. (2006a) when 

evaluating bahiagrass decomposition. Lignin:N ratio at the end of the incubation period 

decreased linearly (P < 0.001) from 8.5 to 5.2 as legume proportion in litter increased (Table 3-

2). Similar to the results of the current study, lignin:N ratio of litter at the end of the incubation 

period decreased with addition of calopo to signalgrass, and it was at the lower end of the range 

(8-25) reported (Silva et al., 2012). Dubeux et al. (2006a) observed an increase in lignin:N ratio 

in bahiagrass decomposition over time, with this ratio being lower as stocking rate and N 
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fertilization rate increased. The authors suggest that lignin:N is a better indicator than C:N of 

bahiagrass litter quality and decomposition rate because of its indication of C availability to 

microbial decomposition. In our study, lower lignin:N ratio was not associated with greater 

decomposition rate. One possible explanation for the different relationship of lignin:N to 

decomposition in our study relative to that of Dubeux et al. (2006a) is that the form of N in RP33 

was more soluble than in the treatments with greater proportions of rhizoma peanut. At 128 days 

of incubation, N bound to fiber relative to total N concentration in litter material was 430 g 

ADIN kg-1 N, while in RP67 and RP these values were 637 and 560 g ADIN kg-1 N, 

respectively. These results emphasize that the availability of N during decomposition, and not 

only that of C, is important to determine nutrient cycling in the environment.  

Increasing the proportion of legume in litter resulted in a linear decline (P = 0.006) in 

lignin:ADIN ratio at the end of the incubation period (Table 3-2). Proportion of legume in litter 

affected lignin:ADIN ratio decay rate (P < 0.001), with the rate decreasing linearly (P < 0.001) 

as legume proportion increased (-0.0083, -0.0054, -0.0025, and -0.0018 g g-1 d-1 for RP, RP67, 

RP33, and BG, respectively; Figure 3-7). This difference indicates that although N is becoming 

more unavailable in all treatments relative to C,  more N became unavailable in legume litter 

with lignin:ADIN ratio being 1.5 to almost 5 times greater than in other treatments. This is in 

agreement with Rovira and Vallejo (2002), who found that N recalcitrance increases to a greater 

degree in plants with contrasting chemical characteristics during decomposition, while increasing 

C recalcitrance during incubation occurs primarily in plant material with initially more labile C 

composition. Silva et al. (2012) also observed greater decomposition rate of lignin:ADIN in 

signalgrass-calopo mixture and pure calopo relative to pure signalgrass litter. Since lignin 

concentration stabilized in that study at around 32 d, the reduction in lignin:ADIN was attributed 
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to increasing ADIN concentration due to formations of complexes between N and lignin. 

Carbohydrates and lignin phenolic groups and quinones may react with NH3 during 

decomposition, making it unavailable for microbial utilization (Berg and McClaugherty, 2008). 

A similar response was observed in our study in regards to lignin:ADIN, since ADIN 

concentration stabilized at 82 d and lignin within a range of 43 to 77 d. As lignin concentration 

reached a plateau earlier and faster in the RP treatment, lignin:ADIN decay rate was greater for 

RP compared with other treatments (Figure 3-7). 

ADIN Concentration in the OM and in Total N 

Legume proportion in litter had no effect on number of days to reach the linear plateau 

for ADIN concentration in OM or total N, but both responses increased with time of incubation. 

At the end of the incubation period, ADIN concentration in OM increased linearly with 

increasing legume proportion (P < 0.001), while the linear effect on ADIN concentration in total 

N approached significance (P = 0.107) (Table 3-2). Acid detergent insoluble N concentration in 

the OM plateaued at 82 d, while ADIN concentration in N stabilized at 65 d. Bahiagrass litter 

ADIN concentration in total N for pastures managed at a range of intensities, reached a plateau 

of approximately 500 g kg-1, meaning that around 50% of total N was likely unavailable for 

microbial utilization (Dubeux et al., 2006a). In pure signalgrass, around 68% of N was bound to 

fiber after 256 d of incubation, while less (54%) N was unavailable when legume proportion was 

50 and 100% (Silva et al., 2012). In elephantgrass roots, ADIN also increased with incubation 

time reaching a linear plateau after 128 d in 2 yr (Silva et al., 2015). Lesser ADIN concentration 

in total N in the second year of their experiment lead to greater root decomposition rates in that 

year relative to the first year. These results and those of our study support the premise that nature 

of N and C are important indicators of decomposition and nutrient cycling. 
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Remaining P and C:P 

There was no effect of plant litter composition on remaining P decay rate (P = 0.5461) or 

relative half-life (P = 0.190), but increasing litter legume proportion linearly increased (P < 

0.001) remaining P at the end of incubation from 39% for BG to 45, 58, and 66% for RP33, 

RP67, and RP, respectively. Treatments BG and BGN were also different, with P remaining 

proportions of 39 and 61%, respectively (P = 0.0148). Remaining P observed in this study was 

similar to that reported by Dubeux et al. (2006), who found ~40% remaining P for bahiagrass 

litter incubated for 128 d. Phosphorus may be an important limiting factor in decomposition of 

plant litter in tropical environments, where its availability in the soil is typically low (Gijsman et 

al., 1997). In bahiagrass pastures, litter decomposition contributed little to P inputs to the soil, 

with estimated P returns of only ~ 3 kg P ha-1 (Dubeux et al., 2006a). 

Legume proportion in plant litter had a linear effect on decay rate of C:P (P < 0.001) and 

linear (P < 0.001) and quadratic (P = 0.02) effects on final C:P ratio. The C:P ratio increased (k = 

0.0019 g g-1 d-1) for the BG treatment during incubation, indicating P immobilization (Figure 3-

8). This was also observed in bahiagrass litter incubated for 128 d (Dubeux et al., 2006a). All 

other treatments decreased in C:P ratio during incubation and decay rates were not different from 

each other (P > 0.135). Final C:P ratio was greater for BG (249) compared with all other 

treatments (P < 0.001; 141, 138, 118, and 85 for BGN, RP33, RP67, and RP treatments, 

respectively; Table 3-2).  

The classification of plant litter material by nutrient richness for both C:P and C:N 

followed the same order, with BG > BGN > RP33 > RP67 > RP throughout incubation, except 

for initial C:P ratio in BG being slightly less than that of BGN (Table 3-1). This agrees with 

Manzoni et al. (2015), who found that plant litter C:N and C:P at beginning of incubation are 
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strongly related, i.e., nutrient richness of N tends to indicate the same for P and the reverse is 

also true.  

Conclusions 

Losses of total biomass were greater for litter mixtures of rhizoma peanut-bahiagrass 

consisting of 33% rhizoma peanut compared with an unfertilized bahiagrass monoculture (35 

relative to 43% remaining biomass, respectively). Mixtures with greater proportions of rhizoma 

peanut and an N-fertilized bahiagrass monoculture had intermediate values of remaining total 

biomass after 128 of decomposition (~38%) and did not differ from BG and RP33 treatments. 

The differences in total biomass losses occurred even though decomposition rate k was not 

different across treatments. The difference was due to the greater period during which linear 

decay (period between initial and final plateau) in decomposition occurred in RP33 compared 

with other treatments (69 and ~51 d, respectively). In addition, decomposition of the rhizoma 

peanut component was greater in RP33 relative to RP67 and RP, but decomposition of the 

bahiagrass component was not affected by presence of legumes vs. in monocultures. Greater 

decomposition of rhizoma peanut in RP33 was associated with a longer period of linear decline 

(55 d) compared with other treatments (39 and 31 d for RP67 and RP, respectively). Relative to 

incubated monocultures, the linear decrease in incubated biomass in mixtures started earlier in 

the rhizoma peanut and later in the bahiagrass component.  

Remaining N at end of incubation was less in rhizoma peanut relative to bahiagrass 

treatments. Similarly to biomass decomposition, differences in the extent of remaining N losses 

were probably due to the longer period of linear decline in rhizoma peanut treatments (~74 d; as 

along as 119 d in RP33) relative to pure bahiagrass (~21 d). These results indicate greater N 

mineralization when legumes were present in litter even though C:N of BGN was similar to that 

of RP33 and RP67 by the end of incubation.  
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Nature of C and N changed during incubation, with both becoming more unavailable as 

decomposition advanced. Lignin:ADIN ratio decreased as incubation advanced, implying that N 

became unavailable at a faster rate than C during decomposition. This change was on average 

almost four times greater in RP when compared with the other treatments. Between 43 and 64% 

of N present at the end of incubation was unavailable for microbial utilization. Lignin:N, 

lignin:ADIN, and ADIN concentration in total N were similar between RP33 and BG at the end 

of incubation, indicating that other factors such as microbial activity may have been responsible 

for greater biomass losses observed in RP33. Phosphorus immobilization was observed in BG 

litter but not in any other treatment.  

This experiment allowed us to simultaneously compare fertilizer to legume-sourced N 

input in decomposition and nutrient cycling of grass-based systems. Our results indicate that in 

terms of nutrient return to the environment, legume-grass mixtures are superior to unfertilized 

grass monoculture, and are equal or superior to fertilized grass or legume monoculture. This 

response is primarily related to the greater N and P mineralization in the presence of legumes and 

to greater decomposition of the legume component in mixtures in grasses. However, part of the 

increase in decomposition cannot be attributed solely to differences in chemical composition 

across treatments and is likely related to greater diversity in microbial populations in the 

presence of mixtures relative to monocultures. 
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Table 3-1. Chemical composition of plant litter at beginning of incubation for 2 yr in Gainesville, FL. Treatments were: bahiagrass 

fertilized with 60 kg N ha-1 (BGN), bahiagrass (BG), mixtures of bahiagrass and rhizoma peanut in 67-33% (RP33) and 33-

67% (RP67), and pure rhizoma peanut (RP). 

Treat. 
N P Lignin ADIN 

g ADIN kg-1 N 
Lignin:ADIN Lignin:N C:N C:P 

________________________ g kg-1 OM ________________________ ________________________ dimensionless ________________________ 

BGN 17 2.6 29 1.6 92 18 1.7 28 188 

BG 13 2.5 27 1.1 88 27 2.2 38 193 

RP33 21 3.3 43 2.5 119 19 2.0 23 151 

RP67 26 3.7 53 2.9 110 19 2.0 19 136 

RP 31 4.1 63 3.4 105 20 2.1 16 124 

 

Table 3-2. Chemical composition of plant litter at end of incubation for 2 yr in Gainesville, FL. Treatments were: bahiagrass fertilized 

with 60 kg N ha-1 (BGN), bahiagrass (BG), mixtures of bahiagrass and rhizoma peanut in 67-33% (RP33) and 33-67% 

(RP67), and pure rhizoma peanut (RP).  

Treat. 
N P Lignin ADIN 

g ADIN kg-1 N 
Lignin:ADIN Lignin:N C:N C:P 

________________________ g kg-1 OM ________________________ ________________________ dimensionless ________________________ 

BGN 34 3.9 229 19 542 14 7 16 141 

BG 26 2.4 220 14 515 18 9 20 249 

RP33 35 4.4 259 15 430 18 8 16 139 

RP67 39 5.7 269 25 637 11 7 15 119 

RP 45 6.9 232 25 560 11 5 13 86 

SE 1.6 1.0 14 2 7 3 0.4 0.7 35 

Lin. effect† P < 0.001 P < 0.001 NS P < 0.001 P = 0.107 P = 0.006 P < 0.001 P < 0.001 P < 0.001 

Quad. effect NS NS P = 0.014 NS NS NS NS P = 0.022 P = 0.02 
†Polynomial contrast of effect of legume inclusion level. Contrasts were calculated using BG, RP33, RP67, and RP only. 
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Figure 3-1. Monthly weather data at Hague, FL (18 km from experimental site) during the years 

of evaluation and the 30-yr average for Gainesville, FL. Total annual rainfall was 

1546 mm in 2014 and 1344 mm in 2015, compared with the 30-yr average of 1203 

mm.  
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Figure 3-2. Remaining biomass and N decay of plant litter during 128-d incubation period for 2 

yr in Gainesville, FL. A) Remaining biomass and B) Remaining N. Treatments are: 

bahiagrass (BG), bahiagrass fertilized with 60 kg N ha-1 (BGN), mixtures of 

bahiagrass and rhizoma peanut in 67-33% (RP33) and 33-67% (RP67), and pure 

rhizoma peanut (RP). Points represent measured response variables (mean ± SE) and 

lines represents model estimates. For remaining biomass, equations were: BG = {(39 

– 99)/[1 + (x/31)-1.9]} + 99; BGN = {(32 – 101)/[1 + (x/33)-1.9]} + 101;RP33 = {(29 – 

97)/[1 + (x/34)-1.7]} + 97; RP67 = {(36 – 96)/[1 + (x/25)-2.0]} + 96; RP = {(34 – 99)/[1 

+ (x/23)-1.8]} + 99. For remaining N, equations were: BG = {(83 – 108)/[1 + (x/19)-

4.3]} + 108; BGN = {(75 – 106)/[1 + (x/23)-2.8]} + 106; RP33 = {(47 – 102)/[1 + 

(x/28)-1.0]} + 102; RP67 = {(51 – 98)/[1 + (x/26)-1.3]} + 98; RP = {(53 – 99)/[1 + 

(x/20)-2.2]} + 99; x is time in days.  

 

A) 

B) 



 

68 

 
Figure 3-3. Remaining rhizoma peanut biomass for mixtures of plant litter during 128-d 

incubation period over 2 yr in Gainesville, FL. Treatments are: bahiagrass and 

rhizoma peanut in 67-33% (RP33) and 33-67% (RP67), and pure rhizoma peanut 

(RP). Points represent measured response variables (mean ± SE) and lines represents 

model estimates. Equations were: RP33 = {(13 – 100)/[1 + (x/26)-1.1]} + 100; RP67 = 

{(30 – 98)/[1 + (x/25)-1.5]} + 98; RP = {(36 – 99)/[1 + (x/23)-1.8]} + 99. Number of 

days is referred to as x in equations; x is time in days.  

 
Figure 3-4. Carbon:N ratio of plant litter during 128-d incubation period for 2 yr in Gainesville, 

FL. Treatments are: bahiagrass (BG), bahiagrass fertilized with 60 kg N ha-1 (BGN), 

mixtures of bahiagrass and rhizoma peanut in 67-33% (RP33) and 33-67% (RP67), 

and pure rhizoma peanut (RP). Points represent measured response variables (mean ± 

SE) and lines represents model estimates. Equations were: BG = 36 * e(-0.0053 * x); 

BGN = 27 * e(-0.0046 * x); RP33 = 25 * e(-0.0041 * x); RP67 = 20 * e(-0.0027 * x); RP = 17 * e(-

0.0020 * x); x is time in days.   
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Figure 3-5. Lignin concentration of plant litter during 128-d incubation period for 2 yr in 

Gainesville, FL. Treatments are: bahiagrass (BG), bahiagrass fertilized with 60 kg N 

ha-1 (BGN), mixtures of bahiagrass and rhizoma peanut in 67-33% (RP33) and 33-

67% (RP67) , and pure rhizoma peanut (RP). Points represent measured response 

variables (mean ± SE) and lines represents model estimates. Equations were: BG = 

220 + 2.6 * (x - 74); BGN = 228 + 2.5 * (x – 77); RP33 = 258 + 3.2 * (x – 70); RP67 

= 269 + 3.0 * (x – 71); RP = 238 + 4.7 * (x – 38); x is time in days.  

 
Figure 3-6. Lignin:N ratio of plant litter during 128-d incubation period for 2 yr in Gainesville, 

FL. Treatments are: bahiagrass (BG), bahiagrass fertilized with 60 kg N ha-1 (BGN), 

mixtures of bahiagrass and rhizoma peanut in 67-33% (RP33) and 33-67% (RP67) , 

and pure rhizoma peanut (RP). Points represent measured response variables (mean ± 

SE) and lines represents model estimates. Equations were: BG = 5.9 + 0.16 * (x - 26); 

BGN = 6.9 + 0.15 * (x – 35); RP33 = 7.5 + 0.14 * (x – 42); RP67 = 6.9 + 0.12 * (x – 

41); RP = 5.9 + 0.16 * (x – 26); x is time in days.  
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Figure 3-7. Lignin:ADIN ratio of plant litter during 128-d incubation period for 2 yr in 

Gainesville, FL. Treatments are: bahiagrass (BG), bahiagrass fertilized with 60 kg N 

ha-1 (BGN), mixtures of bahiagrass and rhizoma peanut in 67-33% (RP33) and 33-

67% (RP67) , and pure rhizoma peanut (RP). Points represent measured response 

variables (mean ± SE) and lines represents model estimates. Equations were: BG = 21 

* e(-0.0011 * x); BGN = 16 * e(-0.0009 * x); RP33 = 23 * e(-0.0029 * x); RP67 = 19 * e(-0.0049 * x); 

RP = 24 * e(-0.0062 * x); x is time in days.  
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Figure 3-8. Carbon:P ratio of plant litter during 128-d incubation period for 2 yr in Gainesville, 

FL. Treatments are: bahiagrass (BG), bahiagrass fertilized with 60 kg N ha-1 (BGN), 

mixtures of bahiagrass and rhizoma peanut in 67-33% (RP33) and 33-67% (RP67) , 

and pure rhizoma peanut (RP). Points represent measured response variables (mean ± 

SE) and lines represents model estimates. BG = 162 * e(0.0027 * x); BGN = 168 * e(-0.0013 

* x); RP33 = 147 * e(-0.0008 * x); RP67 = 123 * e(-0.0008 * x); RP = 121 * e(-0.0038 * x); x is 

time in days.  
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CHAPTER 4 

NITROGEN FERTILIZATION AND PROPORTION OF LEGUME AFFECT LITTER 

DEPOSITION, DECOMPOSITION, AND NUTRIENT RETURN IN BAHIAGRASS 

PASTURES  

Introduction  

Cost of inorganic N fertilizer has increased in recent years, and greater cost and lack of 

availability may limit fertilizer applications to warm-climate grasslands (Dubeux et al., 2007). 

This imposes challenges to maintaining adequate plant nutrition to support plant growth and 

sustain cattle production, especially when associated with poor grazing management (Braz et al., 

2013). The outcome may be pasture degradation and severe limits to ecosystem services they 

provide (Sollenberger, 2014). 

Introduction of legumes into warm-season, perennial grass swards can provide N to the 

grazing system through cycling in animal excreta and plant litter decomposition. A 50-50 grass-

legume mixture fertilized with 50 kg N ha-1 had similar herbage accumulation to a grass 

monoculture fertilized with 450 kg N ha-1 (Nyfeler et al., 2009), indicating an opportunity for 

some associations to provide N to the system without sacrificing production. In fertilized 

bahiagrass (Paspalum notatum Flügge), Dubeux et al. (2006b) found that plant litter had the 

potential to contribute 57 kg N ha-1 yr-1 when the pasture received 40 kg N fertilizer ha-1 yr-1. For 

signalgrass [Brachiaria decumbens (Stapf) R. D. Webster]-calopo [Calopogonium mucunoides 

Desv.]) plant litter mixtures with legume proportion of 0, 50, and 100%, Silva et al. (2012) found 

that litter decomposed to a greater extent in treatments containing legume when compared with 

grass alone. The differences observed were attributed to contrasting chemical characteristics of 

the incubated plant materials, particularly greater N concentration with the presence of legumes. 

Rezende et al. (1999) also observed an increase in decomposition rate of litter as proportion of 

legume increased in a mixed grass-legume pasture.  
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In addition to the effect of including legumes on litter chemical characteristics, greater 

microbial diversity may occur in mixed-species litter and can play an important role in 

determining rate and extent of litter decomposition (Chapman et al., 2013). Abiotic factors also 

affect these responses, with greater temperature typically increasing decomposition rates 

(Anderson and Hetherington, 1999) and greater rainfall having either positive (Silva et al., 2012) 

or negative effects (Apolinário et al., 2014) on decomposition dynamics depending on amount. 

 Although efforts continue to increase adoption of legumes in grasslands (Castillo et al., 

2014; Mullenix et al., 2016a; b), more information is needed about how proportion of legume 

affects nutrient cycling in grass swards, particularly when compared with grass monocultures 

under typical management including N fertilization. The objective of this study was to quantify 

the effects of N fertilization of bahiagrass monoculture and proportion of rhizoma peanut 

(Arachis glabrata Benth.) in mixtures with bahiagrass on litter deposition, composition, 

decomposition rate, and nutrient disappearance.  

Material and Methods 

Experimental Site  

A 2-yr experiment was conducted at the University of Florida Beef Research Unit (BRU) 

in Gainesville, FL (29.72 N°, 82.35°W) during the summers of 2015 and 2016 on well-

established pastures of bahiagrass monoculture and mixtures of rhizoma peanut with bahiagrass. 

Soils at the site are Sparr fine sand (loamy, siliceous, hyperthermic Grossarenic Paleudult). Soil 

samples were taken in May 2014 to a 15-cm depth and analyzed at the University of Florida 

Extension Soil Testing Laboratory. Soil pH ranged from 5.9 to 6.2 and Melich-3 extractable P, 

K, and Mg ranged from 112 to 138, 52 to 78, and 83 to 122 mg kg-1, respectively; all nutrient 

concentrations were classified as high. Based on these results, no lime or fertilizer were applied 
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except N for the N-fertilized bahiagrass treatment. Weather data from the experimental years are 

presented in Figure 4-1. 

Treatments and Experimental Design  

The experiment included four treatments replicated three times in a completely 

randomized design. Plot area was 20 x 48 m2. Two treatments were bahiagrass monoculture, one 

receiving 0 kg N ha-1 (BG) and the other receiving 50 kg N ha-1 (BGN) in late spring/early 

summer. The other two treatments were mixtures of rhizoma peanut and bahiagrass, and the 

target rhizoma peanut botanical composition levels were 10 and 50%. The mixed pastures had 

approximately 10 to 20% rhizoma peanut in spring of the year before the study began. In order to 

achieve approximately 50% rhizoma peanut in those plots, they were sprayed with 875 mL ha-1 

Fusilade (Fluazifop-p-butyl) on 12 May and 10 Oct. 2014. Across mixed treatments in the 2 yr of 

the study, botanical composition ranged from 6 to 78% and varied within treatments each year 

and between years for a given treatment. Because of this variation, it was deemed inappropriate 

to consider the mixed-species treatments as discrete levels of legume percentage; instead 

rhizoma peanut percentage was considered a continuous variable and analyzed using regression. 

Grazing Management 

Pastures were rotationally stocked with two animals per pasture. Grazing started on 3 and 

9 June in 2015 and 2016, respectively. Animals were maintained in the experimental area for 

residence periods of approximately 1 wk until target stubble height of 10 cm was reached for BG 

and BGN treatments and 15 cm for the mixtures. For BG and BGN, length of regrowth interval 

between grazing events was 3 wk. For the mixture treatments, regrowth interval was 6 wk. 

Litter Deposition 

Deposition of litter was measured during 14-d periods in the middle of the regrowth 

interval for each treatment following the methodology described by Rezende et al. (1999). 
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Because of the difference in regrowth intervals between grazing events for grass monocultures 

and mixtures, litter deposition was measured during Days 4 to 18 of the regrowth interval for BG 

and BGN and Days 14 to 28 for the bahiagrass-rhizoma peanut mixtures. Specifically, a circular 

0.25-m2 quadrat was placed at three random locations per experimental unit, and plant material 

on the soil surface inside the quadrat was collected and dried at 60°C for ~72 h. This was called 

existing litter. After 14 d, litter was collected from the same area, and it was considered 

deposited litter. This procedure occurred twice each year. Existing litter was collected on 18 

Aug. and 13 Oct. 2015 and 2 Aug. and 11 Oct. 2016. In August 2015, deposited litter could not 

be collected due to excessive rainfall that flooded the experimental area. After an initial drying 

procedure and prior to weighing, both existing litter and deposited litter were sieved 

consecutively through 4- and 2-mm sieves to remove soil, transferred to a paper bag, and dried at 

60°C for an additional 12 h and weighed. Litter deposition rate was calculated by dividing the 

collected litter mass (14 d after clearing the existing litter) by 14 and adjusting for decomposition 

that occurred during the 14-d period (Rezende et al., 1999; Dubeux et al., 2006b; Liu et al., 

2011a; Apolinário et al., 2013).  

Litter Decomposition 

Litter decomposition was evaluated using the litter bag technique. Plant material was 

collected by clipping herbage to soil level from at least four 0.25-m2 quadrats per plot 3 wk after 

grazing. Litter from each experimental unit was kept separate and not combined across replicates 

for any treatment. For the purposes of the decomposition study, litter was defined as fully 

expanded bahiagrass leaf blade and rhizoma peanut leaflets. The top 5 cm of the rhizoma peanut 

sward canopy was eliminated to avoid utilization of young, unexpanded leaflets. Separated 

fractions of rhizoma peanut and bahiagrass litter were dried at 60°C for 72 h. The proportion of 

legume and grass in this separated material was the proportion of each allocated to litter bags for 
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that experimental unit. In the first year, proportion of rhizoma peanut in incubated litter ranged 

from 7 to 44%, while in the second year this proportion was 15 to 75%. Litter was not ground to 

better simulate field conditions by maintaining surface integrity (Dubeux et al., 2006a). Litter 

bags were 100% polyester lining fabric (75-µm mesh size), 15 x 20 cm in size, and closed with a 

heat sealer after 12 g of litter was added. Two replicate litter bags were filled per experimental 

unit for each of six incubation times (4, 8, 16, 32, 64, and 128 d), resulting in 12 bags per 

experimental unit. Two empty, heat-sealed bags were placed per plot and served as blanks to 

account for changes in bag weight during the incubation period. Two empty bags were collected 

per incubation time from randomly determined plots. Bags were placed on the soil surface and 

protected against animal interference by the use of exclusion cages. After collection, bags were 

dried at 60°C for 72 h, brushed to eliminate attached particles, and weighed. Blank bag weights 

were subtracted to account for changes in bag weight. Weight of remaining litter was averaged 

across bags within a plot and collection time in order to obtain one weight per collection time per 

experimental unit. Incubation started on 20 September and 4 October in 2015 and 2016, 

respectively. 

Litter and Nutrient Disappearance 

Remaining biomass, remaining N, remaining P, C:N, C:P, and lignin:acid detergent 

insoluble N (ADIN) followed a single exponential decay (P < 0.05) model described in Equation 

4-1 (Wider and Lang, 1982):  

f(x) = A * e (k * x) (4-1) 

where A is the disappearance coefficient, k is the relative decay rate (g g-1 d-1), and x is 

time in days. Concentration of lignin and ADIN, lignin:N ratio, and ADIN concentration in total 

N were analyzed using a linear plateau model (P < 0.05; McCartor and Rouquette, 1977) as 

described by Dubeux et al. (2006a) and Silva et al. (2012) in Equation 4-2: 
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f(x) = A + B * (x – C) (4-2) 

where A is initial chemical composition, B is the rate of increase in concentration, and C 

is the day in which the linear plateau was reached. 

Chemical Composition Analysis 

Contents of the two bags collected from each experimental unit per incubation time were 

composited for chemical composition analysis. Samples were ground using a Wiley mill (Model 

4 Thomas-Wiley Laboratory Mill; Thomas Scientific) to pass through a 1-mm stainless steel 

screen. Samples were analyzed for dry matter (DM) by drying at 105°C for 15 h and organic 

matter (OM) by ashing at 500°C for 4 h (Moore and Mott, 1974. Carbon and N were analyzed by 

dry combustion using a Flash EA 1112-NC elemental analyzer (CE Elantech, Lakewood, NJ) 

after samples were ball milled. Lignin was analyzed with a Daisy incubator (ANKOM 

Technology, 2017a). Acid detergent insoluble N was obtained by Micro-Kjeldahl digestion 

(Gallaher et al., 1975) of samples after obtaining the acid detergent fiber (ADF) residue 

(ANKOM Technology, 2017b). All chemical composition results were expressed on an OM 

basis to eliminate mineral particle effects on nutrient concentration. Nutrient ratios were obtained 

by expressing nutrient concentration on an OM basis (g kg OM-1). 

Statistical Analysis 

Data were analyzed using the R software (R Core Team, 2016). Years were analyzed 

separately because weather conditions differed considerably between the first and second years 

of the experiment (Figure 4-1), and rainfall and temperature affect plant litter dynamics (Dubeux 

et al., 2006a; b; Silva et al., 2012; Apolinário et al., 2013). For response variables analyzed with 

the single exponential decay model, k (relative decay rate) was compared. For response variables 

following the linear plateau model, C (days to reach linear plateau) was analyzed. Chemical 

composition prior to incubation (initial composition) and at the end of the 128-d incubation 
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period (final composition) were compared. For comparisons of BG and BGN treatments, a linear 

model was used for analysis with the function “lm”, where pasture treatment was considered 

fixed. For these treatments, least squares means were analyzed using the “lsmeans” package 

(Lenth, 2016) and are reported for significant main effects (P < 0.05). For bahiagrass-rhizoma 

peanut mixtures, decomposition response variables were regressed on actual incubated legume 

proportion placed in the litter bag (based on separation of bahiagrass leaf blade and all RP 

leaflets except those in the top 5 cm of the canopy) and deposited and existing litter responses 

were regressed on actual pasture legume proportion (from botanical composition samples taken 

to soil level).  

Results and Discussion 

Initial Litter Composition 

At the beginning of incubation, average litter N concentration across treatments was 23 

and 29 g N kg-1 OM in 2015 and 2016, respectively, and legume proportion in litter explained 91 

and 97% of the variation in N concentration in the 2 yr (P = 0.0028 and 0.0004 in 2015 and 

2016, respectively; Figure 4-2). Similarly, C:N ratio at the beginning of incubation was 

negatively related to legume proportion in litter (R2 = 0.89 and 0.90; P = 0.0050 and 0.0038 in 

2015 and 2016, respectively). Nitrogen concentration in legume-grass litter was greater than that 

of pure bahiagrass treatments (P = 0.0005 and 0.0035, in 2015 and 2016, respectively), which 

did not differ from each other in 2015 (P = 0.94; 16 g N kg-1 OM for both treatments) or 2016 (P 

= 0.26; 17 and 22 g N kg-1 OM for BG and BGN, respectively). Ratio of C:N was similar 

between BG and BGN (P = 0.7936 and 0.0889 in 2015 and 2016, respectively) and greater in 

pure bahiagrass treatments compared with legume-grass mixtures (P = 0.0005 and 0.0001 in 

2015 and 2016, respectively). 
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Dubeux et al. (2006a) evaluated litter composition of bahiagrass under increasing 

management intensities (40, 120, and 360 kg N ha-1 associated with stocking rates of 1.3, 2.7, 4.0 

animal units [AU, one AU = 500 kg live weights] ha-1 for Low, Medium, and High management 

levels, respectively). In their study, litter N concentration at beginning of incubation was 15 to 17 

g kg-1, while in our study this range was 15 to 22 for the grass treatments and 18 to 35 g kg-1 OM 

for the mixtures. One reason for somewhat lesser N concentrations reported by Dubeux et al. 

(2006a) is they defined litter as senescent leaves still attached to the plant, while in the current 

study leaves of any age were used as long as they were fully expanded. As leaves senesce, N and 

other nutrients are transferred to new-growing tissue. In switchgrass (Panicum virgatum L.), 

between 23 and 61% of N in senescent tillers was remobilized into the plant canopy (Yang et al., 

2009). In the perennial grasses Festuca rubra and Agrostis capillaris, it was demonstrated that 

remobilized N represented 70 to 85% of total N in new leaves at initial stages of spring regrowth 

compared with 35 to 45% as growing season advanced, and was sourced exclusively from 

senescing leaves rather than belowground biomass (Bausenwein et al., 2001). This mechanism 

likely explains the difference in N concentration in current pure bahiagrass treatments compared 

with Dubeux et al. (2006a), but the presence of legume in the mixed treatments of the current 

study was primarily responsible for the much larger litter N concentrations (up to 35 g kg-1 OM) 

in those treatments relative to the grass monocultures. 

At the beginning of incubation, proportion of legume had a weak relationship to lignin 

concentration (R2 of 0.15 and 0.27; P = 0.44 and 0.37 in 2015 and 2016, respectively). Dubeux et 

al. (2006a) found that lignin:N rather than C:N or lignin concentration might be a better indicator 

of decomposition at later stages, since it indicates C availability for microorganisms. However, 

in our study decomposition was greater in 2015, when lignin:N was greater (4.8 in 2015 
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compared to 2.8 in 2016). One reason for this may be that a larger proportion of N was 

unavailable for microbial utilization in the form of ADIN in that year (418 and 254 g ADIN kg-1 

N in 2015 and 2016). This supports the argument of others that the form of C and N rather than 

C:N ratio only must be taken into account when evaluating litter decomposition dynamics (Heal 

et al., 1997; Silva et al., 2012). 

Litter Decomposition 

Proportion of legume explained 93 and 75% of the variation in decomposition rate (k) in 

2015 and 2016, with a more negative relative rate as proportion of legume increased, i.e., a more 

rapid rate of decomposition (Figure 4-3). As a result, after 128 d of incubation remaining 

biomass decreased as proportion of legume in litter increased (Figure 4-4). The observed greater 

initial N concentration as legume proportion increased was probably responsible for greater 

biomass disappearance. In heather and bracken pure and mixed litter, addition of 50 kg N ha-1 yr-

1 increased biomass losses by 11, 7, and 12% (Anderson and Hetherington, 1999). Extent of 

decomposition in deciduous and coniferous tree species was linearly correlated to initial N 

concentration, as well as that of other nutrients such as Mn and Ca (Berg et al., 1996; Berg and 

Matzner, 1997). The authors attributed this effect to greater production of cellulose-digesting 

enzymes in the greater N-containing plant material, which was observed in forest-floor litter 

enriched with soluble N (Carreiro et al., 2000).  

Decay rate of the pure bahiagrass treatments were similar to each other in 2015 (P = 

0.3351, k = -0.0048 and -0.0051 g g-1 d-1 for BG and BGN, respectively) and 2016 (P = 0.8007, k 

= -0.0014 g g-1 d-1), and were less negative (i.e., decomposition was slower) relative to 

treatments containing rhizoma peanut (P = 0.0113 and 0.0013 in 2015 and 2016, respectively). 

Dubeux et al. (2006a) evaluated litter decomposition of bahiagrass under previously described 

Low, Medium, and High management levels over 128 d. The k value reported for the High 
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management level was 0.0030 g g-1 d-1, which was similar to what we found for the treatments in 

this study as an average across years (Figure 4-3). This occurred even though the High 

management used by Dubeux et al. (2006a) was associated with considerably greater N input 

(360 kg N ha-1), while legume-grass mixtures in our study received no N fertilizer and BGN 

received only 50 kg N ha-1 yr-1. Biomass relative decay rate k has been documented to be 

affected by presence of legume in pastures. In pure grass (Brachiaria humidicola) and grass-

legume (B. humidicola-Desmodium ovalifolium) pastures stocked at 2, 3, and 4 animals ha-1, 

decomposition constant k ranged between -0.0036 and -0.0042 g g-1 d-1 (Rezende et al., 1999). 

Although presence of legume was not found to have an effect on decomposition rate, the 

stocking rate effect on litter decomposition rate found by Rezende et al. (1999) was attributed to 

the greater legume proportion in the pasture under the lesser stocking rate, and the consequent 

lower C:N ratio in litter in that treatment. Similarly, Silva et al. (2012) performed a 256-d 

incubation study evaluating decomposition of signalgrass-calopo mixtures with 0, 50, and 100% 

legume. They found greater total biomass losses with the inclusion of the legume only in one 

year of the experiment. Although both lignin and N concentration increased with the inclusion of 

legumes relative to pure grass treatments, there was proportionally greater lignin and lesser N 

concentration in the year no statistical difference was found in biomass loss. This emphasizes 

that although C:N is of primary importance when evaluating litter decomposition, their form 

(i.e., C and N availability for decomposition) should also be considered as a key factor 

determining biomass and nutrient losses (Berg and McClaugherty, 2008).  

Relative decay rate was more negative, and therefore decomposition occurred at a greater 

rate in 2015 compared with 2016 across treatments (Figure 4-3). Differences in relative decay 

rate affected percentage biomass remaining at the end of incubation, with less than 56% of 
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biomass remaining for all mixed-species litter in 2015, while in 2016 the lowest amount of 

remaining biomass found was 68% (Figure 4-4). Similarly, in BG and BGN treatments annual k 

differences resulted in more remaining biomass at the end of the incubation period in 2016 

compared with 2015 (84 and 60%, respectively), with no difference between treatments in either 

year (P = 0.76 and 0.90 in 2015 and 2016, respectively).  

Although chemical characteristics at the beginning of incubation, particularly differences 

in N concentration, are important drivers of decomposition rate and extent, differences in 

decomposition may also be associated with contrasting temperature and rainfall in the 2 yr 

(Figure 4-1). Total amount of rainfall during the initial 32 d of incubation was similar between 

years (24 and 29 mm in 2015 and 2016, respectively), however in 2015 there were 10 d with no 

rainfall compared with 17 d in 2016 (Figure 4-1). In addition, 2016 had twice as many days with 

minimum temperatures under 15°C when compared with 2015 (14 and 7, respectively). Others 

have documented temperature and rainfall effects on litter decomposition. Signalgrass-calopo 

litter disappeared to a greater extent when rainfall was greater, although greater N concentration 

at the beginning of incubation in the year with greater rainfall may also have influenced the 

observed differences (Silva et al., 2012). Excessive rainfall, however, may hinder decomposition 

due to leaching of soluble carbohydrates and N from litter, as observed for signalgrass incubated 

for 256 d that had greater decomposition rates when annual rainfall was 847 relative to 1290 mm 

(Apolinário et al., 2014). Finally, temperature is strongly related to microbial activity, hence 

affecting decomposition. In an incubation experiment with heather litter, microbial respiration 

increased exponentially as temperatures increased (Anderson and Hetherington, 1999). Our 

results indicate that although increasing legume proportion increases litter decomposition rate 

and extent, the magnitude of this effect depends upon moisture and temperature. 
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In addition to effects associated with changes in litter chemical characteristics, litter 

decomposition of species mixtures may be affected by microbial activity and diversity. Synergic, 

non-additive effects have been observed for different species. Evaluating decomposition of pure 

and mixed heather and bracken, Anderson and Hetherington (1999) found that single-species 

litter mass losses were similar 36 and 37%, respectively. However, for mixtures composed of 20, 

40, 60, and 80% of one species and the remainder of the other, mass losses were more than 10 

percentage units greater, reaching 48%. The authors speculate that synergic interaction 

influenced fungal colonization of litter when the two species were mixed, increasing 

decomposition compared with single-species litter. Similarly, incubation of aspen (Populus 

tremuloides Michx), Douglas fir (Pseudotsuga menziesii Mirbel Franco), limber pine (Pinus 

flexilis James), and ponderosa pine (Pinus ponderos P. and C. Lawson) leaves in single, two-, 

and all-species mixtures showed a 70 and 20% increase in microbial biomass for the mixtures vs. 

single-species litter after 1 and 2 yr of incubation, respectively (Chapman et al., 2013). The 

authors also observed that biomass losses were greater and 20 to 50% faster than expected in 

mixtures (except those containing aspen) based on weighted averages of individual species 

(Chapman and Koch, 2007; Chapman et al., 2013). Despite these differences in biomass losses 

and microbial biomass, total microbial biomass was correlated only to biomass disappearance in 

single-species litter and did not explain differences in decomposition of mixed species litter. The 

authors indicate that diversity, rather than biomass of decomposers per se, was stimulated in 

mixed-species litter and was responsible for the differences observed.  

As legume proportion increased in the current study, there was also an increase in relative 

decomposition rate of remaining N (Figure 4-3), causing remaining N at the end of incubation to 

be negatively related to legume proportion (Figure 4-4). In 2015, remaining N decreased faster 
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(represented by the more negative k values, Figure 4-3) than in 2016 (averaged -0.0031 and -

0.0023 g g-1 d-1, respectively). The pure bahiagrass treatments had similar remaining N relative 

decay rates to each other in 2015 (P = 0.23, k = -0.0031 and k = -0.0020 g g-1 d-1for BG and 

BGN, respectively) and 2016 (P = 0.32, k = -0.0013 and k = -0.0023 g g-1 d-1 for BG and BGN, 

respectively) (Figure 4-3). At the end of incubation, remaining N was similar for BG and BGN in 

2015 (P = 0.44; 75 and 82%, respectively), but in 2016 there was less remaining N for BGN 

compared with BG (P = 0.04; 70 and 91%, respectively), probably due to greater initial N 

concentration in BGN that year. Greater decay of remaining N in 2015 compared with 2016 

likely occurred due to the behavior we observed in remaining biomass, where lower temperatures 

and longer periods with no rainfall caused decomposition rates to be less in 2016 compared with 

2015. Similar to what was observed in biomass losses, N concentration probably played a large 

role in determining behavior of remaining N. Other work supports this premise. Silva et al. 

(2012) found that signalgrass-calopo litter mixtures had lesser remaining N in years when 

biomass decomposition was greater. Evaluating signalgrass decomposition under 0, 150, and 300 

kg N ha-1, Apolinário et al. (2014) found a linear increase in rate and extent of remaining N 

decomposition as fertilization increased. Considering that the initial N concentration was greater 

at higher legume proportions in litter, this indicates more N is cycled as legume proportion 

increases. Another indication of the relationship between decomposition dynamics and weather 

conditions is that lignin concentration reached a linear plateau earlier in 2016 compared with 

2015 (69 vs. 91 d). Thus, increasing lignin concentration, which is naturally occurring during 

microbial decomposition, ended earlier during an incubation period when temperature and 

moisture were less favorable to decomposition. Similarly, lignin:N ratio stabilized in almost half 

the time in 2016 (40 d) as 2015 (78 d). 
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The potential litter N contribution to this system can be estimated based on litter 

deposition rate and N concentration at beginning of incubation. Considering a grazing season of 

150 d, litter from pure BG treatments contributed ~25 and 26 kg N ha-1 in 2015 and 2016, while 

litter from legume-containing treatments contributed ~32 and 56 kg N ha-1. These values are 

below those reported by Dubeux et al. (2006b) of 57 kg N ha-1 for bahiagrass fertilized with 40 

kg N ha-1 under continuous stocking of 1.3 AU ha-1. However, in their study the constant 

presence of cattle is likely to have increased litter deposition rate because of trampling, 

increasing total N returned through plant biomass relative to this study. In addition, Dubeux et al. 

(2006b) performed their trial during the summer, when forage production and therefore litter 

deposition were likely greater than in our experiment in which litter deposition data was 

collected in the fall.    

Change in Litter Composition During Incubation 

Concentration of N increased and litter C:N ratio decreased during incubation. Legume 

proportion explained 90 and 85% (P = 0.0032 and 0.0083 in 2015 and 2016, respectively) of the 

variation in litter N concentration and 83 and 35% (P = 0.0109 and 0.2150 in 2015 and 2016, 

respectively) of the variation in litter C:N (Figure 4-2). Treatments BG and BGN did not differ in 

N concentration at end of 128 d of incubation in 2015 or 2016 (P = 0.33 and 0.85; 21 and 19 g N 

kg-1 OM, respectively). Ratio of C:N was also similar between BG and BGN in 2015 (P = 0.298; 

average C:N of 24) and 2016 (P = 0.3913; average C:N of 25). Nitrogen concentration was 

greater in litter of legume-grass mixtures compared with pure bahiagrass treatments (P = 0.0013 

and 0.0001 in 2015 and 2016, respectively), and consequently average legume-grass litter C:N 

ratio was lower than in BG and BGN treatments (P = 0.0001 and 0.0013 in 2015 and 2016, 

respectively).   
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The chemical form of N changed during incubation. For the legume-grass mixtures, at the 

beginning of incubation the concentration of acid detergent insoluble N (ADIN) in total N 

averaged 68 and 88 g kg-1 in 2015 and 2016, respectively. By Day 128 of incubation, it increased 

to 418 and 254 g kg-1 in 2015 and 2016, respectively. Averaged across the pure bahiagrass 

treatments, ADIN in total N increased from 64 and 116 g kg-1 at initiation of incubation to 469 

and 352 g kg-1 after 128 d in 2015 and 2016, respectively. At the end of incubation, g ADIN kg-1 

N was similar for legume-grass mixtures and pure bahiagrass treatments in 2015, but in 2016 

litter from bahiagrass was greater (P = 0.0021) meaning more N was immobilized. 

Carbohydrates and lignin phenolic groups and quinones released during decomposition can react 

with NH3, decreasing its availability to microorganisms (Berg and McClaugherty, 2008). This 

change in N form was observed by Dubeux et al. (2006a), who found that bahiagrass after 128 d 

of incubation had almost half of its N unavailable for decomposition. They also found that the 

reduction in N availability was greater for bahiagrass pastures receiving more N fertilization 

(360 kg N ha-1 yr-1) and grazed at greater stocking rates than for those managed less intensively. 

However, Silva et al. (2012) found that ADIN concentration was greater in litter from a 

signalgrass monoculture than a 50-50 mixture and 100% calopo at the end of incubation (675 for 

pure signalgrass and 534 g ADIN kg N-1 for signalgrass-calopo and calopo litter).  

The C pool also changed during decomposition. Lignin concentration in mixtures 

increased during the incubation period from 34 to 150 and 36 to 95 g kg-1 OM in 2015 and 2016, 

respectively. Consequently, averaged across mixed-litter treatments, lignin:N ratio increased 

from beginning to end of incubation, from 1.5 to 4.8 in 2015 and 1.3 to 2.8 in 2016 (Figure 4-2). 

Increase in lignin concentration during decomposition occurs through two mechanisms, the 

disappearance of soluble components and accumulation of recalcitrant material, and synthesis of 
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new lignin-like molecules particularly by fungi (Berg and Matzner, 1997; Gijsman et al., 1997; 

Berg and McClaugherty, 2008). Lignin:N ratio at the end of incubation was unaffected by 

legume proportion in 2015, but in 2016 it decreased linearly as proportion of legume increased 

(P = 0.0086; Figure 4-2). Carreiro et al. (2000) reported a reduction in lignin-degrading enzymes 

with the addition of N. Dubeux et al. (2006a) found similar behavior underlying lignin 

accumulation during bahiagrass decomposition, in which litter from increasing levels of N 

fertilizer application had greater lignin concentration. The authors suggested that this is a product 

of more rapid decomposition of soluble C in high N fertilization treatments, which reduces 

soluble C in detriment to recalcitrant material, and also to the inhibitory effect N has on lignin 

decomposition. This mechanism likely played a role in our study, since no correlation between 

lignin and legume proportion occurred at the beginning of incubation (P > 0.37), but after 128 d 

this relationship was positive in 2015 (P = 0.0037) but there was no relationship in 2016 (P = 

0.31). Lack of correlation in 2016 could be due to the slower decomposition rates in that year. In 

mixtures, Rovira and Vallejo (2002) evaluated change in recalcitrant C and N pools of 

Eucalyptus globulus, Quercus ilex, Pinus halepensis dead material and whole plant fresh 

material of Medicago sativa (all materials were dried and ground). They were incubated over 2 

yr in mixtures with red earth. They found that C recalcitrance index (calculated as proportion of 

unhydrolyzed C relative to total organic C), in which lignin is the main component, increased to 

a greater degree in plant materials that were more labile (M. sativa), while N recalcitrance index 

(estimated similarly to that of C) consistently increased in all plant materials. The authors 

attributed this change to lower mineralization of recalcitrant N as well as significant 

incorporation of N to the unhydrolyzable pool. Additionally, Rovira and Vallejo (2002) found 

that the change in N recalcitrance index was strongly related to rainfall, but only weak 
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relationships were found between this index and temperature. These observations are similar to 

results in our study. Concentration of ADIN increased by six to seven times for mixtures and 

pure bahiagrass treatments in 2015 (68 to 418 and 64 to 469 g kg-1 OM, respectively) when rain 

events were more frequent at the beginning of incubation (Figure 4-1), but in 2016 ADIN 

increase was on the order of three times for both plant material types (88 to 254 and 116 to 352 g 

kg-1 OM for mixtures and pure bahiagrass treatments, respectively). In contrast, lignin 

concentration increased to a lesser degree relative to ADIN, increasing four and three times in 

mixtures and pure bahiagrass in 2015 (34 to 150 and 22 to 119 g kg-1 OM, respectively) and 

three and two times in 2016 (36 to 95 and 31 to 60 g kg-1 OM, respectively). Hence, we observed 

a greater increase of ADIN (insoluble N) compared with that of lignin (insoluble C) after 128 d 

of incubation, and although rainfall seems to have affected both, it affected insoluble N 

concentration to a greater degree. 

Existing Litter Mass and Litter Deposition Rate  

Legume proportion did not explain a significant proportion of the variation in litter 

deposition rate (P = 0.3818 and 0.1592 in 2015 and 2016, respectively; R2 = 0.19 in both years; 

Figure 4-5). Since deposition rate was generally similar across treatments and existing litter is a 

function of deposition rate and litter decomposition rate (Rezende et al., 1999; Dubeux et al., 

2006b), differences observed in existing litter can be attributed primarily to differences in 

decomposition rate. In August of 2015, existing litter had a very weak relationship with 

increasing legume proportion. However, as the season advanced, the greater decomposition rate 

that was observed as legume proportion increased affected existing litter, resulting in a strong, 

negative correlation of pasture legume proportion and existing litter (Figure 4-5). This response 

indicates that at lesser legume proportions, litter decomposition was not rapid enough to 

overcome greater deposition of litter, and existing litter increased at the end of the grazing 
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season. These differences in existing litter carried over to August of 2016. In 2016, relative 

decomposition rate was less than in 2015 (a less negative k) and not as strongly affected by 

legume proportion, which is observable by the lesser slope of the line relating legume proportion 

and relative decomposition rate (Figure 4-3). As a result, existing litter increased by October 

resulting in an overall greater mean existing litter relative to previous litter collection (3010 kg 

ha-1 in October compared with  2770 kg ha-1 in August of 2016), and was not strongly affected 

by legume proportion in the pasture (Figure 4-5). The BG and BGN treatments had litter 

deposition rates of 11 and 9 kg DM ha-1 d-1 in 2015 and 2016, respectively, compared with 9 and 

13 kg DM ha-1 d-1 for mixtures containing rhizoma peanut (Figure 4-5). Pure bahiagrass 

treatments averaged greater existing litter relative to legume-grass mixtures only in August 2015 

(2770 and 1750 kg ha-1, respectively; P = 0.0031) and did not differ from each other in any 

collection time. This greater litter accumulation in treatments that do not contain legume, and in 

2016 relative to 2015, are probably due to slower decomposition rates observed in pure BG and 

BGN treatments overall in 2016 compared with 2015.  

Dubeux et al. (2006a; b) evaluated bahiagrass litter deposition and accumulation under 

increasing management intensities from Low to High. They found that High management levels 

increased litter deposition and decomposition (Dubeux et al., 2006a; b). However, the greater 

decomposition rate was not enough to balance deposition rate, causing existing litter in 

bahiagrass pastures under the High management intensity to increase over the grazing season, 

similar to what we observed in 2015 at lesser legume proportion in the pasture. Apolinário et al. 

(2013) evaluated litter dynamics of signalgrass pastures managed under different stocking rates  

(2.0, 3.9, and 5.8 AU ha-1 [1 AU = 450 kg]) and N fertilization rates (0, 150, 300 kg N ha-1 yr-1). 

The authors observed a carryover effect of grazing management on existing litter in the second 
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year the experiment was conducted, due to cumulative effect of N fertilizer leading to greater 

plant production. This was similar to what we observed in existing litter from October 2015 to 

August 2016 in our study.  

Existing and Deposited Litter Composition 

Concentration of N was similar in deposited litter of mixtures relative to bahiagrass 

treatments in 2015 (P = 0.8744, 19 g kg-1 OM), but greater in 2016 (P = 0.0129, 24 and 19 g N 

kg-1 OM, respectively). In existing litter, N concentration was less in bahiagrass when compared 

with legume-grass treatments in 2015 (P = 0.0148; 22 and 19 g N kg-1 OM, respectively) and in 

2016 (P = 0.0007l; 26 and 20 g N kg-1 OM, respectively). These values are in the range 

described by Dubeux et al. (2006a) for bahiagrass fertilized with 40 to 360 kg N ha-1 (13 to 22 

and 14 to 23 g N kg-1 OM for deposited and existing litter, respectively). Insoluble N fraction in 

total N was similar across treatments (P > 0.1211) and ranged between 492 and 623 g ADIN kg-1 

N for deposited and 468 and 575 g ADIN kg-1 N for existing litter. These values corroborate our 

observation in the decomposition study, where decomposed materials have a large proportion of 

their N in an insoluble form. 

Conclusions  

Biomass losses occurred more rapidly and to a greater extent as legume proportion 

increased in plant litter; these were generally greater than those for unfertilized and fertilized 

bahiagrass. Losses of remaining N increased as legume proportion increased in 2015, when 

decomposition was more rapid than in 2016. Greater decay rate and extent of loss of biomass and 

remaining N with increasing legume proportion probably occurred because of increasing 

concentration of N, however greater microbial diversity has been proposed by others as a 

mechanism for increased decomposition rates in mixed-species litter compared with 

monocultures. The effect of legume proportion on decomposition dynamics were more 
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pronounced in 2015 relative to 2016, which was likely due to environmental conditions during 

incubation, including greater temperature and more frequent rainfall events in 2015. Nature of C 

and N in plant litter changed over the period of decomposition, with increasing concentration of 

insoluble materials, likely due to accumulation and formation of new recalcitrant material as 

decomposition occurred. Because no differences among treatments were observed in litter 

deposition rate, greater litter relative decay rate was responsible for the lesser existing litter mass 

as legume proportion increased, particularly in 2015. Greater N concentration and litter decay 

rates with increasing legume proportion accompanied by similar litter deposition rates across 

treatments indicate that legume-grass mixtures are a useful alternative to N fertilizer for 

increasing N cycling through plant litter in grasslands and that increasing legume contribution is 

likely to be associated with greater levels of N release from plant litter.  
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Figure 4-1. Rainfall and temperature data from the Alachua (FL) site of the Florida Automated 

Weather Network (FAWN). A) Daily rainfall and minimum, average, and maximum 

temperatures for the first 32 d of incubation in 2015. B) Daily rainfall and minimum, 

average, and maximum temperatures for the first 32 d of incubation in 2016. C) 

Monthly average temperature and accumulated rainfall annual data for the years of 

evaluation and the 30-yr average. 

 

A) 

B) 

C) 
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Figure 4-2. Nitrogen concentration, C:N and lignin:N ratio, and acid detergent insoluble N 

concentration in total N for plant litter at beginning (Day 0) and end (Day 128) of 

incubation during 2 yr in Gainesville, FL. Treatments are: unfertilized bahiagrass 

(BG), bahiagrass receiving 50 kg N ha-1 (BGN), and bahiagrass-rhizoma peanut 

mixtures. Lines represent estimated linear correlation and points represent actual 

measured values. P Mixtures = P value for differences among bahiagrass-rhizoma 

peanut mixtures, P Grass x Mixtures = P value for comparison of the average of the two 

grass treatments vs. the average of the mixtures, and P BG x BGN = P value for 

comparison of the two grass treatments. 
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Figure 4-3. Plant litter biomass and N relative decay rates (k) of plant litter incubated for 128 d 

during 2 yr in Gainesville, FL. Treatments are: unfertilized bahiagrass (BG), 

bahiagrass receiving 50 kg N ha-1 (BGN), and bahiagrass-rhizoma peanut mixtures. 

Lines represent estimated linear correlation and points represent actual measured 

values. P Mixtures = P value for differences among bahiagrass-rhizoma peanut mixtures, 

P Grass x Mixtures = P value for comparison of the average of the two grass treatments vs. 

the average of the mixtures, and P BG x BGN = P value for comparison of the two grass 

treatments. 
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Figure 4-4. Plant litter biomass and remaining N after 128 d of incubation over 2 yr in 

Gainesville, FL. Treatments are: unfertilized bahiagrass (BG), bahiagrass receiving 

50 kg N ha-1 (BGN), and bahiagrass-rhizoma peanut mixtures. Lines represent 

estimated linear correlation and points represent actual measured values. P Mixtures = P 

value for differences among bahiagrass-rhizoma peanut mixtures, P Grass x Mixtures = P 

value for comparison of the average of the two grass treatments vs. the average of the 

mixtures, and P BG x BGN = P value for comparison of the two grass treatments. 
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Figure 4-5. Litter deposition rate and existing litter mass in August and October of 2 yr in 

Gainesville, FL. Treatments are: unfertilized bahiagrass (BG), bahiagrass receiving 

50 kg N ha-1 (BGN), and bahiagrass-rhizoma peanut mixtures. P Mixtures = P value for 

differences among bahiagrass-rhizoma peanut mixtures, P Grass x Mixtures = P value for 

comparison of the average of the two grass treatments vs. the average of the mixtures, 

and P BG x BGN = P value for comparison of the two grass treatments. 
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CHAPTER 5 

NITROUS OXIDE AND METHANE EMISSIONS FROM CATTLE URINE AND DUNG IN 

N-FERTILIZED GRASS AND LEGUME-GRASS SWARDS 

Introduction 

Livestock production systems are an important source of greenhouse gases (GHG). 

Emissions of GHG include methane (CH4) from enteric fermentation (Moss et al., 2000; Lassey, 

2007) and dung (Jarvis et al., 1995; Yamulki et al., 1999; Mori and Hojito, 2015), nitrous oxide 

(N2O) from dung, urine (Yamulki et al., 1998; Sordi et al., 2013; Lessa et al., 2014), and N 

fertilizer (de Klein et al., 2006), and carbon dioxide (CO2) from fossil fuels utilized in 

management practices (McSwiney et al., 2010). These GHG have different capacities to trap 

energy and contribute to the greenhouse gas effect, quantified relative to CO2 and referred to as 

global warming potential (GWP) (IPCC, 2014). Global warming potential of N2O is 265, which 

is 9.5 times greater than that of CH4 (28) (IPCC, 2014). Therefore, changes in emissions from 

any source in livestock production due to management strategies can impact their total GHG 

budgets significantly.  

Methane emissions from cattle urine are negligible, but dung can significantly contribute 

to emissions in livestock production systems (Jarvis et al., 1995; Yamulki et al., 1999; Cai et al., 

2017). Methane emissions from dung can be affected by animal diet. Jarvis et al. (1995) 

evaluated CH4 emissions from dung of animals fed fertilized grass or grass-clover (Trifolium sp.) 

mixed pastures. They found CH4 emissions from dung were greater for animals grazing grass-

legume mixtures, probably because of lower C:N ratio. Being a strictly anoxic process (Yamulki 

et al., 1999), production of CH4 from dung can also be affected by percentage soil water-filled 

pore space and rain events. For example, Mori and Hojito (2015) found that CH4 emissions 

increased after rain events as long as fluxes had not subsided to background levels. 
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Formation of N2O occurs through nitrification, nitrifier denitrification, and denitrification 

(Dijkstra et al., 2013). Organic N in dung and urine goes through hydrolysis and mineralization 

forming ammonium (NH4
+), which is used by nitrifying microorganisms producing nitrite (NO2

-) 

and nitrate (NO3
-). Denitrification then follows, forming molecular nitrogen (N2) and N2O 

(Oenema et al., 1997; van der Weerden et al., 2011; Dijkstra et al., 2013). Alternatively, nitrifier 

denitrification occurs when NO2
- is reduced to nitric oxide (NO), N2O, and N2 (Wrage et al., 

2001). Denitrification is often the predominant N2O emission process in the first days after urine 

is deposited on the soil surface because of high soil water content, but this shifts towards 

nitrification as the predominant process (de Klein and van Logtestijn, 1994). Emissions of N2O 

from animal excreta are positively related to their N concentration (Oenema et al., 1997), and 

some authors suggest diet management strategies that reduce N output in animal excreta are a 

viable alternative to reduce N2O emissions from livestock (Dijkstra et al., 2011, 2013).  

Livestock production systems in southeastern U.S. rely mostly on warm-season perennial 

grasses (Vendramini et al., 2010), with N provided by chemical fertilizers. Direct N2O emissions 

from N fertilizer are estimated to be 0.01 kg N2O-N kg-1 N input (de Klein et al., 2006). 

Emissions from production, storage, and application of fertilizer also significantly contribute to 

GHG budgets (Lal, 2004). Alternatively, N from biological fixation in legumes is GHG neutral 

(Jensen et al., 2012), while also potentially reducing CH4 emissions from enteric fermentation 

(Archimède et al., 2011). This makes legume adoption an attractive alternative to improve 

sustainability of grass-based livestock production. In southeastern USA, efforts have been made 

in developing new cultivars of rhizoma peanut (Arachis glabrata Benth.) and promoting 

successful management strategies for their use in mixed-swards with grass species such as 

bahiagrass (Paspalum notatum Flügge) (Castillo et al., 2013a; b; Mullenix et al., 2016a; b). 
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However, little is known about how this change in animal diet affects N2O emissions from 

animal excreta.  

Different models can be used to estimate GHG budgets. At national and regional levels, 

the methodology described by the Intergovernmental Panel on Climate Change (IPCC, de Klein 

et al., 2006) is often used, and indicates a direct relationship between N concentration of excreta 

and an emission factor representing proportion of N input emitted as N2O-N. In this 

methodology, urine and dung N2O emissions are accounted for together, but evidence from field 

experiments shows that emissions from urine are often significantly greater than that of dung 

(van der Weerden et al., 2011; Sordi et al., 2013; Lessa et al., 2014; Mazzetto et al., 2014; Mori 

and Hojito, 2015). For CH4 from animal manure, N concentration is not taken into account in the 

emission factor despite experimental evidence that increases in N concentration can raise CH4 

emissions (Jarvis et al., 1995). The objective of this study was to quantify emissions and obtain 

emission factors of N2O from dung and urine and CH4 from dung of animals grazing rhizoma 

peanut-bahiagrass mixed pastures relative to N-fertilized bahiagrass monocultures. 

Material and Methods 

Experimental Site 

A 2-yr experiment was conducted at the University of Florida Beef Research Unit (BRU) 

in Gainesville, FL (29.72 N°, 82.35°W) during the summers of 2015 and 2016. Soils at the site 

are Sparr fine sand (loamy, siliceous, hyperthermic Grossarenic Paleudult). Soil samples were 

taken in May 2014 to a 15-cm depth and analyzed at the University of Florida Extension Soil 

Testing Laboratory. Soil pH ranged from 5.9 to 6.2 and Melich-3 extractable P, K, and Mg 

ranged from 112 to 138, 52 to 78, and 83 to 122 mg kg-1; all nutrient concentrations were 

classified as high, and no lime or fertilizer, other than N for the grass monoculture, was applied. 

Climate data and weather data from the years of experiment are presented in Figure 5-1.  
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Source pastures for animal excreta were ‘Pensacola’ bahiagrass monoculture or mixed 

‘Florigraze’ rhizoma peanut-bahiagrass pastures. Pastures were 20- x 48-m in area, and there 

were three replicates of each pasture type. Proportion of rhizoma peanut was 45 to 67% in 2015 

and 73 to 78% in 2016. Bahiagrass pastures were fertilized with 50 kg N ha-1 in late spring/early 

summer of both 2015 and 2016. Immediately before grazing, values of crude protein in pastures 

averaged 116 and 126 g kg-1 for BGN and RP-BG, respectively. 

Treatments and Experimental Design  

For measures of GHG, treatments consisted of two forage systems (N-fertilized grass and 

grass-legume) and two animal excreta types arranged as a factorial experiment in four replicates 

of a completely randomized design. A static chamber (described below) was the experimental 

unit for GHG measures, and there were 16 chambers to accommodate the four replicates of four 

treatments. Two additional chambers were positioned in areas where no excreta was applied and 

were utilized as blanks to account for background emissions, totaling 18 chambers. Chambers 

were distributed in three parallel rows of six chambers each, with chamber centers positioned 1 

m apart from each other. 

Static Chamber Design and Installation  

Gas emissions were collected from static chambers. The chambers were circular, with a 

radius of 30 cm (0.283 m2) for urine and 15 cm (0.071 m2) for dung to mimic typical area 

occupied by each excreta type (Haynes and Williams, 1993; White-Leech et al., 2013a). 

Chamber bases and tops were made with polyvinyl chloride (PVC), and the tops were lined with 

an acrylic sheet to avoid any reactions of gases of interest with chamber material (Parkin and 

Venterea, 2010). The chamber tops were covered with reflective tape to provide insulation, and 

they were equipped with a rubber septum for sampling (Clough et al., 2012). The top was fitted 

with a 6-mm diameter, 10-cm length copper venting tube to ensure adequate air pressure inside 
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the chamber during measurements, considering an average wind speed of 1.7 m s-1 (Hutchinson 

and Mosier, 1981; Hutchinson and Livingston, 2001). During measurements, chamber tops and 

bases were kept sealed by fitting bicycle tire inner tubes tightly over the area separating top and 

base.  

Bases of chambers were installed in an area excluded from grazing in a rhizoma peanut-

bahiagrass pasture 2 wk prior to excreta application in order to avoid any effect of soil 

disturbance on emissions (Rochette et al., 2012). Bases were installed to an 8-cm depth, with 5 

cm extending above ground level. Depth for installation was determined based on Clough et al. 

(2012), who indicated the need of > 12-cm depth h-1 of deployment considering a sampling 

(deployment) time of 40 min. Chamber tops were 22 cm in height, which when summed with 5 

cm of base extending above ground totaled 27 cm, in agreement with the indication of > 40 cm 

of chamber height h-1 of deployment (Clough et al., 2012). Bases were removed between the first 

and second year of the experiment and reinstalled at a different location in the same pasture to 

avoid any carryover effect of first-year excreta application on second-year GHG emissions. 

Excreta Collection and Chemical Composition  

Prior to excreta collection, animals were trained to come from the treatment pastures to a 

corral area and stand in a stall. Two animals (Brahman x Angus crossbred yearling heifers with 

liveweight of ~375 kg) grazed each excreta-source pasture for 1 wk before excreta collection. 

Excreta collection occurred once each year in 2015 and 2016. To obtain quantities of excreta 

required, collection occurred during 1 d for each pasture source and lasted no longer than 4 h, 

during which animals were shaded and had access to water. Dung and urine were collected from 

at least one animal per plot in each year. While animals were standing in the stall, collections 

were made by a person standing behind each animal using a plastic trash bag inserted into a 

fishing net mounted on a circular metal frame at the end of a wooden handle (White-Leech et al., 
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2013a). After each urine or dung event, the sample was secured and the bag was replaced to 

avoid sample contamination. Dung and urine samples were placed in sealed plastic containers 

and maintained under 4°C until application for a maximum of 48 h (Yamulki et al., 1998; van 

der Weerden et al., 2011; White-Leech et al., 2013a). Samples of each excreta type were 

composited across all animals from the three replicates of a given source pasture to obtain one 

sample of each excreta type per source pasture treatment (White-Leech et al., 2013a), resulting in 

four samples (urine and dung from each of two source pasture treatments).  

Three subsamples of urine and of dung per source treatment were collected at time of 

excreta application for chemical composition analysis. Urine samples were acidified to pH 2 

using H2SO4 to avoid N volatilization (White-Leech et al., 2013a). Urine was analyzed for total 

N, NH3-N, CO(NH2)2-N, P, and K, and dung was analyzed for total N, NH3-N, P, and K. Total N 

in urine and dung were analyzed by a TruMac N Macro Determinator (Leco Corporation). 

Ammonia-N in urine and dung were analyzed using a Timberline TL-2800 Analyzer (Timberline 

Instruments). Urea-N in urine was analyzed with a Timberline TL-2800 Analyzer (Timberline 

Instruments) after urease solution application. Organic N in dung was obtained by calculating the 

difference between total N and ammonia-N. Urine and dung P and K were analyzed by 

Inductively Coupled Plasma (ICP) using a Thermo iCAP 6300 Inductively Coupled Plasma 

Radial Spectrometer (Thermo Fisher Scientific Inc.). Urine and dung chemical composition are 

presented in Table 5-1. 

Excreta Application  

Urine and dung were deposited on soil surface inside the area determined by the base of 

the static chamber once per season (van der Weerden et al., 2011; Sordi et al., 2013). Urine was 

applied at a rate of 2 L and dung at 2 kg fresh weight per chamber (Haynes and Williams, 1993). 

Urine was applied following the methodology described in White-Leech et al. (2013a). Briefly, 1 
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L was applied inside the area delineated by a 15-cm radius circle at the center of the 30-cm 

radius chamber base, and 1 L was applied in the area between the margin of the inner 15- and the 

outer 30-cm border of the chamber base. This resulted in 2.0 and 2.2 g of N applied per chamber 

(0.007 and 0.008 kg N m-2, respectively) in BGN and RP-BG urine treatments, respectively, and 

3.6 and 5.8 g of N applied per chamber (0.051 and 0.082 kg N m-2, respectively) from dung for 

BGN and RP-BG treatments, respectively. Within a source treatment, dung was thoroughly 

mixed and weighed. The sample was applied uniformly across the entire chamber diameter. 

Excreta collection occurred on 3 and 4 Aug. 2015 and 5 and 6 July in 2016. Excreta application 

occurred on 5 Aug. 2015 and 7 July 2016. 

Gas Sampling and Analysis  

Sampling occurred between 0900 and 1100 h, the period when temperature is closest to 

the daily average (Parkin and Venterea, 2010). Sampling was more frequent soon after excreta 

application and decreased thereafter (Table 5-2). In the first year of the experiment, gas 

collections occurred until 230 d after treatment application. Results showed negligible emissions 

of N2O and CH4 after one month, leading us to reduce length of the sampling period in the 

second year of the experiment. Data are presented only on results from samples collected in the 

30 d following application in both years. Four subsamples were taken per deployment time per 

chamber, separated by 12-min intervals (t0, t12, t24 and t36). At t0, the sample was collected from 

the area directly above soil surface (Chadwick et al., 2014) with the use of a 60-mL syringe and 

immediately flushed into a 30-mL glass vial equipped with a butyl rubber stopper sealed with an 

aluminum septa. After t0 sample collection, chambers were closed by fitting top to base and 

sliding a bicycle inner tube over their juncture. Time zero samples were collected from six (two 

blanks and one of each excreta type and pasture source combination) of the 18 chambers and 

used to calculate gas fluxes in the other chambers (Ambus and Christensen, 1994). At times t12, 
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t24 and t36, the syringe was inserted through the rubber septum on the top of the chamber and 

flushed inside the chamber two to three times before sampling to mix the air inside, after which a 

60-mL air sample was collected and transferred into a glass vial similar to the procedure 

followed for t0 sample collection. Vials were stored until analysis. Gas sample analysis was 

conducted using a gas chromatographer (Agilent 7820A GC, Agilent Technologies, Palo Alto, 

CA) equipped with a flame ionization detector and a capillary column (Plot Fused Silica 25 m × 

0.32 mm, coating Molsieve 5A, Varian CP7536). 

Gas Flux Calculation  

Flux of N2O-N and CH4-C (mg m-2 h-1) was calculated as described in Equation 5-1: 

F = A * dC/dt (5-1) 

where F is flux of N2O (mg m-2 h-1), A is the area of the chamber and dC/dt is the change 

in N2O concentration in time calculated using a linear method of integration, which is better able 

to detect differences between chambers and is indicated for use when the experimental objective 

is to detect emission differences among treatments (Venterea et al., 2009). Flux values were 

corrected for background emissions. Cumulative emissions were obtained by using trapezoidal 

integration of flux over time (Venterea et al., 2012). Emission factors of N2O were calculated for 

each treatment (type of excreta and type of pasture source) using Equation 5-2 (Sordi et al., 

2013): 

EF (%) = [(N2O-Nemited) – (N2O-Ncontrol)] / Napplied x 100  (5-2) 

where EF (%) is the percentage of applied N that is emitted as N2O-N, N2O-Nemitted is the 

cumulative g N2O-N emitted from treatments in the year, N2O-Ncontrol is the cumulative g N2O-

N emission from the control in the year, and Napplied is the amount of N applied from treatments 

(g yr-1). 
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Soil Measurements  

The excreta treatments were applied at the treatment rates in an adjacent area of the 

rhizoma peanut-bahiagrass mixed pasture used for chamber placement. The area was divided 

into four, 0.5- x 0.5-m plots in order to collect percentage water-filled pore space (WFPS) data at 

each gas sampling time. Soil samples were collected to 15 cm, weighed immediately after 

collection, dried at 105°C for 24 h, and weighed again to obtain volumetric water content. 

Percentage WFPS was obtained by dividing water volumetric content by soil porosity and 

multiplying the value by 100 (USDA, 1998). Soil porosity was estimated based on soil bulk 

density. Four samples were collected at the experimental site to measure bulk density. 

Statistical Analysis  

Data were analyzed using the R software (R Core Team, 2016). A mixed model was used 

for analysis with the package “nlme” (Pinheiro et al., 2016), where treatments (pasture source for 

CH4 because only emissions from dung were quantified; and pasture source times excreta type 

for N2O) were considered fixed and year was considered random. Least-squares means were 

analyzed using the “lsmeans” package (Lenth, 2016) and are reported for significant main effects 

(P < 0.05). In flux evaluation, a correlation matrix was included in the model to account for 

change in sampling frequency. 

Results and Discussion  

Methane Emissions  

There was an interaction of day and source pasture on CH4 flux (P = 0.0084) (Figure 5-

2). Emissions were greater from dung of animals grazing RP-BG on Days 2, 3, and 4 when 

compared with those grazing BGN pastures. In dung from animals grazing RP-BG pastures, 

emissions were greater in the first 3 d compared with the period starting at 6 d after treatment 

application (P < 0.0078), with intermediate emissions at Day 4 and 5 (Figure 5-3) (P > 0.0525). 
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When dung pasture source was BGN, there was no day effect on CH4 flux during the sampling 

period (P > 0.1089). Peak CH4 emissions occurred 2 d after treatment application for both 

treatments (7.3 and 10.9 mg m-2 h-1 for BGN and RP-BG pasture sources, respectively) and 

coincided with a peak in WFPS (Figure 5-3), but they decreased to background emissions after 8 

d. As flux of CH4 emissions was greater from dung of animals grazing on RP-BG pastures, 

cumulative emissions were also greater in this treatment relative to BGN (P = 0.0034; 39 and 69 

mg CH4-C [dung pile]-1) (Figure 5-4).     

The pattern we observed in gas flux of CH4 was reported by others in the literature. 

Emission of CH4 from soil typically increases after dung deposition with a peak occurring 1 to 3 

d after dung application (Jarvis et al., 1995; Yamulki et al., 1999; Mazzetto et al., 2014; Mori 

and Hojito, 2015), while soils not amended with dung have non-measureable CH4 emissions 

(Jarvis et al., 1995). In an extensive review, Cai et al. (2017) found that on average dung 

deposition increased CH4 emissions from soil by 85 g CH4-C (dung patch)-1 relative to control 

soil receiving no dung treatment deposition. Yamulki et al. (1999) found that emissions of CH4 

increased in 100 times after dung application relative to background measures. These peaks have 

been associated with ideal conditions for methanogenesis at time of excreta deposition, namely 

presence of enteric microbiota (Yamulki et al., 1999; Mori and Hojito, 2015), temperature (Jarvis 

et al., 1995), and moisture (Yamulki et al., 1999) of dung piles. Yamulki et al. (1999) found that 

80% of emissions occurred by 1 wk after application. Similarly, our study showed that by 5 d 

after treatment application between 80 and 90% of cumulative CH4 emissions had occurred for 

BGN and RP-BG treatments, and both treatments reached 99.8% of emissions recorded in the 

first month by 1 wk of treatment application. These results suggest that shorter measurement 



 

107 

periods than the one utilized in this experiment may suffice to obtain site- and diet-specific dung 

CH4 emission factors under our conditions (season, soil type, etc.).   

Comparing emissions of CH4 from soils receiving dung of cattle to those of dung or soil 

alone, Jarvis et al. (1995) found that 69% of CH4 came from the dung patch itself, while soils 

receiving no dung application had no CH4 emissions. Jarvis et al. (1995) suggest that the 

emissions sourced from soil in the presence of dung were likely occurring because existing 

methanogenic soil microbiota were stimulated by C and moisture provided by dung associated 

with the formation of an anaerobic environment under the dung pile. In agreement with this 

premise, percentage WFPS was greater under dung relative to urine in several occasions in our 

study, particularly soon after treatment application (Day 2) coinciding with the peak in CH4 

emissions (Figure 5-3).  

Jarvis at al. (1995) found that emissions of CH4 ceased after dung was treated with 

chloroform to eliminate the innate microbial population, indicating that the dung microbial 

population was primarily responsible for emissions (Jarvis et al., 1995). This agrees with our 

study in which background emissions were small (fluxes averaged 0.24 mg m-2 h-1 and did not 

surpass 2.9 mg m-2 h-1), with cumulative emissions of 0.007 g chamber-1. This relationship, 

however, might not be true in all environments. Chamberlain et al. (2015) performed year-round 

CH4 measurements from lowland pastures, where bahiagrass was planted in an area comprised 

by poorly drained Spodosols with depressional wetlands. Grazing occurred only during the dry 

season (November-April) with a stocking rate of 1.6 cow ha-1, while during the wet season 

(May-October), when water table approached the soil surface and sometimes inundated the soils, 

animals were removed from the pasture. They found that during the dry season presence of 

animals explained peaks in emissions of CH4. However, during the wet season when animals 
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were removed from the area, soil CH4 emissions were comparable to those of dry season with 

cattle. Although these emissions could be related to previous C input to the environment through 

animal excreta, it is not possible to directly allocate CH4 production during the wet season to 

presence of animals. Chamberlain et al. (2015) concluded that in lowland grazed pastures with 

seasonal flooding, emissions from the landscape (soil, ditches, canals, etc.) are an important 

source of CH4 whereas cattle are a minor contributor to annual GHG budgets. 

Cumulative emissions of methane were 39 and 69 mg CH4-C [dung pile]-1 for animals 

grazing BGN and RP-BG, respectively. If we consider an average number of 17 defecations per 

day (Aland et al., 2002) for both treatments and that emissions were similar through the entire 

year, we estimate annual emissions of 241 and 422 g CH4-C animal-1 yr-1 for animals grazing 

BGN and RP-BG, respectively. Therefore, CH4 emissions from animals grazing legume-rich 

pastures was 1.75 times greater than those grazing bahiagrass fertilized with a typical 

fertilization regime for extensive production in the southeastern U.S. This difference is likely 

related to the greater N concentration of dung from animals grazing RP-BG compared with BGN 

(2.9 and 1.8 g kg-1, respectively). Animal diet has been shown to affect CH4 emissions from 

dung. Greater cumulative emissions were found for heifers grazing grass-clover mixtures 

compared with N-fertilized grass pastures, with 61 and 22 mg CH4-C (dung pile)-1 or 376 and 

139 g CH4-C animal-1 yr-1, respectively (Jarvis et al., 1995). Jarvis et al. (1995) argues that N 

concentration, in particular its influence on C:N ratio, was the main driver of this response with 

greater emissions observed from excreta with low C:N. Similarly, Mori and Hojito (2015) found 

that CH4 emissions from dung tended to increase as dung C:N ratio decreased, although the 

relationship between C:N ratio and CH4 was not significant. The authors found emissions of 70 

and 243 mg CH4-C (dung patch)-1 when C:N was 36 and 18, respectively. Cumulative CH4 
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emissions of dung from animals grazing Brachiaria decumbens in Brazil were 53 and 155 g 

CH4-C animal-1 yr-1 in winter and summer in a subtropical region and 175 and 442 g CH4-C 

animal-1 yr-1 in winter and summer in a tropical region, respectively. These values, except for 

summer in the tropical region, are considerably lower than those found in this study. This 

difference might be related to the considerably lower N excreta application rate in Mazzetto et al. 

(2014) (8 kg m-2) compared with our study (28 kg m-2).  

Relative to CH4 emissions from enteric fermentation, CH4 emissions from animal dung 

are small. For example, cows grazing high legume (60% mix alfalfa and white clover, 40% 

Bromus auleticus Trin. Ex Nees) or grass-based (24% birds-foot trefoil [Lotus corniculatus L.] 

and 76% annual ryegrass) pastures emitted 364 and 372 g animal-1 day-1, respectively (Dini et al., 

2012). Henry et al. (2015) found that heifers fed high concentrate diets (85 and 36% concentrate, 

respectively, where concentrate was composed of corn gluten free pellets, soybean hulls pellets, 

liquid supplement, and mineral and vitamin supplement) emitted 45 and 130 g CH4 day-1, 

respectively.  

Environmental factors can have both positive and negative effects on CH4 emissions from 

cattle dung, but these effects are typically relevant only during the period immediately after dung 

deposition (Yamulki et al., 1999). Increase in temperature can be expected to increase emissions 

due to positive effect on microbial activity (Jarvis et al., 1995). However, high temperatures can 

stimulate the formation of a crust on the dung patch (Jarvis et al., 1995). Although this crust 

forms an anaerobic environment, which could potentially increase formation of CH4, it also 

reduces volatilization and gas exchange patterns with the environment, reportedly reducing dung 

CH4 emissions (Jarvis et al., 1995; Yamulki et al., 1999; Nichols et al., 2016). Rain can diminish 

availability of C sources for the formation of CH4 (Jarvis et al., 1995). Alternatively, it can 
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enhance anoxic conditions in animal dung (Jarvis et al., 1995) or possibly damage any existing 

crust on dung patches resulting in release of previously trapped CH4 (Yamulki et al., 1999; Mori 

and Hojito, 2015).  

These different effects of environmental conditions on CH4 emissions from dung 

emphasize the relevance of seasonality on this response. In Brazil, Mazzetto et al. (2014) found 

that emissions of CH4 from dung during the summer was 2.5 and 2.9 times greater in two 

locations when compared with the winter season, attributed to greater temperatures and rainfall 

during the summer. Similarly, Mori and Hojito (2015) found emissions of 173 and 48 mg CH4-C 

(dung patch)-1 in summer and winter in Japan, respectively. Pulses of CH4 emissions occurred 

immediately after rainfall events, but rainfall affected emissions of CH4 only during the time 

prior to emissions reaching background levels. Yamulki et al. (1999) found negative and positive 

correlation of CH4 emissions from dung patches with average daily temperatures and with 

rainfall, respectively. Negative relationships with temperature were attributed to the formation of 

crust on patches, where crust formed more rapidly at higher temperatures and inhibited CH4 

volatilization. Annual emissions estimated at 241 and 422 g CH4-C animal-1 yr-1 for BGN and 

RP-BG based on our summer measurements might be an overestimation of real annual 

emissions. Even so, these values are much lower than those indicated by EPA (2013) and IPCC 

(2006) for national budget estimations (1150 and 1125 g CH4-C animal-1 yr-1, respectively). 

Nitrous Oxide Emissions  

There was an interaction of pasture source and day (P = 0.0049) on N2O-N flux (Figure 

5-5). Effect of pasture source was significant only near the end (Days 19 and 21) of the sampling 

period (P < 0.0078), with greater values from animals grazing BGN relative to RP-BG. 

However, these differences in fluxes did not translate into differences in cumulative N2O-N 

emissions from source pasture, likely because negative fluxes offset positive ones. Flux of N2O-
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N was affected by excreta type (P = 0.0144), with greater average daily emissions from urine 

compared with dung (0.26 and -0.10 mg N2O-N m-2 h-1, respectively). This resulted in different 

cumulative emissions for the two excreta types (P = 0.001), with urine having greater cumulative 

emissions compared with dung (45 vs. 0.8 mg patch-1, Figure 5-6). Considering a N input of 2.1 

and 4.7 g N (excreta patch)-1 for dung and urine, respectively, we found EFdung = 0.02% and 

EFurine = 2.14% N input emitted as N2O-N. Therefore, N2O-N emissions from urine were around 

120 times greater than from dung in our study.  

Some authors suggest seasonality can play an important role on N2O emissions (Dijkstra 

et al., 2013), but Oenema et al. (1997) emphasizes that factors influencing N2O emissions are 

often site-specific. Overall, WFPS has a positive effect on N2O emissions particularly when 

WFPS is in the range of 60 to 80%, where nitrification, nitrifier denitrification, and 

denitrification are favored (van Groenigen et al., 2005a; b; Dijkstra et al., 2013). In Brazil, 

emissions of N2O from both cattle urine and dung was nearly zero during the dry season when no 

rainfall occurred (Lessa et al., 2014). Sordi et al. (2013) found a relationship of N2O emissions 

from urine with rainfall events above 20 mm day-1, but no such relationship was found with 

emissions from dung or with percentage WFPS for either excreta type likely. The authors argue 

that the weak relationship between WFPS and N2O emissions probably occurred because of 

losses of water through drainage and evapotranspiration between rain events and sampling for 

WFPS. In the present study, N2O-N fluxes had a small peak on Day 2 after application when 

WFPS was 88 and 52% for urine and dung, respectively (Figure 5-3 and Figure 5-5). However, 

peaks occurring after Day 2, such as the one on Day 21, did not relate to WFPS. This indicates 

that other unknown factors were responsible for the emissions occurring in that secondary peak. 
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Concentration of N in urine can be increased by providing high crude protein diets to 

animals, and the close relationship of dietary crude protein to N2O emissions has led some 

researchers to suggest reducing dietary N as a management practice to reduce emissions 

(Oenema et al., 1997; Dijkstra et al., 2011; 2013). Avoiding urine and dung deposition during 

seasons or in areas in which WFPS is high, such as those affected by compaction, are also a 

strategy for reducing N2O emissions (van Groenigen et al., 2005b). The lack of difference in 

emissions of N2O as related to diet might be due to the small differences found in urine N 

concentration from animals grazing BGN compared with RP-BG (Table 5-1), which was 

probably related to the similar crude protein concentrations in the two diets (116 and 126 g kg-1, 

respectively). 

Concentration of N is considered one of the most relevant factors influencing N2O 

emissions particularly in urine, and availability of N is often used to estimate soil N2O emissions 

on a large scale due to site-specific effects of other variables (Oenema et al., 1997). This 

principle is used in guidelines for emission estimates published by IPCC, which suggest the use 

of one emission factor of 2% for N2O-N emissions from both urine and dung combined, 

multiplied by animal N output (de Klein et al., 2006). This methodology is also used by the 

Environmental Protection Agency (EPA) for USA National GHG estimates (EPA, 2016). 

Although this emission factor of 2% is similar to that of urine found in this study (2.14%), it 

grossly overestimates that of dung (0.02%). Considering total N2O-N 30-d cumulative emissions 

of 0.046 g from both excreta types (0.045 and 0.001 g N2O-N from urine patches and dung piles, 

respectively) and excretion of 6.8 g from urine and dung combined (2.1 and 4.7 g N per urine 

patch and dung pile, respectively), the emission factor would be 0.0067 g N2O-N (g N)-1 or 

0.67%, i.e., one third of that indicated by IPCC and used by EPA. Similar to our results, Mori 
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and Hojito (2015) found emission factors of 0.024 and 0.684%, while van der Weerden et al. 

(2011) reported 0.04 and 0.29% for dung and urine, respectively, all of which are considerably 

less than those suggested by the IPCC (de Klein et al., 2006) and markedly different between 

excreta types. This implies that emissions estimates from farm and national level GHG budgets 

overestimate N2O from animal excreta deposited on pastures when applied to production systems 

in the southern U.S.  

Our results support the work of others suggesting that emissions from urine and dung in 

grazing systems should be accounted for separately (Yamulki et al., 1998; van der Weerden et 

al., 2011; Sordi et al., 2013; Lessa et al., 2014; Mazzetto et al., 2014; Mori and Hojito, 2015). 

van der Weerden et al. (2011) evaluated emissions of N2O from urine and dung from dairy and 

beef cattle grazing perennial ryegrass (90-95% by weight)-white clover (5-10%) mixtures in 

New Zealand. Emissions from dung were consistently lower than that of urine, resulting in 

emission factors of 0.04 and 0.29% despite greater N deposition rates for dung (920 kg N ha-1 

and 524 kg N ha-1 for dung and urine, respectively). In England, cumulative N2O emissions from 

urine and dung from dairy cows fed grass silage and concentrate diets were similar (9.5 and 9.9 

mg N2O-N [urine patch]-1, respectively), but when transformed into emission factors as a 

function of N input, urine N2O emissions were three times greater than those of dung (Yamulki 

et al., 1998). Similarly, emission factors were 0.26 and 0.15% for urine and dung of cattle 

grazing Paspalum paniculatum L., Axonopus compressus (Sw.) P. Beauv, and Pennisetum 

clandestinum Hochst. ex Chiov. in subtropical Brazil (Sordi et al., 2013). Emissions of N2O from 

dairy Friesian x Nelore cows grazing Brachiaria brizantha cv. Marandu supplemented with corn 

(Zea mays L.) and soybean [Glycine max (L.) Merr.] meal in Brazil were measured during wet 

and dry seasons (Lessa et al., 2014). Emissions of N2O were close to zero during the dry season 
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(emission factors of 0.01 and 0% from urine and dung, respectively), increasing only after water 

was applied to the area in which excreta was previously applied. During the wet season, N2O 

emission factors were 1.9 and 0.14% for urine and dung, respectively. This difference in 

emissions occurred despite greater N concentration and excreta N application patch-1 in the dry 

compared with the wet season (4.2 and 8.3 g N chamber-1 during the wet season and 4.5 and 9.5 

g N chamber-1 in the dry season for dung and urine, respectively), indicating that emissions 

factors are affected by seasonality.  

These reports of differences between emissions of N2O-N from urine and dung and the 

results of this study collectively suggest that form of N, rather than N concentration per se, is of 

paramount importance in determining N2O emissions factors from animal excreta. Sordi et al. 

(2013) found a significant increase in NH4
+ immediately after application of urine to the soil in 

field conditions, but this pattern was not observed in dung patches. Yamulki et al. (1998) also 

observed that available N in the form of NH4
+ and NO3

- increased to a greater extent after urine 

application when compared with dung. This indicates that N in urine is more available for the 

formation of N2O through nitrification, nitrifier denitrification, and denitrification (Dijkstra et al., 

2013) than N in dung.  

We observed negative fluxes of N2O in our study (Figure 5-6). Uptake of N2O has been 

reported in soils with low available N and high WFPS, when denitrifying bacteria use N2O as an 

electron receptor (Schlesinger, 2013; Mazzetto et al., 2014), but literature reports likely ignore 

negative fluxes of N2O causing N2O uptake to be underestimated (Schlesinger, 2013). 

Schlesinger (2013) estimates that up to 5% of total N2O emissions from soil might be offset by 

N2O uptake, with median flux of 4 µg N m-2 h-1. If we consider negative fluxes of N2O to be 

equal to zero, cumulative emissions of N2O from dung and urine in our study would be 16 times 
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and 1.5 times greater (13.5 and 69.4 mg N2O-N [urine patch]-1), increasing emission factors to 

0.29 and 3.30% for dung and urine, respectively. Uptake of N2O observed in our study and 

others after application of animal excreta (Yamulki et al., 1998; Mazzetto et al., 2014) suggest 

this might be a relevant process occurring in grazing systems. 

Effect of Pasture Management on Overall GHG Emissions  

Pasture composition did not affect cumulative emissions of N2O-N from cattle urine or 

dung. Therefore, considering 17 defecations and 9 urinations per day (Aland et al., 2002), 

cumulative N2O-N emissions on an annual basis were 5 and 148 g N2O-N animal-1 yr-1 for dung 

and urine, respectively. Dung CH4-C emissions from animals grazing RP-BG were greater than 

from animals grazing BGN (422 and 241 g CH4-C animal-1 yr-1). The GWP, i.e., the ability of a 

gas to trap energy when compared with CO2, is 265 for N2O and 28 for CH4 (IPCC, 2014). If we 

consider a stocking rate of two animals ha-1, and transforming emissions to CO2eq based on each 

gas GWP, GHG emissions from animal excreta are 127 and 116 kg CO2eq ha-1 yr-1 for RP-BG 

and BGN, respectively. Direct emissions from N fertilizer can be estimated to be 0.5 kg N2O-N 

yr-1 using an emission factor of 1% (de Klein et al., 2006), which is equivalent to 208 kg CO2eq 

ha-1yr-1. Therefore, annual emissions from BGN are 2.5 times greater compared than those from 

RP-BG (324 and 127 kg CO2eq ha-1 yr-1, respectively), and this difference is mostly due to 

emissions from N fertilizer. This difference could potentially be greater, since in these estimates 

we are not accounting for indirect emissions of N2O from fertilizer (de Klein et al., 2006), i.e., 

emissions from fertilizer production, storage, and transportation, and from fuel necessary for its 

application (Lal, 2004). In addition, CH4 emissions from enteric fermentation of animals grazing 

tropical legumes are estimated to be 20% less than those from animals grazing C4 grasses 

(Archimède et al., 2011). Although these differences are partly due to presence of tannins in 

tropical legumes (Archimède et al., 2011), which are not present in rhizoma peanut (Naumann et 
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al., 2013), these results indicate that the inclusion of legumes in grass swards is a viable 

alternative to improve sustainability of grazing systems in terms of GHG emissions.    

Conclusion  

There was no effect of pasture source on N2O-N emissions from animal excreta, probably 

due to similar N concentration in urine. However, CH4-C emissions from dung were greater in 

animals grazing RP-BG relative to BGN (422 and 241 g CH4-C animal-1 yr-1). This difference 

was probably related to greater N concentration in dung from animals grazing RP-BG compared 

with BGN (Jarvis et al., 1995). Methane emissions from dung peaked 2 d after excreta 

application, coinciding with high WFPS, and achieved background levels after 8 d. Emissions 

from N2O-N were greater from urine than dung, supporting existing evidence that they should be 

accounted for separately in model estimates. These differences are likely due to greater 

availability of NH4+ in urine relative to dung (Yamulki et al., 1998; Sordi et al., 2013). Water-

filled pore space was related to the first peak of N2O-N from urine and dung, but later peaks in 

emissions occurred despite low values of WFPS. Fluxes of N2O-N were often negative, 

indicating N2O uptake. Nitrous oxide emission factors were 2.14% for urine and 0.02% for dung 

in our study; this factor for dung being much lower than the 2% indicated by IPCC (2006) and 

EPA (2016) for the combination of both excreta types. This indicates that N2O emission 

estimates from animal excreta of grazing livestock production systems may be overestimated by 

up to three times. When considering emissions from animal excreta and fertilizer application, 

RP-BG emitted 127 compared with 324 kg CO2eq ha-1 yr-1 for BGN, and these differences were 

mostly due to annual fertilizer application in the BGN treatment. Our results suggest that 

inclusion of legumes in grass-based systems results in lesser GHG emissions compared with 

typical N fertilization regimes in the southeastern U.S., indicating legumes are a more 
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sustainable alternative than N fertilizer for production intensification, at least in terms of GHG 

emissions. 
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Table 5-1. Composition of fresh (as is) dung and urine from animals consuming bahiagrass 

fertilized with 50 kg N ha-1 yr-1 (BGN) or bahiagrass-rhizoma peanut mixed pastures 

(RP-BG), averaged over 2 yr in Gainesville, FL. 

  Pasture source 

Excreta type Chemical component BGN RP-BG 

  
_____ g kg-1 _____ 

Dung Total N 1.8 2.9 

 Ammonia-N 0.1 0.1 

 Organic N 1.7 2.7 

 Total P 0.8 1.0 

 Total K 1.6 0.8 

  _____ % _____ 

 Moisture  89.0 85.1 

  _____ g kg-1 _____ 

Urine Total N 1.0 1.1 

 Organic N 0.8 0.3 

 Ammonia-N 0.0 0.0 

 Urea-N 0.2 0.8 

 Total P < 0.1 < 0.1 

 Total K 0.7 0.8 

 

Table 5-2. Gas sampling frequency schedule for N2O and CH4 flux measurements over 2 yr in 

Gainesville, FL. 

Week after treatment application Frequency 

1 Daily 

2 3 wk-1 

3 3 wk-1 

4 2 wk-1 

5 2 wk-1 

Treatment application occurred on 5 Aug. 2015 and 7 July 2016. 
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Figure 5-1. Monthly average temperature and accumulated rainfall data at Alachua, FL for the 

years of evaluation and the 30-yr average for Gainesville, FL. 

 
Figure 5-2. Flux of CH4 from dung of animals grazing bahiagrass pastures fertilized with 50 kg 

N ha-1 (BGN) or mixed rhizoma peanut-bahiagrass (RP-BG) over 2 yr in Gainesville, 

FL. Letters in italics refer to the BGN treatment, and those not in italics refer to RP-

BG. Statistical differences (P < 0.05) between treatments are indicated by uppercase 

letters, and differences between treatments within a sampling day are indicated by 

lowercase letters. 

Month 



 

120 

 

 
Figure 5-3. Percentage water-filled pore space (WFPS) in the soil with no treatment application 

(blank) and with application of dung or urine. Light and dark gray areas in the graph 

represent estimated WFPS where N2O emissions are expected to increase according 

to Van Groenigen et al. (2005) and Dijkstra et al. (2013), respectively.  

 

 
Figure 5-4. Cumulative 30-d CH4 emissions from dung of animals grazing bahiagrass pastures 

fertilized with 50 kg N ha-1 (BGN) or mixed rhizoma peanut-bahiagrass (RP-BG) 

over 2 yr in Gainesville, FL. 
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Figure 5-5. Flux of N2O from dung and urine of animals grazing bahiagrass pastures fertilized 

with 50 kg N ha-1 (BGN) or mixed rhizoma peanut-bahiagrass (RP-BG) over 2 yr in 

Gainesville, FL. Letters in italics refer to the BGN treatment, and those not in italics 

refer to RP-BG. Statistical differences (P < 0.05) between treatments are indicated by 

uppercase letters, and differences between treatments within a day are indicated by 

lowercase letters. 

 

 
Figure 5-6. Cumulative 30-d N2O emissions from dung and urine of animals grazing bahiagrass 

pastures fertilized with 50 kg N ha-1 (BGN) or mixed rhizoma peanut-bahiagrass (RP-

BG) over 2 yr in Gainesville, FL. 
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CHAPTER 6 

SUMMARY 

Grasslands are an importance source of feed for livestock and provide a wide array of 

ecosystem services (Peters et al., 2013), but most grasslands are N limited. Increasing N fertilizer 

cost in recent years reduces N inputs (Dubeux et al., 2007), and combined with poor grazing 

management (Braz et al., 2013) may lead to pasture degradation, reducing delivery of ecosystem 

services by grasslands (Sollenberger, 2014). Where N fertilizer is used, its production, transport, 

and application are associated with potentially large greenhouse gas (GHG) emissions (de Klein 

et al., 2006; Lal, 2004). Adoption of legumes in grassland agroecosystems is an economic 

alternative to the use of inorganic fertilizers (Muir et al., 2011) that improves pasture nutritive 

value and animal production (Muir et al., 2014) at net zero GHG emissions (Jensen et al., 2012). 

Significant effort has been made to increase legume inclusion into grasslands in warm-climate 

regions (Castillo et al., 2014a; b; Mullenix et al., 2016a; b), but little is known of their effect on 

nutrient cycling and GHG emissions in direct comparison with N-fertilized pastures. Three 

experiments evaluating integration of legumes into C4 grasslands are described in this 

dissertation. The overall objectives of this research were to determine the impact of associating 

legumes with grasses on nutrient cycling and greenhouse gas emissions in warm-climate 

grasslands and to compare these responses with those of grass monocultures.  

In Experiment 1 (Chapter 3), a litter bag study was conducted to quantify decomposition 

rate and extent of aboveground litter from fertilized and unfertilized bahiagrass (Paspalum 

notatum Flügge) compared with mixed litter varying in proportion of the legume rhizoma peanut 

(Arachis glabrata Benth.) and bahiagrass. Treatments were unfertilized bahiagrass (BG), 

bahiagrass fertilized with 60 kg N ha-1 (BGN), mixtures of bahiagrass and rhizoma peanut in 

proportions of 67-33% (RP33) and 33-67% (RP67), and pure rhizoma peanut (RP). Incubation 
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occurred for 128 d in 2 yr. Decomposition of total biomass followed an inverted logistic model 

with three phases (initial plateau, linear decrease, and final plateau). Results indicated similar 

total litter decomposition rates across treatments, however addition of legume reduced total litter 

biomass remaining at the end of the incubation period for RP33 compared with BG (35 and 43%, 

respectively). This difference was due to a longer period of linear decline in total litter biomass 

during incubation for RP33 relative to BG (69 and 56 d, respectively). In mixtures, biomass 

losses of the rhizoma peanut component (expressed as a percentage of rhizoma peanut mass in 

original litter) increased linearly (P = 0.007) with increasing bahiagrass proportion in the mixture 

(i.e., was greatest for RP33), but decomposition of the bahiagrass component was not affected by 

presence or proportion of rhizoma peanut. The linear decomposition phase of the rhizoma peanut 

component was longer in RP33 relative to RP67 and RP (55, 39, and 31 d, respectively). 

Remaining N at the end of incubation was similar between BG and BGN (78%; P = 

0.673), but addition of rhizoma peanut reduced remaining N (~55%; linear, P < 0.001; quadratic, 

P = 0.0015) even though C:N ratio in BGN, RP33, and RP67 at the end of incubation was similar 

(P > 0.68; C:N of 16). Both N and C became less available as decomposition advanced, but this 

occurred to a greater degree for N than C. Differences in decomposition were not explained 

solely by chemical characteristics, indicating that other factors such as diversity in the microbial 

community likely influenced decomposition, particularly in mixed-species litter. Our results 

indicate greater mineralization of N when legume is present compared with unfertilized and 

fertilized bahiagrass and that relatively small percentages of legume (33%) in pasture biomass 

can have an important positive impact on nutrient cycling that is at least as great as N fertilizer 

applied at commonly used or greater rates. 
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In order to quantify nutrient return in legume-grass mixtures compared with fertilized and 

unfertilized monoculture pastures, a second experiment was carried out that included both a litter 

bag decomposition study and measurement of litter deposition measured in rotationally stocked 

pastures during 2 yr (Chapter 4). Bahiagrass monoculture treatments included fertilized (50 kg N 

ha-1 yr-1) and unfertilized bahiagrass (BGN and BG, respectively). Rhizoma peanut proportion 

varied from 6 to 78% in mixtures with bahiagrass. Total litter decomposition and nutrient release 

from litter were greater in the first (2015) than second (2016) year of the experiment, probably 

because of more frequent rainfall and greater overall temperatures in 2015. Biomass 

decomposition was faster (P = 0.002 and 0.025 in 2015 and 2016, respectively) and more 

extensive (P = 0.006 and 0.030 in 2015 and 2016, respectively) with increasing proportion of 

legume in litter, being generally greater (P > 0.028) than values observed for BG and BGN. 

Nitrogen released from litter increased as legume proportion increased (P = 0.0095). Greater rate 

and extent of biomass and N losses during litter incubation at greater legume proportions 

probably occurred because of concomitant increasing N concentration in initial litter. However, 

greater microbial diversity has also been proposed as a mechanism for increased decomposition 

rates in mixed-species litter compared with monocultures. The chemical forms of C and N in 

plant litter changed during decomposition, with lignin and fiber-bound N concentrations 

increasing likely due to both accumulation and formation of new recalcitrant material.  

Existing litter on the soil surface decreased as legume proportion increased. This likely 

occurred because in spite of similar litter deposition rates across treatments, litter decomposition 

was greater at higher legume proportions in the pasture. Overall, this study showed that legume-

grass mixtures have greater litter N concentration than fertilized or unfertilized grass litter, 

greater litter decay rates and N mineralization, and similar litter deposition rates. In aggregate, 
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these responses resulted in greater amounts of N cycling in the grassland system, decreasing the 

likelihood of grassland degradation, while contributing to other ecosystem services.  

Previous research has shown that legume inclusion can potentially reduce GHG 

emissions from grazing systems because of decreased use of N fertilizer and lesser enteric 

methane (CH4) emissions associated with high quality legume diets (Jensen et al., 2012). 

However, emissions of nitrous oxide (N2O) from animal urine and dung and emissions of CH4 

from dung have been documented to increase when excreta has greater N concentration, which is 

likely to occur with the inclusion of legumes in animal diets. Since N2O has greater global 

warming potential (GWP) than CH4 (298 and 25, respectively), legume adoption could cause an 

overall increase in GHG emissions from grazing systems. In a third experiment (Chapter 5), the 

effect of legume inclusion in pastures was studied in terms of GHG emissions from cattle 

excreta.  

Emissions of N2O from urine and dung and emissions of CH4 from dung were evaluated 

during 25 d following their deposition in 2 yr for animals grazing fertilized bahiagrass (50 kg N 

ha-1 yr-1, BGN) or rhizoma peanut-bahiagrass mixed pastures (RP-BG). Emissions of CH4-C 

peaked 2 d after dung deposition, which was associated with high soil water-filled pore space. 

Methane emissions returned to background levels 8 d after treatment application. Animals 

grazing RP-BG emitted total greater dung CH4-C relative to BGN (422 and 241 g CH4-C animal-

1 yr-1). This probably occurred because of greater N concentration in dung of animals grazing 

RP-BG. Cumulative emissions of N2O-N were greater (P = 0.001) from urine than dung, with 

emission factors (expressed as proportion of N input lost as N2O-N) being 2.14% for urine and 

0.02% for dung. These results support existing evidence that N2O emissions from dung and urine 

should be accounted for separately in model estimates, and they are considerably lower than 
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indicated in the literature for national GHG budgets. Differences in N2O emissions relative to 

excreta type are likely due to greater availability of NH4
+ in urine compared with dung. Fluxes of 

N2O-N were often negative, indicating N2O uptake. Pasture treatment had no effect on N2O-N 

cumulative emissions. When comparing BGN and RP-BG overall emissions, we found that RP-

BG emitted 127 compared with 324 kg CO2eq ha-1 yr-1 for BGN. Greater emissions in BGN were 

associated with N fertilizer use. Our results suggest that inclusion of legumes in grass-based 

systems results in lower GHG emissions compared with typical N fertilization regimes used in 

the southeastern U.S., indicating that in terms of GHG emissions, legumes are a sustainable 

alternative to N fertilizer for production intensification. 

The overall objective of this work was to compare nutrient cycling and GHG emissions 

of warm-season, grass-based grazing systems with N inputs of either inorganic fertilizer or 

biological N fixation from legumes. Our results indicate that plant litter decomposition and N 

mineralization were greater when legumes were present compared with unfertilized grass, and 

equal to or greater than those of N-fertilized grass swards. When accounting for system-based 

GHG emissions, use of N fertilizer resulted in greater overall emissions compared with legume-

grass mixtures. These results indicate that inclusion of legumes is a promising and potentially 

more sustainable alternative to inorganic fertilization in grass-based pastures, and these results 

justify continuing investments in developing management strategies that facilitate legume 

adoption.  
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